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Preface

In 1889, the Nobel Prize winner Svante Arrhenius pointed out the existence of a “green-
house effect” in which small changes in the concentration of carbon dioxide in the
atmosphere could considerably alter the average temperature of a planet. About one
century later, humans realise that most climate changes are correlated with the in-
crease of the concentration of carbon dioxide in the atmosphere. A such prediction
from Svante Arrhenius clearly highlights that more knowledge of environmental
mechanisms is needed to cope with actual problems of pollution. Environmental
Chemistry is a fast emerging discipline aiming at understanding the fate of pollut-
ants in ecosystems and at designing novel processes that are safe for ecosystems. Past
pollution should be cleaned. Future pollution should be predicted and avoided.

The 69 chapters of this book have been arranged into seven topics that form
the core of Environmental Chemistry: Analytical Chemistry, Toxic Metals, Organic
Pollutants, Polycyclic Aromatic Hydrocarbons, Pesticides, Green Chemistry, and
Ecotoxicology. Most chapters have designed to include (1) a review on the actual
knowledge and (2) cutting-edge research results. Thus this book will be useful to stu-
dents and decision-makers who wish to learn rapidly the essential background of a
specific topic, and to scientists who wish to locate the actual frontiers of science in a
specific domain.

We wish here to thank all authors for providing high quality manuscripts. We are
indebted to Armin Stasch, Luisa Tonarelli and Marion Schneider from Springer for
technical assistance. We thank Dr.  Christian Witschel, Executive Editor of Geosciences
at Springer for having accepted our project to design this book. Last but not least, we
thank very much Brigitte Elbisser who has been from 2000 to 2003 the key staff of the
European Association of Chemistry and the Environment (ACE), producing Newslet-
ters, taking care of budget and memberships, organising annual meetings, and help-
ing at the book preparation.

Drs. Eric Lichtfouse, Jan Schwarzbauer and Didier Robert
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IIn-situ Method for Analyzing the Long-Term Behavior

of Particulate Metal Phases in Soils

A. Birkefeld  ·  R. Schulin  ·  B. Nowack

Abstract

Soils can act as a sink for anthropogenic and naturally released heavy metals. Among these are
heavy metal oxides and sulfides, which are emitted e.g. by mining industry and metal smelting. The
dissolution and transformation behavior of these heavy metal phases specifies their fate in the soil
and determines whether the metals become bioavailable or could contaminate the groundwater.
To gain more information about these dissolution reactions in soils, in-situ methods are needed. We
present here a method to fix particulate metal phases on an inert support. This method allows us
to expose and recover metal phases in the environment under controlled conditions.

Acrylic glass was chosen as inert polymer substrate for the heavy metal phases as it is stable to
weathering. Epoxy resin was used as adhesive film between the acrylic glass support and the heavy
metal coating. The fine-grained heavy metal phases are applied onto the epoxy resin using a dust
spray gun. The heavy metal coated polymer platelets can be inserted in a controlled way into se-
lected soil profiles and be recovered after definite time intervals. Qualifying and quantifying analy-
sis can be carried out on every single polymer support.

Key words: in-situ method; metal phase transformation; soil pollution; heavy metals

1.1
Introduction

Soils represent an important sink for anthropogenic and natural heavy metals (Alloway
and Ayres 1997; Schachtschabel et al. 1998). The fate of heavy metals in the environ-
ment is of elemental concern due to potential contamination risks of water, soils and
sediments and due to toxicity of heavy metals to plants, animals and humans via
the food chain. Soils near urban or industrial settlements have often been polluted
by particulate heavy metal phases, mainly through atmospheric transport (Ge et al.
2000). Major anthropogenic heavy metal phases, emitted e.g. by mining and smelt-
ing operations, are sulfides (Ketterer et al. 2001) and oxides (Dudka and Adriano
1997). The dissolution and phase transformations of these particulate phases over
time influences the bioavailability of the metals in the soil and the transport into
the groundwater (Dudka et al. 1995). Knowledge about the physico-chemical phase
transformations of heavy metal phases in the long-term aspect is therefore crucial
(Ge et al. 2000; Fengxiang and Banin 1997; Li and Thornton 2001). Specific heavy
metal phases like oxides can be present in soils even after long time periods (Li and
Thornton 2001).
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solution behavior from solid phases in soils (Tessier et al. 1979; Brümmer et al. 1986;
Ure and Davidson 1995). These sequential extraction methods classify the heavy metals
into different groups, e.g. water soluble, exchangeable, organically bound, bound to
iron and manganese oxides and bound in silicate structures. These procedures were
applied in several studies investigating soils contaminated by mining and smelting
activities (Li and Thornton 2001) and on unpolluted soils where heavy metals were
added (Ma and Uren 1998). Conversely the exact detection of these phases is not straight
forward (Manceau et al. 1996) and generated different approaches for sequential ex-
tractions (Ure and Davidson 1995). However, identifying the heavy metal species es-
pecially the one from anthropogenic sources is of major concern to assess their toxic
behavior in soils (Ford et al. 1999; Henderson et al. 1998; Brümmer 1986).

In the last years extended X-ray absorption fine structure (EXAFS) analysis has also
been increasingly used to identify heavy metal phases in soils (Welter et al. 1999; Rob-
erts et al. 2002; Fendorf et al. 1994) but this method is still limited to high metal con-
centrations. Distinct heavy metal phases have been detected in soils, e.g. lead and zinc
in the vicinity of industrial and mining facilities (Welter et al. 1999; Manceau et al. 1996).

To investigate the dissolution and transformation behavior of metal phases directly
in the soil an in-situ method is needed. The in-situ dissolution of (soil)-minerals in-
serted into soil or groundwater horizons has been investigated (Righi et al. 1990; Ranger
et al. 1991; Hatton et al. 1987; Bennett et al. 2001). The minerals e.g. vermiculite, were
placed in porous bags in the soils and recovered after different time intervals. But these
experiments were only designed to investigate soil forming processes. Tsaplina (1996)
has reported the behavior of heavy metal oxides mixed into the topsoil of selected
locations (PbO, ZnO 500 mg kg–1 and CdO 50 mg kg–1). The samples for this study were
collected after four and eight years. Fractions of the applied phases could be recovered
by separation from the soil by density fractionation and were then identified by X-ray
diffraction (Tsaplina 1996). The final sample analysis showed that about 40 wt% to
50 wt% of the initial heavy metal oxides were still present in the soil.

The sparse amount of literature about the in-situ behavior of heavy metal phases clearly
shows that there are methodical and analytical difficulties in this area. In this article we
would like to introduce a new in-situ method to investigate the behavior of heavy metal
phases in soils (Birkefeld et al. 2004). The concept is to fix the heavy metal phases on a sup-
port which can be placed in the soil and which can easily be recovered. This approach allows
direct analysis of the heavy metal particles after recovery and determination of their physico-
chemical changes. A reinsertion into the soil for further investigation is possible. The
method has been developed using heavy metal oxides and sulfides as model substances.

1.2
Experimental

To insert heavy metal phases of interest into the soil with the ability to recover them
after certain time segments and to possibly re-apply them, we need the aid of a carrier
material. The material should have good mechanical properties for sawing and mill
cutting. We choose polymethacrylate (Plexiglas®) because this transparent polymer is
resistant to weathering and ageing (Schwarz 2000).
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AG Switzerland) (Suter 1999) was used to mount the metal phases onto the polymer
support. Epoxy resin was used due to its resistance against decomposition (Suter 2001).
Prior to the application of the resin and the heavy metals, the supports were cut into
sections of 2.2 × 2.2 cm. This size was chosen due to the limited space in the sample
holder of the X-ray fluorescence (XRF) analytical instrument. 20 polymer supports
were clamped into an acrylic glass frame to hold them together (11 × 11 cm). With a
commercially available paint roll with a width of 5 cm and a diameter of 3 cm the
epoxy resin was applied onto the surface of the polymer supports (0.12 g resin/sup-
port). The frame holder with the polymer supports was placed in a dust sealed cham-
ber with fume extraction hoses. Before the application of the metal phases the epoxy
resin covered supports were allowed to dry for 5 min in order to enhance the viscosity
of the resin and to avoid complete capillary covering of the applied heavy metal par-
ticles. With a commercially available compressed air dust spray gun (SAV 030 025,
Schneider Druckluft, Germany) the heavy metal phases were applied from a distance
of approx. 1 m (air pressure: 1.5 kg cm–2) onto the epoxy resin covered surface of the
supports. The application time (spraying) was 10 seconds. After an overnight drying
period at 50 °C in a laboratory drying cabinet the heavy metal coated polymer sup-
ports were cleaned with a soft brush in deionized water (Nanopure, >18 MΩ; 5 ppb
TOC) to remove loose excess heavy metal particles from the support surface. After an
additional 24 h-drying period at 40 °C the polymer supports were ready for use.

The model substance for our method development was a lead oxide from a commer-
cial metal oxide manufacturer (PbO LOX 150 Pennarroya Oxide, Germany). This oxide
was produced by direct oxidation of metallic lead and has a minimum content of PbO of
99.8%. Its density is 9.5 g cm–3 and the average particle size is about 0.1 mm diameter.

To determine the uncovered, reactive surface area of the particles, adsorption experi-
ments were carried out with phenylphosphonic acid (PPA) (analytical grade; Fluka, Swit-
zerland) in a 0.1 mmolar acetate buffer (pH 4.6). PPA was chosen because of its well-known
adsorption characteristics onto a variety of different surfaces e.g. aluminum oxide (Laiti
and Öhman 1996). The concentration of the PPA was 10–400 µM. Blank measurements
with Plexiglas® and with epoxy resin covered supports showed that they did not adsorb
PPA. The initial concentration and the final concentration of PPA after reaction times of
5, 10, 15, 20 and 30 min were measured by ion chromatography analysis (DX 100 ion chro-
matograph, Dionex USA). The maximum surface capacity of the heavy metal phases was
also determined in suspension under the same conditions (10–400 µM PPA in 0.1 molar
acetate buffer, pH 4.6). The amount of PPA adsorbed in suspension in mol m–2 was then
used to calculate the exposed surface area of the resin-immobilized metals. A dissolution
experiment with ethylene diamine tetraacetic acid (EDTA) was carried out to get an
overview about the dissolution behavior of the mineral substances. The analytical condi-
tions were EDTA 1 mM at pH 4.7 with a reaction time of 1 h.

To establish the amount of heavy metals on each polymer support X-ray fluores-
cence analysis (XRF) was made on every support before further use (X-Lab 2000,
Spectro Germany). Because the XRF analysis requires fine grained samples, the method
was externally calibration checked with data from atomic absorption spectrometry
(AAS) measurements (SpectrAA 220, Varian Australia) after complete dissolution with
EDTA of the heavy metals on the support. For the EDTA dissolution the same samples
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were placed in Teflon® vessels and 10 ml 0.1 M EDTA (analytical grade, Merck Ger-
many) was added. The vessels were placed in a microwave digestion system (ETHOS,
Milestone Italy) and underwent a temperature program with constant pressure con-
trol (1. step 400 W for 7 min; 2.step 300 W for 3 min; 3. step 200 W for 40 min). The
temperature was held at 160 °C over the whole dissolution process. The polymer sup-
ports and the resin were not altered by the EDTA and only the oxide minerals were
dissolved. Scanning electron microscopic (SEM) investigations were carried out with
a Cam Scan CS44, CamScan – United Kingdom.

1.3
Results and Discussion

1.3.1
Particle Appearance on Support Surface

To show the applicability of the approach several preleminary examinations were car-
ried out. Optical and scanning electron microscopic examinations of the heavy metal
covered supports showed the allocation density of the phases (PbO) on the epoxy
resin. The metal oxides form almost a single layer on the resin (Fig. 1.1) which gives
the conclusion that the cleaning step after hardening of the resin is complete. All of
the particles are in contact with the epoxy resin and are therefore attached to the
surface of the support. There is no sign of loose particles which could fall off during
handling the supports and while resting in the soil profile. This is important to avoid
material loss before the proper experiment or during placing or retrieving the sup-
ports. The microscopic examination showed that the heavy metal particles were not
immersed in the epoxy resin film (Fig. 1.2). Only a certain percentage of their surface
is in contact with the epoxy resin. This gives a high amount of uncovered mineral
surface which can interact with the soil environment. The epoxy resin used had a
high viscosity which avoids a complete coverage of the particles due to the capillary

Fig. 1.1.
SEM surface picture of a poly-
mer support coated with lead
oxide. SEM: scanning electron
microscope
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effect of the resin. This effect can be additionally controlled if after preparing the
epoxy resin (mixing with the hardener substance), it is allowed to pre-react (harden-
ing) for a few minutes which increases the viscosity. It could be shown that the used
technique to attach particulate matter onto a support is suitable.

1.3.2
Coating Process

The coating process itself is not difficult to handle. A constant distance between the
dust spray gun and the epoxy covered supports should be used. Also a constant air
flow/pressure and a constant spray time should be kept. These are the most favorable
conditions to produce polymer supports that are uniformly covered with heavy metal
phases. It is self-evident that the application step can only be carried out in rooms
with appropriate dust and air extraction units. A fine-dust face mask and an overall
should be used to comply with the working safety regulations (Fig. 1.3).

Fig. 1.2.
Lead oxide particles on a poly-
mer support, picture taken at
an angel of 70°

Fig. 1.3.
Substance application cham-
ber: In front the dust spray
gun (1) and in the chamber the
Plexiglas support (2). The tube
is the dust extraction unit (3)
(for working safety reasons)
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Fig. 1.5.
Polymer support with lead ox-
ide particles after a dissolution
experiment with 1 mM EDTA
over 1 h at pH 4.7

Fig. 1.4.
Polymer support with lead ox-
ide particles after a dissolution
experiment with 1 mM EDTA
over 1 h at pH 4.7

To estimate the amount of applied minerals, every polymer support is weighed
before and after the mineral application with a laboratory balance. The mass of the
epoxy resin onto the supports was calculated by simple subtraction of the support
mass before and after pure resin application on a support test set (N = 30).

1.3.3
Support Testing prior Insertion

The mechanical stability and the amount of resin-free particle surface was estimated
with special experiments. Simple dissolution with ethylenediaminetetraacetic acid
(EDTA) showed that the heavy metal phases can be dissolved without falling off from
the surface. This dissolution experiment was carried out to simulate a dissolution
process which could take place in a soil. Therefore it was important to see how the
heavy metal covered support reacts mechanically if it is going to be recovered from



9Chapter 1  ·  In-situ Method for Analyzing the Long-Term Behavior of Particulate Metal Phases

P
ar

t 
Ithe soil. It can be seen from Fig. 1.4 that the grains show signs of dissolution but are

still attached to the support. Figure 1.5 shows a grain that has been dissolved almost
completely. The former contact area of the particle with the support is still visible.
The small remaining particle is still attached to the support. This experiment showed
the good adhesion stability of the attached particles and their resistance to the clean-
ing steps. The estimation of the uncovered mineral surface which can directly inter-
act with the soil environment can be determined with adsorption experiments. Pre-
liminary experiments with phenylphosphonic acid (PPA) in an acetate buffered en-
vironment (pH 4.7) showed promising results, indicating that PPA is adsorbing onto
the mineral surfaces but not onto the carrier material. Comparing the adsorption
capacity of the bulk mineral material to the results with the mineral covered support
will yield the amount of free reactive surface of the mineral supports. Together with
the surface area (analyzed with the Brunauer-Emmet-Teller (BET) nitrogen sorption
method) of the bulk mineral substance, we can then calculate the reactive surface
area of the supports. This method to estimate the resin-free particle surface is useful
to get an overview about the amount of “reactable” particle area.

1.3.4
Analytical Methods

The nondestructive X-ray fluorescence (XRF) analysis is the method of choice for
quantifying the metal concentration of the covered polymer supports. With this analy-
sis technique we have a useful tool to monitor e.g. the dissolution behavior of the heavy
metals in the soil over different time scales. The supports can be reinserted into the
soil after XRF analysis to undergo further reactions. A comparison of the XRF analysis
and atomic absorption spectroscopic (AAS) analysis of the same supports has to be
performed for each material that is used. The intention of this comparison is to find
out whether the XRF results that are obtained using a calibration for powdered metal
phases can be used to determine the metal concentration on the supports.

The electron optical analysis with the Scanning electron microscope (SEM) keeps
track of the surface changes of the minerals on the supports. Traces of dissolution
processes or precipitations on the mineral surfaces can be detected with this method
(Bennett et al. 2001). Figures 1.1, 1.2, 1.4, and 1.5 show the application of this method
to our samples. As already discussed above this method allows the direct visualization
of the dissolution process. Additional coupling with the electron dispersive X-ray probe
(EDX) can show the spatial elemental distribution on the supports or even of a min-
eral grain and its surrounding vicinity. With the use of an “environmental scanning
electron microscope, ESEM” there is no need to coat the supports with a conducting
surface e.g. gold or carbon. It will provide the same data as a conventional SEM (with
attached EDX probe) but will have the same nondestructive benefits like the XRF
method with a possible further use of the samples.

A more mineral specific analytical method is the infrared Raman spectroscopy in
conjunction with a infrared microscope. This technique can detect certain mineral
phases (Sobanska et al. 1999) on the support. Raman spectroscopy could give an in-
dication of occurred phase transformations of the minerals. It might not have the
power of the EXAFS technique but it is compact and can be performed in a normal
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be examined before and after insertion into soils. The use of nondestructive analyti-
cal methods should be favorized to keep the samples unchanged and open for other
examinations.

1.4
Conclusions

The establishment of a method for the in-situ analysis of the reactions of heavy metal
phases in soils was successfully carried out. With lead oxide as a model substance it
could be shown that the particles are strongly fixed on the polymer supports and
survive even extended dissolution without falling off. The method might have the
ability to be used with different substances e.g. heavy metal oxides and sulfides, iron
oxides or clays. The method can also be used to expose particles to other environ-
ments, e.g. natural waters, sediments or technical systems such as water treatment
plants. The designated analytical methods are all nondestructive and avoid alterations
of the samples that can therefore be further used.
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Systems (µTAS) with Chemiluminescence

P. A. Greenwood  ·  G. M. Greenway

Abstract

A portable low cost micro total analytical system (µTAS) is described for the environmental analysis
of metal cations in natural waters using luminol chemiluminescence. Every element of the analysis
can be performed on these devices therefore producing a portable laboratory that can be used for
in-field analysis. Miniaturising these devices brings several advantages including low reagent con-
sumption, low volumes of waste produced and an increased in performance. The ability to scale out
these devices and produce many low cost µTAS creates a network of in-situ sensors that can pro-
vide greater spatial and temporal information for an environmental system. Chemiluminescence is
a promising method of detection for µTAS due to its high sensitivity and the simplicity of the
measurement technique.

Key words: microTAS, metal cations, cobalt, chemiluminescence, ‘in-field’ analysis

2.1
Introduction

There are many methods available for the analysis of metals in environmental analy-
sis. Atomic spectroscopic methods such as atomic absorption spectrometry and in-
ductively coupled plasma mass spectrometry are most widely used and generally meet
the requirements of sensitivity and specificity (Fifield 1995). These methods however
are not suited to measurements in the field and require the sample to be brought to
the machine. This can cause time delays, increased probability of errors and sample
degradation. Low cost portable but sensitive detection methods for metals are ur-
gently required for environmental analysis. Here we report a portable device for sen-
sitive measurements of several metal cations.

2.1.1
Micro Total Analytical Systems

The idea of a total chemical analysis system was devised to create one device that
included sample pre-treatment, removal of interferences, subjected to analysis, quan-
tification and the data produced is converted to an electrical signal during a data
acquisition step. With the incorporation of all these necessary elements to perform
the chemical analysis, automated stand-alone devices can be envisaged for use at the
point of analysis. This step was taken further by miniaturising devices creating micro
total analytical systems (µTAS) (Manz et al. 1990). The µTAS generally takes place
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of seconds rather than many minutes. Other advantages of miniaturising these de-
vices are an increased performance include more rapid heat transfer, more mass trans-
fer across the width of the channels (diffusion), reduced reagent consumption/waste,
and the improved separation efficiency leading to faster separations of analytes. This
reduces the band broadening of the peaks and increased pressure caused by turbu-
lent flow. These devices allow for portable, low cost, and low reagent consumption
analysis that is ideal for the environmental analysis of many species. Although only
small volumes of sample are being analysed within the system which generally leads
to unrepresentative samples, these devices could be developed into a network of many
in-situ sensors producing more spatial and temporal information about an environ-
mental system than is currently possible. This is achieved by scaling out the devices
(e.g. producing many smaller devices rather than one large sampling device) rather
than scaling up the size of the device.

2.2
Experimental

The micro reactor (Fig. 2.1) was fabricated in house (McCreedy) 2001 using photoli-
thography and wet etching techniques. Superwhite Crown B70 borosilicate glass was
obtained precoated with a chromium film and photo resist layers (Alignrite, Bridgend,
Wales). A mask of the required channels is placed over the glass and photolithogra-
phy, using UV light was carried out. This process transfers the required pattern onto
the chip where it is developed and the remaining photoresist is removed. Wet etching
of the silica microstructure using 1% HF-NH3 for 1 h at 70 °C produced the required
channels identical to the prepared mask, with geometries of 200 µm wide and 100 µm
deep. Thermal bonding was used to fuse the thick top plate of Superwhite Crown B70
borosilicate glass (Instrument Glasses, Enfield, UK) incorporating reservoirs of 17 mm
depth and 3 mm i.d.

Fig. 2.1.
A schematic diagram of the
micro reactor
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The µTAS was contained in a custom built, light tight, insulation box. For the initial
assessment of this work a sensitive miniaturised photomultiplier tube (H5784, Hama-
matsu Photonics, Enfield, UK) with a 12 V microcomputer power supply (RS Compo-
nents, Northants, UK) was used to detect the chemiluminescence. Light was captured
using a fibre optic attachment connected to the photomultiplier tube in which the
end of the fibre optic was placed under the micro reactor. The analogue output from
the photomultiplier tube detector was connected to a laptop computer using a labview
controller (National Instruments) where the emission intensity was recorded. The
pressure pumping was achieved with a peristaltic pump and flexible calibrated poly-
vinyl chloride tubing (Gilson Minipuls 3, Anachem, Luton).

A simple 3 reservoir T design chip was utilised. After optimisation of the system,
one reagent reservoir contained luminol in carbonate buffer (pH 10.4) and cobalt
nitrate standard solutions (in the range 10–11–10–3 mol l–1). The second reservoir con-
tained hydrogen peroxide (0.1 mol l–1). Reagents were loaded into the reservoirs by a
micropipette (Sealpette, Jencons, Leighton Buzzard, UK). The third reservoir was used
as a waste reservoir and was also the reservoir to which a negative pressure was ap-
plied to move the liquids through the micro reactor.

Figure 2.2 shows a prototype portable systems currently being evaluated. In that
system a simple low cost photodiode is used to detect the light produced and flow is
achieved with a miniaturised battery powered (+9 V) peristaltic pump.

2.3
Results and Discussion

2.3.1
Chemiluminescence as a Detection Technique

Chemiluminescence is a promising method of detection for µTAS due to its high
sensitivity, minimal apparatus and the simplicity of the measurement technique. The
low reagent consumption in µTAS is advantageous in chemiluminescence reactions

Fig. 2.2.
The apparatus of the proto-
type µTAS. The micro reactor
is placed on top of the detector.
The laptop computer using
Labview (National Instruments)
is used to collect the data
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because many of the reactions are irreversible and in conventional flow injection
systems there is high reagent consumption, with large amounts of waste produced.

Chemiluminescence (CL) reactions are chemical reactions that result in the emis-
sion of electromagnetic radiation. These reactions have been widely used for sensi-
tive and selective analysis especially over the last decade. Although there are only a
limited number of reactions that produce chemiluminescence, the number of appli-
cations for analysis is ever increasing.

The luminol reaction was first reported in 1928 (Albrecht 1928) and has since be-
come the most widely studied chemiluminescent reaction. Luminol exhibits direct
chemiluminescence when oxidised in the presence of certain metal cations e.g. Co2+,
Fe2+, and Cu2+, and the reaction can therefore be used to sensitively detect these metals.
Luminol (5-aminophthalhydrazide) is oxidised in aqueous alkaline conditions, usu-
ally by hydrogen peroxide, although permanganate and hypochlorite can also be used,
to produce 3-aminophthalate, nitrogen and an intense blue-violet emission
(λmax = 425 nm) (see Fig. 2.3).

The luminol reaction could therefore quantify hydrogen peroxide in rainwater
samples however this study concentrates on the analysis of metals. Cobalt(II) was chosen
as the analyte for this study as it is a very efficient metal which enhances the luminol
reaction producing an intense chemiluminescence emission (Burdo et al. 1975).

Gas phase reactions have been used in µTAS (Wilson et al. 2000) therefore this
approach can also be extended to gas analysis where NO2 reacts with luminol in al-
kaline conditions producing chemiluminescence providing an analysis with detec-
tion limits below 30 ppt (Laird 1995).

2.3.2
The Effects of pH for Mobilising Reagents

Micro-total analytical systems are particularly effective when electrokinetic flow is
used to transport reagents in the channels at lower electric field strengths (below
1 000 kV). This provides a flexible and robust method of moving fluids through
microchannels of typically less than 200 µm internal width, 100 µm depth. Electroki-
netic flow however is based on bulk electro-osmotic flow and requires the pH of the
solution being moved to be between pH 4–9 and this present several disadvantages
when detecting species using the luminol chemiluminescence reaction (Nelstrop et al.
2001). The optimum pH for the luminol reaction is 10.4 and the reaction produces
nitrogen gas which can disrupt the continuity of electroosmotic flow. Pressure pump-
ing was therefore used in this work because the pH of the solution was not relevant

Fig. 2.3. The luminol reaction
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sure pumping was applied in this system for mobilisation of the reagents because this
produces negligible backpressure on the microreactor channels and non discrimina-
tory movement of reagents under varying reaction conditions. The negative pressure
was applied to the waste reservoir and sucked the solutions through the channels.
The three reagents met at the intersection of the T design and were mixed together
along the length of the channel.

2.3.3
Mixing of Reagents within the Microreactor

Generally, the pattern of flow of fluids can be described as either laminar or turbu-
lent. In order to determine the flow, it is common practice to evaluate the Reynolds
number (Reynolds 1883) and compare it to the transitional number 2000. This num-
ber can be calculated using the equation below.

Re = vlρ / ℑ (2.1)

where, v is the velocity of the liquid flow, l is the diameter of the capillary, ρ  is the
density of the liquid, and ℑ is the viscosity of the liquid.

Due to the small channel dimensions in microfluidic devices mixing generally relies
on laminar flow with a Reynolds number of approximately 10. Molecular diffusion is
the only mechanism for transport of particles across the boundaries of adjacent fluid
domains. This mixing time is proportional to d 2 / D, d being the width of the channel
and D the diffusion coefficient. Therefore the quality of the mixing is strongly influ-
enced by the reduction of the channel width. The channel widths of the reported
microreactors are typically 50 µm which allow complete mixing in a time scale of
approximately 300 ms. The fibre optic position under the channel was optimised for
where the mixing was just fully completed and the reaction was producing the most
intense light emission.

The flow rate of solutions through the channel was optimised to be 5 µl s–1 result-
ing in a total volume of reagents required for the reaction to be 15 µl.

2.3.4
Analytical Measurements in Water

A calibration curve of cobalt concentration was obtained in the range 3 × 10–11 to
2 × 10–3 mol l–1. This was plotted as log (chemiluminescence intensity in mV) versus
log (cobalt conc. in mol l–1) and contained nine points (n = 3) (y = 0.55x – 5.43,
R2 = 0.99). The sensitivity of the detection system was good and comparable with
conventional flow injection analysis systems (Chang 1980) with the relative standard
deviation being 4.5% (n = 3). The limit of detection was calculated using the linear
portion of the graph in the range 10–10–10–8 mol l–1 where the equation of the line was
y = 1.7x + 18.3 with y being the chemiluminescence intensity (mV) and x the cobalt
conc. (mol l–1). The limit of detection was evaluated using the blank + 3 times sy/x (the
error calculated in the y-direction) as defined by Miller and Miller (1984) and was
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was approximately 3 seconds, which resulted in a quicker analysis and much lower
reagent consumption compared with conventional flow injection analysis (FIA). After
each run, the products of the reaction were removed by syringe and the chip was flushed
with buffer. This resulted in an average overall throughput time of 1 min.

2.4
Conclusions

A micro total analytical system has been developed that would be suitable for the
analysis of metal ions in aqueous environmental samples. A calibration over seven
orders of magnitude with a detection limit for Co(NO3)2 of 3 × 10–11 mol l–1 was suc-
cessfully achieved using negative pressure pumping and chemiluminescence detec-
tion. The micro total analytical system can be seen to have several advantages over
conventional techniques for field analysis. Currently work is being carried out with
the prototype shown in Fig. 2.2, the high sensitivity of the method means that an
inexpensive photodetector can be used to achieve acceptable sensitivity (usually the
photodetectors are a factor of 10 less sensitive than a photomultiplier tube). The plan
is to immobilised or seal reagents into the chip devices and to automate measure-
ments. Filtering systems will have to be incorporated into the design for the analysis
of natural waters. This system can also easily be adapted to monitor hydrogen perox-
ide or nitrogen dioxide.
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Abstract

The experimental implementation of Diffuse Infrared Fourier Transform Spectroscopy (DRIFTS) to
the study of carbonaceous materials and catalysts is discussed in detail. Analytical methods used to
sample and optimize the quality of infrared spectra processing are outlined. Several examples dem-
onstrate the feasibility of this technique in the field of adsorption and catalysis: (1) An in-situ spec-
troscopy is applied to the elucidation of the oxidation mechanisms occurring during the treatment
of a cellulose char under air; (2) the type of interactions occurring between adsorbed methanol or
impregnated copper salts with carbonaceous materials was considered with respect to char sur-
face chemistry; (3) the mode of adsorption of several aqueous organic adsorbates on titanium ox-
ide was investigated.

Key words: DRIFTS; in-situ treatments; adsorption; carbon; catalysts

3.1
Introduction

Among the various Fourier transformed infrared (FTIR) techniques, infrared spec-
troscopy used in diffuse reflectance mode (DRIFTS) seems to be the most versatile
one, since it can provide both chemical and structural informations for almost all types
of solids. Thus, materials such as common powders, crystals, gemstones, polymers, fibers,
solids with rough surfaces, minerals and biomass products can be analyzed (Chamers
et al. 1985; Coleman 1993). Recently DRIFTS has been applied in environmental chem-
istry, as shown by the increasing number of papers published this last decade. The
diffuse reflectance technique has been successfully applied to biological systems in
order to investigate decomposition dynamics in forest soils (Haberhauer et al. 1999)
and to monitor wood biodegradation (Ferraz et al. 2000). An attempt was also made to
determine quantitatively cations in water by spot tests reactions (Ghauch et al. 2000).

Nevertheless, most literature is devoted to the study of supported catalysts and
adsorbents (Azambre et al. 2000; Dandekar et al. 1999; Lee et al. 1998; Koch et al. 1998).
Since these materials are heterogeneous in nature and are usually characterized by a
strong absorber behavior towards all kinds of radiations, an arsenal of complemen-
tary analytical methods is often required to investigate them. These techniques must
be considered as complementary, and no attempt will be made in this work to com-
pare the potentialities of diffuse reflectance spectroscopy in this domain to those of
X-ray Photoelectron Spectroscopy (XPS), Nuclear Magnetic Resonance (NMR), Elec-
tron Spectroscopy for chemical Analysis (ESCA), and X-Ray Diffraction (XRD).
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unique tool for the elucidation of the chemical mechanisms occurring at the inter-
face between two phases, which is crucial, if one would like to understand the perfor-
mances of an adsorbent or a catalyst. Moreover, the characterization of carbonaceous
adsorbents which are commonly used to remove hazardous compounds from envi-
ronment (water or air) or as supports for precious metal particles is not usually con-
sidered as an easy task, because of the ill-defined character of carbon and the co-
existance of many kinds of oxygenated groups on the surface. Direct information on
the structure of the bulk of carbon materials, the presence of various surface func-
tional groups, and on mineral absorption and electronic absorption may be obtained
by the way of infrared spectroscopic studies.

An extended review of IR spectra of oxidized and non-oxidized carbon films, in-
cluding the effects of surface chemistry on the adsorption of a large variety of mol-
ecules probes, has been presented by Zawadzki in 1998. However, due to the behavior
of carbon as a black body absorber, several experimental difficulties arise when try-
ing to characterize powdered carbonaceous materials by conventional transmission
methods. The use of diffuse reflectance spectroscopy instead of transmission can solve,
at least partly, some of these problems.

Applications to heterogeneous catalysts studies become still more numerous (Dan-
dekar et al. 1999; Lee et al. 1998; Bollinger et al. 1996; Weckhuysen et al. 1999). Despite
the crucial importance of these materials in industry, there is little knowledge about
factors governing their final properties. For instance, for fifty years their preparation
has been mainly subjected to empirical recipes, because of the lack of efficient ana-
lytical tools to investigate it.

The field of application of diffuse reflectance spectroscopy can be greatly extended
by the incorporation of an environmental cell into the analytical device. Thus, it is
possible to follow in situ some catalytic reactions in realistic conditions of tempera-
ture and pressure (Dandekar et al. 1999; Griffiths et al. 1986). In many cases, DRIFTS
seems to be an ideal method for the characterization of intermediate adsorbates.
Organic materials and adsorbed compounds are usually studied in the mid-infrared
range, whereas both d-d and charge transfer transitions of metal particles can be
analyzed in the UV-visible range (Weckhuysen et al. 1999). DRIFTS has been success-
fully used to investigate the pathways of nitrogen oxides (NOx) decomposition under
aerobic or non-aerobic conditions for a large variety of catalysts (Klingenberg et al.
1999; Meunier et al. 2000). Furthermore, the use of carbon monoxide (CO) as a probe
molecule, traditionally used in IR to gain knowledge about the oxidation state and
dispersion of the supported metals can be combined with the great sensitivity of
DRIFTS. In this way, supported catalysts characterized by metal loadings as low as
0.05% can be investigated, which is far below the range of metal loadings used in real
commercial catalysts (Stakheev et al. 1999).

However, despite the great advances made recently in the design of analytical devices
allowing work under in-situ conditions, diffuse reflectance studies connected with
the preparation of heterogeneous catalysts and adsorption of organic molecules on
them are still scarce. Experimental methodologies dealing with the characterization
of such systems by DRIFTS are beyond the scope of this paper. However, no attempt
will be made here to give an exhausting list of references, and we will focus only to
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damental aspects of this technique, and we will give an overview of the preparation
procedures required to record good-quality spectra in the case of highly absorbing
samples.

Emphasis will be given to the applicability of quantitative analysis on carbon-sup-
ported metals and opaque samples in general. In the experimental section, some
examples of the research carried out in our laboratory will be presented to outline the
feasibility of this technique when applied to the characterization of carbonaceous
supports and Cu/C catalysts. Results obtained after the chemisorption of some car-
boxylic acids and phenols on TiO2 will be also analyzed, likewise those related to the
in-situ adsorption of methanol on cellulose chars. In this last section, we will focus
mainly on the methodologies that can be used to optimize the exploitation of spec-
troscopic data.

3.2
Theory

3.2.1
Basic Principles of DRIFTS

The potentialities of Diffuse Reflectance Infrared Spectroscopy (DRIFTS) are closely
linked to diffusion phenomena of light in solid media. When an infrared radiation
reaches a sample surface, one or several processes can occur: it can be absorbed, it
can be reflected from the surface (the so-called specular reflectance, see Fig. 3.1), or
it can penetrate the sample before being scattered. If the powdered particles are ran-
domly oriented, this penetration is isotropic and constitutes the diffuse reflectance
phenomenon. Generally, the light intensity scattered at a given wavelength from an
“infinitely thick” solid layer is compared with that scattered from an infinitely thick
layer of a non-absorbing reference. The need to use a reference originates from the
fact that diffuse reflectance spectra of pure samples tend to have very intense bands,
with little difference in intensity between spectral regions usually characterized by
strong or weak absorptions (Schoonheydt 1984).

Fig. 3.1. Principle of the diffuse reflection phenomenon. a Scheme of the diffuse reflectance acces-
sory. b Course of the infrared radiation through an heterogeneous absorbing material
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common powders is to dilute samples in an alkali halide matrix, like KBr or KCl.
Nevertheless, owing to the ionic character of these species, undesirable catalytic or
solid-state reactions can occur with the studied sample, and other reference materials
such as CaF2 and diamond powder will be preferred in that case (Ventura et al. 1999).
Interactions of the infrared radiation with an heterogeneous powdered matrix are
schematized on Fig. 3.1.

3.2.2
DRIFTS versus Transmittance Spectroscopy

Since the optical phenomena connected with DRIFTS are different from those involved
in transmittance spectrometry, spectra obtained by either infrared method can not be
considered as equivalent. Moreover, infrared spectrometry used in diffuse reflectance
mode has many advantages compared with the conventional transmission method. On
first approximation, DRIFTS can be considered as a fast and non-destructive technique
because samples can be directly analyzed in their powdered form. On the contrary, for
transmission measurements, preparation procedures are generally more time-consum-
ing and morphological changes can arise as a result of the grinding or hot compres-
sion molding procedures adopted in the design of pellets.

The second point is that the DRIFT technique is better suited to the analysis of
strongly absorbing materials, whose main characteristics are a very low signal and
sloping baselines when analyzed in transmission. Moreover, since the effective path
length of the infrared radiation is increased many fold by scattering, the sensitivity of
DRIFTS is comparatively enhanced, and detection limits of the order of the nano-
gram can be achieved for some absorbing materials (Fuller et al. 1978). This is obvi-
ously important for some industrial applications in which the signal provided by the
common pellet technique used to be insufficient, as can be the case for the identifi-
cation of low-quantity fractions separated during chromatographic runs.

Another relevant aspect is connected with the information depth of the diffuse
reflectance technique. Although the most commonly encountered theories depict the
solid medium as a single continuum rather than individual particles, and thus re-
quire an infinitely thick layer, the greatest contribution to DRIFT spectra originates
in the first few layers of samples (Fuller et al. 1978). This implies the fact that adsorbed
species can be effectively probed using this technique, which seems to be a necessary
condition for the study of heterogeneous reactions occurring at catalysts surfaces.

3.3
Practical Considerations

3.3.1
Influence of Practical Sampling on the Reproducibility of DRIFTS Spectra

Interactions of light with matter are more complex to handle in diffuse reflection
spectroscopy than in transmission. Particle size, size distribution, sample cup orien-
tation and position, surface state and packing density are the main factors that affect
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halide particle size on diffuse reflectance spectra was first considered by Fuller et al.
1978. It was shown that particle size has a considerable influence on the reflectance of
KCl at high wave numbers (between 2 000 and 4 000 cm–1). The scattering properties
of the analyzed material are also strongly influenced by adsorbed species on the ex-
ternal surfaces (Schoonheydt 1984). The removal of adsorbed water and steam from
both the sample and the enclosure of the spectrometer is crucial, because infrared
bands of gaseous and adsorbed species can overlap some analytical regions of inter-
est and somewhat hide or distort the spectral information. Thus, sample and refer-
ence, e.g. potassium bromide (hygroscopic) have to be very dry and neat before re-
cording the spectrum.

3.3.2
Influence of the Data Processing Parameters

The optical and physical properties of samples are not the only parameters that affect
the quality of infrared spectra. Even if the preparation procedures are carefully con-
trolled, it is also relevant to optimize the instrumental parameters involved in infra-
red spectra processing. Details about the theoretical significance of these parameters
and the procedures used to investigate their effects on spectral characteristics can be
found elsewhere (Griffiths et al. 1986; Reklat et al. 1997). Although common to the
different FTIR techniques, factors such as resolution, apodization and zero filling have
to be optimized in respect with the physical state of the material to be analyzed.

For instance, bandwidths are intrinsically broad in solid state, and there is no need
to increase inconsiderately the resolution for DRIFT spectroscopy. Otherwise, the signal
to noise ratio of the spectrum will be lowered (according to the trading rules), with-
out gaining further spectral informations. During a previous work (Azambre et al.
1999), an experimental design allowed us to determine the values required for some
instrumental parameters in the case of DRIFTS studies achieved on conventional
powders: triangular apodization, R = 2 cm–1, ZFF = 2 or 4. However, it should be re-
membered that the values selected by the user must fit to the type of experiment. An

Fig. 3.2.
Influence of resolution and
zero filling on the DRIFTS
spectrum of anthron (an or-
ganic pollutant) in the region
850–790 cm–1
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given on Fig. 3.2. Note the high influence of resolution for the separation of the two
bands in the region 800–830 cm–1.

For instance, when one needs to precise the initial estimates before curve-fitting a
spectrum, which is the common procedure used to acquire semi-quantitative data on
mixtures or overlapping regions, the most important criterion is to optimize the sepa-
ration between bands before running the curve-fitting program (Maddams 1980). Thus,
it seems reasonable to work with a sufficiently high resolution (2 cm–1).

3.4
Quantitative Analysis

It is well-established that DRIFT spectroscopy is intrinsically quantitative. However,
due to the difficult experimental implementation of the sampling procedures, it’s not
an easy task to obtain accurate calibration curves. Nevertheless, quantitative studies
have been successfully applied to the analysis of drugs, dyes, fibers and most scarcely
to heterogeneous catalysts. Generally, the quantitative studies that can be found in
literature are achieved on a large set of measurements (multiple calibrations) for each
sample concentration, in order to average the differences between spectra due to the
uncontrolled variation of some physical properties (Liang et al. 1999). The use of
chemiometric methods can also be of great help to statistically correlate the infrared
data to some macroscopic properties of the studied materials (Alciaturi et al. 1996;
Kokot et al. 1996).

3.5
Experimental Studies on Adsorbents and Heterogeneous Catalysts

3.5.1
Oxidation of a Carbonaceous Material

Since the removal of gaseous or liquid organic pollutants and heavy metals from en-
vironment has become a priority these last years, there is a constant need to find cheap
and new materials able to trap or degrade them. Due to their very high specific surface
and unique properties, several kinds of carbon and carbon-supported catalysts can be
used to circumvent at least, partially, these problems. In addition to the pore size dis-
tribution, the surface chemistry of carbon has often to be tailored, because oxygenated
and nitrogeneous surface groups can interact directly with some of these hazardous
compounds by the intermediate of their polar groups (see an example on Fig. 3.3).

In this section, we discuss the methods that can be used to monitor by DRIFTS the
functional evolution of a carbonaceous material during its oxidation under air. For
this purpose, we used the following experimental procedure: microcristalline cellu-
lose was heated from room temperature to 450 °C inside a sealed crucible and a semi-
coke characterized by few functional groups but easily oxidizable structures were
obtained. In-situ investigations on the chemical processes involved in the oxidation
of the char were made possible by the adjunction of an environmental chamber to the
DRIFTS accessory. The experimental device allows to treat thermally a sample at
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controlled rate and pressure up to 500 °C under flowing or static atmospheres. The in-
situ spectra of the char were recorded in presence of potassium bromide and pure KBr
as the background reference. Typical experiments consist in recording an interfero-
gram every 3 min (which is equivalent to every 15 °C when heating rate of 5 °C min–1 is
used), so accurate monitoring of the chemical events can be achieved. Due to the
incomplete aromatization of the char, the IR absorbing species are clearly visible. Bands
assignments and detailed characterization of the mechanisms related to the oxida-
tion of the cellulose char are provided elsewhere (Azambre et al. 2000).

In our case, the functional evolution of the char in the region corresponding to the
C=O stretching vibrations was examined step by step, by directly subtracting the spec-
trum obtained at a given temperature T1 to the one obtained at a lower temperature T0.
Using this procedure, only the IR absorbing species formed or degraded in a neighboring
temperatures range are investigated, without interference of the non-specific absorp-
tion of the carbon or by an uneven change in the bands intensities ratio, as it is the case
for ex-situ studies. Therefore, changes in the mechanisms occurring during oxidation
likewise change the appearance of new functional groups which can be readily de-
tected by using this data manipulation. Spectra obtained in this way are shown in Fig. 3.3.

The chemisorption of oxygen atoms on the surface of the char is displayed promi-
nently by the appearance of a positive band in the spectrum corresponding to the
beginning of the thermal treatment under air. In this temperature range, oxidation
proceeds via the formation of acidic groups, as it can be seen by an increase in the
absorption of the region corresponding to the C=O stretching vibrations of carboxyles
(1 730–1 680 cm–1), quinones (1 670 cm–1) and cyclic anhydrides (2 bands at 1 845 and

Fig. 3.3.
Evolution of infrared spectrum
of absorbing species in the
C=O stretch region during the
oxidative treatment of the char
in function of the temperature
range. During the heating to
280 ° C : a between room tem-
perature and 210 °C; b between
210 and 280 °C. During the
isotherm at 280 °C: c between 0
and 50 min; d between 50 min
and 3 h; e between 3 and 6 h.
We can see the evolution of the
band at 1 950 cm–1 during the
thermal treatment
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progressively converted into open chains anhydrides. The same kind of spectra re-
corded in the region corresponding to the C-H bending and stretching vibrations (not
shown here) allowed us to establish that oxidation proceeds on both aromatic and
aliphatic sites of the carbonaceous material.

3.5.2
Adsorption of a Volatile Organic Compound

In order to examine the possible existence of interactions between the oxygenated
groups of carbon and the polar groups of methanol, an in-situ adsorption of methanol
vapor in static mode was carried out into the environmental cell in presence of the
oxidized (after 30 min at 280 °C) and the non-oxidized char (Fig. 3.4). In a second step,
the sample was contacted with methanol vapor so as to obtain a pressure of 2 KPa in
the cell and the single-beam spectrum was once again recorded. The absorbance spec-
tra representative of the interactions between the adsorbed species and the surface
were obtained after rationing the two single-beam spectra and subtracting the gas-
eous phase spectrum of methanol. Spectra corresponding to adsorbent-adsorbate in-
teractions and gas phase methanol (for comparison) are displayed in Fig. 3.4.

The physical adsorption on the porosity of the chars is evidenced by the disappear-
ance of the fine structure corresponding to the gas phase rotational spectrum of metha-
nol and the appearance of new bands at 2 975, 2 940, 2 909 and 2 829 cm–1 (aliphatic C-H
stretching vibrations) and 1 025 cm–1 (C-O stretching vibration of molecular metha-
nol). The increase of the absorption in the 3 500–2 600 cm–1 region shows the forma-
tion of hydrogen bonds. The negative band at 3 650 cm–1 is attributed to the decrease
of the O-H stretch corresponding to free hydroxyl groups. For the oxidized char, the
occurrence of negative bands at 1 845, 1 780 and 1 760 cm–1 and the coccurrence of a
new band at 1 710 cm–1 suggest that the C=O functions of the anhydride groups inter-
act with methanol, or react with the alcohol via an esterification mechanism.

Fig. 3.4. Spectra of methanol: a in gas phase; b adsorbed on the non-oxidized char after subtraction of
the spectrum of the bare support; c adsorbed on the oxidized char after subtraction of the bare support
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Interactions between Chars and Copper Salts

The example provided here is connected with the preparation of carbon-sup-
ported catalysts (Fig. 3.5). Although the impregnation method using an aqueous
metallic precursor is a classical technique for the preparation of catalysts, little knowl-
edge is usually acquired on the form of the deposited salts. In our case, we used the
following procedure. The chars were impregnated with a copper nitrate solution so
as to obtain a copper loading of 8.2 wt%, and then were dried in an oven overnight
at 120 °C. Because of solid state reactions occurring between KBr and the copper
salt, no diluting material was used to study the changes occurring in the supports
chemistry after impregnation. Spectra corresponding to copper salts deposited
on the chars are compared with the spectrum of the pure salt treated in a similar
fashion (Fig. 3.5).

The basic nitrate structure of the thermally modified salt is evidenced by the pres-
ence of bands in the 1 410–1 340 and 860–800 cm–1, 1 600–1 500 and 1 350–1 200 cm–1

(-NO2), 3 700–2 700 cm–1 regions assigned respectively to the asymmetric and sym-
metric stretching vibrations of -NO3, -NO2 and O-H bonds. In comparison with Cu/C-Ox,
the spectrum of Cu/C is closer to the one of the non-supported salt, indicating that a
greater fraction of the metallic precursor has been deposited on the non-oxidized
support on its bulk or non-dispersed form. This interpretation seems to be logical in
respect with the weaker wettability and higher hydrophibicity of the non-oxidized
char. For the Cu/C sample, positive bands at 1 670 and 1 735 cm–1 have to be attributed
to the oxidation of the highly reactive char by the impregnation solution. On the
contrary, the main evolution for the oxidized char is related to the occurrence of both
negative bands at 1 856 and 1 801 cm–1 and a positive band at 1 542 cm–1. These spectral
features may be tentatively assigned to the formation of metallic carboxylates, be-
cause of the possibility of specific interactions to occur between functional groups
and copper ions during impregnation.

Fig. 3.5.
Spectra of copper nitrate salts
deposited on the non-oxidized
(C) and oxidized (C-Ox) chars
after subtraction of the corres-
ponding unloaded support.
Comparison with the spec-
trum of the bulk salt thermally
treated at 400 K under air
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Chemisorption of Acids and Phenols on TiO2

Due to its ability to be either an efficient carrier for precious metals or a photocata-
lyst for the degradation of pollutants in wastewater, titanium dioxide has attracted
much attention these last years. It is well known that the type of interactions between
the organic molecules in solution and the hydroxyl surface groups of the solid pho-
tocatalyst has an important influence on both the mechanisms of degradation and
catalytic performances. Thereby, the ex-situ characterization by DRIFTS of aqueous
adsorbates on TiO2 can provide useful informations not only on the way by which a
molecule is bonded to the surface, but also on the strength of the bonding.

In this study, we have chosen to consider the adsorption of a carboxylic diacid and
a substituted phenol on a commercial TiO2 P-25 photocatalyst. The experimental
procedure was that of Robert et al. (2000). Comparison with the spectra of the pure
organic compounds diluted in KBr allows us to identify the bonds that were affected
during the chemisorption experiments (Fig. 3.6).

In the case of p-chlorophenol adsorption, major changes are related to the disap-
pearance of O-H bending bands (1 440–1 430 and 1 370–1 350 cm–1), the decrease of
the intensities and shift of the C-O stretching bands (1 240 and 1 090 cm–1) and the
strong decrease of the band attributed to the skeletal ring breathing mode between
1 600 and 1 500 cm–1. Since the intensity of the latter band is affected to some extent
by the electronegativity of the substituting group, the observed evolution seem to

Fig. 3.6.
Spectra of organic compounds
adsorbed or non-adsorbed on
TiO2. a p-chlorophenol;
b p-hydroxybenzoic acid
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hand, it can be seen on the spectrum of adsobed p-hydroxybenzoïc acid, the disap-
pearance of the intense C=O stretching band (1 678 cm–1) and the strong increase of
a band at 1 610–1 580 cm–1 corresponding to carboxylate bonds. These results show
that the bifunctional acid is completely dissociated on the surface and seem to con-
firm the hypothesis of formation of cyclic chelate by exchange of two hydroxyl ligands
for one titanium atom, as it was outlined by other authors (Tunesi et al. 1991).

3.6
Conclusions

In this study, the applicability of diffuse reflectance spectroscopy pertaining to the
characterization of adsorbents, namely carbon, and heterogeneous catalysts was con-
sidered. The common preparation and data handling procedures required to record
high quality spectra were discussed in respect with the properties of the studied
materials. We have shown that DRIFTS can be a useful and sometimes unique tool for
the characterization and study of carbon-supported catalysts. With the help of an
environmental cell designed for in-situ studies, it is possible to monitor the func-
tional evolution of a carbonaceous support all along its manufacture in realistic con-
ditions of atmosphere, temperature and pressure. Moreover, we have demonstrated
that this technique can be successfully used both to gain knowledge of the type of
interactions occurring between a support and an aqueous metallic precursor and to
characterize the mode of adsorption of various organic molecules. However, quanti-
tative aspects pertaining to the study of absorbing and heterogeneous materials have
been little investigated to date, and more studies are required in the future to explore
the potentialities of Diffuse Reflectance Infrared Fourier Transform Spectroscopy
(DRIFTS) in this domain.
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Abstract

In recent years, various mass-spectrometry procedures have been developed for identifying bacteria.
The accuracy and speed with which data can be obtained by Matrix-assisted Laser Desorption/Ioniza-
tion Time-of-flight Mass Spectrometry (MALDI-TOF MS) make this an advantageous technique for
environmental monitoring. However, minor variations in the sample preparation can influence the
mass spectra significantly. In the present study, we have introduced a procedure to prepare bacteria
by microextraction and we have optimized experimental parameters for rapid identification by MALDI-
TOF MS of whole bacterial cells isolated from environmental samples such as wastewater and soil.

Key words: MALDI-TOF MS; bacteria; biomarker; activated sludge; wastewater treatment plant; opti-
mization; salt; solvent

4.1
Introduction

In areas such as environmental monitoring, food processing, assessment of public health
hazards and disease diagnosis, it is important to screen rapidly for the presence of patho-
genic microorganisms, and especially to identify them accurately. For this purpose, sev-
eral methods have been investigated (Hamels et al. 2001) but they lack reproducibility
and are time consuming. As an alternative, we propose in this work an original procedure
based on mass spectrometry. This method is quick, simple and reproducible. It could be
used to detect minor variations between pathogenic and non-pathogenic bacterial strains.

Recently, various studies have used mass spectrometry in bacterial chemotaxonomy.
The idea is to use one or several mass peaks that appear to be specific of certain type
of bacteria as genus-, species- or strain-specific biomarkers. E.g. bacteria were charac-
terized by analysis of glycerophospholopids and ubiquinones (Anhalt and Fenselau
1975). Because mass spectrometry is swift and precise, other studies were quick to follow
using techniques such as pyrolysis mass spectrometry (Snyder et al. 1996), fast-atom
bombardment (Nichols and McMeckin 2001) or electrospray ionization (Krishnamurthy
et al. 1999). In 1987, Karas et al. developed a new mass spectrometric method entitled
matrix-assisted laser desorption/ionization time-of-flight mass spectrometry (MALDI-
TOF MS). MALDI-TOF MS is a soft ionization method allowing desorption of intact
peptides (Dai et al. 1999) and proteins from whole bacterial cells (Holland et al. 1996;
Krishnamurthy et al. 1996; Easterling et al. 1998; Wang et al. 1998; Arnold et al. 1999;
Holland et al. 1999; Lynn et al. 1999; Evason et al. 2001; Ryzhov and Fenselau 2001) or cell
fractions without extensive separation (Chong et al. 1997; Nilsson 1999). The advan-
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1999), and desorption of intact high-mass proteins (Chong et al. 1997; Madonna et al.
2000). Different investigations have shown applications for characterizing intact bac-
teria cells (Saenz et al. 1999), bacterial spores (Ryzhov et al. 2000; Birmingham et al.
1999; Demirev et al. 2001; Elhanany et al. 2001) and other microorganisms such as vi-
ruses (Thomas et al. 1998; Birmingham et al. 1999) and fungi (Welham et al. 2000).

The quantification and the identification of viable microorganisms, including
pathogenic forms, are important to evaluate the biological quality of wastewater. To
extract live bacteria from wastewater, we have developed and patented an original
procedure (D. Zorzi et al., in preparation) based on repeated sonications of activated
sludge followed by an enzymatic treatment. Activated sludge consists of stable aggre-
gated flocs connected by biopolymers present in the environment or produced by the
lysis of microorganisms. Indeed, it has been shown that the treatment of sludge by
non-aggressive physical means improves the yield of bacterial extraction (Banks et al.
1977). Sonication separates components of the flocs, thus promoting the release of
living microorganisms and small entities about 2.5 microns in diameter (Jorand et al.
1995). We further improved this microextraction procedure and consequently the yield
of bacterial extraction by combining sonication with enzymatic digestion of the
biopolymers. The enzyme cocktail contains cellulases, proteases, amylases and lipases.

In the present study, we used Matrix-assisted Laser Desorption/Ionization Time-of-
flight Mass Spectrometry to analyze bacteria isolated from activated sludge. We fo-
cused on a drawback of this technique: minor variations in sample preparation can
influence the mass spectra significantly (Domin et al. 1999; Wang et al. 1998). Here we
focused on optimizing the experimental parameters and tested this optimized proto-
col on bacterial strains isolated from the environment. Strains isolated by microex-
traction from a wastewater processing plant in Embourg (Belgium) were compared
with reference strains of Salmonella sp., Escherichia coli, and wild-type Acinetobacter sp.,
species viewed as indicators of the biological quality of wastewater and sewage sludge.

The work consisted in analyzing mass-peak patterns obtained from whole bacte-
rial cells in the mass range from 2 to 20 kDa. The mass peaks emerging as reproduc-
ibly species-specific were selected as biomarkers for the reference and extracted strains.

4.2
Experimental

4.2.1
Chemicals

Materials were purchased from commercial sources and used without further purifi-
cation. The culture medium and Api 20E gallery were obtained from available sources.
Formic acid; trifluoroacetic acid; isopropanol; ethanol; methanol; acetonitrile; α-cy-
ano-4-hydroxycinnamic acid (α -cyano); 3,5-dimethoxy-4-hydroxycinnamic acid
(sinapinic acid); ferulic acid; 2-(4-hydroxyphenylazo) benzoic acid; 5-methoxysalicilic
acid; 2,5-dihydroxybenzoic acid and cytochrome c were obtained from SIGMA (Sigma-
Aldrich Inc., St. Louis, MO, USA). The water was obtained from a Milli-Q water filtra-
tion system (Millipore Co., Bedford, MA, USA).
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Bacterial Sample Preparation

All the wild-type reference strains used in this study were obtained from the Ameri-
can Type Culture Collection: ATCC11775 and ATCC25922 for Escherichia coli,
ATCC13076 and ATCC13311 for Salmonella and ATCC17924 for Acinetobacter. Environ-
mental bacteria derived by microextraction from the activated sludge of Embourg-
Belgium, were isolated by the ISO 9308-1:2000 method for Escherichia coli (8 strains,
1B1 to 1B8); the Me1/028/V2 – ISO 6340:1995 method for Salmonella sp. (8 strains, 2B1
to 2B8). Six Acinetobacter sp. strains (14B1 to 14B6) were isolated on the selective
medium Herella and the identification was confirmed in an Api 20E gallery.

The culture media tested, as described in Difco Manual (11th edition – 1998), were
Luria-Bertani agar; Mueller-Hinton; Plate Count agar; Violet Red Bile agar; Endo agar;
M9 minimal medium; Terrific broth; 2XYT; Rappaport Vassiliadis; Kliger and Simmons.
The incubation times tested were 24, 48, and 72 h. The bacteria were grown aerobi-
cally at 37 °C and cells were collected.

The bacterial sample was suspended in an extraction solvent to obtain a prepara-
tion containing about 5 × 108 whole bacterial cells per ml. The extraction solvents tested
for dissolving proteins from bacteria were H2O; 0.1% trifluoroacetic acid; 40% etha-
nol and various solvent mixtures such as, in v/v: acetonitrile-0.1% trifluoroacetic acid
(66/33); formic acid-methanol-H2O (10/45/45); formic acid-isopropanol-H2O (17/33/50)
and 0.1% trifluoroacetic acid-ethanol (50/50).

The cell suspension was vortexed for about 1 min and the bacterial concentration
was determined by measuring the optical density at 600 nm with a SmartSpec 3000
spectrometer (Bio-Rad Laboratories Inc., Hercules, CA, USA). For desalting, the bacte-
rial sample was washed three times with sterile water prior to extraction.

To adjust most of the experimental parameters we used Escherichia coli strain
ATCC11775 grown for 24 h on LB agar. Effects of culture time and medium were stud-
ied using the reference strains ATCC11775 and ATCC25922 (Escherichia coli) and
ATCC13076 and ATCC13311 (Salmonella). Each experiment was triplicated to test the
reproducibility of this technique.

4.2.3
MALDI Sample Preparation

The matrices tested were sinapinic acid (10 mg ml–1); α-cyano (10 mg ml–1); ferulic
acid (12.5 mg ml–1); 2-(4-hydroxyphenylazo) benzoic acid (3.5 mg ml–1) and a mix-
ture of 1 mg of 5-methoxysalicilic acid and 9 mg 2,5-dihydroxybenzoic acid per
milliliter. Each matrix was dissolved in methanol and different solvent mixtures
such as, in v/v: 0.1% trifluoroacetic acid-acetonitrile (90/10); 0.1% trifluoroacetic acid-
acetonitrile (60/40); ethanol-acetonitrile (50/50) and formic acid-acetonitrile-H2O
(17/33/50).

Three sample deposits were used. In the one-layer method, 1 µl of bacterial pre-
paration was mixed with 3 µl of a solution containing 2 volumes saturated matrix so-
lution and 1 volume cytochrome c solution. 1 µl of this mixture was applied to the
MALDI-TOF sample plate and crystallized by air-drying. In the two-layer method,
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3 µl of the 2:1 matrix-cytochrome c mixture was applied to the MALDI-TOF sample
plate and crystallized by air-drying. In the three-layer method, 1 µl of bacterial prepa-
ration was applied to the MALDI-TOF sample plate and dried. This first layer was
overlaid with 1 µl of ethanol and dried. For the last layer, 3 µl of the 2:1 matrix-cyto-
chrome c mixture was placed on top of the second layer and dried at room tempera-
ture before analysis.

The two- and three-layer methods were used only to study the effects of the
ethanol treatment and of the sample deposit. In all these experiments, cyto-
chrome c (MW = 12 360 Da) was used as an internal standard for mass calibration
at a concentration of 10 pmol µl–1 in 0.1% trifluoroacetic acid. Calibration was
done using the peaks of matrix and cytochrome c. Each sample was deposed in trip-
licate.

4.2.4
Microextraction Procedures

The sludge was diluted in extraction buffer containing 2 mM Na3PO4, 4 mM NaH2PO4,
9 mM NaCl, 1 mM KCl, pH 7 (Frolund et al. 1995). The optimal dilution was calculated
to obtain an SV30 (Sludge Volume after 30 min of sedimentation, expressed in terms
of percentage of the total volume) of about 1.6 in a final volume of 360 ml. Forty
milliliters of diluted sludge was dispersed for 15 s at 37 W with an ultrasound genera-
tor (Labsonic 1510, standard 19 mm dia probe) in 50-ml falcon tubes (Greiner; 227261).
The sample tube was kept on ice for 15 min before physical treatment. The probe was
immersed in the liquid for 15 min.

Following the sonicated samples were digested for 20 min at room temperature and
shaken gently with 0.04% (v/v) of an enzyme cocktail containing amylases (BAN 800MG;
Aquazym 120L; Fungamyl 800L and AMG 300L); proteases (Neutrase 0,5L; Flavour-
zyme 1000L; savinase 16L; Novocor ABL; Flavourzym 500MG and alcalase 2,5L); cellu-
lases (Celluzym 0,7L; Novozym 188L; Viscozyme L and Denimax 991 L) and lipases
(Lipolase 100L; Novocor ADL and Novozym 868). This enzyme cocktail was kindly
provided by Realco SA Belgium.

4.2.5
Cultures of Microorganisms

Escherichia coli: Samples were filtered through a sterile membrane (0.45 µm) and
seeded into TBX medium. Bacteria were counted after a 24-h incubation at 37 °C.
Confirmation of the strain was done by indole production according to the ISO 9308-
1:2 000 methods. Salmonella: Salmonella bacteria were counted in successive steps
according to ME1/028/V2-ISO6340:1995. Acinetobacter: Samples were seeded into
Herella medium. After a 24-h incubation at 37 °C and 42 °C, putative Acinetobacter
colonies were isolated and seeded into Herella and PCA media in order to confirm
the identification on the basis of oxidase and catalase activity. The genus was identi-
fied by means of an Api 20E gallery.
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Instrumentation

All mass spectra were generated on a TofSpec 2E MALDI-TOF mass spectrometer
(Micromass UK Ltd., Manchester, UK) equipped with a nitrogen laser (337 nm) and
operating in positive linear mode with an accelerating voltage of 20 kV. Each spec-
trum was the sum of the ions from 100 laser shots coming from different regions of
the same well and was analyzed in the mass range from 2 to 20 kDa. Only mass peaks
having a relative intensity exceeding 5% were considered. The criteria for estimating
spectrum quality were: signal intensity, resolution, the signal/baseline ratio, repro-
ducibility, and the number of mass peaks. Resolution was evaluated at 50% peak height
and the signal/baseline ratio was calculated as peak intensity to mean of baseline.

4.3
Results and Discussion

4.3.1
Introduction

In this work we used MALDI-TOF MS as an original protocol for typing bacterial
strains on the basis of mass spectra. The identification was based on screening for
characteristic peaks seen as biomarkers for the identification of a genus, species, or
bacterial strain.

Minor variations in experimental factors can affect the general appearance of the
observed mass spectra. This makes it necessary to identify experimental parameters
giving rise to a spectrum of reproducibly good quality. We therefore compared the effects
of several parameters known to influence spectrum quality: matrix, extraction solvent,
culture time and medium, salt content, and the type of deposit on the MALDI plate.

4.3.2
Optimisation of Experimental Parameters

The choice of the matrix is a critical step in mass spectrometry because it can influ-
ence the nature of the compounds detected, e.g. phospholipids, peptides and proteins.
Different matrices and matrix solvents were screened for compatibility with analysis
of whole bacteria (see Fig. 4.1).

Among the matrix solutions used, only sinapinic acid diluted in 0.1% trifluoroacetic
acid-acetonitrile (60/40) gave mass peaks for low and high molecular weight. With
this matrix, it was possible to observe the ion peak at m/z 9 060 with a resolution
of 600 and a signal/baseline ratio near 100, as reported in Fig. 4.1. The α-cyano ma-
trix also yielded a quality spectrum but we did not observe peaks of high mass with
this matrix. The signal/baseline ratio of peak 9 060 was five times lower with α-cy-
ano than with sinapinic acid. Ferulic acid gave rise to high-mass peaks, but the signal
was weaker than with sinapinic acid (data not shown). The other matrices did not
give signal higher than the baseline in the mass range observed (data not shown).



36 Ruelle  ·  Moualij  ·  Zorzi  ·  Zorzi  ·  Ledent  ·  Pierard  ·  Bonjean  ·  De Pauw-Gillet  ·  Heinen  ·  De Pauw

P
ar

t 
I

The ion peak at m/z 9 060 was used to compare signal intensity, resolution and
signal/baseline ratio. This ion is a biomarker of Escherichia coli strain ATCC11775 which
corresponds to the acid-resistant precursor protein HdeB (Holland et al. 1999). This
comparison showed that the sinapinic acid improves the number and the intensity of
mass peaks in the studied mass range (2–20 kDa). This matrix is mostly used to ana-
lyze proteins (Haag et al. 1998) whereas α-cyano promotes the ionization of low-mass
compounds such as peptides (Dai et al. 1999).

The conditions of protein extraction can also affect the general appearance of the
spectrum. Among the studied extraction solvents, only formic acid-isopropanol-H2O
(17/33/50; v/v/v) gave the most relevant signal/baseline ratio. As seen in Fig. 4.2, this
solvent allows the detection of a high number of mass peaks, particularly in the mass
range 2–12 kDa and the signal/baseline was approx. 140 for the ion peak at m/z 6 600.
Trifluoroacetic acid gave similar results but the signal intensity was approx. 20% lower
(data not shown). With water, no high-mass peaks appeared.

It was shown that the extraction solvents have various effects on the mass spectra.
It can be explained by their action on the bacteria cell surface or by their proteins
solubility properties. Some of these solvents induce small holes in the bacterial cell
surface allowing the accessibility of bacterial compounds to mass spectral analysis.
Moreover, the solubility of proteins and peptides in a given solvent varies according
to their degree of hydrophobicity and isoelectric point (Ryzhov and Fenselau 2001).

Fig. 4.1. Mass spectra of Escherichia coli (ATCC11775), illustrating the effect of the matrix on the gen-
eral appearance of mass spectra. The matrices used were: a  sinapinic acid in 0.1% trifluoroacetic
acid–acetonitrile (60/40) and b α-cyano in 0.1% trifluoroacetic acid-acetonitrile (60/40)
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In order to improve the analysis of high-mass proteins (>12 kDa), extraction meth-
ods using ethanol were tested (data not shown). The one- and two-layer methods (see
Sect. 4.2.2 and 4.2.3) did not give reproducible mass peaks, probably because it inter-
feres with the matrix (one-layer). Moreover, the inability of bacteria to dissolve in
ethanol makes the solution heterogeneous (two-layer).

In the three-layer method, the bacterial preparation (in formic acid-isopropanol-
H2O as extraction solvent) was homogenous, and because the ethanol was completely
evaporated before the matrix was applied, it could not interfere with matrix. This
treatment improved mass spectrum quality in terms of both signal intensity and the
number of mass peaks.

The ethanol treatment produces nonspecific pores through the lipid layer, allow-
ing translocation of proteins exceeding 15 kDa while maintaining the bacterial cell
whole. Furthermore, ethanol treatment promotes uniform dispersion of the bacteria
in the matrix/sample crystal by decreasing their tendency to clump together or ad-
here to the probe surface (Madonna et al. 2000).

The salt content can also affect spectrum quality. We therefore compared the re-
sults of experiments performed using the three-layer method, with and without prior
desalting of the bacterial sample (data not shown). More mass peaks were obtained
with the desalted sample than with the salt-containing sample. All peaks were in both
spectra, but many of them were masked by the baseline in the spectrum obtained

Fig. 4.2. Mass spectra of Escherichia coli (ATCC11775), illustrating the effect of the extraction solvent
on the general appearance of the observed mass spectra. a Formic acid-isopropanol-H2O (17/33/50)
and b water was used as extraction solvent
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tra because it modifies the desorption/ionization proprieties of proteins so that some
are detected preferentially to others (Wang et al. 1998).

The type of sample deposit can also influence the appearance of the spectrum.
Indeed, we have shown that the quality of spectra (intensity and number of reproduc-
ible mass peaks) was better when the three-layer method was applied (data not shown).
This technique combines good dissolution (in the extraction solvent) with good ex-
traction (by the extraction solvent and ethanol).

The choice of the culture medium can also affect the general appearance of mass
spectra. Indeed, after comparison of mass spectra obtained from the most used culture
media, we have proved that the fingerprints observed for the same bacterial strain could
show some differences (data not shown). This probably reflects the fact that nutrients
present in the medium can induce or repress the synthesis of certain proteins. Mueller-
Hinton medium yielded quality spectra for all strains tested, in terms of both signal
intensity and number of peaks. Other culture media such as Plate Count agar also yielded
quality spectra, but not for all bacterial strains. The goal being to choose a culture
medium suitable for all the tested strains, we retained Mueller-Hinton medium.

In order to test the effect of culture time, we compared mass spectra obtained from
culture of the same strains after 24, 48 and 72 h of incubation (data not shown). We
observed an influence of the incubation time on the spectra obtained. Of the three
incubation times tested, 48 h gave the higher number of peaks. A shorter incubation
time (24 h) resulted in fewer peaks, these being in a lower mass range. A longer incu-
bation time (72 h) led to the disappearance of peaks in the mass range observed. Con-
sidering these results another imperative should be taken into account: the identifi-
cation procedure should not take too much time.

This first study allowed us to establish parameters leading to good-quality mass
spectra and good reproducibility with reference strains. Accordingly we recommend
a 48 h incubation of the bacteria on Mueller-Hinton medium, desalting of the bacte-
rial sample, and the three-layer method including ethanol treatment, with formic acid-
isopropanol-H2O as the extraction solvent and sinapinic acid in 0.1% trifluoroacetic
acid-acetonitrile (60/40) as the matrix.

4.3.3
Bacterial Identification with MALDI-TOF MS

The optimized protocol described above (see Sect. 4.3.2) was applied to the identifi-
cation of specific bacterial biomarkers.

In the first approach, we compared mass spectra obtained from reference strains
of Escherichia coli (ATCC11775 and ATCC25922), Salmonella (ATCC13076 and
ATCC13311) and Acinetobacter (ATCC17924) to find their respective biomarkers. The
presence of these different species/genus in wastewater and sewage sludge, are con-
sidered as indicators of the biological quality. In the field of this study, various mass
peaks appeared to be species-specific biomarkers (data not shown). Two peaks emerged
as specific to Escherichia coli (ion peaks at m/z 9 240 and 9 540), two to Salmonella
(m/z 9 240 and 9 740) and one to Acinetobacter (m/z 5 800). Other mass peaks appeared
to be strain-specific biomarkers. Two peaks emerged as specific to Escherichia coli
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strain ATCC11775 (ion peaks at m/z 9 060 and 9 740) and one to Salmonella enteritidis
strain ATCC13076 (m/z 5 000). It should thus be possible to use these mass peaks as
species- or strains-specific biomarkers in the bacterial taxonomy. It is worth men-
tioning that the same mass/charge value appearing in two different biomarker sets
does not necessarily correspond with the same protein (Krishnamurthy et al. 1999).

In the second approach, we extracted live strains of Escherichia coli (8), Salmo-
nella (8) and Acinetobacter (6) from sewage sludge by a procedure combining sonica-
tion and enzymatic digestion. The spectra obtained were compared with each of other
environmental strains and with reference bacteria. This comparison showed that the
four peaks emerging as specific to Escherichia coli strain ATCC11775 (ion peaks at
m/z 9 060, 9 240, 9 540 and 9 740) were also found in the mass spectra of Escherichia
coli 1B1, as seen in Fig. 4.3. The others environmental strains of Escherichia coli (1B2 to
1B8) exhibited only the species-specific biomarkers at m/z 9 240 and 9 740 (data not
shown). The specific biomarker of Acinetobacter strain ATCC17924 (at m/z 5 800) was
also observed in the mass spectra of others Acinetobacter strains, e.g. 14B5 (as seen in
Fig. 4.3). The species-specific biomarkers of Salmonella were also observed in mass
spectra of other Salmonella strains isolated from the environment (data not shown).

Therefore, the different biomarkers of reference strains were also identified in the
mass fingerprint of environmental strains.

In the absence of more detailed structural information, we assume that the ob-
served mass peaks are peptides or proteins, but this should be confirmed by MS/MS
(Fenselau and Demirev 2001). The biomarkers 9 060, 9 240, 9 540 and 9 740 of Escheri-

Fig. 4.3. MALDI spectra of a Escherichia coli 1B1 and b Acinetobacter 14B5 showing the potential spe-
cies- or strain-specific biomarkers
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9 060 ions correspond respectively to acid-resistant precursor proteins HdeA and HdeB
after proteolytic cleavage by peptidase Lep (Holland et al. 1999). The 9 540 and
9 240 ions correspond to the α- and β-subunit of a DNA-binding protein HU, DBHA
and DBHB respectively (Ryzhov et al. 2000).

4.4
Conclusion

In this study, we have shown that the general appearance of a MALDI spectrum ob-
tained from whole bacteria cells can be influenced by a number of experimental fac-
tors. We have tested several of these factors and have determined conditions that
reproducibly yield good-quality spectra for the bacterial species tested: a matrix so-
lution composed of sinapinic acid, use of an extraction solvent enabling extraction of
more and higher-mass cell compounds, and ethanol treatment, which further increased
protein extraction and favors a more homogenous deposit.

This optimized protocol was applied to identify reference and environmental strains
of Escherichia coli, Salmonella and Acinetobacter. The identification has been realized
by the observation of their respective species- and strains-specific biomarkers. This tax-
onomy of bacteria could be completed within few minutes, with minimal sample prepa-
ration, provided that sufficient bacteria have been collected prior the MALDI-TOF
analysis. This study showed that the use the MALDI-TOF MS technique could be ap-
plied to characterize whole bacteria cells by identification their biomarkers. This ap-
proach is then proposed as a complement to classical bacterial identification methods.
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IMulti-Isotopic Approach (15N, 13C, 34S, 18O and D) for

Tracing Agriculture Contamination in Groundwater

L. Vitòria  ·  A. Soler  ·  R. Aravena  ·  À. Canals

Abstract

Groundwater in the Maresme area (NE Spain) is characterised by high concentrations of nitrate,
sulphate and chloride. Chemical and isotope data presented in this paper were collected in order
to characterise the main sources of nitrate contamination. This study has also provided information
about sources of sulphate and chloride in the area. The nitrate groundwater contamination is re-
lated to agriculture activities such as the intense use of synthetic fertilisers. The high rates of
fertilisation and re-circulation of the shallow groundwater used for irrigation explain the high
concentration of nitrates in the groundwater with values as high as 482 mg l–1. The isotope compo-
sition of the groundwater nitrate ranges between +6.8‰ and +9.4‰ for δ 15N and from +5.1‰ to
+10.2‰ for δ18O. Fertilisers used in the area show values close to 0‰ and +23‰ for δ 15N and δ18O,
respectively. The more enriched δ 15N values in the groundwater compared to the fertilisers is asso-
ciated to volatilisation of the ammonia component of the fertilisers. The 18O pattern in the ground-
water implies that nitrate from nitrogenous fertilisers is recycled in the soil where it becomes 18O
depleted. Based on the δ 15NNO3 and δ 18ONO3 data, a significant denitrification was discarded in the
study site. Groundwater dissolved sulphate has δ 34SSO4 values between +5.8 to +7.0‰ suggesting
that the main source of sulphate might not be related to seawater intrusion, which in turn ques-
tioned the origin of chloride previously related to a seawater intrusion.

Key words: isotopes, nitrate contamination, groundwater, fertilisers

5.1
Introduction

Groundwater contamination by nitrates derived from agricultural activities is a seri-
ous problem in many countries. Maximum nitrate concentrations permitted by the
European Directive 98/83/CE in waters for human consumption is 50 mg l–1. However,
in some areas of Spain, groundwaters with concentrations even ten times higher than
the permitted level have been reported (IGME 1985; Navarro et al. 1989). Ingestion of
high nitrate concentrations cause methahemoglobine disease in children as well as
babies, and, additionally, there is evidence that nitrogenous compounds formed in-
side the stomach act as human cancer promoters (Magee and Barnes 1956).

The main sources of nitrate in groundwater are fertilisers (either organic or inor-
ganic), manure piles, septic systems, cesspool, sewage lagoons and soil nitrogen.
Conventional chemical analyses allow us to know the degree of nitrate contamina-
tion, but they do not provide information about its origin. Numerous research pro-
grams have been carried out over the last 15 years in order to characterise isotopically
the different sources of nitrate contamination, and also to assess the usefulness of 15N
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Wassenaar 1995; Aravena and Robertson 1998; Pauwels et al. 2000).
The aim of this study is to characterise chemically and isotopically nitrate con-

taminated groundwater in an area polluted by the use of synthetic fertilisers due to
a very intensive agriculture activity (mainly flowers and horticulture). This study is
part of a research project aiming to apply the isotope approach to study the origin of
nitrate in contaminated groundwater throughout Spain. The approach includes the
isotope characterisation of nitrate in contaminated sites with well-known nitrate
sources in order to elucidate the nitrate contribution in other polluted areas where
nitrate comes from different sources. This study was carried out in the Maresme re-
gion situated close to the Mediterranean Sea shoreline. For more than 50 years,
groundwaters in this region have been intensively exploited for agricultural purposes,
causing an alteration of the aquifer hydrodynamics and therefore a progressive sea-
water intrusion (Custodio et al. 1976; Bayó 1987). Now, farmers must treat groundwaters
before using them in order to reduce their salinity, which may cause diseases to their
crops (chlorosis, poor vegetative growth) and a decrease in the agricultural produc-
tion. The treatment they employ involves groundwater dilution with rainwater, or the
use of small reverse osmosis plants. In both cases, they dilute or remove the nutrients
from waters and force them to use more fertilisers. This practice results in a high
concentration of nitrates in waters.

5.2
Study Area

The Maresme area is one of the sites classified by the Catalan Water Agency (ACA) of
the Catalan Government as a “Vulnerable zone by nitrate contamination of agricul-
tural sources” (Fig. 5.1). It is located between the Catalan Coastal Range and the
Mediterranean Sea, between the towns of Vilassar de Mar and Premià de Mar (25 km

Fig. 5.1.
“Vulnerable areas of contami-
nation by nitrates from agri-
cultural sources” (grey areas)
classifieds by the Catalan Gov-
ernment (inside the box: the
studied area)



45
C

hapter 5  ·  M
u

lti-Iso
to

p
ic A

p
p

ro
ach

 fo
r Tracin

g
 A

g
ricu

ltu
re C

o
n

tam
in

atio
n

 in
 G

ro
u

n
d

w
ater

Part I

Fig. 5.2. Geological map of the study area (modified after Villarroya 1986). Sampling site is situated inside the box corresponding to Fig. 5.4
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locene alluvial alluvial deposits of coarse sands derived from the weathered gra-
nodiorite that forms the Catalan Coastal Range (Fig. 5.2). The main hydrogeological
units are an unconfined sandy aquifer underlayed by an aquitard composed of silts
and clays and a confined sandy aquifer. The thickness of these units is 5–40 m, 5–15 m
and 15–20 m, respectively. The unconfined aquifer is the only one affected by ground-
water extractions and its water table varies between 4 and 30 m in depth (Guimerà
et al. 1995).

Flowers, fruit and vegetable crops are the main agricultural products of the area,
where about half of them grow under greenhouse conditions. Fertilisation is carried
out with inorganic fertilisers usually injected through trickle irrigation systems that
use groundwater extracted from partially-penetrating wells (5–40 m deep).

The soil type in this area is usually coarse sand with a low organic matter content
(<3% of dry soil) and a low C:N ratio of approximately 1:2 (Guimerà et al. 1995). This
low natural fertility, together with the low water-holding capacity of the soil, requires
high fertiliser and irrigation applications, resulting in high nutrient leaching in the
upper zone of the aquifer affected by groundwater withdrawals. Re-circulation of the
shallow groundwater by the irrigation system causes high concentrations of nitrates
in the groundwater (higher than 450 mg l–1).

5.3
Methodology

Eight groundwater samples were collected during October 2000. Sampling was done
from old private, partially-penetrating wells, 1 to 2 m in diameter and 10 to 40 m in
depth, equipped with pumps. Eleven of the most frequently used fertilisers in the
region were also analysed which correspond to a major scale chemical and isotopic
fertiliser characterisation published in Otero et al. 2004 and Vitòria et al. 2004. Sam-
pling locations are shown in Fig. 5.4. Conductivity, pH and temperature were mea-
sured in situ.

Before chemical analysis, water samples were filtered with 0.45 µm Millipore® fil-
ter. Major anions contents (NO3

–, NO2
–, PO4

3–, SO4
2– and Cl–) were determined by Liquid

Chromatography, ammonium (NH4
+) by colorimetry, total organic carbon (TOC) by

the matter organic combustion and alkalinity (HCO3
–) was measured by titration.

For nitrogen and oxygen isotopic analysis, the dissolved nitrates were concentrated
using anion-exchange columns filled with Bio Rad® AG 1-X8(Cl–) 100–200 mesh resin.
Nitrates were then eluted with HCl and converted to AgNO3 by the addition of silver
oxide following a modified method from Silva et al. (2000). The purified silver nitrate
solution was then freeze-dried. For sulphur isotope analysis (δ 34SSO4), dissolved
sulphates were precipitated as BaSO4 by adding BaCl2 · 2H2O after acidifying with HCl.
The samples were boiled simultaneously in order to prevent BaCO3 precipitation.
Unfiltered splits were treated with NaOH-BaCl2 solution to precipitate carbonates and
analyse the δ13C of the total inorganic dissolved carbon (TIDC).

Nitrogen isotopic compositions were analysed with a Carlo Erba elemental analyser
(EA) coupled with a Isochrom Continuous Flow isotope ratio mass spectrometer
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a Finnigan Mat Delta C IRMS. The oxygen isotopic compositions of nitrates were
determined by on–line pyrolysis with a Eurovector TC/EA (high temperature conver-
sion-elemental analyser) unit coupled with a Micromass Isoprime Continuous Flow
IRMS. Oxygen and hydrogen isotopes of water with a Finigan Mat Delta S IRMS after
equilibration with H2 and CO2. All δ15N, δ34S, δ13C, δ 18O and δD values presented are
normalised to AIR (atmospheric N2), VCTD (Vienna Canyon Diablo Troilite), PDB
(Peedee Belemnite) and VSMOW (Vienna Standard Mean Ocean Water), respectively.
The isotope ratios were calculated using purchased international (IAEA-N1, IAEA-
N2, NBS-127, IAEA-S1, IAEA-S3, IAEA-CH7, IAEA-CH6, USGS-24) and internal labo-
ratory standards. Reproducibility of the samples calculated from standards system-
atically interspersed in the analytical batches were ±0.4‰, ±0.3‰, ±0.7‰, ±0.3‰,
±0.3‰, ±0.4‰ ±1.5‰ and ±0.2‰ for δ34S, δ 15NNO3, δ 18ONO3, δ15NNtotal, δ 13CHCO3,
δ13CCtotal, δD and δ18OH2O, respectively.

Each fertilisers was homogenised, dissolved in water (stirred and filtered) and
then treated as the groundwater samples for chemical analyses and nitrate isotopic
(15N and 18O) determinations. Because fertilisers may have ammoniacal compounds,
δ15NNtotal and also δ13CCtotal were analysed from the powdered fertilisers.

Chemical and isotopic analyses were carried out at the Serveis Cientificotècnics of
the University of Barcelona (Spain), except for the δ 15NNtotal, δ15NNO3 and δ 18ONO3
analyses, which were performed at the Environmental Isotope Laboratory of the
University of Waterloo (Canada).

5.4
Results and Discussion

5.4.1
Chemical Data

Chemical data for water samples and fertilisers are shown in Table 5.1. In the Maresme
region, non-contaminated or low-contaminated groundwaters (NO3

– < 50 mg l–1 and
SO4

2– < 200 mg l–1) are bicarbonate calcium type waters (Villarroya 1986) (Fig. 5.3) with
total dissolved solids (TDS) between 600 and 900 mg l–1. In the study area, due to the
agricultural activity, groundwaters are chloride sulphate calcium type waters with high
concentrations of nitrates and sulphates and the TDS around 2 000 mg l–1 (Table 5.1).

The chloride contour lines show two zones with higher concentrations (Fig. 5.4a).
These high chloride concentrations derive either from a marine intrusion or from the
influence of fertilisers. In addition, these areas have the maximum concentration of
nitrates (Fig. 5.4b). This correlation might be related to the highly intensive agricul-
tural activity in the study area. This activity involves high rates of groundwater ex-
traction promoting seawater intrusion and the use of a high load of fertilisers by the
irrigation systems that may cause accumulation of chloride of fertiliser origin in soil
and groundwater. Moreover, high nitrate leaching, which seems to be correlated to
high rates of irrigation (Guimerà et al. 1995), could explain the high nitrate concen-
tration observed in the groundwater.
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5.4.2
Isotope Data

18O and 2H stable isotope analyses from groundwater were also performed to deter-
mine the origin of the groundwater recharge and to evaluate possible evaporation
during irrigation (Table 5.2). The isotope composition of groundwater is very similar
in all samples (Fig. 5.5) and plots very close to the Local Meteoric Water Line (LMWL).
These values are also similar to the weighted mean isotope composition of the local

Fig. 5.3.
Chemical trilinear diagrams for
contaminated groundwaters in
the study area compared with
non-contaminated waters
(from Villarroya 1986) in the
Maresme region. Fertiliser data
are from Vitòria et al. 2004

Fig. 5.4. Black dots in a and b represent the sampled wells of the study area with their code-number.
Contour lines of chloride (a) and nitrate (b) concentrations (in mg l–1) in groundwaters are drawn
showing two areas of anomalous higher concentrations of both elements in the area
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rain calculated using the precipitation data of the station in Barcelona (IAEA/WMO
2001), indicating that rainwater is the main recharge of the aquifer. On the other hand,
the high nitrate concentrations in the aquifer suggest that the irrigation water is
another source of recharge in the area. These waters are not affected by evaporation
because trickle irrigation in greenhouses prevents this process. Moreover, although a
marine intrusion has been described in the region (Custodio et al. 1976; Bayó 1987),
the δD and δ18O data of groundwaters do not show any significant variations as would
be expected from a mixing trend between seawater and groundwaters.

In order to characterise the nitrate contamination by the use of synthetic fertilisers,
a multi-isotopic analysis of fertilisers and groundwater nitrate was performed. Re-
sults are shown in Table 5.2. Nitrate isotopic compositions of fertilisers (δ 15NNtotal and
δ18ONO3) and groundwaters (δ15NNO3 and δ 18ONO3) are plotted in Fig. 5.6. The isotope
values of the fertilisers range between –1.1‰ and +3.9‰ for δ15NNtotal and between
+21.0‰ and +24.8‰ for δ 18ONO3. They are close to the atmosphere isotope compo-
sition (δ 15N = 0‰ and δ 18O = +23.5‰) as they are manufactured using N2 and O2
from the air. An exception is the F18 fertiliser that has the typical δ18O value (+48.5‰)
reported for Chilean nitrate deposits (+37.8 to +50.4‰; Böhlke et al. 1997).

Compared to fertilisers, dissolved nitrate in the Maresme groundwaters has a very
different isotopic composition. Their δ 18ONO3 (+5.1‰ and +10.2‰) and δ 15NNO3
(+6.8‰ and +9.4‰) values are lower and higher than the fertilisers values, respec-
tively. This pattern must be related to the reactions that affect fertiliser nitrogen com-
pounds when they are applied over the fields. Depending on the ambient conditions
(pH, dissolved oxygen, microbial activity) these compounds are affected by processes
and reactions that can change their isotopic compositions. The higher δ15N values of

Fig. 5.5. Isotope compositions (δ D, δ 18O) of groundwaters in the study area are very close to the
weighted local rainwater (calculated from the Barcelona Station GNEIP Database since 1985) show-
ing that waters are not affected by the evaporation process during irrigation
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the groundwater can be related to those fertilisers containing ammonium in their
chemical composition. During irrigation, ammonium-bearing fertilisers are affected
by the hydrolysis of the urea and consequently ammonia is lost through volatilisation
in the unsaturated zone. During this reaction:

the residual ammonium in waters is enriched in 15N compared to the fertilisers. Then,
in the unsaturated zone of the aquifer, this isotope signal is transmitted to the nitrate
during nitrification:

2NH4
+ + 3O2 ⎯→ 2NO2

– + 2H2O + 4H+

2NO2
– + O2 ⎯→ 2NO3

–

About half of the fertilisers used in this region are ammonium containing fertilisers.
Nitrification is thought to be a complete reaction and to produce nitrates with a
δ15NNO3 value equal to the former ammonium molecules affected by volatilisation,
justifying the nitrogen isotopic values in groundwaters. As for the δ18ONO3 value, the
δ18O in groundwater is controlled by the δ18O of the water and the δ18O of the dis-
solved O2 (i.e. Kumar et al. 1983), according to the following reaction:

δ 18ONO3 = 2/3δ 18OH2O + 1/3δ 18OO2

Fig. 5.6.
δ 18ONO3 vs. δ15NNO3 and δ15NNtotal
from the groundwater samples
and fertilisers, respectively.
PM: groundwater, F: fertilizer
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Assuming that the dissolved oxygen is in equilibrium with the atmospheric O2
(δ 18Oatm = +23.5‰, Horibe et al. 1973), nitrates formed by the previous reaction
would have a δ 18ONO3 value of +4.2‰. However, most of the samples have slightly
higher (+5.1‰ and +6.9‰) values and two of them (PM-123 and PM-61), have values
of +8.8‰ and +10.2‰, significantly higher than the theoretically expected value.
These samples also show the higher nitrate concentration (Table 5.1). This pattern
might be explained by a small contribution of the nitrate from the nitrogenous
fertilisers, which are characterised by δ 18ONO3 values close to +23‰ (Table 5.2).
Therefore, δ18ONO3 data, showing no significant input in groundwaters of the fertil-
izer isotopically enriched nitrate, suggests that most of the fertiliser nitrate is recycled
in the soil.

Denitrification may also affect the isotope composition of the nitrate (Delwiche
1970). This reaction, which occurs under anaerobic conditions, can be mediated
by organic matter (o.m.) (Reaction 5.1) or sulphur (e.g. pyrites) oxidation (Reac-
tion 5.2):

4NO3
– + 5C + 2H2O ⎯→ 2N2 + 4HCO3

– + CO2 (5.1)

14NO3
– + 5FeS2 + 4H+ ⎯→ 7N2 + 10SO4

2– + 5Fe2+ + 2H2O (5.2)

During denitrification, an increase in δ 15N and δ18O of the residual NO3 by a re-
lation 2:1 can be observed (Amberger and Schmidt 1987; Böttcher et al. 1990, among
others).

In the Maresme area, denitrification does not seem to affect groundwaters. Firstly,
as re-circulation of waters through the unsaturated zone is very important, they re-
main constantly in an aerobic medium. Secondly, soils in this area are poor in organic
matter and granodioritic sands do not contain large enough amounts of sulphides to
allow the Reaction 5.2 to take place. Thirdly, the expected isotopic trend for denitri-
fication is not observed in the groundwater data (Fig. 5.7a,b). A slight enrichment
trend in 15N is observed as nitrate concentrations decrease in Fig. 5.7a. However, the
positive correlation between δ18ONO3 and NO3

– concentration (Fig. 5.7b) discards the
possibility of denitrification and represents the mixing of nitrates that are being ni-
trified from ammoniacal fertilisers (low δ 18ONO3 values) and nitrates from nitrog-
enous fertilisers enriched in 18O. Samples PM-61 and PM-123 that are the most
18O enriched samples and have the higher concentrations of nitrates seem to have a
higher influence from nitrogenous fertilisers, which are not affected by the
volatilisation and nitrification reactions.

The carbon isotope data of dissolved inorganic carbon may provide information
about carbon cycling that could be related to nitrogen cycling. Data obtained in the
study area show a negative correlation between δ13CHCO3 and HCO3

– concentration
(Fig. 5.7c). This pattern can be explained by denitrification as shown by Reaction 5.1
(which has already been discarded) or by the re-circulation of water in the unsatur-
ated zone of the aquifer. In agricultural soils, CO2 concentration is usually high, with
a δ13C between –22‰ and –24‰ (Aravena and Suzuki 1990). Then, during recharge
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Fig. 5.7. Groundwaters in the Maresme area. a δ 15NNO3 vs. nitrate concentrations in mg l–1; b δ 18ONO3 vs. nitrate concentrations in mg l–1; c δ 13CHCO3 vs.
bicarbonate concentrations in mg l–1; d Nitrate vs. sulphate concentrations, both in mg l–1
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becomes part of the DIC pool. If this process is repeated over successive irrigation,
the HCO3

– concentration increases and its isotopic composition decreases by the in-
fluence of the soil CO2.

The groundwater in the study area is also characterised by high concentration of
sulphates. The origin of this sulphate can be related to the seawater intrusion or to
irrigation waters with high loads of fertilisers recharging the aquifer. The δ34SSO4 values
of groundwater, ranging from +5.8 to +7.0‰, discards a significant marine influence.
Sulphate of marine origin has a δ34SSO4 value close to +21‰ (Rees et al. 1978). There-
fore, although there is no correlation between concentration of nitrates and sulphates
in groundwaters (Fig. 5.7d), fertilisers could be the source of sulphates in this area.
Dissolved sulphates in groundwaters have a homogenous isotopic composition while
fertilisers have a wide range of δ34SSO4 values ranging from –6.5 to +21‰ and a mean
value of +6.3‰. Although this mean value is in agreement with the δ 34SSO4 of
groundwaters, the concentration in sulphate of each fertiliser and the relative con-
sumption of each fertiliser in the region should be taken into account to calculate the
weighted mean isotopic value of fertilisers. Furthermore, the δ34S data question the
origin of the chloride previously associated to seawater intrusion.

5.5
Conclusions

The Maresme area is characterised by an intensive agricultural activity that uses
groundwater for irrigation with high loads of synthetic fertilisers and results in an
overexploitation of the aquifer. The high rates of fertigation, nitrate leaching and re-
circulation of the shallow groundwaters produces a high accumulation of nitrates and
sulphates in groundwaters, up to 482 mg l–1 and 487 mg l–1, respectively. Chemical and
isotope data of these waters are used to identify and evaluate the nitrate contamina-
tion, as well as the sources of sulphate and chloride in the area.

The enriched δ15NNO3 values (+6.8‰ and +9.4‰) obtained in the groundwater
compared to the δ15NNtotal values of fertilisers (–1.1‰ and +3.9‰) indicate the occur-
rence of ammonia volatilisation and nitrification reactions in the study site. The
δ18ONO3 values in groundwater, ranging between +5.1‰ and +10.2‰, do not show a
significant contribution of the fertilisers enriched δ 18ONO3 signatures (+21.8‰ and
+24.8‰, with one value of +48.5‰), except for two samples that seem to have a larger
influence of nitrogenous fertilisers. The 18O pattern suggests that the fertilisers ni-
trate component is recycled in the unsaturated zone. Denitrification reactions have
not been observed due to the re-circulation of waters in oxidising environments that
do not permit this process to take place.

The δ34SSO4 of groundwaters (from +5.8 to +7.0‰) discards a significant contribu-
tion of seawater (+23.0‰) as a source of sulphate. Also, δD and δ18O in groundwaters
do not show an influence of the marine isotopic signature. Therefore, the high chlo-
ride concentrations also found in groundwaters could be associated to salt accumu-
lation from the heavy use of fertilisers, thus questioning the role of seawater intrusion
as a source of chloride in the area.
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under a Semi-Arid Climate
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Abstract

This paper summarizes the application of isotope hydrological tools to infer water sources in differ-
ent parts of the Souss-Massa region of Morocco. The oxygen-18 (18O) isotopic data show a variation
between –7‰ upstream and –4‰ downstream, with intermediate values in the medium part of
the plain. The upstream watershed, which is the place of condensation and the beginning of the
Atlas Mountain, shows more characteristic 2H and 18O-depleted waters. This finding can be explained
by the altitude and the continental effects. On the other hand, 2H and 18O-enriched waters values
towards the ocean show an evaporation effect near the condensation source or the irrigation re-
turns, notably in the irrigated perimeters. The rain isotope values indicate a main recharge from
the Atlasic Mountain, whereas the contribution of the local rains is negligible in downstream. The
2H-18O relationship displays straight lines with variable slopes on an upstream-downstream move-
ment. The slopes, which are below 8 in certain areas, represent the evaporation during the infiltra-
tion either by runoff or by irrigation returns. Besides, the different values of slopes correspond to
the variables isotopic values observed at a regional scale within the basin.

Key words: environmental isotope, groundwater, semi-arid climate, recharge, Morocco

6.1
Introduction

Isotope hydrological methods are increasingly used in the investigations of ground-
water resources and are particularly useful tools for groundwater studies in semi-
arid and arid regions (Wolfgang and Mebus 1999). Environmental stable isotopes are
commonly used in regional groundwater studies to identify flow regimes and recharge
sources (Fritz et al. 1979; Yurtsever and Payne 1979). Generally, groundwater preserves
its stable isotopic signature (18O/16O, 2H/1H) unless diluted or mixed with waters of a
different isotopic composition. Therefore, the determination of water stable isotopic
composition can enable the identification of groundwater recharge from isotopically
distinct and well characterized water sources, such as precipitation and surface water
bodies (Darling and Bath 1988). The seasonal variations of the isotopic composition
of precipitations are related to three main factors: temperature, evaporation, and
change of preferential directions of the air masses (Craig 1961; Rozanski et al. 1993).
In the Souss-Massa region of Morocco, several hydrogeological studies have been
carried out in order to assess the behavior of the aquifer (Hsissou et al. 1997, 1999;
Boutaleb et al. 2000). Actually the management and quality conservation of ground-
water resources are of major concern in all Moroccan regions.
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water sources in the Souss-Massa basin. Indeed, the application of isotopic techniques
should allow for a better understanding of hydrogeological processes taking place in
the recharge area; to monitor the evolution of the signal through the aquifer system;
and to test such tracers under an arid climate, with a variable topography and where
classic hydrogeology is limited by the lack of systematic data. In this study, oxygen
(18O) and hydrogen (2H) were used to understand the various contributions to ground-
water within the Souss-Massa basin, which is characterized by a semi-arid climate.

6.2
Experimental

6.2.1
The Souss-Massa Basin

The Souss-Massa basin is a major watershed of Morocco (Fig. 6.1). Its resources are
mainly agriculture, tourism and sea fishing. These various activities require impor-
tant water resources. The area is characterized by a semi-arid climate and by a marked
seasonal contrast. The main water resource is provided by the Souss-Massa Plio-
Quaternary plain aquifer and by the reservoirs. The aridity of the climate, the over
exploitation and the deterioration of the water quality, induce serious problems for a

Fig. 6.1. Souss-Massa watershed and sampling location
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mainly exploited for irrigation, is becoming a source of increasing importance for the
domestic supply of the Souss-Massa region. The studied aquifer is localized between
two mountains, the High-Atlas to the north and the Anti-Atlas to the south, and it is
limited by the Atlantic ocean to the west (Fig. 6.1). The rainfall amount is variable and
irregular from year to year. The average amounts to 250 mm yr–1 in the plain area and
500 mm yr–1 in the mountain. Every river of the region, called “oued”, has a tempo-
rary flow regime, because the drought period is very long (6 to 8 months) every year.
The aquifer flows from the east to the west, towards the sea. The water quality is very
variable and in some areas, it presents a high salinity exceeding 4 g l–1 (Hsissou et al.
1999; Boutaleb et al. 2000).

6.2.2
Analysis

Samples were collected from wells, reservoirs and springs (Fig. 6.1). Some rain samples
were collected during the precipitation time. All samples were analysed at the Isotope
Hydrology and Geochemistry Laboratory at the University of Paris-Sud (France).
Oxygen and deuterium isotope data are expressed in standard delta (δ) notation in
per mil, relative to the Standard Mean Ocean Water (SMOW). The δ18O of the water
samples was determined by the CO2-H2O equilibration method. The deuterium val-
ues of the water samples were obtained by reduction to H2 over hot metallic zinc.

6.3
Results and Discussion

We studied the water bodies of the Souss-Massa watershed, using stable isotopes. To obtain
an idea about the origin of water and the behavior of the isotopic signal in the basin, we
used the relationship between delta 18O and delta 2H, and compared it with the line de-
fined by Craig (1961) as follows: delta 2H = 8δ18O + d, where d is the so-called ‘deuterium
excess’, usually around 10 per mil. This straight line, with a slope 8 for continental
precipitation, is called Meteoric World Line (MWL). In spite of the scarcity of the
measurements of the rain delta in the Souss-Massa area, it could be noted, that the few
more or less dispersed values, show enriched values in the plain, and relatively impov-
erished values towards the mountain (–7.5‰ in the Amsoul weather center, Fig. 6.1).

The δ18O and δ2H values of water from wells, surface water and springs sampled in
this study are plotted and compared with this Meteoric World Line in the following
sections.

6.3.1
Whole Watershed

All the isotopic data in the Souss-Massa watershed are regrouped and plotted in Fig. 6.2.
The values of the oxygen-18 contents vary respectively between –2.3 and –7.64‰, and
deuterium between –13.6 to –51.6‰. This displays well a high variability of the iso-
topic input in the area. Figure 6.2 shows a close tendency between the data of Souss-
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Massa and the World Meteoric Line, but a different correlation from the World Mete-
oric Line can be observed. The slope of the experimental line (6.7) is lower than the
one of World Meteoric Line (8), which seems to demonstrate water evaporated from
the aquifer system. In order to understand this difference and determine excess vs.
the general correlation, we will examine separately the different areas of the Souss-
Massa watershed.

The altitude gradient values which are given in literature vary between 0.15 with
0.5/100 m (Yurtsever and Gat 1981). Some computed values on the Atlas range from
0.14 to 0.26/100 m. Without a monitoring of stable isotopes in the precipitations of
the region, an average altitude gradient of 0.26δ 18O/100 m was used. It was obtained
in the Beni Mellal Atlas (Bouchaou et al. 1995). In groundwater, the oxygen-18 and
deuterium values are related to the precipitation values in the Atlas Mountain (>700 m
above sea level (a.s.l.)). The apparently more atlantic isotope tracing in many ground-
water samples from wells is attributed to the contrasted change of the local climate
between plain and mountain, but may also be attributed to an increasing evaporative
isotope enrichment from irrigation return water. We notice a very clear differentia-
tion between the impoverished rains of the rain gages –4‰ in the Agadir station
(50 m a.s.l) and higher than –7‰ in the mountain station (>700 m a.s.l.).

6.3.2
Upstream Natural Behavior

The values of the upstream Souss are the most negative (Fig. 6.3). They are gathered
around an average δ18O of –7‰ which characterizes the isotopic signal of High Atlas
Mountain with a rainfall value of –7‰ in Amsoul rain gage (Fig. 6.1). This impover-
ished signal reaches the aquifer quickly in this part of the area, according to the frac-
tures in crystalline rocks and the high hydraulic conductivity in the alluvial materi-
als. Thus, this upstream signal, near the recharge area, is well characterized by the
most negative values which constitutes the inflow of the downstream aquifer.

Fig. 6.2.
Water isotopic compositions in
the Souss-Massa watershed
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The same isotopic signal is observed in the Issen basin (Fig. 6.4) which belongs to
the Atlas Mountain. The values are a perfect fitting on the Meteoric World Line with
a correlation of 0.99.

The upstream Souss and the Issen watershed which are characterized by an alti-
tude above 700 m a.s.l., constitute the condensation area and the beginning of the
recharge chain. They display very clustered and impoverished values which can be
explained by the altitude effect and the continental environment.

During previous studies, it could be noticed that the maximum infiltration oc-
curred, close to the rivers coming from the High Atlas and in the upstream part.
Differential gauging of the Souss River between Aoulouz (upstream) and Tarou-
dant (middle stream), give a 80% infiltration rate, after evaporation. This is ex-
plained by a very permeable conglomeratic formation in this part of the river (Dijon
1969).

Fig. 6.3.
Water isotopic compositions in
the Souss upstream basin

Fig. 6.4.
Water isotopic compositions in
the Issen watershed
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Souss Middle and Downstream Part

The delta oxygen-18 values in this part are distributed all along the Meteoric Water
Line between –4 and –8‰ (Fig. 6.5). These reflect the measured isotopic signal in the
rainfall at the Agadir station in the plain (–4‰) and the signal of the Atlas Mountains
(>–7‰). The majority of samples present the values more impoverished than the
rainfall in the plain. This indicates that the major contribution recharge by the local
rains is negligible toward the Atlantic Ocean. The impoverished values in several wells
of the downstream aquifer can be explained by their exploitation of very deep aqui-
fers, whose recharge area is located towards the Atlas or their situation on privileged
flow axis (Zaghloule et al. 1998; Hsissou et al. 1999). They are specially located within
the limestone which occupy a considerable part of the Souss-Massa region. Ground-
water from deep boreholes has prevailingly 18O values of –7‰.

Fig. 6.6.
Water isotopic compositions in
the Chtouka-Massa watershed

Fig. 6.5.
Water isotopic compositions in
the middle and downstream
Souss watershed
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flow from the high Atlas Mountain. The enriched values towards the ocean (outlet of
the aquifer) result from an evaporation effect near the condensation source and irri-
gation returns, specially in the irrigated perimeter of Ouled Teima.

6.3.4
Chtouka and Massa Region

This area is an important irrigated perimeter. The values of the Chtouka-Massa are
distributed between –6 and –2‰ (Fig. 6.6). Many samples are plotting below the
Meteoric World Line which indicates an evaporation trend. In this sector the less
impoverished values of 18O is around –6‰ comparing to the Souss sector where the
lowest value is –8‰. This enrichment toward the south is due to the decrease of rain-
fall on the Anti-Atlas Mountain (250 mm yr–1) which is less watered than the High
Atlas (500 mm yr–1). It can be explained by the depletion of the altitude in the Anti
Atlas compared to the High Atlas. This shows a climate aridity toward the south of
the Souss-Massa watershed. The evaporated water is due to the presence of surface
water (Massa River), the arid climate and the irrigation returns because in this part,
we have an wide perimeter irrigated both by ground and surface waters.

The two sectors give the same variation. Generally, the slope which is slightly < 8
in certain cases, represents an evaporation during local infiltration, the streaming or
the irrigation returns. Besides, the different values of slopes correspond to the vari-
ables observed at a regional scale.

It is also noted that in the different areas, the lines show variable slopes, which are the
effect of streaming on the isotopic content contribution to the aquifer; they can depend
on the flow velocity and the infiltration rate. The High Atlas range is relatively well-wa-
tered, compared to the remainder of the area. Therefore, the significance of the slopes
quickly enables precipitation with an impoverished content of isotope. This impoverished
input can reach the aquifer, without a notable evaporation phenomenon. This phenom-
enon is noticed particularly in the upstream part and in the vicinity of the rivers.

6.4
Conclusion

The isotope technique enabled us to determine the recharge mechanisms of the Souss-
Massa aquifer. It shows how the Souss-Massa shallow aquifer is highly influenced by
the contribution of the Atlas Mountain which has a high rainfall, particularly in its
upstream part. The stable isotope composition of groundwater reflects a recharge from
the Atlantic precipitation on the Atlas Mountain, with a deuterium excess higher than
10‰. The increase of isotope values from the east to the west of the region is attributed
to the altitude and the continental effect. The regional distribution of the used stable
isotopes may therefore be controlled by an isotopic enrichment due to the partial evapo-
ration of water and the arid climate, indicated by a relatively low deuterium excess
value. The effect of an admixture of irrigation return flow is noticed in the irrigated
perimeter (middle Souss plain, Chtouka and Massa part) and during flood irrigation,
water is submitted to evaporation and becomes isotopically enriched.
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I13C/12C Ratio in Peat Cores: Record of Past Climates

G. Skrzypek  ·  M.-O. Jedrysek

Abstract

Three carbon isotope profiles, from the raised Polish peat bogs Zieleniec, Szrenica, and Suche Bagno,
representing the last millennium, have been analysed. δ 13C in the peat profiles varies from –31 to
–22‰. δ 13C changes were found similar in the horizons of various cores. We suggest that variation
in δ 13C of peat is dominantly governed by variations in temperature of vegetation period of Sph-
agnum composing given strata. It is also shown, that an increase of 1 °C of the vegetation tempera-
ture results in the of about –0.6‰ of δ 13C. Based on δ13C isotope calibration, the following sequence
in the climate variations between AD 600 and 1950 in Poland is proposed: a cold period from AD 600
to 1050, a very cold period from AD 1050 to 1200, a very warm period corresponding to the “Little
Climatic Optimum” (Matthes 1939) from AD 1200 to 1550, a very cold period corresponding to the
“Little Ice Age” from AD 1550 to 1820 and a warm moderate period corresponding to the “Global
Climatic Warming” from AD 1830 to 1960.

Key words: peat, carbon isotopes, climate, temperature

7.1
Introduction

The time period ad 1550–1850, generally known as the Little Ice Age, is the most marked
cold period of the last 1 000 years. Isotope analysis is a valuable tool for paleoenviron-
mental reconstruction, but until now the Little Ice Age has been poorly documented
by δ13C analysis in peat profiles. Modern geochemical investigations of peat profiles
may bring some light on this topic, which is crucial in paleoclimatological research.
For example, they may answer the timely questions: were the climatic variations the
result of natural processes only, and when and where did the cold and warm climates
occur during the last millennium? In this paper we attempt to calibrate carbon isoto-
pic variations in peat and speculate how far the δ13C isotope values reflect paleoclimatic
conditions (O’Leary 1981).

Previous environmental studies of peat based on carbon isotopic composition
have been done by several authors. White et al. (1994) suggest that the 13C/12C ratios
of total peat carbon (δ 13C(CO2)atm) respond to variations in atmospheric CO2 con-
centration. They compared their results, from Southern America peat profiles, to con-
centration of CO2 in air inclusion in ice cores from Antarctica. The result of theses
studies is a complex mathematical model based on a comparison of two very distant
regions with extremely different conditions. In contrast to polar regions, where global
factors control atmospheric CO2 concentration and δ13C(CO2)atm, in peat bogs local
factors (e.g. diurnal and seasonal cycling in assimilation/respiration (Szaran 1990) or
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Jedrysek et al. 1995). Other peat profiles show a good dependence of the δ13C of the
cellulose and total organic matter on metabolic pathways (C3, C4) of several plant
species (Aucour et al. 1994). These authors obtained similar δ13C values (–25.5 ±2.3‰)
as compared to ours δ13C (–26.12 ±3.54‰, exclusively C3 peat), however Aucour et al.
(1994) studies were preformed on 3 relatively old profiles of 40 000 years (75 samples),
30 000 years (40 samples) 40 000 years (80 samples). Thus, those low resolution re-
sults cannot be compared our one millennium profile. Likewise, Sukumar et al. (1993)
showed a good correlation between the δ13C value of peat and the humidity of air.
However, this was done on 22 samples only covering 10 thousand years old peat core
(i.e. ca. 450 years per sample) – this is incomparable to our relatively high-resolution
studies (ca. 50 years per sample). Likewise, Brenninkmeijer et al. (1982) and Dupont
and Brenninkmeijer (1984), studied variation of δ13C, δ18O and δD in peat profiles.
They suggest that the most important factor which determines the carbon isotopic
composition of peat is the water level. This is in agreement with our sulphur and
hydrogen isotope studies but contradicts our carbon isotope evaluations (Jedrysek
et al. 1995; Skrzypek 1999, and results presented in this paper).

The δ13C composition of organic matter (vegetation) is governed by a few factors:
the isotopic composition of CO2 assimilated, the photosynthetic pathway (C3, C4, CAM),
temperature, species, salinity, light intensity, humidity (O’Leary 1981; Hemming et al.
1998). Many of these factors can be neglected here as each peat bog studied shows
negligible biodiversity, (our calculation of isotopic temperature effect is –0.6‰ °C–1)
similar light intensity, hydrological regime, etc. (Skrzypek and Jedrysek 2001). Also,
differences in temperature of vegetation and differences in atmospheric pressure in
the two regions studied were probably similar. Numerous calibrations of δ13C in plants
and temperature, resulted in very contrasting values, i.e. the change in isotope value
to change in temperature of vegetation varied from –1.2‰ °C–1 to +0.33‰ °C–1 (Smith
et al. 1973; Whelan 1973; Lipp et al. 1991; Troughton and Card 1975). Therefore, we
calculate in this paper, the isotope temperature effect, on the basis of two selected
peat profiles.

7.2
Experimental

Carbon stable isotope analyses have been carried out in three Polish peat bogs (Fig. 7.1.).
These are “Zieleniec” and “Szrenica” in the Sudety Mountains (Southwest Poland) and
Suche Bagno in the Wigry Lake District (Northeast Poland). All were the raised type
of peat bogs, with dominance of Sphagnum species, the Ombro-Sphagnioni type (Tolpa
et al. 1967). This has been documented due to plant detritus analysis and hydrogeological
assessment (Skrzypek 1999; Tolpa et al. 1967; Bajkiewicz-Grabowska 1992). The peat
bogs exist under different climatic conditions. Zieleniec peat bog is on a wooded
mountain ridge at about 800 m above sea level (a.s.l.), the mean summer temperature
is 14.7 °C and rainfall is about 1 300 mm yr–1. Szrenica peat bog is located on an ex-
posed mountain pass above the timberline at 1 249 m a.s.l., the mean summer tem-
perature is 12.8 °C and rainfall averages about 1 300 mm yr–1. Suche Bagno peat bog is
located in wooded lowland at about 140 m a.s.l. Summer average temperature is 15.4 °C
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and rainfall 600 mm yr–1 (Wiszniewski 1973; Bajkiewicz-Grabowska 1992). The distance
between the mountainous and lake land peat bogs is about 600 km. Three cores from
the Suche Bagno peat bog, one from Zieleniec and one from Szrenica were collected.
The uninterrupted vertical peat cores, from 60–153 cm long, cover approximately the
last two millennia. However, special attention is paid to the last millennium only in
this paper. Samples have been collected digging with the spade (the layer up to 0.5 m)
or by drilling with Eijkelkamp Agrisearch Equipment (Holland). These were divided
into 3 to 5 cm thick intervals and 14C dating was used to correlate corresponding pro-
files. The gas counting method has been used and 13C/12C correction have been done.
Following dates have been obtained: (i) Suche Bagno S1: 680 bp (86 cm depth), 2 050 bp
(138 cm) and (ii) Suche Bagno S2: 190 bp (44 cm depth), 2 100 bp (95 cm depth) and
(iii) Suche Bagno S3: 1 170 bp (112 cm) and (iv) Zieleniec: 260 bp (21.5 cm depth), 430 bp
(27.5 cm depth) and (v) Szrenica 1 110 bp (135.5 cm depth) (Skrzypek 1999). The approxi-
mate age of the other undated samples have been interpolated from the growing rate
(distance in centimetres between two dated samples in the profile divided by the time
span between the respective dated samples). The results of our interpolation are in
agreement with palynological studies (Skrzypek 1999).

Fig. 7.1. Map of Poland: localisation of sampling areas of peat bog
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tion started with defrosting, then external organic material (for example roots of
macrophytes) were removed. The residual material was washed and homogenised in
4% HCl (5 h), dried under vacuum and milled in a ceramic mortar. Afterwards, about
10 mg of material from each sample was combusted with CuO wire, in a quartz tube
sealed under vacuum at 900 °C. The CO2 gas was then introduced to a mass spectrom-
eter and the carbon stable isotope ratio (δ13C) was measured. Values are quoted rela-
tive to the Pee Dee Belemnite, with a precision of ±0.05‰.

7.3
Results and Discussion

Each δ 13C value, in this paper, represents 3 to 5 cm thick peat horizon in uninterrupted
peat profile. Three peat profiles analysed have been correlated using 14C dating. All
δ13C data obtained, are presented in Fig. 7.2. The different distances between points
on the x-axis (time scale) on the same profile are the result of different growth rates
of peat.

All the δ13C profiles show generally similar trends (Fig. 7.2). However, the moun-
tainous cores from Szrenica and Zieleniec show 13C enrichment, and lake land cores
from Suche Bagno (Suche B.1, Suche B.2, Suche B.3) show general 13C depletion. We
believe that this is dominantly due to lower temperatures on mountainous Szrenica Mt.
(higher altitudes, 1 249 m a.s.l.) and Zieleniec (lower altitudes, 800 m a.s.l.) peat bogs,
as compared to lowland Suche Bagno peat bogs (140 m a.s.l.). Despite these differences,
all the profiles show the Little Ice Age as elevated δ13C values (Fig. 7.2). Despite this
each sample represents about 3–4 cm interval in the profile, they cover different age
spans. This is due to the different growing rate at the respective peat bogs.

Fig. 7.2.
δ 13C values (raw data) of the
organic matter in Polish peat
bogs. Three profiles one peat-
bog (Suche B1, B2 and B3), are
more similar to each other than
the Zieleniec and Szrenica pro-
files (see Fig. 7.1). Higher δ 13C
values correspond to lower
temperatures of the vegetation
period
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Calculations of the Isotopic Temperature Effect (‰ /1 °C)

In this paper we have introduced new parameters (Fq) representing the ratio of iso-
tope differences between two samples, to differences in temperature of vegetation period.
Based on 10 years measurement of the temperature of vegetation period, one may
calculate that the difference in temperature of the growing period between the Szrenica
and Zieleniec is –1.9 °C. These results are based on average temperatures for June, July
and August, as vegetation is remarkable during these months only. We assume also
that, despite the variation in temperature, differences in temperature during growing
period between the peat-bogs studied were rather similar throughout the last millen-
nium. Thus, we have calculated the differences between average δ 13C values of the
analysed profiles and the differences in modern temperatures of vegetation period in
these regions. In the constructed equations following symbols have been used:

■ TZiel – the current average temperature of summer months VI, VII, VIII calculated
for 10 years (1976–1985) for Zieleniec (Bystrzyckie Mountains)

■ TSzren – the current average temperature of summer months VI, VII, VIII calculated
for 10 years (1976–1985) for the ridge of the Karkonosze Mountains (area of Szrenica
peat bog)

■ δ13CZiel – the average δ13C value calculated for ad 1550–1850 period for cores from
the Zieleniec peat bog

■ δ13CSzren – the average δ13C value calculated for the ad 1550–1850 period for core
from Szrenica peat bog

The equation to calculate the current difference in temperature between Wigry
and Karkonosze areas (∆TSB-Szren) is as follows (see Eq. 7.1.):

TSB – TSzren = ∆TSB-Szren     (°C) (7.1)

The (∆TSB-Szren) corresponds to ∆13CSB-Szren which can be calculated due to follow-
ing equation (see Eq. 7.2.):

δ 13CSB – δ 13CSzren = ∆13CSB-Szren     (‰) (7.2)

Thus, we can define the Fq value. The Fq represents the difference in δ13C values cor-
responding to the difference in temperature of the growing seasons (‰ °C–1). The dif-
ference in δ13C between Suche Bagno and Szrenica cores may be shown as (see Eq. 7.3.):

(7.3)

The example of Fq value calculated has been shown in the Table 7.1. It represents
the Little Ice period ca. ad 1550 to 1850. The Fq value is –0.57 for the Szrenia-Zieleniec
pair. It means that a change of 1 °C results in the change of about –0.6‰ in carbon
isotope composition of Sphagnum.
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7.3.2
The Last 1 400 year Climatic Variations Evidence for Poland

Each sample at each profile should represent the same time period, thus similar sam-
pling resolution would be required to make the profiles comparable. However, The
Szrenica profile shows much faster accumulation of the peat, as compared to Zieleniec
(Fig. 7.2). This means that the average time span represented by three samples in the
Szrenica profile, corresponds to one sample from Zieleniec. To make these profiles
comparable, 3 point running average filter was drawn through the Szrenica profile.
Likewise the mean δ13C curve of three Suche Bagno δ13C profiles (Fig. 7.2) has been
calculated and is shown on Fig. 7.3. The calculated Szrenica profile and Zieleniec pro-
file show remarkable similarity. Also, the Suche Bagno calculated profile shows a degree
of similarity to these previous profiles. Based on these three δ13C profiles and our Fq
calibration, the following model of climatic history between ad 600 and 1950 in Po-
land is proposed:

1. ca. ad 600–1050, cold period.
Little variations and high negative δ 13C values in the Zieleniec and Suche Bagno
profiles suggest that the temperature was relatively stable and low. In the Szrenica
profile, significant variations in δ13C values suggest remarkable temperature varia-
tions during this period on the ridge of the Karkonosze Mountains. At about ad 700
the temperature first increased, followed by a decrease and then decreased again
at about ad 900. The different shape of the curves in Fig. 7.3 might result from
different atmospheric circulation, especially between Southwest Poland and North-
east Poland. However, we do not have any evidence for that.

2. ad 1050–1200, very cold period, Pessima XI–XII Centuries (Ps XI–XII).
Between ad 1050 and 1200 the temperature in the Sudety Mountains (cores Szrenica
and Zieleniec) was probably the lowest of the last 1 000 years as the δ13C value shows
its maximum, higher than during the “Little Ice Age”. The maximum δ13C value in
the Szrenica profile corresponds to the maximum in the Zieleniec profile and a slight
pessimum is also recorded in the Suche Bagno profiles. The difference between the
period described and the next one “Little Climatic Optimum”, the δ13C values in the
Szrenica and Zieleniec profiles is about 1‰. It can be considered to a decrease of
about 2 °C in the average annual vegetation period temperature.

In Northeast Poland this cold period was not so clearly visible, the change of
δ13C was below 0.5‰. This period can be compared to the “Little Climatic Opti-
mum” in the English lowlands (Lamb 1977, 1985; Barber 1981). This suggests different
atmospheric circulation patterns in the Northwest and Southwest part of Poland.

Table 7.1. Calculation of the Fq value (‰ °C–1)
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3. ad 1200–1550, very warm period, Little Climatic Optimum (LCO).
The δ13C decrease in the Szrenica and Zieleniec profiles is about 2‰. This may
correspond to an increase in the temperature of the growing season by about 3.5 °C.
This range and timing climatic optimum is generally in agreement with Lamb (1985)
and Stachlewski (1978). However, the time between ad 1200–1550 was a relatively
warm period in Poland. This means that the cold period described by Barber (1981)
between ad 1320–1500 in England did not occur in Poland.

4. ad 1550–1830 very cold period, Little Ice Age (LIA).
The cold period of “Little Ice Age” is very clear in all the peat cores analysed. The
1‰ (Szrenica and Suche Bagno) and 1.8‰ (Zieleniec) increase in the δ13C value is
rather rapid, and it can regarded as a decrease in the growing season temperature
of about 2–3 °C in the Sudety and Wigry areas. However, the shape of the δ 13C
curves are different for both areas. In the case of the Szrenica profile especially,
several short colder and warmer periods have been observed (seen clearly on
Fig. 7.2). Moreover, it seems that took place at different time i.e.: ad 1550–1750 in
Suche Bagno (rectangle SB Fig. 7.3.) and ad 1550–1830 in Sudety (Fig. 7.3). Very clear
expression of it in both areas suggests that the atmospheric circulation during that
time, was uniform in the larger scale. Lamb (1985) suggested that it started in
England about ad 1400. This contradicts the results obtained for Poland. However,
it correlates well to the theory (1550–1830) presented earlier by Lamb (1977) and
Barber (1981), but it is not in agreement with Lamb (1985). There is good correla-
tion in the timing of variation in temperature in Poland and England which sug-
gests that the atmospheric circulation in the Western and Central European can be
considered as the same system during the “Little Ice Age”.

5. ad 1830–1960, warm moderate period, Global Climatic Warming
Between 1830–1960, the climate became warmer. The temperature first increased
(1830–1900), then slightly decreased (1900–1930) and increased again (1930–present).

Fig. 7.3.
Calculated plots: Szrenica:
three point running average
filter; Zieleniec: raw data,
Suche B: mean curve cal-
culated from three profiles
(Suche B.1, Suche B.2, Suche B.3)
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ally in agreement with the records of the meteorological station (started at ad 1826)
from Jagiellonian University (Kraków) (Trepiñska 1971; Jedrysek et al. 2003).

7.4
Conclusions

The results presented show that homogeneity of isotopic composition changes within
one peat bog is good. Variations in δ13C value of total organic matter in peat core is
governed by temperature. The increase of air temperature during the growing season
of about 1 °C results in a change of δ13C value of organic matter for about –0.6‰.

δ 13C profiles in peat bogs could be a valuable tool when reconstructing past cli-
mates. Better quantitative understanding of the potential relations between carbon
isotope variations of plants and the temperature of vegetation, may result in a new
means of measuring paleoclimate reconstructions.
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IIsotopic Composition of Cd in Terrestrial Materials:

New Insights from a High-Precision, Double Spike
Analytical Method

C. Innocent

Abstract

A high-precision method for determining the isotopic composition of cadmium (110Cd, 112Cd, 114Cd,
116Cd) has been developed and applied to study natural and anthropogenic materials such as sedi-
mentary rocks, soils, corals and mining waste. Preliminary results obtained on sedimentary rocks,
e.g. jurassic limestone, shale and greywacke, suggest the existence of natural variations in Cd isoto-
pic ratios. The origin of this variation is likely to result mainly from a mass-dependent isotopic frac-
tionation process. It is suggested that variation in the isotopic composition of Cd may also occur in
materials of anthropogenic origin. Very low Cd concentrations (about 10 ppbw) are reported for
the clastic rocks, whereas the limestone displays a much higher concentration (75 ppbw), suggest-
ing that Cd may be trapped during diagenesis.

Key words: cadmium; isotopic composition; heavy metals; stable isotope geochemistry; new isoto-
pic systems

8.1
Introduction

Cadmium is a trace metal that has been extensively used as a geochemical tracer of both
natural processes and anthropogenic pollution. It is one of the most extensively studied
trace metals occurring in seawater, and its oceanic distribution resembles that of phos-
phorus (e.g. De Baar et al. 1994). As a consequence, it has been utilized since the early
1980s as a tracer of biological productivity and paleoproductivity (e.g. Boyle 1988). Cd is
also known to be a toxic heavy metal that has become a major environmental and health
concern. Sources for Cd release into the environment are coal, oil and wood combustion,
mining activities, iron and steel manufacturing, refuse incineration, agricultural fertiliz-
ing (phosphates), and cement production (Ngriagu and Pacyna 1988). An outstanding
issue is to determine whether human activity may induce isotopic fractionation of Cd
occurring in natural and industrial compounds. This could indeed potentially allow to
discriminate precisely the different sources of Cd pollution. Indeed, the isotopic com-
position of an element may constitute an excellent tracer of its source, because iso-
topes of a given element have very close physical and chemical properties. Isotopic
ratios are thus much less variable than concentration ratios of different elements.

During the past few years, a number of metallic elements have been found to exhibit
measurable isotopic variations, e.g. Fe, Cu, Zn, Mo, and Tl, owing to the increasing accu-
racy and precision of isotopic mass spectrometers. Cd may also display variable isotopic
composition, due to its relatively low boiling point (767 °C), and also to the large mass
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range covered by its isotopes: 10 mass units, from 106 to 116 (average atomic mass
112.41 g mol–1) (Fig. 8.1). Thus, isotopic fractionation processes related to the volatility
of this element, such as a Rayleigh distillation mechanism, might occur. Indeed, such
isotopic fractionation has been suggested to occur in some isotopically fractionated
meterorites (Rosman et al. 1980; Rosman and De Laeter 1988) and in lunar soils (Sands
et al. 2001). Furthermore, large Cd isotopic fractionation has been obtained experimen-
tally by evaporating molten Cd under vacuum (Wombacher et al., unpublished data).
Consequently, natural isotopic fractionation of Cd could occur, for example, during the
outpouring of acidic volcanic magmas and/or the emplacement of granitoids, since the
temperature of granitic magmas is close to the boiling point of Cd. On another hand,
isotopic fractionation could also occur during human activities that involve a comparable
range of temperatures: incineration, industrial manufacturing, for instance. However, it is
worth noticing that, in contrast to its volatility, the very stable oxydation state of Cd (+2)
does not ease a priori isotopic fractionation processes resulting from biological activity,
although they cannot be completely ruled out. Whatever, even if man-induced variations
of Cd isotopic compositions are explored, it is necessary, as a first step, to check whether
natural materials display any significant Cd isotopic variations. If it is so, the systematics
of Cd isotopes in natural terrestrial materials must be investigated in detail.

High variations of Cd isotopic composition have never been documented so far in
terrestrial materials (Rosman and De Laeter 1975). The extent of Cd isotopic variation in
natural materials would be likely rather limited compared to meteorites and lunar rocks.
Clearly, difficulties to document any existing variation in the isotopic composition of
terrestrial materials arise from the fact that measurements of Cd isotopes are associ-
ated to large analytical uncertainties. In this contribution, a high-precision, double spike,
thermal ionisation mass spectrometry procedure for Cd isotopic analysis is described.
This method constitutes a significant step forward in terms of analytical precision.

8.2
Experimental

8.2.1
Double Spike Analysis

Cd is an ultra-trace element that is typically present in terrestrial materials in amounts as
low as some tens of ppbw (ng g–1). Thus it is necessary to concentrate Cd prior to analysis
(see below). Also, for precise ratios to be derived, a double spike procedure is required.

Fig. 8.1.
Cadmium isotopes. Average
abundances are derived from
IUPAC (1998)
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ments. One drawback, however, is that isotopic ratios that are measured by the mass
spectrometer do not represent true ratios. Measured ratios are shifted as a result of
the so-called mass fractionation bias (or instrumental bias). Light isotopes are pref-
erentially emitted at the beginning of the analysis and/or at lower temperatures,
whereas heavier isotopes are conversely emitted at the end of the run and/or at higher
temperatures. Theoretical aspects of instrumental mass fractionation have been dis-
cussed in detail by Wasserburg et al. (1981). This effect that occurs during thermal
ionisation may be calculated in three ways, using a linear, power or exponential law.
The exponential law gives the most precise correction, but is much more complex
than the two others. Thus, usually, the power or the linear law is utilized to correct for
mass fractionation. The power law is:

A /Bn = A / Bm(1 + d)a–b

where A and B are two isotopes of a given element, of respective masses a and b.
Subscripts n and m refer to the normalized and to the measured ratio. d (which can
be positive or negative) is called the mass fractionation factor. In most cases, the
absolute value of d is greatly inferior to 1, and the equation can be reasonably simpli-
fied to the linear law:

A /Bn = A / Bm [1 + (a – b)d]

Mass fractionation effect is easily corrected for the elements in which only one
radiogenic isotope may display a variable relative abundance (Sr, for example). In this
case, all ratios are normalized to a stable ratio which may not (or at least is not con-
sidered to) be variable. For the elements in which there is no normalizing ratio, two
alternatives are possible. The simplest way to correct for mass fractionation is to
perform repeated analyses of a standard of known isotopic composition, from which
an average, systematic mass fractionation effect is statistically derived. Then sample
data are corrected for this derived value. However, the validity of applying such a
correction procedure requires that physical and chemical parameters are strictly iden-
tical for standard and sample runs.

A far more precise correction method, though more complex to handle, relies on
the use of a double spike, enriched in two isotopes A and B of the element of interest
(with a typical A/B ratio close to 1). This double spike is added to a first aliquot of the
sample, whereas the second one is processed without any spike addition. Both aliquots
are analysed, which allows to correct accurately for mass fractionation, and also to
measure precisely the concentration of the element of interest in the sample (usually
the concentration is however measured first, as it is crucial to add a sufficient amount
of double spike for the correction to be possible). The double-spiking theory has been
described in a number of papers (e.g. Gale 1970; Hofmann 1971; Russell 1971; Hamelin
et al. 1985; Galer 1999) and will not be developed here further.

In addition to the necessity of ensuring that a sufficient amount of the double spike
is added to the sample for the analysis to be possible, it is also critical that the errors
on the measured isotopic ratios result only from mass fractionation effect. In addi-



78 C. Innocent

P
ar

t 
I tion, this effect must be corrected using the linear law, as matrix calculations hold on

the equation of the linear law (Hamelin et al. 1985). Fortunately, in most cases, the
linear law is a good enough approximation to correct for mass fractionation (Galer
1999). Finally, it is important that the mass fractionation factor d does not undergo a
large evolution during the runs (Galer 1999). In this work, a double spike enriched in
111Cd and 116Cd (48.53% and 47.09% of the double spike, respectively) was used.

8.2.2
Cd Standard Analyses

The Cd laboratory standard has been prepared from a Sn and In-free Cd SO4 solution
as Sn and In may cause mass interferences (see below), purchased from Fisher labo-
ratory. Repeated analyses of this standard have been carried out in order to optimize
Cd isotopic analysis. The standard method for Cd loading (e.g. Rosman et al. 1980;
Sands et al. 2001) is similar to that of Pb isotopic analysis (Akishin et al. 1957; Cameron
et al. 1969). About 150 ng of Cd are loaded on a Re filament, with 5 µg of silicagel and
5 µl of 0.25N phosphoric acid. Analyses are done on a Finnigan MAT 262, in static
multicollection mode. Typical Cd ionisation temperatures range from 1 100° to 1 200 °C.
Total Cd ion beams are in the order of 10–11 A (best runs are obtained with 116Cd ion
beams higher than 10–12 A).

Standard raw data indicate that mass fractionation is the only measurable effect
that affects peaks 110, 112, 114 and 116. In contrast, anomalously decreasing ion beams
are sometimes measured on peaks 111 and 113 at high temperatures when the total
beam decreases itself. Comparable observations have been reported for Pb (Thirlwall
2000; Doucelance and Manhès 2001). No satisfactory explanation has been proposed
yet for this phenomenon. Thirlwall hypothetized that it results from an abnormal mass
fractionation behaviour. Alternatively, it could also be due to the optics of mass spec-
trometers, at least for Cd. Indeed, the magnitude of this effect is apparently lower on
the Finnigan MAT 262 at BRGM (Orléans) than on the VG Sector 54 mass spectrom-
eter at Geotop (Montréal). Whatever that it may be, as 111Cd is one of the two isotopes
of the double spike, it is critical that the ion beam does not decrease too rapidly with
time during the run, in order to avoid non linear effects on the isotope 111. Thus, for
Cd isotope analyses, only 5 of the 8 peaks (110, 111, 112, 114 and 116) will be taken into
account. Hydrocarbons could be another potential source of interferences (at least at
the beginning of a run, at low temperatures), but hydrocarbons were never dectected
at typical run temperatures.

8.2.3
Sample Processing

Cd has to be isolated from other elements before analysis. Cd loads have to be very
pure to avoid ion beam inhibition. In particular, Zn is found to inhibit Cd emission
and should be removed before Cd runs. In addition, mass interferences on Cd isotopes
may come from three elements: Pd (106, 108, 110), In (113) and Sn (112, 114, 116). Pd is not
critical, since it cannot be ionized at run temperatures. In contrast, In is very efficiently
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In does not constitute a major hurdle. The main problem comes from Sn, which causes
interferences on peaks of interest, and may be ionized at run temperatures.

Ideally, a total amount of about 500 ng of Cd is required for the two runs (spiked and
unspiked aliquots). For silicates, this implies that gram quantities of material have to be
processed. Samples are first weighed, then placed in 10 ml of water overnight, in an ultra-
sonic vibrator. This allows to dissolve Cd(NO3)2 · 4H2O that would be volatilized when
heating the sample. This step is skipped over if this salt is not present and/or wanted.

Next, samples are heated at 600 °C in a furnace during one hour, in order to ease the
dissolution of clay minerals. At this temperature, no Cd is lost. Then, samples are placed
in Savillex® closed beakers filled with a 6N HCl–7N HNO3 mixture (10 ml each), on a
hot plate, during at least 4 days. The supernatant is removed, and the residue (if exist-
ing) is dissolved in a 22.6 HF–14N HNO3 mixture (10 ml each), with 1 ml of 12.29N HClO4.
The resulting solution is evaporated and the evaporated residue is redissolved in a
12N HCl–14N HNO3 mixture (5 ml each) to which the supernatant previously collected
is added. The total sample is then evaporated to dryness. Finally, the sample is placed
in 6N HCl (20 ml) and separated in two aliquots (50% each approximately). Both
aliquots are weighed, and one of them is spiked with the 111Cd-116Cd double spike.
After complete evaporation, the two aliquots are redissolved in 6N HCl (10 ml) and
are ready for ion-exchange separation.

Several chemical procedures for Cd extraction have been published previously
(Rosman and De Laeter 1974, 1975; Rosman et al. 1980; Sands and Rosman 1997), but
they are dedicated to meteorites, lunar soils, and Cd-bearing minerals. In this paper,
an alternative method for Cd extraction is presented: it is more time-consuming, but
allows to obtain high-purity Cd loads from terrestrial materials (silicates, soils, lime-
stones, plants, etc…). Three successive steps are necessary.

The first step involves 12 ml-columns filled with 1X8 100-200 mesh anion-exchange
resin. The resin is first washed with 7N HNO3 and water, successively, then conditionned
in 6N HCl before loading the samples. Major and most trace elements are eluted with
30 ml of 6N HCl, followed by 30 ml of 1N HCl. Cd is eluted with some trace elements,
including Zn and Sn, using 30 ml of 7N HNO3. Most of In is removed at this stage.

Cd-enriched solutions are evaporated. The evaporated residues are redissolved in
2 ml of 1N HCl and loaded on 2 ml columns filled with 50WX12, 200-400 mesh, cat-
ion-exchange resin (previously washed with 6N HCl and water, successively, then
conditionned in 1N HCl). Cd is not retained, and is thus immediately recovered with
5 ml of 1N HCl. Sn is eluted with Cd, whereas Zn remains adsorbed on the column.
The eluate is redissolved in 1 ml of 1N HBr.

The final step involves a microcolumn (300–400 ml) filled with 1X8 200-400 mesh
resin. After washing with 7N HNO3 and water, then conditionning in 1N HBr, the sample
is loaded on the column. Cd is very efficiently retained, and remaining impurities are
removed with 4 ml of 1N HBr, then with 4 ml of 1N HCl. Finally, Cd is eluted with 4 ml
of 5N HF, Sn remaining adsorbed on the column.

Chemical yields average 100%. This is critical in order to avoid any hypothetic
isotopic fractionation process within the column. Total blanks are typically below the
nanogram level, and can be neglected.
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Results and Discussion

8.3.1
Cd Concentrations

Apart from the correction of mass fractionation, the double spike method also
allows a precise determination of Cd concentrations by isotope dilution (see above).
It is classically considered that Cd concentration in upper crust rocks averages ca.
100 ppb (Taylor and Mc Lennan 1995; Wedepohl 1995). Recently, comparable Cd con-
centrations have been measured in geostandard basalts and diabases (Sands and
Rosman 1997). A peridotite has been found by these authors to be strongly Cd-
depleted (16 ppb), whereas they measured a higher Cd concentration in a marine
mud (205 ppb; ppb refers to ppbw or ng g–1).

Cd concentrations and measured, raw isotopic compositions are reported in
Table 8.1. Clastic sedimentary rocks are very depleted in Cd (10 ppb). Similarly, the
quaternary coral displays a low Cd concentration (7 ppb). The two carbonate sedi-
mentary rocks (jurassic limestone and cretaceous chalk) display Cd contents higher
than those of clastic rocks by one order of magnitude. The marble sample shows the
highest Cd content (278 ppb) of all consolidated rocks investigated in this study,
suggesting that diagenesis and metamorphism may favor Cd enrichment.

8.3.2
Raw Cd Isotopic Data

A striking feature exhibited by raw Cd isotopic data (Fig. 8.2) is that they plot on
the mass fractionation straight line, as do the raw data obtained on the Cd standard
(not shown). This suggests that the main process at the origin of Cd isotopic frac-
tionation (if it occurs) in these samples should be also mass-dependent, like mass
fractionation process in the spectrometer. Indeed, the relatively low boiling points
of Cd (767 °C) and of some Cd coumpounds do not rule out isotopic fractionation
processes resulting from a simple Rayleigh distillation law, for example during
magmatogenesis. Certainly, anthropogenic processes could also fractionate Cd iso-
topically by such a mechanism (refuse incinerators), but it should be noticed that
fractionated Cd measured in meteorites and in the moon is unlikely to originate
from a Rayleigh distillation process only (Rosman and De Laeter 1988; Sands and
Rosman 1997).

In addition, the raw isotopic data indicate that the use of the double spike tech-
nique provides the best mean of deciphering true isotopic variations, since they plot
on or very close to the analytical mass fractionation straight line. The differences in
the measured isotopic ratios may result either from the mass fractionation effect or/
and from true isotopic variations due to a natural, mass-dependent isotopic fraction-
ation process. Moreover, it is worth noticing that recalculated isotopic ratios using
standard double spike calculations should also plot on or close to this curve.

Data obtained on moon samples (Sands et al. 2001) have been reported in Fig. 8.2
for comparison. The much larger error bars suggest that terrestrial Cd isotopic hetero-
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Fig. 8.2. 114Cd/110Cd vs. 112Cd/110Cd, 116Cd/110Cd vs. 112Cd/110Cd and 116Cd/110Cd vs. 114Cd/110Cd dia-
grams, featuring raw Cd isotopic data (Table 8.1, reported as grey circles), and data from lunar soils
(Sands et al. 2001). Raw isotopic data obtained on terrestrial materials plot on the theoretical mass
fractionation straight line. See text for detailed explanations

geneities would be typically too small to be unambiguously illustrated using another
technique than double spike analysis. This would explain why it has not been evi-
denced for earth materials in any prior study.
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Double Spike Data

Here, 3 samples have been analysed by this technique. One of them, the jurassic lime-
stone has been processed twice, in order to assess reproducibility of the whole pro-
cess. The data indicate that reproducibility is good (Table 8.2, Fig. 8.3). It is in the same
range than the analytical uncertainty, and lower than 100 ppm on the isotopic ratio
(except for 116Cd/110Cd ratio, for which it probably results from the fact that 116 is the
smallest of the 4 peaks of interest). An important fact that is worth noticing is that no
evidence has been found for non linear effects on the isotope 111 for the 4 analyses.

The present dataset suggests that the recommended values for isotopic abundances
of terrestrial Cd (IUPAC 1998) may be inaccurate. In addition, the true isotopic com-
position of the laboratory Cd standard remains unknown, as it has not been analysed
yet using the double spike technique. To circumvent this problem, the means of the
three double spike data points were used as reference isotopic ratios in order to ex-
press the results in delta notation. The three δCd values per a.m.u. are more or less
constant for the jurassic limestone and, at a lesser degree, for the greywacke, as it can
also be seen in Fig. 8.3. This is not observed for double spike data obtained on the
shale sample. In addition, in contrast to the limestone and the greywacke, the shale
sample tends to plot away from the mass fractionation straight line in Fig. 8.3.

Apart from radioactive disintegration, isotopic heterogeneities may result either
from thermodynamic, kinetic and/or biological processes. For the limestone and the
greywacke, the isotopic compositions may be explained by a mass-dependent pro-
cess, possibly a simple Rayleigh distillation law. In other words, isotopic fractionation
may be thermodynamically-induced. For the shale, ancient biological activity and/or
kinetic effects during diagenesis could have also played a role in the isotopic fraction-
ation. However, interference of 116Sn may not be completely ruled out as an explana-

Table 8.2. Double spike isotope analyses for three natural terrestrial samples. δCd and δCd per a.m.u.,
calculated for each of the three isotopic ratios of interest, are also reported. See text for further explanations
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tion for the different behaviour of the shale sample (as indicated by its 116Cd/110Cd ratio,
Fig. 8.3), although no evidence for Sn emission was found. This potential problem will
have to be investigated further in the future work.

Fig. 8.3. Same Cd isotopic diagrams than in Fig. 8.2 for double spike Cd isotopic measurements
(Table 8.2) on the limestone (circles), the shale (square) and the greywacke (triangle) investigated in
this study. Data do not plot exactly on the mass fractionation straight line (Fig. 8.2), especially for the
shale sample. See text for further explanations
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Future Developments

The isotopic composition measured on the shale implies not only to check whether Sn is
present before the beginning of the Cd run, at low temperature, but also to correct directly
for Sn during the run, even if not detectable during the preliminary operations. This can
easily be done using 118Sn, since Sn is the only element present at this mass. However, one
should keep in mind that an accurate Sn correction implies that only minute amounts of
Sn (if any) are present: it is critical for the correction bias, due to mass fractionation of
Sn in the mass spectrometer, to be negligible compared to the overall analytical uncer-
tainty. Also, a 110Cd-116Cd double spike, displaying significant advantages over the 111Cd-
116Cd double spike has been purchased from Oak Ridge National Laboratory. It consti-
tutes an ideal double spike for Cd isotope analysis when peaks at masses 110, 112, 114,
and 116 are measured. Indeed, in order to minimize the analytical uncertainty, the two
isotopes of a double spike should be preferably the lowest peak of interest and the
normalizing isotope: this is the reason why Cd ratios are normalized to 110Cd, instead
of 112Cd or 114Cd in the literature. This point is discussed in detail by Galer (1999), on
the basis of Pb isotopes. Another advantage of using this new double spike is, of course,
that measurement of the 111Cd peak, which has sometimes been found to behave anoma-
lously at high temperatures (see above), is avoided. Finally, efforts should aim at reduc-
ing the quantity of Cd required for a reliable measurement to the lowest possible level,
in order to be able to analyse accurately samples which have very low Cd contents (such
as waters), or which are available in minute quantities (forams, for example). At present,
it is possible to measure precisely Cd amounts on the order of 10 ng. The challenge we
are facing is to be able to perform measurements at a 1-ng level.

Once the analytical developments are achieved, the next step of this work will be to
propose a preliminary survey of natural Cd isotope systematics in terrestrial materials,
from the lithosphere, the biosphere and the atmosphere. The lithospheric issue will have
to include analyses of mantle material (ultrabasic rocks, basalts) and of crust-derived
magmatic rocks. The behaviour of Cd isotopes in the surficial and sedimentary cycle should
be studied, from continental weathering to the deep ocean. Finally, diagenesis and
metamorphism (s.l.) will be considered, in particular in the light of results obtained in
this study, suggesting that diagenesis/metamorphism may lead to Cd enrichment.

Some authors refer to the word “anthroposphere” to describe all the interactions
between the natural cycles and human activities. It is well established that the geochemi-
cal cycle of some heavy metals, such as Pb, is at present largely controlled by anthro-
pogenic release at the earth’s surface. Apart from industrial sources, agricultural fertil-
izers are known to cause severe enrichment of Cd in agricultural soils. It is also known
that this “excess” Cd is trapped by plants (Hagemeyer and Lohrie 1995; Gawel et al.
1996), and, more generally, by the vegetable kingdom. Bacterias are now being used as
Cd traps in order to remove this metal from contaminated soils (Bagot et al., unpub-
lished data). It is likely that anthropogenic Cd is present in continental waters as well
as in the ocean. Finally, Cd input due to fertilizing has been proven to be released in the
atmosphere, as indicated by epiphytic lichens (Innocent et al., unpublished data).
Obviously, the precise measurement of Cd isotopes in all these materials will help to
quantify Cd budgets (including human-derived Cd) at the earth’s surface.
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Conclusion

This preliminary study suggests the existence of measurable Cd isotopic heterogene-
ities in terrestrial materials, as indicated by high precision data obtained by thermal
ionisation mass spectrometry using the double spike techniques. Three sedimentary
rocks display distinct Cd isotopic signatures considering the analytical uncertainty
and the overall repeatability of the mesurements. These isotopic variations likely origi-
nate from a mass-dependent process, which would occur at temperatures close to the
Cd boiling point (767 °C). This may allow Cd isotopic fractionation during natural
(outpouring of acidic magmas) and human activities (incineration, industrial manu-
facturing). Nevertheless, further studies, as well as analytical improvements are required
in order to better assess these assumptions, and also to investigate whether other pro-
cesses (especially biological activity) may also trigger Cd isotopic fractionation.
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A New Tool to Study Contaminants in Soils and Sediments
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Abstract

The contamination of soils and sediments by carbonaceous particles has been investigated by or-
ganic-petrological methods. Results from the study of soils from industrialised areas show that air-
borne contaminants like brown coal, hard coal, charcoal, and char have accumulated. The observed
soil contamination is due to dust emission by open-cast brown coal mines, to the burning of brown
coal and hard coal, and coking plants. It was found that soil contamination can occur over a dis-
tance of several dozen km from the contamination sources. The investigation of soils and sediments
demonstrates the heterogeneous character of organic matter and proves the presence of coal and
charcoal particles of fossil origin in the majority of the samples. The heterogeneity of the organic
matter is found responsible for variations in the sorption behaviour of organic pollutants like poly-
cyclic aromatic hydrocarbons in soils and sediments.

Key words: organic petrology, organic matter, carbonaceous materials, airborne contaminants, re-
fractory C pool, coal, coke, char, sorption capacity, organic pollutants, soils, sediments

9.1
Introduction

The characterisation of soil and sediment organic matter (OM) has always been an
important facet of soil and earth sciences to determine, for example, the biochemical
reactivity of OM as well as the amount and type of hydrocarbons possibly generated
during its burial and thermal maturation. The organic matter derives from a variety
of organic precursors and debris such as planctonic biomasses, land plants, soil leach-
ing, products of natural burning, and reworked material (Tyson 1995; Cope 1981; Jones
and Chaloner 1991). Thus, the heterogeneity of OM is expected.

Routine tools for characterising OM are based upon chemical methods. These meth-
ods generally average the values derived from a complex mixture of different components
and, therefore, are unable to assess the heterogeneity of the organic matter. In contrast,
organic petrology, which uses optical microscopy involving incident light and fluores-
cence, enables the observation, identification, and quantification of the individual com-
ponents, as well as the determination of the maturity of the organic matter and the
reconstruction of its depositional environment (Taylor et al. 1998). This applies not only
to the natural occurring heterogeneity in OM but also to airborne carbonaceous par-
ticles that accumulate in the soil compartment and altering the OM composition.

It is already known that these airborne contaminants produced by industrial activ-
ity significantly contribute to the amount of organic matter in soils (Emels 1987; Wik
and Renberg 1987; Rumpel et al. 1998; Schmidt and Noack 2000; Schmidt et al. 2000;
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high fractions of aromatic carbon due to the presence of airborne carbonaceous
particles, such as coal and combustion residues (Kiem et al. 2003).

The contribution of charcoal deposited either by natural wildfires and/or atmo-
spheric deposition to the soil OM has been clearly established by various authors (e.g.
Schmidt et al. 2001; Glaser et al. 2002). All these particles are considered resistant to
degradation (Schmidt and Noack 2000; Derenne and Largeau 2001) and, consequently,
tend to accumulate in the refractory soil organic carbon compartment and to alter
the amount and composition of the refractory C pool (Kiem et al. 2000, 2002).

In addition to a pure characterisation and quantification of the OM constituents,
their interaction with organic pollutants are of broad interest for environmental ques-
tions such as transport processes (Estrella et al. 1993), remediation strategies, and clean-
up efficiencies. Several studies in the past have maintained the heterogeneous nature
of organic matter as being responsible for unexpected experimental results, such as
high sorption capacity (KOC) and strongly non-linear sorption isotherms (1 / n < 1) in
different soils and sediments (e.g. Grathwohl 1990; Weber et al. 1992; Xing and Pignatello
1997; Chiou et al. 1998; Xia and Ball 1999).

High surface area carbonaceous materials were suspected to show enhanced sorp-
tion properties (Kile et al. 1999). Recent studies have proven high sorption capacities
and non-linear sorption isotherms for individual quasi-homogeneous constituents
like different coals, coke and soot (Bucheli and Gustafsson 2000; Jonker and Koelmanns
2001; Kleineidam et al. 2002; Accardi-Dey and Gschwend 2002). A comprehensive
review of sorption theories and sorption modelling in different geosorbents can be
found in Allen-King et al. (2002).

In recent years, new areas for the application of organic petrology were developed
to provide solutions to various complex problems in the field of contaminated soils
and sediments (Spurny 1986; Depers and Bailey 1994; Kleineidam et al. 1999b; Kara-
panagioti et al. 2000). A careful microscopical examination of the composition and
the fraction of organic matter had a major impact on the data interpretation obtained
by chemical methods. This study summarizes earlier research results produced by the
authors to show how organic petrology can be used to deal with organic contami-
nants in the environment. The following focuses on two basic applications:

1. to characterise airborne organic matter (contaminants) in arable soils from
industrialised areas (Kiem et al. 2003)

2. to explain variations in sorption behaviour of polycyclic aromatic hydrocarbons
(PAH) due to heterogenous organic matter in soils (Karapanagioti et al. 2000; Kara-
panagioti et al. 2001) and sediments (Kleineidam et al. 1999b; Kleineidam et al. 2002).

9.2
Materials and Methods

Different types of materials were investigated: two soils from the industrialised areas
of Thyrow and Bad Lauchstädt in eastern Germany, a Canadian River alluvium with
its different subsample and, finally, several lithocomponents separated from fluvial
gravel deposits in SW Germany.
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while Bad Lauchstädt is located approximately 15 km southwest of Halle in Saxony-
Anhalt. The soils investigated at Thyrow and Bad Lauchstädt derive from long-term
agroecosystem experiments. Both areas are highly industrialised and were subject to
brown-coal mining over many centuries. The soils at Thyrow have a sandy texture
and are classified as luvisols, while the soil at the Bad Lauchstädt experimental sta-
tion represents a chernozem with a high silt content. Organic carbon content is higher
in the loamy soil of Bad Lauchstädt (15–16 g kg–1) in comparison with the sandy soil
of Thyrow (3.2 g kg–1).

Each of the soil samples was investigated in the sand (2 000–63 µm) and the coarse
silt fractions (63–20 µm) of the carbon depleted plots. In order to remove the miner-
als, the combined sand and coarse silt fractions were subjected to density fraction-
ation using a sodium polytungstate solution at a density 1.9 g cm–3. The organic mat-
ter isolated in the light subfraction represented on average 90% of the organic carbon
in the size fractions. The light fraction material was embedded in epoxy resin and the
mount was polished parallel to the base. Further details and a description of the sam-
pling procedure are outlined in Kiem et al. (2003).

The Canadian River Alluvium sample was investigated in different grain size sub-
samples (0.5–0.25 mm, 0.25–0.125 mm, 0.125–0.063 mm, ≤0.063 mm) which were fur-
ther divided into a magnetic and nonmagnetic fraction. Organic carbon fraction var-
ied from 5.9% in the largest magnetic grain-size fraction to 0.1% in the nonmagnetic
0.125–0.063 mm fraction. The reasonably high fractions of organic carbon allowed the
petrographic investigations to be carried out on the whole untreated subsamples.
Subsamples were coated with epoxy resin on a glass slide, and the mount was polished.
A more detailed sample characterisation is given in Karapanagioti et al. (2000).

The lithocomponents investigated were separated from the gravel fractions based
on macroscopic investigations involving, for example, dark or light-coloured lime-
stones and sandstones, and quartz or felspath minerals, jurassic and triassic lime-
stone, triassic sandstone, and jurassic bituminous shale and buntersandstone. The
organic carbon fraction varied from 40% for the bituminous shale to as low as 0.004%
for the quartz minerals. Due to the rather low organic carbon fraction in some litho-
components, the organic matter was isolated and concentrated together from the litho-
components by a standard demineralisation procedure using hydrochloric and hy-
drofluoric acid. This extracted sample of organic matter was dispersed on a glass slide
in a permanent mounting medium. A more in depth characterisation of the sample
is provided by Kleineidam et al. (1999a,b).

Sorption experiments for the Canadian River samples and the lithocomponents
were carried out with a batch technique using Phenanthrene as a chemical probe.
Phenanthrene is a frequent organic contaminant in soils and groundwater. For more
information about the conducted sorption experiments, readers are referred to the
above mentioned publications (Kleineidam et al. 1999b; Karapanagioti et al. 2000).

All of the samples described in the paper were subject to microscopic analysis using
a Leitz DMRX microscope photometer. Organic matter was identified and characterised
using white light and UV illumination (blue-light irradiation) in transmitted and
incident light mode. Maceral classification developed for coal petrography was used
to describe and to classify the different organic particles (Taylor et al. 1998).
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cal, and microscopic criteria. Different terminologies are used according to the char-
acteristics of each group: palynological kerogen terminology for recent organic mat-
ter, algae, and amorphous organic matter (AOM) (Tyson 1995); lithotype terminology
for raw brown coal, hard coal terminology based on coal rank; terminology of coke
textural components for hard-coal coke, terminology for combustion char type mor-
phologies (Taylor et al. 1998).

The petrographic composition of the samples is either qualitative as in the case of
the Canadian River sample and the lithocomponents or quantitative in nature as with
the soils from Thyrow and Bad Lauchstädt. Quantification was carried out by a point
counting method similar to that used in coal petrography (Taylor et al. 1998). The
contribution of various constituents is expressed relative to the total volume of or-
ganic matter (vol.%).

9.3
Results and Discussion

The various groups of organic materials identified by organic petrographic analysis
are presented in Table 9.1. Three major groups can be distinguished. First, the recent
organic matter group consists of translucent phytoclasts, fungal phytoclasts, pollen,
spores, and recent charcoal. The translucent and fluorescent phytoclasts are epider-
mal tissues, cortex tissues, and secondary xylem. Second, the fossil organic matter
consists primarily of algae, spores, pollen, amorphous organic matter (AOM), xylite,
coal, vitrite, and charcoal. Coal in this group corresponds to eroded and resedimented
coal particles which occur principally in clastic sediments. Third, the group of air-
borne contaminants is composed of particles of raw brown coal, hard coal, charcoal,
brown-coal coke, hard-coal coke, char, and asphalt.

In the soil samples from eastern Germany, the dominant group is defined by recent
organic matter which consists firstly of resistant plant remains to be followed by air-
borne contaminants. The proportion of airborne contaminants are higher in the frac-
tions of Bad Lauchstädt (Table 9.1: see under chernozem) than those from Thyrow
(Table 9.1: see luvisol). At Thyrow, most contaminants are hard coal, hard-coal coke,
and charcoal (Fig. 9.1a). There are minor amounts of raw brown coal, char, and traces
of asphalt; the brown-coal cokes are absent. In contrast, at Bad Lauchstädt the raw brown
coal (Fig. 9.1b) dominates the contaminants, which is composed of a wide range of
hard coals, brown-coal cokes (Fig. 9.1c), and hard-coal cokes (Fig. 9.1d). A higher con-
tribution of char and asphalt is also recorded in the Bad Lauchstädt sample. However,
the contribution of charcoal to organic matter is smaller in Bad Lauchstädt than at
Thyrow.

Thyrow is not surrounded by nearby industrial plants or by coal mines and, thus,
is further away from potential sources of organic contaminants. This is corroborated
by the lower proportions of contaminants found at Thyrow as compared to Bad
Lauchstädt and indicates that part of the airborne contaminants found at Thyrow
were transported over a distance of at least several dozen km. In contrast, Bad
Lauchstädt is located in a region with a long tradition of brown coal mining and high
industrial activity. The observed soil contamination reflects air pollution containing
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soils from industrialised areas and in sediments, as revealed by organic petrographic analysis (vol-
ume%). OM: organic matter; AOM: amorphous organic matter; m: magnetic fraction; nm: nonmagnetic
fraction; BS: Buntersandstone; SS: Triassic sandstone; Qz: quartz monominerals; Jk: Jurassic limestone;
LL: light-coloured limestone; MsK: Triassic limestone; DL: dark-coloured limestone; Le: Jurassic bitumi-
nous shale; DS: dark-coloured sandstone. For detailed logKOC values of the lithocomponents see Kleineidam
et al. (1999b) (adapted from Kiem et al. 2003; Kleineidam et al. 1999b and Karapanagioti et al. 2000)
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cast coal mines and briquette factories. This is underscored by the high amount of
brown coal and coke dust. The noted presence of asphalt in the soils suggests me-
chanical erosion of this material probably from paving located in the vicinity of the
investigated soils and also from wind transportation.

Char is present at both sites but it reflects a minor amount as compared to coal and
coke. Airborne particles of coke and char might be emitted by different sources in indus-
trial society. Coke pollution may be due to coking plants, steel smelters, or gas manu-
factured plants, whereas charred particles are by-products of all combustion processes
of fossil fuels in industries, power plants, and vehicles. The burning of brown coal has
been the major energy source over the last century in the eastern part of Germany, the
location of the soils investigated in this study. This may have strongly contributed to
the contamination of the soils by dust particles from combustion products.

The main consumers of energy coals are thermal power plants. Pulverized coal
combustion produces emissions of flyash and gas. Flyash, which contributes greatly
to airborne contaminants, is made of very fine solid particles often less than 10 µm in
diameter (Taylor et al. 1998). These flyash particles are composed of inorganic matter
which are composed of thermal transformation products found in minerals contained
in feed coal. In cases of incomplete combustion, flyash particles also exhibit unburnt
carbon in the form of char and unburnt coal particles.

In contrast to the above described samples, the soil and sediments samples from
the Canadian River alluvium and the lithocomponents separated from the aquifer
sediments show no impact from airborne organic compounds (cokes, char, asphalt).
The organic matter in those samples is characterized by natural occurring OM in-
cluding detritic coal particles and fossil charcoal. A qualitative analysis of those samples
is summarized in Table 9.1. All samples exhibit a heterogeneous contribution of OM
constituents indicating the complexity of OM formation in soils and sediments.

The Canadian River sample contains recent organic matter (phytoclasts) coal and
charcoal particles. The latter which dominate the OM are believed to come initially
from coal seams in New Mexico, where the South Canadian River originates. Microscopic
examination has shown that coal particles can also be found in clay matrices of quartz
aggregates. Immature AOM is also present within the clay matrices. Pictures of the OM
and further details on OM characterisation are provided by Karapanagioti et al. (2000).

Not surprisingly, based on the different sedimentary history, the organic matter in
the lithocomponents is highly variable in terms of nature, alteration, and maturation.
It should be pointed out that most samples – except bituminous shale – were hetero-
geneous in terms of the various types of organic matter occurring within a specific
lithocomponent (Table 9.1). In contrast to the recent Canadian River sample, the or-
ganic matter of the lithocomponents is tertiary, jurassic, and triassic age and conse-
quently reveals different fluorescence colours and intensity. Both light and dark-
coloured sandstones are dominated by opaque particulate organic matter such as
charcoal, coal, and wood (xylite), as well as by fluorescent (UV/blue-light irradiation)
organic matter particles in the form of algae, spores, pollen or cuticles. The lime-
stones always contain considerable amounts of AOM that show an orange to brown
fluorescence. For individual quartz grains, AOM was detected as a coating and exhib-
ited a green fluorescence.
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The organic matter characterisation of the Canadian River sample and the litho-
components was correlated to the sorption properties of the samples (Fig. 9.2: logKOC
values and sorption non-linearity). The KOC represents here the different sorptivities
for phenanthrene – a chemical probe for hydrophobic organic compounds – at the
trace concentration level of 1 µg l–1. Based on the experimental results for sorption
experiments, subsamples containing predominately detritic coal particles, and char-
coal revealed the highest KOC, and the highest non-linearity of sorption isotherms (e.g.
dark-coloured lithocomponents as DL and DS, and the magnetic grain size 500 µm).
Both types of particles are considered responsible for the highest observed logKOC values
and the extreme non-linearity of the sorption isotherms (upper end member). The

Fig. 9.1. Photomicrographs of different airborne contaminants in soils. All photomicrographs taken of
the polished sections are prepared from densimetric concentrates using oil immersion. a Thyrow: luvisol,
unmanured plot; coarse silt fraction. Airborne contaminants isolated from the soil organic matter as
observed by incident light microscopy. Grey particles are hard-coal coke: see isotropic matrix in Table 9.1;
white particles are charcoal (upper right) and char (bottom left). Field 165 µm wide. b Bad Lauchstädt:
chernozem, unmanured plot, coarsed silt fraction. Recent organic matter and airborne contaminants
isolated from the soil organic matter as observed by incident light microscopy. Recent organic matter is
represented by a translucent spore (centre) and a phytoclast (upper right). The fine heterogeneous grey
particles are strongly weathered raw brown coal with characteristic desiccation cracks. The white par-
ticle is hard-coal coke. Field 165 µm wide. c Bad Lauchstädt: chernozem, bare fallow, sand fraction. Brown-
coal coke as observed by incident light microscopy. Note the very high reflectivity of the fragments of
tissues in the coke matrix. Field 115 µm wide. d Bad Lauchstädt: chernozem, unmanured plot, sand frac-
tion. Airborne contaminants isolated from the soil organic matter as observed by incident light micros-
copy and crossed polarizers. Examples of isotropic (upper and lower left side) and circular anisotropic
(upper and lower right side) hard-coal coke. Field 170 µm wide
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lower end member is characterised by samples with organic matter in the form of
organic coatings around the quartz grains. They demonstrate the lowest KOC and the
most linear sorption isotherms (QZ, nonmagnetic grain size fraction 125–63 µm).

The remaining subsamples are mixtures of the two groups and can include AOM
coatings and detritic coal particles or charcoal and, thus, show intermediate sorption
capacities and intermediate non-linearity. Due to the high sorption capacity of the
coaly particles, even the presence of a small fraction of the composite organic content
(<3%) causes KOC higher than expected values for soil organic matter exhibited in
empirical relationships (e.g. KOC-KOW relationships).

The light coloured lithocomponents with logKOC values in the range of 4.9–5.6
contain organic matter consisting mainly of spores, pollen, cuticles, algae, and xylite
particles. The organic matter of triassic limestone, dark limestone, and bituminous
shale with log KOC values around 6.0, consists mainly of marine algae and large
grumose amorphous organic matter derived from phytoplankton and bacteria. This
organic matter shows orange to brown fluorescence.

9.4
Conclusion

The research results presented in this study prove that organic-petrological techniques
can be combined with chemical analyses as an effective tool for use in the environ-
mental sciences.

In conclusion, organic petrology is a precise tool for

■ the characterisation of heterogeneous organic matter present in soils and sediments.
■ the identification and classification of airborne contaminants in topsoils which

makes it possible both to characterise the emission sites and to gain insight into
transport distance and transport processes.

■ the determination of airborne particle size.
■ a possible correlation between organic matter and sorption properties with refer-

ence to the hydrophobic organic contaminants.

Fig. 9.2.
Log KOC vs. 1/n for all samples
showing the increase of KOC
and non-linearity for samples
with OM dominated by coal
and charcoal particles. Low KOC
and more linear sorption iso-
therms are found in samples
where AOM dominates the OM.
Squares: lithocomponents; cir-
cles: grain size fractions (after
Kleineidam et al. 1999b and Ka-
rapanagioti et al. 2000). OM: or-
ganic matter, AOM: amorphous
organic matter
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for Analysis and Testing with Application to
Dioxin-Contaminated Sediments from Lake Ontario

K. B. Lodge

Abstract

When preparing field samples for analysis and testing, it is invariably necessary to split the sample
into representative subsamples. If the mass of the original sample is of the order of 1 000 kg (dry-
mass basis), then subsamples that are about 100 000–1 000 000 000 times smaller are required for
chemical analysis. With such large reductions in size, the representability of the subsample is a
concern. Here, a systematic method for preparing representative subsamples from large quantities
of wet sediment is described. The sediment is passed through a commercially available slurry sam-
pler that provides 1/20th splits. Further splits are obtained with a custom-built churn splitter. The
procedure was applied to sediments collected from Lake Ontario, USA, and from the lower Fox River
and Green Bay, Wisconsin, USA. Its efficacy was evaluated by dioxin and total-organic-carbon analy-
sis for the sediments from Lake Ontario and by analysis of the ammonia contained in the pore-
water of the sediments from the Fox River and Green Bay.

Key words: trace analysis, dioxins, organic pollutants, sediments, representability, subsampling, am-
monia, pore water

10.1
Introduction

There are various stages in the evaluation and testing of sediments collected from the
field and brought into the laboratory. First, there are considerations relating to the
collection of samples from the field (Mudroch and MacKnight 1991; Keith 1987). Sec-
ond, there are matters relating to the treatment and storage of samples in the labora-
tory before testing (Othoudt et al. 1991). Certain studies require large quantities be-
cause the sediments are subjected to a battery of tests including chemical analysis
(O’Keefe et al. 1990), bioassays (Batterman et al. 1989) and the evaluation of technolo-
gies for remediation (Timberlake and Garbaciak 1995). The principle concern here is
the preparation of representative subsamples from a large bulk sample.

If testing requirements can be met with dry samples, then the whole sample could
be dried, ground and riffled to prepare a range of representative subsamples. There
is a range of riffling or splitting equipment available for handling bulk dry materials.
Methods using such equipment are routinely applied in the mining and mineral in-
dustry. An example is provided by the preparation of reference materials for particle-
size analysis (Wilson et al. 1980).

However many circumstances arise under which it is necessary to use wet samples
in order to preserve, as much as possible, the sample’s physical, chemical and biologi-
cal integrity. Sediment testing with bioassays and sediment characterisation with
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particle-size analysis are examples for which wet samples are required. For splitting
large bulk wet samples, the literature does not appear to contain descriptions of
methods for which evaluation data have been presented. Here a method is described
and data, by which its efficacy may be judged, are presented.

The method incorporates basic principles of sampling. Two golden rules are stated
for the sampling of powders (Allen 1981), and there is no reason to believe that these
rules would not also apply to sediment slurries. Reformulated for slurries, they are:
(1) the slurry should be sampled when in motion, and (2) the whole stream of slurry
should be sampled for many short increments of time in preference to part of the
stream being taken for the whole time. The principle item of equipment that incor-
porates these two principles in its design is a slurry sampler, shown in Fig. 10.1a. A
secondary item, the churn splitter shown in Fig. 10.1b, also exploits these principles.

10.2
Experimental

10.2.1
Equipment

Slurry Sampler. The Carpco Rotary Slurry Sampler (Model WS-220, Outokumpu Tech-
nology) is the principle device used in these procedures; a similar model, if not iden-
tical, is available from Gilson (Model SP-220). Figure 10.1a shows a schematic of the
slurry sampler; it comprises a cone rotated by an electric motor. The sediment slurry
is fed through a screen (with openings of 3.5 mm) atop of the cone; the cone’s rotation
causes the slurry to be expelled through the spigot at the bottom of the cone in a

Fig. 10.1. The slurry sampler (a) (the body of the sampler is 36 in tall and 18 in wide), the churn splitter
(b) (the body of the splitter is 12 in tall and 6 in wide) and the mud masher (c) (it is about 4 ft tall; the
bottom plate is 6 in square)
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feed; the remainder of the slurry passes to the main sump. The slurry sampler is
mounted on top of a stand that aided in the manipulation of the collection vessels. A
Guzzler hand pump (Cole Parmer 07090-12, 2-in ports, 3 strokes/gal) is used to de-
liver the slurry to the top of the cone.

Churn Splitter. The slurry sampler was used to prepare representative subsamples
that were about 1 gal or less (Fig. 10.1a). To obtain samples from these, a custom-built
churn splitter (capacity 1 gal), fabricated of stainless steel, was used (Fig. 10.1b). The
mixing is provided by the disc, containing holes in a specific pattern, on a rod that
extends through the cover. A stainless steel ball valve (Whitey SS 65TF12, orifice
0.875 in) is used to dispense samples while the disc is kept in motion by hand. This
splitter is similar to those supplied by Bel-Art; these have been used for sampling
dilute sediment suspensions collected from river water (Horowitz 1986).

Containers. The availability and choice of containers very much dictates the proce-
dures used. Samples arrived from the field in 30-gal drums or 5-gal plastic buckets.
Thirty-gallon polyethylene drums, mounted on dollies, were used to hold and collect
bulk samples while processing them with the slurry sampler. Five-gallon plastic buckets
and 1-gal jars were used to collect the 1/20th splits. Smaller glass jars, 500 and 250 ml,
were used for samples dispensed from the churn splitter.

Mixing Tools. Upon extended storage, sediments will consolidate. To prepare a thixo-
tropic slurry, consolidated sediments were broken up with a custom-built mud
“masher”; this was made of steel and is shown in Fig. 10.1c. To mix thixotropic sedi-
ments, an electric drill fitted with a high-efficiency paddle assembly (Cole Parmer
04541-30, 5 in) proved adequate.

10.2.2
General Procedures

Bulk sediments and wet subsamples were stored in a cold room held at 4 °C. When
feasible, sediments were processed as soon as possible after arrival in the laboratory.
Large material (twigs, pebbles, etc.) was removed by passing the sediments through
a piece of expanded metal placed over a 30-gal drum. Samples were then further
homogenized with the mud masher; this served also to prepare a thixotropic slurry.
In a few cases, water from Lake Superior was added to achieve this; the volume of
water added was no more than 2% of the original volume. Sediment slurries had a
solids’ content in the range of 35–45%.

The whole sediment sample was then passed through the slurry sampler; upon
this, the first pass, additional debris >3.5 mm was collected from the screen atop of
the cone. The exact procedure followed from this point depended upon the volume of
original sample and upon the volume of subsamples required. It is of paramount
importance to keep track of what constitutes a representative sample. This point is
best illustrated by considering the typical cases shown in Fig. 10.2. In stage A before
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splitting, 3 drums of sediment slurry are stationed by the pump inlet; these 3 drums
constitute the original sample. By stage B, about half the original sample has been
passed through the sampler. Material has been collected at each of the 1/20th ports
and from the sampler’s sump; this material does not represent the original sample.
The entire original sample has been passed through the sampler in stage C. Now, the
material collected at each of the 1/20th ports and from the sampler’s sump, constitut-
ing 18/20th of the original sample, does represent the original sample. The material
collected from the sump is necessarily distributed over 3 drums; the sample in the
drums taken together constitutes a representative sample, but the material in any one
drum, taken alone, does not.

The three drums, containing the material collected from the sump during the first
pass, are moved to the pumping station. This sample is then passed through the slurry
sampler; this constitutes the second pass of the original sample through the sampler.
As more passes of the original sample are made, the volume decreases, as do the vol-
umes of the 1/20th splits. To obtain samples for chemical analysis, a 1/20th split of a gallon
or less is desired. In reaching this stage, storage of splits becomes a problem. However,
the combination of two representative samples is itself representative of the original
sample, so splits are often combined. Small samples for chemical analysis are dispensed
from the churn splitter; samples are collected in aluminium trays and air-dried.

10.2.3
Treatment of Samples from the Fox-River and Green Bay

Bulk sediments were collected using an Eckman dredge from 13 sites and brought to
the laboratory in 5-gal plastic pails; the total sample volume for each site was ≤100 gal.
The splitting procedure was used to obtain representative wet samples in 5-gal pails, 1-
gal glass jars and 1-quart glass jars. Samples that were dispensed from the churn split-
ter for chemical analysis were air-dried, ground and riffled with a spinning riffler
(Quantachrome Model SRR-2). Samples were distributed to 6 research groups involved
in an integrated assessment using bioassays and chemical analysis (Ankley et al. 1992).

In the early stages of splitting, the masses of 1/20th splits were measured; this en-
abled an evaluation of the physical performance of the slurry splitter to be made. Two
research groups, one at the U.S. EPA’s Mid-Continent Ecology Division in Duluth and
the other at the Department of Fisheries and Wildlife at Michigan State University, East
Lansing, measured pore-water ammonia in separate 1–gal subsamples for each site. From
these analyses, some assessment of the representability of subsamples can be made.

Fig. 10.2. Stages in splitting a sediment slurry
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Treatment of Samples from Lake Ontario

About 200 gal of sediment was collected with a 0.25-sq meter box core from two lo-
cations, Stations 208 and 210 (Onuska et al. 1983), near the mouth of the Niagara River.
The samples were brought to the laboratory in 30-gal steel drums. The splitting was
done in two stages.

The purpose of the first stage was to produce a representative sample whose vol-
ume is about 20 gal. The whole sample was passed through the splitter repeatedly and
the 1/20th splits are combined until a representative sample of the requisite volume
was obtained. In the second stage, the representative sample, whose volume was about
20 gal, was passed repeatedly through the slurry sampler. The 1/20th splits were trans-
ferred to the churn splitter and samples for bioassays (Batterman et al. 1989), chemi-
cal analysis and KOC experiments (Lodge and Cook 1989; Lodge 2002) were dispensed.
With each pass the volumes of the 1/20th splits decrease; when they became ≤½ gal,
they were combined in the churn splitter.

From the first 1/20th split that went to the churn splitter a splitting-evaluation sample
of type A, 500 or 250 ml, was obtained. From this point on, the volume of the 1/20th splits
decreased until a stage was reached when further splitting was impractical. This was
reached when the volume of the combined 1/20th splits became ≤½ gal. At this stage
a splitting-evaluation sample of type B was collected. A selection of the splitting-evalu-
ation samples of both type A and B was analysed for dioxin and total organic carbon.

10.2.5
Chemical Analysis

The analytes, with sources of methods, are ammonia (Ankley et al. 1990), dioxin and
total organic carbon (Lodge and Cook 1989; Lodge 2002). A few milligrams of dried
sediment were used for total organic carbon analysis; 10 g of dried sediment were
used for dioxin analysis.

10.3
Results and Discussion

10.3.1
Splitting of Sediments from the Fox River and Green Bay

The mass of a 1/20th split after the nth pass is given by

Mn = p–1(q / p)n–1M0

where M0 is the mass of the original sample, 1 / p is the fraction of the feed collected
at the smaller ports (p ∼ 20) and q / p is the fraction of the feed collected from the
splitter’s sump (q ∼ 18). It is inconvenient to measure M0 directly. Using M0 = pM1, then

log(Mn / M1) = (n – 1) log(q / p)
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where M1 is the mass of the first 1/20th split. Results for the splitting of the sediments
from the Fox River and Green Bay were fitted to this equation using linear regression.
The value of q / p is 0.8766 ±0.0005 (± the standard deviation, N = 94); this should be
compared with the design value of q / p = 18 / 20 = 0.9. The measured value of q / p
corresponds to 1 / p ∼ 1 / 16 in contrast to the design value of 1 / 20; the effect on the
splitting is not significant.

The results of the pore-water ammonia analysis for the samples from the Fox River
and Green Bay are shown in Fig. 10.3; the line in graph A represents the ideal condi-
tion in which both laboratories obtain exactly the same results. Inter-laboratory vari-
ability is a part of this picture. For each site, the difference in the two measurements
is plotted against the corresponding mean in graph B. This shows the mean of the
differences (–1.8 mg l–1) and the 95% confidence interval. The confidence interval
contains the difference of zero, so it is concluded there is no significant difference in
the measurements.

10.3.2
Splitting of Sediments from Lake Ontario

For the splitting evaluation samples taken during the sampling of the Lake Ontario
sediments, the results of the dioxin and total-organic-carbon analyses are shown in
Table 10.1. There are insufficient data for a rigorous statistical examination. However,
the F-test and Dioxin’s Q-test, applied to those data with duplicate analyses, show no
significance difference in the measurements. Our dioxin analyses of a similar sedi-
ment sample (O’Keefe et al. 1990), repeated ten times, gave a level of 48 ±12 pg g–1, a
relative standard deviation of 25%. The relative standard deviations of the dioxin data
for the splitting evaluation samples presented here range from 6–11%. The relative
standard deviations for the total-organic-carbon results range from 4–8%.

Fig. 10.3. Evaluation of the splitting procedures for sediments from the Fox River and Green Bay: mea-
surements of ammonia in pore water. a y-axis: pore-water ammonia measured at the U.S. EPA’s Mid-Con-
tinent Ecology Division in Duluth, Y (mg l–1); x-axis: pore-water ammonia measured at Michigan State
University, X (mg l–1); b y-axis: difference in measurements Y – X (mg l–1); x-axis: mean of measurements
0.5(Y + X ) (mg l–1); dotted line: Y – X = 0; semi dotted line: 95% confidence interval, line: mean value
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10.4
Conclusion

Analyses of samples taken at various stages of splitting give results in agreement with
each other. From this observation, it is concluded that the procedures adopted here
are successful in producing subsamples that are representative of the original sample.
It should be noted that the procedure requires a thixotropic sediment slurry, and so
the sample must contain sufficient clay. Splitting of exceptionally sandy sediments

Table 10.1. Levels of dioxin and total organic carbon (TOC) in splitting-evaluation samples for Lake
Ontario sediments
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quickly. As a part of the U.S. EPA’s Assessment and Remediation of Contaminated
Sediments Program, these methods were applied to bulk sediments collected from
the Grand Calumet River, Indiana; the Buffalo River, New York; the Saginaw River,
Michigan; and the Ashtabula River, Ohio (Timberlake and Garbaciak 1995; Garbaciak
and Miller 1995). However, splitting evaluations were not done with these samples.
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by Capillary Electrophoresis
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Abstract

The widespread use of ethylenediaminetetraacetic acid (EDTA) has requested an urgent monitor-
ing program regarding surface and drinking water. Analyzing EDTA at low-level concentrations such
as µg l–1 in the environmental samples is quite complex using conventional methods. In this study,
a simple, quick and sensitive capillary electrophoretic technique – large volume stacking using the
EOF pump (LVSEP) – has been developed for determining EDTA in drinking water for the first time
(EOF: electroosmotic flow). It is based on a precapillary complexation of EDTA with Fe(III) ions, fol-
lowed by LVSEP and direct UV detection at 258 nm. The curve of peak response vs. concentration
was linear between 5.0 and 600.0 µg l–1, as well as between 0.7 and 30.0 mg l–1. The regression co-
efficients were 0.9988 and 0.9990, respectively. The detection limit of current technique for EDTA
analysis was 0.2 µg l–1 with additional 10-fold preconcentration procedure, based on the signal-to-
noise ratio of 3. As opposed to the classical capillary electrophoresis (CE) method, a 1 000-fold con-
centration factor could be smoothly achieved on this LVSEP method. To the best of our knowledge,
it represents the highest sensitivity for EDTA analysis via CE. Several drinking water samples were
tested by this novel method with satisfactory results.

Key words: water, ethylenediaminetetraacetic acid, large volume sample stacking, capillary electro-
phoresis

11.1
Introduction

Since its commercialization in the early 1950s, the synthetic ethylenediaminetetraacetic
acid (EDTA) has been widely used as chelating reagent for metal ions in detergent
industrial, pharmaceutical and agricultural applications (Bersworth 1954; Randt et al.
1993). EDTA possesses strong capability to form stable complexes with 62 different
metal cations as well as its low biodegradability (Sheppard and Henion 1997), it is
generally believed that, EDTA may affect the distribution of metals within the aquatic
ecosystem and may remobilize heavy metals from sediments decomposition by elec-
trolytic oxidation. Particularly, it is used to deliver trace minerals in animal feeds and
some human foods (Fishbein et al. 1970; Seegers 1967). Presently, EDTA has entered
into various foods and water resources (Xue et al. 1995; Kari and Giger 1995). There-
fore, the World Health Organization (WHO) committed to a preliminary standard
upper limit of 200 µg l–1 because it contributes significantly to the loss in quality of
drinking water (Schön et al. 1997). Consequently, the analytical determination of EDTA
is very important for understanding its environmental fate.
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1997) or chromatographic methods, traditional ones are a variety of chromatographic
methods including gas chromatography (GC), high performance liquid chromatogra-
phy (HPLC), and ion chromatography (IC). For instance, EDTA can be measured by gas
chromatography in concentrations down to 1 µg l–1. Despite the low detection limit,
this method has some drawbacks such as a relatively large influence of the matrix on
the accuracy and a tedious derivatization step of the carboxylic group by esterification
(Randt et al. 1993). Alternatively, EDTA may also be determined as their negatively
charged complexes by ion chromatography-UV spectrophotometric detection with the
detection limit of 100 µg l–1 (Venezky and Rudzinski 1984). High performance liquid
chromatography (HPLC) is more frequently used for the EDTA determination, mainly
in reversed-phase ion-pair mode. Based on Loyaux-Lawniczak’s method, the limit of
detection can reach 5 µg l–1 (Kari et al. 1995; Loyaux-Lawniczak et al. 1999)

However, all these methods are complicated and time-consuming. Capillary
electrophoresis (CE) is a new developed technique for the separation and determi-
nation of both organic and inorganic cations and anions. Compared with HPLC,
IC and GC, CE has the advantages of higher efficiency, simpler chemistry, faster
separation time, ease of automation, and smaller sample and reagent requirements.
However, there are few reports being available regarding the determination of EDTA
with capillary electrophoresis (Bürgisser and Stone 1997; Owens et al. 2000; Pozd-
niakova et al. 1999). This is because of the poor concentration limit of detection
primarily as a consequence of the short optical path length within the detection
cell and the extremely small sample volume that can be introduced into the CE cap-
illary. For example, according to Pozdniakova’s method, the detection limit achieved
is only 600 µg l–1 (Pozdniakova et al. 1999). CE-MS (MS: mass spectrometry) was once
used for the quantitative determination of EDTA in human plasma and urine via large
volume injection on a special amine bonded capillary (Sheppard and Henion 1997).
As the sample matrix had not been removed before the separation began, the stacking
efficiency was limited despite the sensitive ion spray tandem mass spectrometry was
used at the selected reaction monitoring (SRM) mode, the detection limit was 7 µg l–1

only. Additionally, CE-MS is beyond the scope of many analytical laboratories and has
to be accepted as a routine method of analysis. Consequently, it is very important to
develop an alternative CE technique that is compatible with the analysis of low sample
concentrations.

Sample stacking is an inherent and exclusive feature of CE. It may take place when
the sample compounds encounter isotachophoretic concentration at the interface
between sample zone and buffer (isotachophoretic sample stacking, ITPSS) (Gebauer
et al. 1992) or when the conductivity of the sample is smaller than that of the buffer
(field-amplified sample stacking, FASS) (Chien and Burgi 1992). In this study, a novel
sample injection technique – large volume stacking using the EOF pump (LVSEP) –
was developed and applied for the first time in the detection of EDTA in drinking
water by capillary electrophoresis. Hydroxyethylcellulose (HEC) was used to suppress
the EOF under acidic conditions. The sample stacking and sample separation could
be performed under the same negative voltage without causing loses of the stacked
samples as no polarity switch was necessary. The whole procedure could be fully
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(CZE) method, this novel method provided 1 000-fold enhancement without loss of
the high-resolution feature afforded by capillary electrophoresis. The detection limit
of present method was as low as 0.2 µg l–1 or 2.0 µg l–1, with or without additional
10-fold preconcentration procedure, respectively.

11.2
Experimental

11.2.1
Instrumental

Separations were performed on a P/ACE MDQ Capillary Electrophoresis System
(Beckman Instruments Inc., Fullerton, CA) equipped with a PDA detector. Fused silica
capillary (Polymicro Technology, Phoenix, AZ) of 75 µm i.d. and 39 cm length to the
detector (49 cm total length) was used. Deionized water was obtained by passing tap
water through an USF-ELGA option 15 system and an USF MAXIMA system (Vivendi
Water, UK) with the resistance greater than 18.2 MΩ cm–1 and on-line TOC less than
2 ppb. Between all electrophoretic separations the capillary was rinsed with 0.1 M
sodium hydroxide and deionized water for 3 min, and with running buffer for 5 min.
All measurements were the average of at least three repeatable measurements.

11.2.2
Chemicals

All chemicals used were of analytical-reagent grade. Ethylenediaminetetraacetic acid
disodium salt dihydrate (Na2H2EDTA · 2H2O) and ethylenediaminetetraacetic acid
iron(III)-sodium salt hydrate (Na[FeIIIEDTA] · H2O) were obtained from Fluka. Phos-
phoric acid, boric acid, disodium tetraborate decahydrate, and hydroxyethylcellulose
(HEC) were supplied by Merck. Ammonium-iron(III)-sulfate (NH4Fe(SO4)2) and N,N'-
dimethylformide (DMF) were purchased from Aldrich. A stock standard solution was
prepared by dissolving 0.100 g of Na[FeIIIEDTA] · H2O in 100 ml of deionized water.
Standard solutions, ranging from 0 to 1 200 mg l–1 of EDTA, were daily prepared from
this solution and stored in the dark. Electrophoretic buffer solutions were prepared
from 50 mM sodium borate by adding 10% H3PO4 solution to adjust to the desired
pH. All electrolyte solutions were filtered through a 0.45 µm polytetrafluoroethylene
membrane filter (Whatman, UK).

11.2.3
Large Volumes Stacking Using the EOF Pump

0.05% HEC was added in the running buffer (pH 4.1). The sample solutions were injected
in the hydrodynamic mode by overpressure (3.0 psi). After sample injection, a negative
voltage (–20 kV) was applied to effect water removal and subsequent separation. The
detection wavelength was 258 nm. The coolant temperature was controlled at 25 °C.
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Results and Discussion

11.3.1
Theory

In capillary electrophoresis, electrophoretic mobility (µele) is one of the most impor-
tant parameters, which is proportional to the charge of the analyte divided by its
frictional coefficient. This is approximately equal to the charge to mass ratio of the
analyte. In a CE separation, as the analyte mixture migrates through the capillary due
to the applied electric field, different electrophoretic mobilities drive each of the
components into discrete bands. Meanwhile, the electroosmotic flow (EOF) mobility
(µeof) is inherent in any CE setup that uses bare-fused silica capillaries or capillaries
coated with a charged group, which is proportional to the dielectric constants of the
buffer and zeta potential, and inversely proportional to the viscosity of buffer. Con-
sequently, the size and direction of apparent migrational mobility (µapp) of a compo-
nent depends on the sum of its electrophoretic mobility and the EOF mobility.

µapp = µele + µeof (11.1)

In large volume stacking using the EOF pump (LVSEP), the electrophoretic mobil-
ity of the target ions must be in the direction opposite to that of the EOF in order that
cations or anions could be focused at the rear or front of the sample zone. During the
separation procedure, the electrophoretic velocities of interested ions (e.g. anions)
must be greater than the EOF velocities so that the two procedures can proceed con-
secutively under the same voltage.

To inject [FeIIIEDTA]– with LVSEP into the capillary, the electrophoretic velocities
of [FeIIIEDTA]– (–V[FeIIIEDTA]–) must be greater than the EOF velocity (Veof), that is,
–V[FeIIIEDTA]– > Veof. Here, the negative sign indicates that the electrophoretic velocity
must be in the direction opposite to that of the electroosmotic flow. This is required
for both removing the sample matrix from the capillary using EOF pump and the
subsequent separation.

At pH 3–6, [FeIIIEDTA]– can exist stably. At the same time, the EOF can be sup-
pressed by addition of HEC to the running buffer. So, in this region, µeof ≈ 0, thus,

µapp ≈ µele (11.2)

and

–V[FeIIIEDTA]– > Veof (11.3)

When negative voltage is applied from the cathodic inlet toward the anodic outlet,
the anions will move to the outlet. Thus, LVSEP and water removal can be carried out
under the negative voltage. On the basis of this, a scheme was designed for the stack-
ing and separation of [FeIIIEDTA]–, as illustrated in Fig. 11.1.
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When large sample volumes were introduced into the capillary by pressure injec-
tion, the whole capillary was separated into two zones. One was sample zone without
HEC, and the other was running buffer zone where HEC was adsorbed onto the inner
wall of capillary. After sample injection, a negative voltage was applied and the sample
stacking began. Due to its poor conductivity, the electric field strength was mainly applied
in the sample zone. The negatively charged complexes [FeIIIEDTA]– moved forwards rap-
idly in the sample zone until they encountered the electrolyte boundary where they ex-
perienced a lower applied field and their migration rate slowed down. During this pro-
cess, these complexes were stacked at the interface between the low-conductivity sample
zone and the running buffer zone. In the meantime, the EOF pump pushed out the water
in the sample zone. The final result was that the stacked complexes were focused at the
start point of capillary. Once the water in the sample zone was totally pushed out, the
subsequent separation began. As the EOF in the running buffer had been completely
suppressed by the presence of HEC, these concentrated [FeIIIEDTA]– moved towards
the anode until they were detected when passing through the capillary window. There-
fore, this stacking resulted in an improved sensitivity and high peak efficiency.

11.3.2
Choice of Metal Chelate

EDTA in the aqueous sample would be preliminarily chelated to nickel, calcium,
magnesium and iron(III). To obtain the highest possible CE-UV signal intensity, it is
advantageous controlling all available EDTA to a chromophoric metal complex that is
highly stable. There are many competing factors that determine which EDTA chelate
is most readily formed, while copper and iron have both been commonly used for the
analytical determination of EDTA in water. The iron(III)-EDTA complexes has the

Fig. 11.1. Schematic illustration of the matrix removal and stacking of [FeIIIEDTA]–. a Sample injec-
tion; b sample stacking; c ready to separate
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with Fe(III) for three hours, at least 95% [NiIIEDTA]2– and most of other formation
of EDTA would be converted to [FeIIIEDTA]– (Nowack et al. 1996).

MeEDTA + Fe(III)aq = FeIIIEDTA + Meaq (11.4)

It was reported that [NiIIEDTA]2– could be used for the determination of EDTA by
CE-MS (Sheppard and Henion 1997). However, as its optimal UV wavelength is at
214 nm, strong interference will cause a high background and poor sensitivity. The
complex ion [FeIIIEDTA]– could be detected at 258 nm, which is a common used UV
wavelength with little background absorbency.

Consequently, iron(III) was chosen as the complex cation. To avoid photolysis of
the [FeIIIEDTA]–, the samples were stored in the dark between steps.

11.3.3
Effect of Hydroxyethylcellulose

In large volume sample injection, in order to achieve the sample stacking without sacri-
ficing the high resolution of CE, the sample matrix should be removed without causing
loss of the stacked sample prior to separation. For this purpose, Burgi et al. (1993) used a
polarity switching to remove the large water plug (Chien and Burgi 1992). Pálmarsdóttir
et al. applied a backpressure to compensate the EOF while stacking (Pálmarsdóttir and
Edholm 1995). Another convenient technique is adding a modifier in the background
electrolyte to reduce or reverse EOF (Zhu and Lee 2001). Lee even suppressed the EOF by
adjusting the pH in the acidic range (He and Lee 1999). In our work, a nonionic hydroxylic
polymer – hydroxyethylcellulose (HEC) – was added so that both sample stacking and
subsequent separation could proceed consecutively under the same voltage.

HEC has been used to modify the inner wall of the capillary and to suppress the
EOF at low pH condition (Zhu and Lee 2001). At pH 4.1, with addition of 0.05% HEC,
the neutral marker N,N'-dimethylformide (DMF) was injected and separated at 30 kV,
but it was not detected after 60 min. The DMF peak was then pushed through the
capillary window by pressure and was detected as it passed by the detection window.
This showed that the DMF was moving toward the negative electrode under electroos-
motic force, but the EOF was negligible.

Consequently, 0.05% HEC was added into the running buffer to suppress the EOF.

11.3.4
Effect of pH

During the pH range of 3.5–5.0, 100% of iron(III)-EDTA complexes could be
deprotonated. Considering that iron(III) hydroxide could form readily at pH > 5,
thereby reducing the iron available for the EDTA complexation, buffer containing
50 mM disodium tetraborate, adjusted to pH 4.1 with 10% phosphoric acid, was used
to protect precipitation of iron, where at least 95% iron(III)-EDTA complexes exist-
ing in the deprotonated forms.

Additionally, pH 4.1 was also a suitable condition for HEC to suppress the EOF.
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Effect of Sample Volume

Aqueous samples containing [FeIIIEDTA]– (equivalent to 1.0 mg l–1 EDTA) were in-
jected into the capillary at various injection time (0, 10, 20, 30, 40, 50, 60, 70 s) at
3.0 psi inlet pressure. After sample injection, a negative voltage (–20 kV) was applied
for both sample stacking and subsequent separation. Figure 11.2 compares the im-
pacts of injection time to UV-absorbent response peak and CE current. In Fig. 11.2a,
the peak areas were proportional to the injection time between 10–50 s. If the injec-
tion time was longer than 50 s, the sample zone would surpass the capillary window
and even be pumped out of the outlet of the capillary during the injection step. Small
peaks 6' and 7' at the beginning of the separation indicated that part of [FeIIIEDTA]–

had surpassed the detection window during the injection. When they moved back-
wards during the stacking process, they were detected. Generally, as the instrument
will do an auto zero before starting running, the surpassing of the analytes into the
detection cell before running will result in a high background, which can diminish
the stacked analyte signals. That is the reason why the response areas of peaks 6 and 7
were smaller than that of peak 5. Thus, in present LVSEP method, the maximum in-
jection volume was the capillary volume between the inlet and the detection window.
In our following experiment, injection time of 50 s at 3.0 psi was used.

Fig. 11.2.
Effect of injection time on the
peak reponse and current. Injec-
tion at 3.0 psi was performed.
Injection time: (1)–(7) corre-
sponding to 10–70 s with a step
of 10 s. All other conditions are
described in the Experimental
Section
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tance of aqueous sample solution. Taking example of 50 s as the injection time, with the
water being pluged out, the current gradually increased from 0.5 to 1 µA during the
first 4 min after power application. Then the current ascended sharply. A flat was shown
in current-time plot (Fig. 11.2b), which was named as “flat time” by us, with a point of
tangency followed it directly. The flat time was just the time that it took for the water
to be removed out of the capillary. It also could be considered as the start point of the
separation of the stacked analytes. Interestingly, despite different inject volume of
analytes being applied, the final currents after stacking were almost the same, which
means that the final running current had no relationship with the sample volume.

11.3.6
Calibration

To test the working range of present method, calibration curve was carried out as follows.
A series of calibration solutions were prepared with EDTA concentrations ranging from
2.0 µg l–1 to 200.0 mg l–1. The peak response vs. analyte concentration was linear between
5.0 and 600.0 µg l–1 as well as between 0.7 and 30 mg l–1 (Fig. 11.3). Regression coefficients
were 0.9988 and 0.9990, respectively. The regression equations of calibration curves were
y = 6.8 × 104x + 5.6 × 102 and y = 5.6 × 104 x + 4.8 × 104, respectively, where y was the peak
area (Au min) and x was the concentration of EDTA (mg l–1). Based on a signal-to-noise
ratio of 3, the detection limit was as low as 2.0 µg l–1. For sample concentrations lower
than 100 µg l–1, random standard deviations (RSDs) were determined to be 3–6% during
a working day, showing this method possessing excellent precision.

11.3.7
Comparison with Classical CZE Method

The negatively charged complex [FeIIIEDTA]– could be determined by using classical
CZE method. The optimal condition was as follows. The pressure injection (0.5 psi,
5.0 s) was used to introduce the sample into the capillary. A positive voltage (+30 kV)

Fig. 11.3. Calibration curves
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was applied for separation. Running buffer was 50 mM sodium borate solution
(pH 8.5). The peak area was proportional to the concentration of EDTA ranging from
5.0 to 200.0 mg l–1 with a detection limit of 2.0 mg l–1. In comparison, the LVSEP
method has much lower detection limit of 2.0 µg l–1 and wider linear range, which
indicated that over 1 000-fold enhancement had been achieved on LVSEP method.
Figure 11.4 compared the peak response of [FeIIIEDTA]– under classical CZE method
and LVSEP method. The DMF peak could not be detected by using the LVSEP tech-
nique, which resulted from the EOF being suppressed by HEC in this case.

11.3.8
Analytical Application

Because of the salt and other substances in river water and wastewater, the conduc-
tivity of the matrix is much higher than that of ultra pure water. This would present
some difficulties in stacking the anions in these high-contaminated water samples.
However, to the drinking water that has relatively clean matrix, present novel LVSEP
technique could be applied successfully. This could be proved by using LVSEP method
to stack the [FeIIIEDTA]–-spiking tap water sample. When both of the tap water sample
and deionized water sample were spiked with 100 µg l–1 of [FeIIIEDTA]– and analyzed
by this LVSEP technique, the electropherograms showed that their response peak areas
were almost the same.

To analyze the EDTA in real samples, all free EDTA and its metal complexes should
be converted to [FeIIIEDTA]– firstly. 50 ml of tap water sample and EDTA-spiking tap
water samples were put in opaque polyethylene (PE) bottles to avoid photolysis of
[FeIIIEDTA]–. 1.5 ml of 1 mM NH4Fe(SO4)2 was added to each of these samples. After
the obtained sample solutions were heated in water bath at 90 °C for 4 h, they were
ready for LVSEP CE analyses. Additional preconcentration step could also be performed
by evaporation of the sample solution to 5 ml with 10-fold concentration factor.

Table 11.1 listed the analysis results of the tap water sample and EDTA-spiking tap
water samples. These results indicated that present LVSEP method could be applied
in the determination of EDTA in drinking water with excellent accuracy (Recov-

Fig. 11.4.
Electrophoregrams obtained
under a classical CZE method
of 200 mg l–1 EDTA in the pres-
ence of 200 mg l–1 DMF and
b LVSEP method of 0.5 mg l–1

EDTA in the presence of
200 mg l–1 DMF. Peak identi-
ties: (1) DMF; (2) EDTA
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ery > 70%) and precision (RSD < 8%). It should be mentioned that fresh samples
should always be used for each injection when using LVSEP method. Depletion oc-
curs after several prolonged stacking procedures, and the concentration of the sample
would decrease if a single sample vial was used.

11.4
Conclusion

A novel and simple LVSEP technique for determination of EDTA in drinking water
was developed. This method offered high sensitivity and precision, and could be
performed on commercial instrumentation fully automatically. Compared with con-
ventional CZE method, a 1 000-fold concentration factor could be smoothly achieved
using this LVSEP method. To the best of our knowledge, it represents the highest sen-
sitivity for EDTA analysis via CE. This LVSEP method could be used for the determi-
nation of EDTA in real drinking water samples.
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A Framework for Interpretation and Prediction
of the Effects of Natural Organic Matter Heterogeneity
on Trace Metal Speciation in Aquatic Systems

M. Filella  ·  R. M. Town

Abstract

A comprehensive collection, critical analysis and interpretation of the data published for complex-
ation of trace metals by natural organic matter (refractory humic-type substances and non degraded
biota material) and filtered whole natural waters have been undertaken. Our interpretation frame-
work considers the role of metal loading conditions and analytical detection windows on the com-
plexation data in a systematic way. Its application has shown that the same patterns are observed
for complexation of a range of trace metals with different types of natural organic matter: appar-
ently stronger binding sites are utilised at lower metal ion loadings, progressively weaker sites
contribute to metal complexation at higher loadings. Taking into account the detection window of
the technique employed greatly improves the internal consistency of the overall data. Despite the
widely recognised role played by natural organic matter in trace metal fate in aquatic systems, and
the enormous number of publications in this field, there is in fact very few data available for metals
other than copper, and that were determined at environmentally relevant pH values and metal
loading conditions. This situation hinders reliable determination of complexation parameters with
predictive value.

Key words: binding heterogeneity, analytical detection window, humic substances, natural organic
matter, natural waters, trace metal speciation

12.1
Introduction

The physicochemical form in which a metal ion occurs (i.e. its speciation) determines
its mobility, bioavailability and toxicity in the environment. The significance of natu-
ral organic matter (NOM) in determining trace metal speciation in aquatic systems
has been frequently reported (e.g. Buffle 1988; Bidoglio and Stumm 1994; Town and
Filella 2002b), but few details are known about aspects such as the relative contribu-
tion of different types of NOM, e.g. humic substances vs. biota exudates, to overall
metal binding, or the relative degree to which different trace metals are bound by a
given NOM type.

Natural organic matter, such as humic substances and biota exudates and cell
walls, contains a range of binding site types that can interact with trace metals
to varying degrees. These site types can be divided into so-called (i) major sites
that represent up to ca. 90% of total sites, e.g. carboxylate and phenolate func-
tional groups in humic substances, and (ii) minor sites that correspond to a small
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fraction of the total sites but comprise a relatively large number of site types,
e.g. N- and S-containing functional groups in humic substances. It is the minor
sites, with their associated wide range of complexation constants, that are proposed
to be responsible for buffering trace metal concentrations in natural systems (Buffle
et al. 1990b).

Progress in determination of reliable physicochemical parameters to describe metal
complexation by NOM is hindered to some extent by the inherent physicochemi-
cal complexity described above. More than 20 years ago, the difficulties encoun-
tered when trying to compare complexation constants reported in the literature for
trace metals – humic-type substances binding highlighted the key effect of the ex-
perimental metal:ligand ratio used on the value of the constant determined. Com-
plexation parameters measured under conditions of low metal ion loading correspond
to more stable complexes than do the parameters determined in the presence of
lower ligand excess. This led to the postulation of the existence of an effective con-
tinuum of ligand sites with varying metal affinity in the humic molecules. That is, if
such a ligand is titrated with metal ions, then the most strongly binding sites will
initially be involved in binding, with the weaker sites making an increasing contribu-
tion as the metal ion concentration is increased. Two important consequences for the
understanding of trace metal behaviour in aquatic systems arise from these observa-
tions on humic substances: (i) at the low levels of metal concentrations present in
most natural systems and at the corresponding typical excess of NOM binding sites,
the strongest (and least labile) sites will be those responsible for metal binding, and
(ii) NOM is expected to play an important role in the buffering of free metal ion
concentrations in natural systems.

Some features of, and consequent limitations to, current understanding of trace
metal-NOM interactions are: (i) Existing data interpretation methods that take into
account NOM binding heterogeneity as it pertains to metal ion loading have been
infrequently applied to real systems. (ii) Most of the trace metal-NOM complexation
studies have been performed under conditions far from those existing in real aquatic
systems (typically, unrealistically high metal ion concentrations are used), and this
will often lead to an underestimation of the real extent to which metals are bound by
NOM in natural waters (only the most weakly binding sites are “seen”). (iii) Very few
reliable studies have been performed on NOM other than isolated humic-type sub-
stances (which may not necessarily be representative or typical of all NOM compo-
nents in natural waters). The nature and properties of NOM will vary across systems,
and amongst size fractions of a given system.

We have undertaken a critical analysis and interpretation of all data published for
complexation of trace metals by NOM in natural water systems with the aim of de-
veloping a robust framework that is applicable across systems and that has predic-
tive value. This study is based on the compilation of data published over the past
35 years and on the reinterpretation of these data in terms of the binding heterogene-
ity of NOM. It includes collection of data on trace metal binding by humics, biota-
derived substances (algae and bacteria) and whole water samples. This paper
summarises the approach used in the data reinterpretation procedure and illustrates
the insights attainable by application of this framework to trace metal binding by
various types of NOM.
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12.2
Methodology

12.2.1
Data Compilation

The metal titration data for a given individual system is usually modelled assuming
complexation by discrete ligands. Ligand concentrations (C

~
c) and corresponding

conditional stability constants (K
~

) are calculated by transformation of the metal ti-
tration curves using different linearisation methods. The most widely used are the
graphical solutions derived by Scatchard (Scatchard plot) and the method derived
independently by van den Berg and later by Ruz̀́iæ (van den Berg-Ruz̀́iæ plot). Both
are easily derived from the expression of the conditional stability constant. The rela-
tive merits of each approach have been discussed (Apte et al. 1988).

For the Scatchard transformation (Scatchard 1949; Scatchard et al. 1957), the ratio
cML/cM is plotted against cML

(12.1)

where cM = free metal ion; cML = c*ML – cM, c*ML = total metal concentration; C
~

c = total
ligand concentration having a conditional stability constant K

~
. The slope equals K

~
,

the y-intercept is the product of K
~

 and C
~

c and the x-intercept is C
~

c.
For the Ruz̀́iæ-van den Berg linearisation, sometimes called the Ruz̀́iæ method or

van den Berg method (van den Berg and Kramer 1979; van den Berg 1982; Ruz̀́iæ 1982),
the cM/cML ratio is plotted against cM,

(12.2)

The reciprocal of the slope gives the total ligand concentration and the K
~

 value can
be calculated from the reciprocal of the y-intercept (K

~
C
~

c).
If the results are linear over the range of data, the titration data is modelled with one

class of metal binding ligand. If several classes of ligands are present, the transformed
plots of the titration data as defined above will not be linear. When two linear segments
are obtained, each corresponds to a domain where one of the two types of site is domi-
nant. Equations equivalent to Eq. 12.1 and Eq. 12.2 have been developed for such a case
(Buffle 1988, page 231). For a multiligand system (more than 3 ligand classes), a curve
is produced and the system of equations needs to be solved numerically by successive
approximations.

We have compiled literature log C
~

c and log K
~

 values reported for trace metal bind-
ing by different types of NOM. In some cases, the values included in our compilation
were those published directly by the authors concerned by following the above-de-
scribed data treatment methods, in others (and where the data was available) we scanned
figures (Silk Scientific 1998) containing appropriate metal binding information (e.g.
free metal as a function of bound metal concentration) and calculated the parameters
ourselves from the corresponding Scatchard plots. Data collected will be freely avail-
able soon in the Internet database DOOM-MB (http://www.unige.ch/DOOM-MB/).
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12.2.2
Data Reinterpretation: From Discrete Ligands to Continuous Functions

One of the few approaches used to describe the stability of metal complexes formed by
humic substances that accounts for the metal loading dependence of NOM binding
site affinity is the Differential Equilibrium Function (DEF). It is based on the defini-
tion of a differential intensity parameter, K*, that is a weighted average mean of the
equilibrium constants Ki, for all sites present in the humic substance (Gamble 1970;
Altmann and Buffle 1988; Buffle et al. 1990a; Buffle and Filella 1995). The weighting
factor depends on the mole fraction and degree of occupation (θi) of each site i. The
DEF is not equivalent to a molecular complexation model that describes complexation
at each individual site. However, it is most useful in making predictions of the com-
plexation behaviour of the system as a whole. In theory, the DEF function can take any
shape. In practice, for very heterogeneous ligands such as humic substances,
logθ = f(logK*) is approximately linear and can thus be described by two parameters:
a slope and an intercept. The slope (Γ ) is a measure of the degree of heterogeneity and
buffering intensity of the system (Γ = 1 corresponds to the homogeneous case). For
natural systems, Γ  values are typically in the range 0.3–0.7 (Buffle et al. 1990b).

Although relatively few single NOM-metal titration curves have been interpreted
by using continuous equilibrium functions, there is a plethora of such curves described
in terms of the one or two site models described above. It is now well established that
the so-called metal complexation capacity (C

~
c) of NOM and the corresponding aver-

age equilibrium quotient (K
~

) given by these methods depend on the analytical tech-
nique and the conditions used and that the log C

~
c and log K

~
 values only have meaning

when considered as a data couple (Buffle 1988; Town and Filella 2000a; Filella et al.
2002). It has been shown however that the (log C

~
c, log K

~
) couples are analogues of

(logθ , log K*) couples (DEF curves) (Buffle et al. 1984; Buffle 1988) and thus plots of
log C

~
c vs. log K

~
 for similar types of NOM, and determined under the same conditions,

will mimic the underlying DEF dependence.
We have included all published data in our compilation and evaluation of the log C

~
c

and log K
~

 values. Our analysis is based solely on evaluating trends in compiled pub-
lished data, with no a priori assumptions or imposed models. There is a certain degree
of dispersion in many cases, due to both natural variations and experimental limita-
tions. Nevertheless, we consider this to be the most appropriate approach to elucidat-
ing the important unifying factors that determine the global behaviour of trace metals:
any observable trends under these conditions are likely to be significant determinants.

12.3
Results and Discussion

12.3.1
Pb(II) Complexation by Humics

Figure 12.1a shows all compiled log K
~

 values for Pb(II) complexation by humic-type sub-
stances as a function of pH. Different symbols correspond to different studies (see Filella
and Town (2001) for details). As expected, a wide variation in log K

~
 values as a function
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of pH is observed. A huge variation in log K
~

 values still remains when this source of varia-
tion is taken into account, i.e. by considering log K

~
 at only one pH value. However, most

of this variability is easily explained when metal loading is considered (Fig. 12.1b) by plot-
ting log C

~
c vs. log K

~
 for a given pH range: linear correlations are obtained.

This type of behaviour has been observed so far for interactions of humic substances
with Cu(II) (Buffle et al. 1984; Filella et al. 2002), Pb(II) (Filella and Town 2001; Town and
Filella 2002a), and Ni(II) and Co(II) (Town and Filella 2002c) and can be anticipated
for similar trace metals. As noted above, meaningful comparison of relative binding
strengths of given metal-ligand systems must be made at the same metal loading, i.e.
C
~

c value. Construction of log C
~

c vs. log K
~

 plots for each metal-NOM system allows the
predictive K* and Γ  values for the given conditions (e.g. pH) to be established. This
approach can be readily incorporated into existing speciation codes (Huber et al. 2002).

Two important consequences that emerge from our data analysis approach are that:
(i) as a consequence of the dependence of metal binding intensity for the trace metal-
humic systems on the metal loading conditions, the effective binding at typical natu-
ral water concentrations (metals present at very low concentration; humic binding
sites in excess) could be grossly underestimated (by several orders of magnitude) if
binding is predicted by complexation parameters that have been determined at higher

Fig. 12.1.
a Collection of Pb(II) – humic
substances complexation equi-
librium quotients, log K

~
 (1:1

stoichiometry) as a function of
pH. (b) Changes in the com-
plexation capacity (logC

~
c) with

the corresponding equilibrium
quotient (log K

~
) for the com-

plexation of Pb(II) with humic
substances at two different pH
values 4.5–5.0 and 6.8–8.0. Hu-
mic substance origin: �, sea-
waters; �, freshwaters; �, soils
and sediments; �, sewage
sludge; �, peat and coal. The
linear regression through the
pH 4.5–5.0 and pH 6.8–8.0 data
is shown as a solid and a dashed
line, respectively. See Town and
Filella (2002a) for references of
the individual data points
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concentration levels. Unfortunately, this is the usual approach adopted by many spe-
ciation models (Huber et al. 2002); (ii) the wealth of information currently hidden
amongst the vast amount of published individual C

~
c and K

~
 data can be revealed when

appropriate methods of data mining and treatment are used, i.e. as illustrated herein.

12.3.2
Not All Natural Organic Matter is Humics

In natural waters, the NOM present will be a combination of refractory NOM either
from terrestrial (properties comparable to soil-derived humic substances) or aquatic
sources and non-degraded biota material (bacteria, phytoplankton, and their exudates).
The relative contribution of each source will depend on the particular system involved
and on the spatial scale considered, i.e. the direct influence of biota may be more local
in scale than the effects of the more refractory NOM components. However, the under-
standing of metal complexation in systems where the nature and flux of NOM is domi-
nated by biological activity is far less developed than that for humic substances, yet the
consequences can be of great ecological significance. For example, algae may domi-
nate complexation under certain conditions, e.g. in freshwaters with low humic con-

Fig. 12.2.
a Collection of Pb(II) – biota-
derived substances complexa-
tion equilibrium quotients,
log K

~
 (1:1 stoichiometry) as

a function of pH. �, cells;
�, cells plus exudates; �, exu-
dates. b Changes in the com-
plexation capacity (log C

~
c) with

the corresponding equilibrium
quotient (log K

~
) for the com-

plexation of Pb(II) with biota-
derived substances. pH 6.0–8.3.
�, cells; �, cells plus exudates;
�, exudates. See Town and Fi-
lella (2002a) for references of
the original publications. Repro-
duced with permission from
Town and Filella (2002a)
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tent and in seawater (Wangersky 1986). Microorganisms can provide a high buffer capac-
ity for metal ions in solution (Kiefer et al. 1997). Different types of complexing substances
need to be considered: alga and bacteria exudates and cell walls. Analogous to humic
substances discussed above, extracellular ligands and cell walls are heterogeneous with
respect to nature of functional groups and molecular weight (Gonçalves et al. 1987).
Metal complexation by these substances can thus be analysed by an approach equiva-
lent to that applied for the more refractory humic substances. When this approach is
used (Town and Filella 2000a; Town and Filella 2002a), biota exhibit the same trends
with respect to degree of complexation as a function of pH (Fig. 12.2a) and metal ion
loading (Fig. 12.2b) as observed for humic substances. This behaviour has been observed
so far for interactions of biota with Cu(II) (Town and Filella 2000a) and Pb(II) (Town
and Filella 2002a), and it is anticipated to be applicable to other trace metals, although,
in many cases there is a paucity of useful data available (Town and Filella 2002c).

The relative binding affinity of biota as compared to the more refractory humic
substances can be assessed by comparison of the respective log C

~
c vs. log K

~
 plots. On

this basis, humic substances are shown to be more strongly binding than biota to-
wards Cu(II) (Town and Filella 2000a) and Pb(II) (Town and Filella 2002a); see fol-
lowing section. It must be noted, however, that the particular NOM component that
dominates complexation will always be system dependent (as noted above).

12.3.3
What Whole Water Complexation Data Can Tell Us

In addition to the data reported for isolated NOM fractions discussed above, there is
also a large body of literature complexation data that corresponds to metal binding
studies (titrations) on untreated non-fractionated water samples (usually samples are
only filtered; ca. 0.45 µm). The NOM in this context is quantified as dissolved organic
carbon (DOC). These studies are particularly popular among oceanographers. Analo-
gous to the approach widely used for interpretation of titration data for isolated NOM,
measurements on whole water samples are often interpreted in terms of the existence
of one or two classes of binding sites (Town and Filella 2000b). We have shown (Town
and Filella 2000a), via a critical analysis of the existing data, that it is not necessary to
invoke the existence of any particular classes of ligands in order to explain the degree
of metal complexation observed. Compiled published log C

~
c, log K

~
 data for whole waters

exhibits the same linear relationship as observed above for isolated NOM components,
as illustrated for Cu(II) and Pb(II) in Fig. 12.3a,b. The same behaviour is observed for
Cd(II), Zn(II) (Town and Filella 2000a), Co and Ni (Town and Filella 2002c), and is
anticipated to be generally applicable to complexation of many trace metals.

Comparison of the log C
~

c vs. log K
~

 plots for whole waters with those for isolated
humic substances and biota may offer some insights into the relative significance of
various NOM fractions for trace metal binding in aquatic systems. This comparison
is shown for Cu(II) and Pb(II) in Fig. 12.3a,b. All data shown in these figures were
obtained at a similar pH and detection window (see below). The log C

~
c values for the

whole waters were converted to a common scale (mmol (g C)–1) via the reported DOC
concentrations for each freshwater system or by assuming a DOC of 850 µg dm–3 as
typical for surface seawater (Guo and Santschi 1997)(DOC: dissolved organic carbon).
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The binding curves for both Cu(II) and Pb(II) in natural waters lie within those for
isolated humic and biota complexants. The relative importance of both types of ligands
for complexation in a given system will depend on the amounts of each present.
Extensive parameters must always be considered in making any generalisations about
trace metal behaviour in aquatic systems. For example, the nature and amount of NOM
will vary across systems (e.g. freshwater and marine NOM have different composi-
tions), and large seasonal variations can occur within a given system.

12.3.5
Sources of Dispersion in Reported Data across All Systems

As observed in Fig. 12.1–12.3, there is a certain amount of dispersion in most of the
log C

~
c vs. log K

~
 plots. The data shown in these figures all correspond to a narrow pH

range, the presentation format takes the metal loading into account, and all values were
measured by techniques with similar detection windows. Some dispersion is inevitable
when different analytical techniques and authors are considered simultaneously. In
the case of biota data, the higher variability observed as compared to humic compounds
can be ascribed to (i) the large number of different organisms considered, (ii) the

Fig. 12.3.
Comparison of a Cu(II) and
b Pb(II) binding curves
(log C

~
c – log K

~
) for isolated

humic substances (Cu: pH 8.0;
Pb: pH 6.8–8.0) and biota (Cu:
pH 7.0–8.0; Pb: pH 6.0–8.3) with
that for whole water systems.
�, seawaters; �, freshwaters;
�, estuaries. The solid lines are
best fits for the range of experi-
mental data points for the iso-
lated components. Analytical
window of whole water samples,
logα = 1–3. Data converted to
mmol (g C)–1 scale as explained
in the text. Part a adapted from
Town and Filella (2000a); part b
reproduced with permission
from Town and Filella (2002a)



129Chapter 12  ·  Interpretation and Prediction of the Effects of Natural Organic Matter Heterogeneity

Pa
rt

 II

physico-chemical conditions being poorly controlled or not defined, (iii) the condi-
tions under which each study was conducted not being directly comparable, and (iv) the
dynamic nature of the organisms themselves, e.g. exudate production.

The ionic strength (I) at which measurements were made does not appear to have
a significant influence on the complexation parameters. This is illustrated by compar-
ing the data for whole seawaters (usually obtained at the marine ionic strength) with
that for freshwaters (typically adjusted to I = ca. 0.01 mol dm–3 prior to measurement),
as shown for Cu(II) in Fig. 12.3a. No significance difference between the data from
each source is observed. The effect of this factor is thus expected to be minor relative
to the effect related to the dependence of binding strength on metal loading.

12.3.6
Significance of the Analytical Detection Window

In terms of experimental factors, by far the greatest influence on the measured com-
plexation parameters is that of the analytical detection window of the technique
employed. The analytical detection window determines the concentration of ligands
and the relative stability of their metal complexes which can be detected in a sample
by a given technique. One limit of this window (corresponding to the weakest detect-
able complexation sites) is determined by the ability of a particular technique to detect
a decrease in the metal signal due to the complexation of the metal by a natural ligand,
and the other limit (strongest detectable sites) is determined by the method’s detec-
tion limit (see van den Berg et al. (1990) for a detailed explanation of this concept and
its calculation). The position of this window (and hence the accessible binding pa-
rameters) may be varied by using the same method under different experimental
conditions, or by using different analytical methods having different detection win-
dows. A wide range of different techniques, with a corresponding range of detection
windows, have been used in studies on complexation in whole water samples; there is
much less variety amongst techniques used in studies on isolated humic substances
or biota (detection window, log α , typically 1–3).

Log C
~

c-log K
~

 data grouped according to detection window should thus show a series
of parallel lines. This is indeed the case, as shown for Cu(II) in Fig. 12.4. The data on
the left most side of the plots as presented represents the more stable complexes which
are detected at higher α  values. Direct comparisons of complexation data are only
valid if the values are obtained within the same detection window. This applies to e.g.
assessing which components may be more strongly binding than others (e.g. biota vs.
humics; Fig. 12.3), and also to elucidating which trace metals may be more strongly
bound by a given NOM component, e.g. Cu(II) vs. Pb(II).

12.3.7
Kinetic Considerations

Interpretation and comparison of complexation parameters (log C
~

c, log K
~

) within the
analytical detection window framework explained above implicitly assumes that there
is no contribution from kinetic factors. For a given detection window, it is assumed
that all of the complexes that fall within the measurable range will in fact be detected.
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This implies that all such complexes are able to completely dissociate and be detected
within the timescale of the analytical technique employed, i.e. are fully labile under the
experimental conditions. This assumption may not always be valid. Since K

~
= ka / k

~
d,

particular attention should be paid to the possible influence of kinetic factors when
(i) the metal ion of interest has a low rate constant for water substitution in the inner
coordination sphere, k–w, e.g. Ni, ka = 3 × 104 s–1 vs. Cu, ka = 1 × 109 s–1 (Eigen 1963), and
(ii) low metal-to-ligand ratios are used, at which the strongest and least labile binding
sites are involved in complexation. For heterogeneous NOM ligands, there will be a
distribution of complex dissociation rate constants that is dependent on the metal
ion loading and parallels that of the thermodynamic stability constants (Fig. 12.5).
Thus, complexes formed under typical environmental conditions (low metal loading)
will be less labile than those formed under higher loading conditions (as generally
used in laboratory determinations). This dependence of complex lability on metal
loading has important implications both for the understanding of metal behaviour in
natural systems and for the interpretation of experimental results.

12.4
Conclusions

Several key points are highlighted by our framework for interpretation of metal-NOM
complexation parameters.

■ Metal complexation data for isolated NOM components at environmentally relevant
pH conditions are scarce. Trace metal-humic interactions have been the object of many
studies, particularly for copper, but most of the data pertain to soil-derived humics and
have been collected at pH values that are not relevant for natural systems. The same
problem applies to metal-biota-derived ligand equilibria; studies on isolated cells in
particular are typically conducted under relatively acidic conditions.

■ Complexation data for isolated NOM components at metal loading conditions rel-
evant to aquatic systems are scarce. Binding studies are typically performed at much
higher concentrations than those found in the environment, and thus only the weaker

Fig. 12.4.
Effect of the analytical detection
window, logα, on the binding
parameters determined for
Cu(II) in whole natural waters.
The shaded region on the left
encompasses most data in the
logα range greater than 4; shad-
ing on the right encompasses
logα < 4 data. L1 and L2 denote
“strong” and “weak” binding
sites as defined in the original
publications; see Town and
Filella (2000a) for details. Re-
produced with permission from
Town and Filella (2000a)
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binding sites are seen. Direct application of such complexation parameters to pre-
diction of metal binding under environmentally-relevant conditions is not valid.
Speciation codes that incorporate metal-NOM complexation parameters determined
at high metal loadings thus risk to seriously underestimate the extent of metal-NOM
binding under environmentally relevant conditions (Huber et al. 2002).

■ The significance of the analytical detection window must be recognised. The range of
detection windows used in studies of whole waters is far greater, and often very high
values are used, in contrast to the conditions employed for measurements on isolated
NOM components. Comparison of complexation parameters across metals and across
systems is only valid if the data were all collected within the same detection window.

■ Kinetic factors, i.e. metal complex lability, must also be considered. Under environ-
mentally relevant conditions of low metal concentrations and large ligand excess,
the most stable and least labile binding sites will be involved in complexation (Filella
and Town 2000; Town and Filella 2000c). Reliable data interpretation of complex-
ation parameters determined under these conditions must consider the contribu-
tion of kinetic factors (i.e. the relative timescales of the analytical technique and the
rate of dissociation of the complexes under study).
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Binding Toxic Metals to New Calmodulin Peptides

L. Le Clainche  ·  C. Vita

Abstract

A 33-amino acid peptide corresponding to the helix-turn-helix motif of the calcium binding site I
of Paramecium tetraurelia calmodulin has been synthesized and its binding loop stabilized by a
specific disulphide bond. Analysed by electrospray mass spectrometry (ES-MS), circular dichroism
(CD) and fluorescence, such a cyclic peptide is found to bind calcium, cadmium, terbium and eu-
ropium ions with native-like affinity, and with 30 ±1 µM and 8 ±4 µM dissociation constants for
calcium and cadmium ions, respectively. Metal binding induces an ordered conformation in the
peptide, resembling that of the calmodulin site I. Interestingly, uranium, in the uranyl form, binds
this peptide, as revealed by ES-MS, CD and fluorescence spectroscopy. Sequence mutation aiming
to increase the binding cavity suppresses binding of calcium, cadmium and uranium ions, but pre-
serves binding of lanthanide ions, showing that metal selectivity can be modulated by specific
mutation in the binding loop. Such disulphide-stabilized peptide may represent a useful model to
engineer new metal specificity in calmodulin variants. These novel proteins may be useful in the
development of new biosensors to monitor metal pollution and to augment metal binding capa-
bility of bacterial and plant cells that can be used in biosorption techniques to (bio)remediate soils
and waters contaminated by heavy metals.

Key words: calmodulin, metal chelation, heavy metals, uranium, fluorescence, biosensor, bioreme-
diation

13.1
Introduction

Heavy metals represent a major source of important environment pollution in the indus-
trialised society. In particular, nuclear power plants and other activities associated with
nuclear research may become a source of environment pollution by particular metals,
which may be intrinsically toxic to cells and living organisms, such as those coming
from the nuclear fuel (uranium, plutonium, etc.), the fission products (strontium, se-
lenium, technetium, cesium, iodine, etc.) or the activation products and liquid or gas
wastes (cobalt, tritium, cesium, etc.) in nuclear reactors. To protect the environment it
would be useful to develop specific analytical methods to monitor the presence of such
toxic metals, but also effective options for metal remediation of soils and waters that
might be contaminated in case of nuclear accidents.

Chemosensors or sensors based on fluorescence measurements, specific for several
metals such as sodium, potassium, calcium and magnesium) are well known (Tsien
1993), particularly in aqueous media and within biological samples. New fluorescent pro-
tein biosensors specific for some metals have also been developed (Giuliano et al. 1995)
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and bacteria have been selected that contain appropriate promoters that can translate
the presence of some pollutants into a bioluminescent signal (Belkin 1998; Gu and
Chang 2001).

Chemical approaches are used for remediation of environments contaminated with
toxic metals. However, they are often expensive and lack the appropriate specificity
for the metals to be treated. The absorption of toxic metals of contaminated soils or
waters by microbes and plants has been suggested as a viable strategy for environ-
mental (bio)remediation (Raskin et al. 1997; Stephen and Macnaughton 1999). Bio-
logical approaches offer the potential for selective removal of toxic metals in a cost-
effective remediation of large surfaces. Engineering proteins with increased metal
binding capability in bacterial and plant cells should increase metal accumulation
capability of such cells (Sousa et al. 1998) and will enhance the applicability of
biosorption techniques over alternative metal removing techniques (Raskin et al. 1997;
Stephen and Macnaughton 1999).

In order to develop new proteins binding strontium, uranium and cesium ions,
which are potential contaminants derived from nuclear plants, we planned to change
the calcium specificity of protein calmodulin to chelate such toxic metal ions.

Calmodulin (CaM) is a ubiquitous, calcium-binding regulatory protein. In response
to an increase in the intracellular calcium concentration, it undergoes an important
structural change that allows the protein to bind and activate various cellular protein
targets. Calmodulin includes four Ca2+ binding sites, named EF-hand, in two distinct
domains (Wilson et al. 2000; Linse et al. 1991). These sites consist of a highly conserved
12 residues loop flanked by two orthogonal helices, forming a characteristic helix-turn-
helix motif (Fig. 13.1). The calcium ion is mainly co-ordinated by the oxygen atoms of
the side-chains of the loop amino acids (Asp, Glu) and sits at the centre of a bi-pyramid
with pentagonal base. Herein, we report the synthesis of CaM-derived peptides corre-

Fig. 13.1a. Amino acid sequence (in one letter code) of calmodulin peptides synthesized and studied
in this work. Mutations of the native sequence are in bold and underlined

Fig. 13.1b.
Drawing of calcium binding
site I of calmodulin from Para-
mecium tetraurelia (pdb code,
1EXR)
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sponding to the isolated helix-turn-helix motif, their specific affinities for different
metal ions, including uranium, and how a mutation can affect metal specificity,
emphasising the potential use of calmodulin structures in toxic metal binding.

13.2
Experimental

13.2.1
Chemicals

All metals were used in their nitrate salt form (>99.9% purity, Aldrich, France). The
stock solutions were acidified at pH 2.0 using nitric acid to avoid the formation of
hydroxides.

13.2.2
Peptide Synthesis

Designed peptides were obtained by solid phase synthesis on an automatic pep-
tide synthesizer (model 433A, Applied Biosystems, France) by using fluorenylmethyl-
oxycarbonyl (Fmoc)-amino acid derivatives (Nova Biochem, France) and 1-N-hy-
droxy-7-azabenzotriazole (HOAt)/N,N'-dicyclohexylcarbodiimide (DCCI, Applied
Biosystems) mediated coupling. The disulphide bonds were formed directly on the
purified peptides by using 5,5'-dithio-bis(2-nitrobenzoic acid) (DTNB, Ellman’s re-
agent, Sigma, France) in 100 mM Tris buffer solution, pH 8.0, as oxidant. The result-
ing oxidised products were purified by high performance liquid chromatography
(HPLC). The concentration of the aqueous stock solutions of the peptides were de-
termined by recording absorption spectra, by using the extinction coefficients of
1 280 M–1 cm–1 for tyrosine, 5 690 M–1 cm–1 for tryptophan and 120 M–1 cm–1 for di-
sulphide bond.

13.2.3
Mass Spectrometry Analysis

Electrospray mass spectrometric (ES-MS) detection of positive ions was performed by
using a Q-TOF II (Micromass, Manchester, UK) (Q: quadrupole, TOF: time of flight).
The sample was introduced into the source with a syringe pump (Harvard Apparatus,
Cambridge, MA, USA). Nitrogen was employed as both the drying and spraying gas with
a source temperature of 80 °C. The cone voltage was set to 30 V, the voltage applied on the
capillary to 3 500 kV, and the sample solution flow rate was 5 µl min–1. Spectra were re-
corded by averaging 40 scans from 400 to 3 000 m/z at a scan rate of 6 s scan–1.

13.2.4
Fluorescence Spectroscopy

Fluorescence spectra were recorded on a Cary Eclipse (Varian, France) spectrofluori-
meter equipped with a thermostated cell holder. A 285 nm excitation wavelength was
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used with a 250–395 nm excitation filter and a 430–1 100 nm emission filter. A 20 nm
excitation slit and a 10 nm emission slit were used. The spectrum was recorded from
450 nm to 650 nm in a 1.0 cm quartz cell. In a typical experiment, to a 25 µM solution
of peptide CaM-D1 in 2-[N-Morpholino]ethanesulfonic acid 10 mM, pH 6.5, 0.1 equiva-
lent aliquots of Tb(NO3)3 are added and a spectrum is recorded after each addition.
A plot of the intensity at 545 nm vs. the concentration of added lanthanide ion was
fitted with the binding isotherm to calculate the dissociation constant. The dissocia-
tion constant for Eu3+ was calculated in a competition experiment in the presence of
2 equivalents of Tb3+. The constant was calculated at half-intensity of the 545 nm
emission peak using the formula Kd(Tb3+) / Kd(Eu3+) = 3C0 / (2Ci – C0), where C0 is the
initial peptide concentration and Ci is the europium concentration introduced.

13.2.5
Time Resolved Laser Induced Fluorescence Analysis (TRLIF)

A Nd-YAG laser (model minilite, Continuum, Santa Clara, California, USA) operating
at 266 nm (quadrupled) and delivering about 1 mJ of energy in a 4 ns pulse with a
repetition rate of 20 Hz was used as the excitation source. The laser output energy
was monitored by a laser powermeter (Scientech, Boulder, Colorado, USA). The beam
was directed into a 4 ml quartz cell. The laser beam was directed into the cell of the
spectrofluorimeter “FLUO 2001” (Dilor, France) by a quartz lens. The radiation
coming from the cell was focused at the entrance slit of a polychromator. The de-
tection was performed by an intensified photodiode 1 024 array cooled by the Peltier
effect (–25 °C) and positioned at the polychromator exit. Recording of spectra was
performed by integration of the pulsed light signal given by the photodiode inten-
sifier, using an integration time of 0.5 s. Logic circuits, synchronized with the laser
shot, allow the intensifier to be active with determined time delay (from 0.1 to 999 µs)
and during determined aperture time (from 0.5 to 999 µs). A computer controls the
whole system. In a typical experiment, aliquots of a solution of Tb(NO3)3 are added
to a 20 µM solution of a peptide in a 10 mM MES buffer, pH 6.5. A spectrum is re-
corded after each addition and the lifetime of the fluorescent species is determined.
The plot of the intensity of the maximum emitted fluorescence vs. the added con-
centration of lanthanide is fitted with the binding isotherm to calculate the disso-
ciation constant.

13.2.6
Circular Dichroism Analysis

CD spectra were obtained with a CD6 dichrograph (Jobin Yvon, Longjumeau, France),
equipped with a thermostatic cell holder and an IBM PC operating with a CD Max
data acquisition and manipulation program. Peptides were dissolved at 50 µM in 10 mM
MES buffer, pH 6.5. Spectra were run at room temperature from 180 nm to 250 nm using
a 0.1 cm quartz cell. Each spectrum represents the average of four spectra, obtained
with an integration time of 0.5 s every 0.5 nm. Spectra were smoothed by using the
instrument software by taking a sliding average over nine data points.
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13.3
Results and Discussion

13.3.1
Design of Metal-Binding Calmodulin Peptides

To investigate metal binding to an isolated EF-hand motif of calmodulin, we synthesized
a 33-residue peptide CaM-M1, spanning region 7–39 of calmodulin from Paramecium
tetraurelia and corresponding to the entire EF-hand motif of site I (Schaefer et al. 1987)
(Fig. 13.1). However, this peptide, when tested in circular dichroism measurements and in
the presence of excess calcium ions, did not present any ordered secondary structure (not
shown). Formation of a precipitate at high peptide concentration (10–4 M) suggested that
aggregation phenomena might be responsible for the observed lack of ordered struc-
ture. To overcome such phenomena and favour a native-like ordered structure a disul-
phide bond was engineered to bridge position 13 and 29. Molecular simulation in calmo-
dulin showed that the mutation Phe13Cys, Val29Cys and the formation of 13–29 disul-
phide bridge did not modify the overall protein structure, and furthermore could sta-
bilize the isolated metal binding site I. The disulphide-stabilized cyclic peptide, CaM-
M1c, also contained the Thr20Tyr mutation in the metal binding loop, as a spectro-
scopic sensitive probe of metal binding (Fig. 13.1, vide infra). The affinity of CaM-M1c
for various metal ions was studied by circular dichroism (CD), electrospray mass spec-
trometry (ES-MS) and time resolved laser induced fluorescence (TRLIF) spectroscopy.

13.3.2
Metal Binding

First, the circular dichroism spectrum of CaM-M1c (10 mM MES buffer, pH 6.5) was
recorded in the absence or presence of four equivalents of metals (Fig. 13.2).

In the case of Mg2+, Ba2+, Sr2+ or Cs+, no significant change in the spectrum was
observed. With Ca2+, Cd2+, Tb3+, Eu3+, the α-helical content of the peptide increases

Fig. 13.2.
Circular dichroism (CD) spec-
trum of a 50 µM solution of
CaM-M1c peptide in 10 mM
MES buffer, pH 6.5, in the ab-
sence and in the presence of
various divalent and trivalent
metal ions. CD values are
expressed in mean residue
ellipticity (Θ)
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in the presence of the metal, as it is attested by the increase of the ellipticity at 222 nm
and by the shift of the minimum from 190 nm to 205 nm. The formation of ordered
structure in the peptide by calcium and cadmium addition was monitored by circular
dichroism (CD) and the values of ellipticity, at 222 nm, as a function of metal concen-
tration, were fitted with the binding isotherm calculated for a 1:1 peptide:metal ad-
duct, leading to 30 ±1 µM and 8 ±4 µM dissociation constants for calcium and cad-
mium, respectively. The 1:1 stoechiometry of the complexes was confirmed by mass
spectrometry.

The calcium affinity presented by this peptide is close to that presented by the
native protein and is higher than that reported by other synthetic peptides in aqueous
media (Marsden et al. 1990). The crystallographic structure of calmodulin shows that
the helices of site I are in strong hydrophobic interactions with the helices of site II.
In a linear isolated EF-hand peptide, these intramolecular interactions are lost, but
the newly exposed hydrophobic surfaces may associate to form unordered aggregates.
However, our results indicate that the incorporation of the disulphide bond 13–29 in
the CaM-M1c peptide may bridge the two helices in a native-like orientation and sta-
bilize intramolecular interactions, thus preventing non specific interactions (aggre-
gation) and resulting in the formation of a high affinity metal binding site.

13.3.3
Lanthanide Binding

Lanthanide ions (Tb3+, Eu3+) present typical emission fluorescence in the visible range
and have often been used as calcium surrogates in the calcium-binding proteins. There-
fore, their affinity for CaM-M1c was studied by time resolved laser-induced fluores-
cence (TRLIF) (Fig. 13.3). This spectroscopy is based on a pulse excitation of the fluo-
rescent element followed by temporal resolution of the emission signal. Using a 260 nm
wavelength excitation, the emission of the bound metal is observed through an energy
transfer mechanism from the excited tyrosine to the metal. The plot of the fluores-
cence intensity vs. the concentration of added metal showed a 1:1 peptide:metal ad-
duct, and the fit with the binding isotherm led to 1.5 ±0.6 µM and 0.6 ±0.2 µM disso-
ciation constants for terbium and europium, respectively (Fig. 13.3).

13.3.4
Metal Binding to a Calmodulin Domain

As a comparison, we then studied a synthetic peptide CaM-D1, corresponding to the
entire first domain of Arabidopsis thaliana calmodulin, where a tyrosine has been
introduced in the loop of the first site, similarly to the CaM-M1c peptide (Fig. 13.1).
TRLIF experiments with this peptide led to the dissociation constant 1.4 ±0.5 µM and
4.9 ±0.5 µM for the lanthanide terbium and europium, respectively. In this case, the
peptide in the absence of the metal already presents a CD spectrum representative of
an ordered structure, thus CD spectroscopy could not be used to determine binding
affinity. Competition of terbium binding by calcium ions was attempted to determine
calcium affinity. However, the fluorescence of terbium, added as two-fold excess to
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the peptide, did not change up to 60 equivalents of calcium. Since at higher calcium
concentrations the peptide precipitates, we could only estimate that calcium binding
dissociation constant could be superior to 28 µM.

The affinity constants for the lanthanide ions observed with CaM-M1c are about
a hundred fold better than those reported in the literature for similar EF-hand iso-
lated peptides (Marsden et al. 1990). This is in good agreement with the structure
constraints introduced by the disulphide bridge. When metal is added, the cyclic
CaM-M1c undergoes a more limited reorganisation of its structure between its free
state and its metal loaded state, as compared to the linear CaM-M1 peptide; this leads
to a smaller entropy barrier, which favours metal binding. In the peptide CaM-D1, the
same phenomenon is observed: the peptide, in the absence of the metal ion, is already
pre-organised and metal co-ordination does not lead to a significant change in the
structure.

Fig. 13.3.
a Time resolved laser-induced
fluorescence (TRLIF) titration
of a 20 µM solution of CaM-
M1c peptide with terbium ions
(0, 0.1, 0.3, 0.5, 1, 3 equivalents).
b Plot of the fluorescence in-
tensity at 545 nm vs. the con-
centration of added terbium
ions and the corresponding fit
with the binding isotherm.
arb: arbitrary units
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13.3.5
Design of Lanthanide Specificity

Lanthanide ions present co-ordination chemistry close to that of calcium, but a greater
charge/size ratio. Therefore, the electrostatic interactions are stronger in the case of
lanthanide(III) than in the case of calcium(II) ions. A new peptide, CaM-M2c, was
thus synthesized, containing the Glu25Asp mutation (Fig. 13.1). This mutation pro-
vides a greater cavity in the binding loop, but a similar charge. CD, ES-MS and TRLIF
experiments demonstrated that CaM-M2c has lost its affinity for calcium, in the stud-
ied concentration range 0.1 to 1 000 µM, but has retained the affinity for the two lan-
thanide ions, with 3.5 ±1 and 3.2 ±0.8 µM dissociation constants for terbium and eu-
ropium, respectively. Thus, mutation Glu25Asp results in the loss of the affinity for
calcium. This is most probably due to the larger binding cavity induced by the intro-
duced mutation. The electrostatic interaction between the negative charges of the
carboxylate groups and the positive charge of the metal cation is, in this case, the
driving force for the co-ordination of the lanthanide ions.

13.3.6
Uranium Binding

In nuclear power plants, uranium is a source of highly toxic waste in its UO2
2+ uranyl

form. The main difficulty in studying uranyl compounds stems from the fact that, in
water and at pH 6.5, several uranium species coexist (Grenthe et al. 1992). In order to
test the ability of calmodulin derived peptides to bind this metal, four equivalents of
uranyl nitrate were added to a 5 µM solution of CaM-M1c in a H2O/NH3 solution,
pH 6.5, and an ES-MS spectrum was then recorded before and after the addition of
the metal. This analysis clearly shows the presence of new species in solution with
769, 988 and 1 317 mass-charge ratio (m/z) (Fig. 13.4). This is in good agreement with
a compound of formula (CaM-M1c)(UO2

2+) in its different charge states. In solution,
the different uranium(VI) forms can be characterised by both the fluorescence spec-
trum and the corresponding fluorescence lifetime (Table 13.1).

The TRLIF experiment conducted in a 10 mM 2-[N-Morpholino]ethanesulfonic acid
aqueous buffer, pH 6.5, yields an emission spectrum with maximum wavelength at 466,
481, 495, 517, 541 and 566 nm. The lifetime of the fluorescent species was 6 µs. The TRLIF
spectrum is closed to that already reported for aqueous uranyl ion but with a different
lifetime (Moulin et al. 1998). The corresponding CD spectrum of a solution of CaM-M1c
in the presence of uranyl exhibits minima at 205 nm and 222 nm, suggesting the pres-
ence of helical ordered structure (Fig. 13.2). The same experiments carried out with
CaM-D1 showed the formation of a 1:1, peptide: metal complex (not shown).

At pH 6.5, the major (∼67%) species in solution is the hydroxo polynuclear complex
[(UO2

2+)3(OH)5]+. However, the introduction of peptide in solution leads to a new com-
plex bearing a UO2

2+ core. The identification of this complex is established by the shape
of the fluorescence spectrum, the short lifetime of the fluorescent species, and the ES-
MS experiment. We suppose that the hydroxo polynuclear cluster observed in aqueous
medium is the source of uranyl ion for the peptide chelatant, and that it decomposes
when the peptide is added. A dissociation constant can hardly be determined because
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of the coexistence in solution of various U(VI) species. With peptide CaM-M2c, how-
ever, no interaction of the compound with uranyl was detected, even when a large excess
of metal was added. Thus, while CaM-M1c and CaM-D1 co-ordinate an uranyl ion, no
such complex was detected with CaM-M2c. This is in good agreement with the larger
cavity in the binding loop induced by the Glu25Asp mutation.

Fig. 13.4. ES-MS spectrum of a 5 µM solution of CaM-M1c peptide in a H2O/NH3 mixture (pH 6.5)
before (above) and after (below) the addition of an excess of uranyl nitrate
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13.4
Conclusion

We have described the synthesis and determined the metal affinity of a new class of
cyclic peptides, corresponding to the isolated EF-hand of calmodulin site I. As re-
vealed by circular dichroism experiments, one of these peptides, CaM-M1c, in the
presence of calcium, cadmium, lanthanide ions, acquires in solution an ordered na-
tive-like conformation. The binding constants for these metal ions were determined
by spectroscopic methods, including circular dichroism (CD) and time resolved laser
induced fluorescence (TRLIF), and appeared to be similar to those described for the
native protein. This was confirmed by metal binding experiments on the entire first
domain of calmodulin. Interestingly, uranyl ions were found to tightly bind both the
disulphide stabilized peptide and the entire first calmodulin domain. This is the first
report of uranium binding to a calmodulin structure. Furthermore, we have shown
that affinity for some ions (e.g. lanthanide ions) can be modulated by a single muta-
tion in the peptide sequence. The study of new mutations to induce selectivity for
uranium and other metals, potential pollutants from nuclear plants, is currently un-
der study in our laboratory. The present data suggest that the calmodulin peptides
here described are promising models for the binding of toxic metals and for the de-
velopment of new specific biosensors or bioremediation approaches.
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Leaching of Selected Elements from Coal Ash Dumping

A. Popovic  ·  D. Radmanovic  ·  D. Djordjevic  ·  P. Polic

Abstract

Coal ash obtained by coal combustion in the “Nikola Tesla A” power plant in Obrenovac near Belgrade
(Serbia) is suspended in river water then carried by a pipeline to a dump. In order to predict the
leachability and possible environmental impact of selected elements due to ionic strength of river
water, we extracted coal ash with distilled water and 0.002 M–2 M solutions of KNO3. The results
show that changes in river water ionic strength could significantly influence pollution by calcium,
chromium and manganese ions, but not by zinc, nickel and copper ions. In the case of lead, magne-
sium, arsenic and iron ions it is difficult to predict the effects of ionic strength on pollution pro-
cesses in the vicinity of the dump. Further, pollution by cadmium ions is unlikely because extract-
able cadmium is not detectable within the applied ionic strength range.

Key words: coal ash, leaching, microelements, major elements

14.1
Introduction

On the basis of investigations of coal genesis, its composition, as well as general
characteristics of coal deposits, coal can be defined as a combustible sedimentary
rock, originating mainly (some coals are algal) from residues of terrestrial and aquatic
plants, and of minerals (<50%) (Wood et al. 1983). Chemical and physical charac-
teristics of coal are predetermined by the nature of precursor plants, the amount
of inorganic material, and by the nature, intensity and duration of the biochemical
and geochemical processes that are responsible for coal formation. All elements in
coal can be found in a variety of forms, which are responsible for the coal’s tech-
nological, economical, but also ecological impact. A series of physico-chemical trans-
formations take place during coal combustion in power plants, often changing
solubility and association patterns of various elemental species. The environmental
impact of coal ash production has at least two aspects: (a) emission and deposition
of enormous amounts of coal ash, polluting air, water and soil with ash particles
(including the problem of huge ash dumps); (b) leaching of microelements (includ-
ing toxic heavy metals), but also major cations and anions from ash by atmospheric
and surface waters. Here we report results obtained by extraction of coal ash with
distilled water and 0.002 M–2 M solutions of KNO3, in order to predict the leachabil-
ity and possible environmental impact of selected elements due to ionic strength of
river water used for transport of coal ash to the dump.
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14.1.1
Minerals in Coal

The inorganic coal component consists of discrete mineral fragments and variously
associated trace elements. Almost all natural elements have been found in coal
(Finkelman 1993), except some very rare elements like polonium, astatine, francium
and protactinium. In US coals, 79 elements have been identified, including about
63 weight% of carbon. The most abundant heavy metal is lead of 11 ppmw average
concentration, while ruthenium and osmium have been detected at trace levels of
about 1 ppbw (Finkelman 1993). Elements can be variously associated. For example,
antimony, lead, cadmium and selenium can be associated with sulfides and other
mineral and organic phases. Arsenic, cobalt and mercury, however, are commonly
associated with one sulfide mineral, pyrite, as shown in eastern Kentucky coal. Fur-
ther, association types may vary within the same deposit. Local irregularities occur in
the distribution of arsenic, lead, fluorine, mercury and cadmium in deposit in East
Siberia (Vyazova and Kryukova 1996), as well as for titanium (Kuehn and Kurzbach
1992). In coals containing less than 5% of ash, microelements mostly originate from
organic complexes, e.g. biotic V and Ni, whereas in coals enriched in ash, microele-
ments also originate from inorganic, mineral components.

14.1.2
Coal Combustion

During coal combustion, various transformations take place (Thompson and Argent
2002). The characteristics of ash depend on the nature of coal, on the temperature
of combustion, and on the amount of air, or oxygen, used for combustion (Tomasek
et al. 1995). For example, concentrations of vanadium, chromium, nickel and cobalt
do not change, while concentrations of copper, zinc, lead and selenium decrease with
the increase of combustion temperature (Tripathy and Sahu 1995). Most organic
components are oxidized, while inorganic elements behave differently, depending
on their physico-chemical characteristics and on types of their association in the
coal. Some of the elements are predominantly evaporating, while others are mainly
being concentrated in the ash like arsenic, copper, cadmium, lead and zinc (Alvarez
Rodrigez et al. 1995).

14.1.3
Environmental Impact of Coal Treatment

Coal ash production raises two major concerns: first, the emission and deposition
of huge amounts of coal ash, thus polluting air, water and soil with ash particle, nota-
bly in the case of ash dumps; and, second, the leaching of microelements (such as toxic
heavy metal ions) and other elements from ash by atmospheric and surface waters.
Coal ash can, thus, pollute soil in the vicinity of plant due to leaching of radionuclides
and other inorganic and organic pollutants. It also represents a threat for water sources
due to radioactive (Vukovic et al. 1996) and heavy metal contamination (Glazer et al.
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1995). This pollution can have tragic consequences for the ecosystem, like in the
accident that occurred in Slovenia (Tamse 1995). Leaching of trace and major
elements from different substrates, including coal ash, can be influenced by different
factors such as pH (Chen and Lin 2001) or complexing capability of the reagent (Sun
et al. 2001). One of the mechanisms of heavy metal mobilization is due to changes of
ionic strength, whose variations in the aquatic environment will necessarily cause
ionic exchange reactions on the ash particles (Wang et al. 1996). It should be expected
that the increase of ionic strength of the extractant will enhance ion-exchange pro-
cesses.

14.1.4
Coal Ash Environmental Issues in Serbia

The Power Plants “Nikola Tesla” (“TENT-A”, “TENT-B”) in Obrenovac, Serbia, use
lignite from the Kolubara Basin. The plants are located on the Sava River, 30–50 km
upstream from Belgrade. The plants have a total power of 2.9 × 109 W. The lignite
has lower caloric power between 6 and 8 × 106 J kg–1, 45–53% average moisture and
10–23% ash content. The maximum daily consumption of coal in Obrenovac is about
9 × 107 kg, and under these conditions, the amount of obtained ash is estimated to be
approx. 1.7 × 107 kg d–1. The ash is being suspended in water (1/10, w/w) taken from
River Sava, and transported through pipelines to the dump. The ionic strength of River
Sava mostly varies between 0.005 and 0.02, depending mainly on discharge. Excess
water leaves the dump after the transport and becomes infiltrated into the surround-
ing alluvial formation. The dump of TENT-A is divided into three cassettes, one ac-
tive, currently being filled of 1.1 km2, and two passive cassettes, encompassing a total
area of 2.9 km2. The cassettes of TENT-B encompass 2 km2 each. We have studied the
ash obtained by coal combustion in the “Nikola Tesla A” power plant from the
ecochemical standpoint (Polic et al. 1998; Polic et al. 1999; Popovic et al. 1998; Popovic
et al. 2000; Popovic et al. 2001). The major pollutants originating from the ash trans-
port and dumping process are chromium, arsenic and nickel (Polic et al. 1998). Con-
cerning trace element associations, we have found that nickel and chromium are
primarily associated with magnesium alumosilicates, whereas copper, arsenic and lead
are associated with both calcium and magnesium alumosilicates (Popovic et al. 1998).
Oxides of iron and manganese seem to be the dominant substrates of chromium and
nickel (Polic et al. 1999).

14.2
Experimental

Ash samples were extracted 18 h at 20 °C  by distilled water and 0.002–2 M solutions
of KNO3 at pH 7. The solid:liquid ratio was 1/10, w/w. The residue was washed with
water, the combined extracts and washings were filtrated and analyzed by atomic
absorption spectroscopy (“SpectrAA-20+, Varian”) at the following wavelengths:
285.2 nm (Mg), 422.7 nm (Ca), 357.9 nm (Cr), 279.5 nm (Mn), 248.3 nm (Fe), 232.0 nm
(Ni), 324.7 nm (Cu), 213.9 nm (Zn), 193.7 nm (As), 228.8 nm (Cd), 217.0 nm (Pb).
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14.3
Results and Discussion

As shown in Table 14.1, all elements, with the exception of cadmium, were extracted
in detectable concentrations, most of them already at ionic strength values which are
common for river water. Also, the leachability of elements, in general, increases with
ionic strength. For example, extractable calcium, manganese (Fig. 14.1) and chromium
are elements showing logarithmic dependence on ionic strength over the entire ex-
amined range. There are also significant positive correlation between concentrations
of these elements and applied KNO3 concentrations at low ionic strengths, which clearly
indicates that low ionic strengths (like in river water) are already responsible for ex-
traction of these elements.

Leachable lead, nickel and zinc show an overall logarithmic dependence on the
ionic strength (Fig. 14.2). This is always a relatively reliable indication of surface ad-
sorption of trace elements on substrates. However, it should be noted, that in the range
of ionic strength values common for Sava water, extracted lead is close to the detec-
tion limit, which aggravates drawing of conclusions concerning its behavior, while in
cases of nickel and zinc, a logarithmic dependence is evident only for higher values.

The remaining four examined elements do not show regularities like lead, zinc and
nickel, and especially not like calcium, chromium and manganese, but for most of
them relatively low ionic strengths are sufficient for their extraction (except for cad-
mium). Magnesium concentrations approach asymptotic values at KNO3 concentra-
tions of 0.5 and higher. Concentrations of iron, copper and arsenic are linearly in-
creasing starting with ionic strengths of 0.2 (iron and arsenic), or 0.5 (copper). At

Table 14.1. Concentrations of elements (ppmw) found in extracts of different ionic strength. The bold
numbers represent ionic strengths occurring in river water; n.d.: not detectable concentrations below
detection limit
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lower concentrations of the extractant, it is hardly possible to give predictions on the
extractability for iron and arsenic, while the concentration of copper becomes almost
constant before the concentration of KNO3 reaches 0.1.

Fig. 14.2. Pb concentration extracted by aqueous solutions of KNO3 at increasing ionic strength

Fig. 14.1. Mn concentration extracted by aqueous solutions of KNO3 at increasing ionic strength
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Knowing the annual amount of coal ash produced in the “Nikola Tesla A” power
plant (2.2 × 106 t), the range of ionic strength values of river Sava (0.005–0.02), as well
as the dependencies of element extractabilities on ionic strength, it might be possible
to roughly estimate the pollution effects caused by ionic strength only (Table 14.2),
but the overall pollution should be regarded as quantitatively very significant (except
for cadmium).

14.4
Conclusions

On the basis of leaching experiments of coal ash from “Nikola Tesla A” power plant it
can be stated that:

■ calcium, chromium, manganese and lead leachabilities depend logarithmically on
the ionic strength of the applied extractant. The amounts of extracted zinc, nickel
and copper are close to constant for low ionic strength, while, in general, they re-
veal logarithmic (zinc, nickel), or linear dependence (copper). Concentrations of
extracted magnesium, arsenic and iron do not show regularities at low ionic
strength, while in general, there is an increase of element extractability;

■ extractable cadmium is not detectable within the applied ionic strength range.
■ correlations reveal different mechanisms of element sorption/desorption mecha-

nisms from the ash matrix;
■ in most cases, ionic strength similar to those existing in river water are sufficient for

a significant mobilization of trace elements, hence, natural desorption processes should
be responsible for a relevant pollution of surrounding surface and ground waters.
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Storm-Driven Variability of Particulate Metal
Concentrations in Streams of a Subtropical Watershed

V. L. Beltran  ·  E. H. De Carlo

Abstract

Extensive urbanization in Hawai‘i, and Honolulu in particular, during the 20th century presents an
opportunity to examine the effects thereof upon the storm-driven transfer of terrestrial material from
the land to the ocean. This contribution focuses on the variability of Pb, Zn, Cu, Ba, Co, As, Ni, V, and Cr
concentrations in streams during storm events in the small subtropical Ala Wai Canal Watershed in
Honolulu, O‘ahu. As expected, a comparison of metal loads for particulate and dissolved phases re-
vealed the dominance of suspended particulate matter as a means of metal transport through the
watershed. Particulate Pb, Zn, Cu, Ba, and Co displayed enhanced concentrations and elevated particu-
late loads during storm flow in the urbanized lower watershed. Enrichment of these metals likely derives
from automotive or industrial-related sources. Agricultural fertilizer use in conservation areas, particu-
larly the association of As with phosphate, appears to be responsible for an upper watershed enrich-
ment of particulate As concentrations and loads. Storm-derived concentrations and loads of particu-
late Ni, V, and Cr exhibited a relative spatial invariance throughout the watershed, suggesting prima-
rily mineralogical controls on their distributions. Principal components analysis (PCA) was applied to
the particulate metal concentrations from samples collected in both the upper and lower portions of
the watershed. PCA established eigenvalues explaining 77% of the total variance and separated par-
ticulate metals into two distinct factors. Factor 1 elements, including particulate Pb, Zn, Cu, Ba, and Co,
were interpreted to represent metals exhibiting anthropogenic enrichment in the urban watershed.
The association of particulate As, Ni, V, and Cr within Factor 2 likely denotes metals whose concentra-
tions do not display enhancements in urban segments of the watershed. Examination of solid phase
metal concentrations during a “Kona” storm (offshore low-pressure system) revealed that the down-
stream transport of relatively unimpacted upper watershed material during tradewind-derived rains
results in an approximately 3-fold dilution in the urban concentrations of Pb, Zn, and Cu.

Key words: Hawai‘i, subtropical, watershed, storm runoff, suspended particulate matter, trace metals,
anthropogenic

15.1
Introduction

15.1.1
Background

Storm-driven freshwater pulses, or freshets, dominate the transfer of terrestrial mat-
ter from the land to the coastal ocean in subtropical islands. Associated with this highly
episodic delivery of sediment may be anthropogenic material especially that which is
derived from non-point source pollution. Potentially enriched in metals such as lead,
copper, and zinc (e.g. Sansalone and Buchberger 1997; Sutherland and Tolosa 2000),
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urban particulate material can be mobilized by freshets and flushed to the near-shore
environment, impacting biota through biomagnification and bioaccumulation (e.g.
Tinsley 1979). Ingestion of solids may also pose greater dangers, as metals are more
highly concentrated in this form (Luoma 1989).

Whereas the impact of anthropogenic inputs across the continental land-ocean
interface in temperate climates has been well studied (e.g. Rivera-Duarte and Flegal
1994; Hollibaugh 1996), similar inputs to subtropical coastal environments have not
been as clearly examined. A fundamental distinction between temperate environments
and subtropical Hawai‘i is the origin and nature of soil and the resultant sediment.
Owing to the high weathering rates and erosion potential of basalt, the volcanic land-
scape in Hawai‘i is characterized by heavy loads of suspended particulate matter (SPM)
during storm events (Tomlinson and De Carlo 2001; Hoover 2002). Further, weather-
ing under persistent warm and moist conditions produces lateritic soils rich in iron
and aluminum oxides, which act as efficient scavengers of metals (e.g. Sposito 1984).

The pairing of high-relief topography and intense episodic rainfall in Hawai‘i en-
ables an efficient examination of the temporal and spatial evolution of material as it
traverses the land-ocean divide. On the island of O‘ahu, slopes greater than 20% occur
on 45% of the land (Juvik and Juvik 1998) and rainfall ranges upwards of 700 cm per
annum (Giambelluca et al. 1986) with intensities up to 76 mm in 1 h. Rapid changes in
hydrographic conditions, due to high rainfall and the natural focusing effect created by
steeply sloped watersheds, establish an ideal scenario for the study of event-based ter-
restrial mass transfer.

The intersection of watersheds with increasingly urbanized areas also provides an
opportunity to investigate how land use affects the composition of SPM. Extensive urban-
ization of O‘ahu, and Honolulu in particular, during the late 20th century magnifies the
importance of freshets in transferring anthropogenic material to the coastal ocean. De
Carlo and Spencer (1995, 1997) and De Carlo and Anthony (2002) have unraveled records
of anthropogenic input to estuarine sediments in the Ala Wai Canal in Honolulu. Repre-
senting a potential flux into watershed streams, road-deposited sediments and soils in
Honolulu have been found to contain elevated metal concentrations (Sutherland and Tolosa
2001; De Carlo and Anthony 2002). Finally, isotopic studies of Pb in suspended sediment
and soils revealed shifts in isotopic composition consistent with changing contributions
from natural and anthropogenic sources (Spencer et al. 1995; De Carlo and Spencer 1997).

Because of an economic reliance on the quality of the tropical coastline, local (City
and County of Honolulu Department of Public Works), State (Department of Health-
Clean Water Branch, Department of Land and Natural Resources), and Federal agen-
cies (EPA, USGS, NOAA) are highly interested in quantifying and understanding the
fate and potential impacts of terrestrial mass transfer on the coastal ocean. Although
the transport and impact of nutrients on coastal Hawaiian waters has been thoroughly
studied (e.g. Mackenzie and Hoover unpublished data), quantitative investigations of
metals associated with terrestrial mass flux have yet to be undertaken. This study, moti-
vated by a lack of well-constrained data, initiates the process by characterizing the evolv-
ing relationship between storm event mass transfer and metal fluxes, both natural and
anthropogenic, as streams flow through a subtropical watershed.

The objectives of this study were: (1) to measure time-variant concentrations of
trace metals in streams during storms, (2) to determine the relative importance of
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natural and anthropogenic sources of particulate metals, (3) to calculate loads for
individual storms, and (4) to characterize temporal and spatial relationships between
mass transport and metal input.

15.1.2
Study Area

The Ala Wai Canal Watershed lies landward of Waikiki in Honolulu, O‘ahu and en-
compasses Manoa and Palolo Valleys and its surrounding mountainous ridges
(Fig. 15.1). Extending ~9 km from the ocean to the watershed divide with elevations
ranging from 914 m to sea level, yearly rainfall varies from 50 cm along the coast in
Waikiki to 450 cm on the ridges in the back of Manoa Valley (Giambelluca et al. 1986).
This small subtropical watershed (48.7 km2) is comprised of both urban (~55%) and
conservation (~45%) regions with the latter harboring minimal agriculture. More than
200 000 residents occupy the watershed and vehicular traffic ranges upwards of
250 000 daily trips (Dashiell 1997).

Storm waters were collected at two stations in upper and lower segments of the Ala
Wai Canal Watershed. Station Waikeakua (WK), named for a flashy mountain stream,
is a sampling site situated on conservation lands in the upper reaches of Manoa Valley,
upstream of urban activity (Fig. 15.1). Located ~2 km downstream from the watershed
divide at an elevation of 90 m a.s.l., samples taken at station WK (a tributary to Manoa
Stream) were hypothesized to most closely reflect “natural” conditions. Situated in a
modified channel underlain by ancient reef limestone, station Kaimuki High School
(KHS) is located ~8.5 km downstream from the watershed divide at an elevation of less
than 1 m and anchors the lower urban watershed (Fig. 15.1). Station KHS is also posi-
tioned ~0.5 km below the confluence of Manoa and Palolo Streams (draining Manoa
and Palolo Valleys, respectively) and ~200 m of the Ala Wai Canal Estuary. Samples
collected from station KHS reflect material input from local urban surroundings as
well as material carried downstream from conservation areas of the watershed.

15.2
Experimental

15.2.1
Sample Collection

Storm water samples were collected by ISCO® sequential samplers triggered by rising
water level (stage) above a preset level. Samples were drawn through Teflon tubing into
pre-cleaned 0.5-l high density polyethylene (HDPE) bottles at 30-minute intervals
throughout the hydrograph of any storm with sufficient magnitude to exceed the trig-
ger height. Automated sampling ceased when stage decreased below the preset trigger
level or sample bottles were filled. Due to the unique and variable nature of local rain-
storms (flashy to extended) and, at times, the exhaustion of available sample bottles,
sample coverage varied for each event (Table 15.1). During the period of 19 October
1999 to 3 November 2000, automated collection yielded paired samples at stations WK
and KHS for nine storm events in the Ala Wai Canal Watershed (Table 15.1).
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Fig. 15.1. Map of O‘ahu (left panel) and the Ala Wai Canal Watershed (right panel) with sampling stations indicated
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15.2.2
Sample Processing and Analysis

Adapted from techniques of Gélinas et al. (1998), storm water samples were filtered to
separate dissolved and particulate phases, followed by leaching of the solid phase in
acid solution. Samples were filtered through a 0.22 µm membrane and collected par-
ticles were dried to a constant weight to determine the mass of suspended particulate
matter (SPM). The filtrate was acidified and retained for determination of dissolved
metal concentrations. Dried SPM and membranes were placed in high-pressure Teflon
digestion vessels and treated with 2 ml H2O2 (30%, certified ACS) for organic matter
decomposition. Particulate samples were then leached with 3.5 ml 15N HNO3 using a
CEM Model MDS-2100 microwave. Undissolved SPM remaining after leaching was
removed by a second filtration through a 0.22 µm membrane, and the soluble leached
fraction was diluted to a known mass with quartz-distilled 0.3N HNO3.

Leaching of SPM yields distinct advantages over total particulate dissolution. Acid
leaching releases to solution adsorbed components and easily solubilized metal ox-
ides, leaving behind the resistant detrital fraction. Because aquatic organisms are
typically only exposed to this easily released fraction, the toxicity of SPM should be
primarily assessed from the concentrations of potential toxicants present in the leach-
able fraction (Gélinas et al. 1998). It should be noted that the 15 N HNO3 leach used in
this study represents a “worst case environmental scenario” in which all possible la-
bile constituents are leached and only the most refractory constituents remain in the
solid phase (Lorentzen and Kingston 1996; Gélinas pers. comm.).

Appropriate dilutions of leached fractions were analyzed for a suite of trace elements,
including Pb, Zn, Cu, Ba, Co, As, Ni, V, and Cr, by inductively coupled plasma mass spec-
trometry (ICP-MS) using a VG Model PQ-2S (e.g. Wen et al. 1997). Analysis of a similar
suite of dissolved trace elements in acidified storm water filtrate was carried out by flow
injection analysis (FIA) in line with ICP-MS (De Carlo and Resing 1998). A series of aque-
ous multi-element standards produced by dilutions of a commercial stock solution (VG

Table 15.1.
Sample coverage at sampling
stations in the upper (Waikea-
kua-WK) and lower (Kaimuki
High School-KHS) Ala Wai Ca-
nal Watershed, O‘ahu, Hawai‘i
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ICPMS-2A) were used for instrument calibration, while analytical drift correction was
achieved by monitoring the signal intensity of internal standards spanning the elemental
mass range. Analysis of several standard reference materials (particulate analysis: USGS
T-129 and T-155 water samples, NRC MESS-1 marine sediment; dissolved analysis: NRC
CASS-3 and SLRS-3 water samples) in conjunction with storm samples provided quality
control. Principal components analysis (PCA) was applied to the combined particulate
metal concentrations of samples collected at both the conservation and urban stations to
determine statistical relationships between quantitative variables.

15.3
Results and Discussion

15.3.1
Enrichment Factors

To better delineate variations in particulate metal concentrations in the Ala Wai Canal
Watershed, enrichment factors were calculated for Pb, Zn, Cu, Ba, Co, As, Ni and Cr
with respect to particulate V. V was chosen as a basis for normalization because, as will
be demonstrated, concentrations at both sampling stations were relatively similar. Based
on average metal concentrations at stations WK and KHS (Table 15.2), enrichment fac-
tors (Table 15.3) were calculated using the following formula:

Enrichment factors greater than one indicate urban enhancement, while factors
less than one indicate enrichment in conservation lands. Enrichment factors near one
denote relatively similar concentrations throughout the watershed.

15.3.2
Mineralogical Input

Concentrations of solid phase Ni, V, and Cr displayed overlapping values throughout
the Ala Wai Canal Watershed (Table 15.2 and Fig. 15.2a–c). Not surprisingly, Table 15.2
and Fig. 15.2a–c also reveal that the variability in concentrations of particulate Ni, V,
and Cr was comparable in upper (Ni RSD = 10%, V RSD = 17%, Cr RSD = 16%) and lower
(Ni RSD = 12%, V RSD = 15%, Cr RSD = 10%) segments of the watershed. (Relative stan-
dard deviation (RSD) refers to ±1σ .) While the range of concentrations for these metals
was relatively similar at both stations, mean concentrations of Ni, V, and Cr at station WK
were slightly higher than those at station KHS (Table 15.2 and Fig. 15.2a–c).

The narrow yet scattered range of Ni, V, and Cr concentrations (Table 15.2 and
Fig. 15.2a–c) during storms suggests a watershed distribution that is predominantly a
function of mineralogical control. As shown in Table 15.3, enrichment factors (normalized
to V) near one for particulate Ni (mean EF = 1.03) and Cr (0.94) indicate a relatively uniform
primary source of these metals. With Ni, V, and Cr concentrations in Ko‘olau basalt as high
as 1 121 mg kg–1, 277 mg kg–1, and 894 mg kg–1, respectively (Frey et al. 1994) (Table 15.4),
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Fig. 15.2. Particulate concentrations (mg kg–1) of a Ni, b V, c Cr, d Pb, e Zn, f Cu, g Ba, h Co, and i As
at stations WK and KHS
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the physical and chemical weathering of basalt likely represents the most important wa-
tershed source for these metals. Similar scatter in Ni, V, and Cr concentrations in conser-
vation and urban areas (Table 15.2 and Fig. 15.2a–c) is also consistent with a relatively
homogeneous source of these elements throughout the watershed.

Higher mean concentrations of Ni, V, and Cr in SPM collected in conservation lands
(Table 15.2 and Fig. 15.2a–c) may be the result of varying physiographic conditions
throughout the watershed. Because the steep topography and fast currents in the upper
watershed maintain larger particles in suspension than the slower currents present in
the lower watershed, particles collected at station WK contain coarse grains of un-
weathered primary volcanic mineral particles, e.g. olivine, pyroxene. Finer particles
carried by slower currents in the lower sections of the watershed include more clay
minerals, which contain slightly less Ni, V, and Cr.

15.3.3
Anthropogenic Input

During storm events in the Ala Wai Canal Watershed, urban concentrations of par-
ticulate Pb, Zn, Cu, Ba, and Co displayed values exceeding those observed in SPM
from conservation areas (Table 15.2 and Fig. 15.2d–h). Exhibiting mean enrichment
factors greater than 1, Pb (mean EF = 5.58) displayed the strongest urban enhance-
ment in the lower watershed, followed in order by Zn (2.47), Ba (2.14), Cu (1.63), and
Co (1.49) (Table 15.3). Marked “first flush” effects, in which the highest concentrations
are observed prior to peaks in stream flow and suspended solids, were also apparent

Table 15.3. Mean enrichment factors for particulate metals (normalized to V)
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for particulate Pb, Zn, and Cu (Fig. 15.3a–c) and to a lesser extent for Ba and Co
(Fig. 15.3d–e). Variability in concentration for Pb, Zn, and Cu was much lower in
samples collected in the upper watershed compared to lower watershed samples
(Table 15.2 and Fig. 15.2d–f). This, however, was not the case for Ba and Co as concen-
trations for both metals displayed similar variability at stations WK and KHS
(Table 15.2 and Fig. 15.2g–h).

15.3.3.1
Pb

Solid phase Pb displayed significant urban enrichment (mean EF = 5.58) in the Ala Wai
Canal Watershed (Table 15.3). Representing near background values for Hawai‘i (e.g. Li
1996), the mean particulate Pb concentration in samples collected at station WK in the
upper watershed was 23 mg kg–1 ±27% (Table 15.2 and Fig. 15.2d). In contrast, SPM
collected at station KHS showed an average Pb concentration of 114 mg kg–1 ±89%
(Table 15.2 and Fig. 15.2d), exceeding the mean conservation value by a factor of 5.

SPM from the upper watershed consists of material primarily derived from conser-
vation areas containing relatively low concentrations of Pb. Particulate concentrations
of Pb at station WK (Table 15.2 and Fig. 15.2d) displayed values comparable to Pb con-
centrations in relatively uncontaminated Big Island soils (Halbig et al. 1995; Li 1996)
and within the larger range of Pb concentrations (near 0 to 75 mg kg–1) observed by De
Carlo and Anthony (2002) in agricultural and conservation soils from Manoa and Palolo
Valleys (Table 15.4). On the other hand, particulate matter in the lower watershed en-
compasses a much broader range of material, including eroded soils from both conser-
vation lands and intermediary areas upstream of station KHS, as well as input of eroded
Pb-rich urban soils (up to 900 mg kg–1) and road-deposited sediments (210 to
338 mg kg–1) (Sutherland and Tolosa 2000; De Carlo and Anthony 2002) (Table 15.4).

The high variability of particulate Pb concentrations in the lower watershed
(Table 15.2 and Fig. 15.2d) is also consistent with anthropogenic input. At station KHS,
elevated concentrations of particulate Pb during the early stages of storms (Fig. 15.3a)
represent a “first flush” of easily mobilized material, such as road-deposited sediment
(Sutherland and Tolosa 2000) or contaminated residual soils (De Carlo and Anthony
2002), containing large contributions of anthropogenic Pb. As the storm progresses
and rising stream flow mobilizes larger volumes of terrestrial mass, the local supply
of anthropogenic Pb is depleted and becomes diluted by relatively Pb-poor SPM origi-
nating from conservation areas of the watershed.

Although many metals can be enriched in maturing soils relative to the parent
rock due to the presence of metal-scavenging aluminum and iron hydroxides (Hayes
and Leckie 1986; Erel et al. 1990), this natural process is likely overshadowed by the
prevalence of anthropogenic sources in urban areas. Despite the phasing out of leaded
gasoline in the late 1970s and its final elimination in Hawai‘i in 1989 (State of Hawai‘i
Department of Business and Economic Development – as referenced in De Carlo and
Spencer 1997), aged watershed soils still contain significant burdens of Pb that repre-
sent “averaged” anthropogenic input over the past half-century (Spencer et al. 1995).
In particular, roadside watershed soils are often incorporated into street runoff and
stream flow during storm events (e.g. Geschwind 2000; Sutherland and Tolosa 2000;



164 V. L. Beltran  ·  E. H. De Carlo

Pa
rt

 II

De Carlo and Anthony 2002). Another potentially important anthropogenic Pb source
may stem from the use of lead-based paint especially in older residential neighbor-
hoods, such as exists in Manoa and Palolo Valleys. Particulate matter derived from
lead-based paint mixes with soils that can also be eroded and transported to streams
by high intensity rainstorms.

Fig. 15.3. Stream flow (l s–1) and time-variant concentrations (mg kg–1) of particulate a Pb, b Zn, c Cu,
d Ba, e Co at station KHS and particulate f As at station WK during the 2–3 November 2000 storm
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15.3.3.2
Zn and Cu

Particulate concentrations of Zn and Cu in lower segments of the watershed also
exhibited urban enrichment (mean Zn EF = 2.47, mean Cu EF = 1.63), though to a lesser
extent than was observed for Pb (Table 15.3). The mean solid phase Zn concentration
of 424 mg kg–1 ±59% observed at station KHS was 2.3 times greater than the mean
concentration of 193 mg kg–1 ±21% in SPM from station WK (Table 15.2 and Fig. 15.2e).
Average urban concentrations of particulate Cu (223 mg kg–1 ±32%) also displayed a
value that was elevated with respect to the average concentration observed in conser-
vation lands (154 mg kg–1 ±8%) (Table 15.2 and Fig. 15.2f).

As noted for Pb, the range in particulate concentrations of Zn and Cu was larger
in urban segments of the watershed compared to conservation areas (Table 15.2 and
Fig. 15.2e–f), consistent with pulsed urban input at station KHS. This variability dur-
ing storm events can be largely explained by a “first flush” effect (Fig. 15.3b–c) in which
the local flux of easily mobilized anthropogenic Zn and Cu diminishes as the storm
progresses, and is subsequently diluted by large quantities of relatively Zn- and Cu-
poor SPM originating upstream of station KHS.

Particulate concentrations of Zn and Cu from the upper watershed station (Table 15.2
and Fig. 15.2e–f) compare well with values for relatively pristine Big Island soils (Halbig
et al. 1995; Li 1996) and agricultural and conservation soils from Manoa and Palolo
Valleys (De Carlo and Anthony 2002) (Table 15.4), indicating little contamination of
these metals in conservation lands. The incorporation of road-deposited sediments
and urban soils at station KHS, however, provide a particularly potent urban source of
Zn and Cu in lower segments of the Ala Wai Canal Watershed. Total particulate Zn and
Cu concentrations in road-deposited sediments collected in Manoa Valley display val-
ues as high as 700 mg kg–1 and 430 mg kg–1, respectively (De Carlo unpublished data)
(Table 15.4). As shown in Tables 15.2 and 15.4, Zn and Cu concentrations in SPM col-
lected at station KHS also fall within the range observed for urban Manoa soils (De
Carlo and Anthony 2002). Owing to their presence in both brake pads (Armstrong 1994)
and tires (Sadiq et al. 1989), increased particulate concentrations of Zn and Cu in the
urban environment are likely characteristic of intense automotive use. Release of these
metals from brake pad and tire wear and their mobilization into streams via road
deposited sediment and roadside soils renders them of special concern in Hawai‘i, largely
because storm water is untreated and flows directly into water ways.

15.3.3.3
Ba and Co

While urban enrichments were also observed for solid phase Ba (mean EF = 2.14) and
Co (1.49) (Table 15.3), intra-station variability for these metals was similar at stations
WK (Ba RSD = 15%, Co RSD = 20%) and KHS (Ba RSD = 15%, Co RSD = 15%)
(Table 15.2 and Fig. 15.2g–h). This contrasts with the much greater variability noted
for particulate Pb, Zn, and Cu in the urban watershed relative to conservation areas
(Table 15.2 and Fig. 15.2d–f). The comparable variability in Ba and Co concentrations
at both watershed stations can be attributed to the dampened “first flush” effect for
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these metals at station KHS (Fig. 15.3d–e), suggesting a less significant input of Ba-
and Co-rich SPM during the initial stages of storms and that sources of Ba and Co
may be separate from those of Pb, Zn, and Cu.

Solid phase concentrations of Ba and Co reflect the different potential source ma-
terials in conservation lands and urban areas. In the upper Ala Wai Canal Watershed,
concentrations of particulate Ba and Co (Table 15.2 and Fig. 15.2g–h) lie within the range
for Ko‘olau Basalts collected near Honolulu (Ba: 34–149 mg kg–1, Co: 37–88 mg kg–1)
(Frey et al. 1994) (Table 15.4), suggesting a natural source for these metals at station
WK. The higher mean urban concentrations of Ba (242 mg kg–1) and Co (63 mg kg–1)
at station KHS (Table 15.2 and Fig. 15.2g–h), however, more closely resemble values
observed by De Carlo (unpublished data) in road-deposited sediment (Table 15.4). Fossil
fuel burning, vehicular exhausts, and its presence in a variety of alloys represent po-
tential urban sources for Co (Smith and Carson 1981), while potential sources of Ba
include fossil fuel and coal combustion (Miner 1969; Davis 1972) and the degradation
of paint, bricks, tiles, glass, and rubber (Bodek et al. 1988; Venugopal and Luckey 1978).

15.3.4
Agricultural Input

Displaying an enrichment factor less than one (mean EF = 0.46) (Table 15.3), concen-
trations of As were substantially elevated in SPM collected in conservation lands rela-
tive to samples from the urban environment (Table 15.2 and Fig. 15.2i). As observed in
Table 15.2 and Fig. 15.2i, the mean concentration of solid phase As in the upper seg-
ments of the watershed (66 mg kg–1 ±42%) exceeded the mean urban particulate As
concentration (27 mg kg–1 ±53%) by a factor of 2.3. A strong “first flush” of As was also
restricted to the upper watershed (Fig. 15.3f), yet the variability of As concentrations
in SPM was similar at both stations WK and KHS (Table 15.2 and Fig. 15.2i).

Elevated particulate concentrations of As at the conservation station (Table 15.2
and Fig. 15.2i) may reflect the small extent of agricultural land use present in upper
segments of the Ala Wai Canal Watershed. For example, De Carlo and Dollar (1997)
observed significant As enrichment in Maui soils to which super-phosphate was ap-
plied. It is tempting to hypothesize that the application of such fertilizers by several
flower farms located immediately upstream of station WK could contribute highly-
mobile As to easily eroded surface soils, which can be subsequently transported dur-
ing early stages of freshets. The strong “first flush” effect observed for particulate As
concentrations in the upper watershed is consistent with this scenario (Fig. 15.3f).

Particulate As values observed at station WK (Table 15.2 and Fig. 15.2i) are defined
by a mixture of sediment from conservation areas harboring low concentrations of As
and a local agricultural input enriched in As. With little agricultural land use in the
urban watershed, concentrations of As during storm events remain relatively low in the
lower sections of the watershed (Table 15.2 and Fig. 15.2i). Urban concentrations of
particulate As may simply reflect the seaward transport of upper watershed SPM, as
evidenced by the comparable variability in As concentrations at both stations WK
and KHS (Table 15.2 and Fig. 15.2i) and the general absence of a “first flush” at station
KHS. Mean concentrations of As in SPM collected in the lower watershed (Table 15.2
and Fig. 15.2i) are slightly higher than As concentrations observed in Manoa Valley
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road-deposited sediments (10 mg kg–1) and forested soils (2.3 mg kg–1) from unimpacted
reference areas (De Carlo et al. 2004), but within the range of 10 to 45 mg kg–1 observed
in other O‘ahu soils (De Carlo and Uehara unpublished data) (Table 15.4).

15.3.5
Principal Components Analysis

Principal components analysis (PCA) is used to examine statistical relationships be-
tween quantitative variables. These variables are grouped into several factors, which
account for a significant portion of variance (i.e. eigenvalues) of the original variables.
Extracted factors can, in turn, be interpreted based on the meaning of variables clumped
within. Factor loads and scores are estimated for each variable and varimax rotation is
used to maximize values in factor space, increasing the interpretability of each factor.

Applied to the particulate metal concentration data from all samples taken at both
stations WK and KHS, PCA generated eigenvalues accounting for 77% of the total
variance and separated quantitative variables into two principal factors. In Factor 1,
solid phase Pb, Zn, Cu, Ba, and Co were associated with each other (Fig. 15.4). Ele-
ments with high Factor 1 loads are marked by anthropogenic enrichments in concen-
tration in the lower urbanized watershed. Particulate As, Ni, V, and Cr were heavily
weighted in Factor 2 (Fig. 15.4). Factor 2-associated metals indicate elements that do
not display significant anthropogenic enrichment in the Ala Wai Canal Watershed.
Concentrations of these elements derive largely from a basaltic source of olivine and
pyroxene. Particulate As is most likely an exception, however, as it is the only element
in Factor 2 that displays a strong upper watershed enrichment (Table 15.3). Factor
analysis of solid phase metal concentration data from a multi-watershed study in
Hawai‘i positively correlates As and U in a third factor, which these authors interpret
to represent elements with an agricultural source.

Fig. 15.4.
Factor 1 and 2 loads for parti-
culate metals in the Ala Wai
Canal Watershed



168 V. L. Beltran  ·  E. H. De Carlo

Pa
rt

 II

PCA can also reveal distinct groupings of samples collected either in the upper or
lower Ala Wai Canal Watershed. Figure 15.5 shows factor scores for Factor 1 plotted
against Factor 2 for storm water samples from the conservation and urban sites. The
most obvious feature is the general lack of overlap with respect to Factor 1 scores (Pb,
Zn, Cu, Ba, Co) for samples collected at stations WK and KHS (Fig. 15.5). This separa-
tion reflects the enormous modifications in land use throughout the watershed, ex-
tending from relatively pristine areas at station WK to the highly urban environment
of station KHS, and the resultant impact on the chemical composition of SPM during
storms.

15.3.6
Urban Input during a “Kona” Storm

Although storm-derived particulate matter in the lower watershed generally consists
of urban input diluted by downstream particulate transport, the “Kona” storm event
of 19 October 1999 provided a scenario in which SPM collected in the lower water-
shed remained relatively unimpacted by upper watershed mass. Typical rainstorms
in the Ala Wai Canal Watershed are generated by the orographic uplift of northeast
trade winds and travel southwest from the mountains to the ocean. This results in a
stream flow peak at the more northerly station WK that temporally precedes the peak
in stream flow at station KHS (Fig. 15.6a). In contrast, “Kona” storms are generated by
a large low-pressure system over the southern portion of the Hawaiian Islands and
roughly travel north from the ocean to the mountains. As a result, peak stream flow
at the urban station precedes that at the conservation station during “Kona” storms.
During the 19 October 1999 “Kona” event, the peak in stream flow observed at
station KHS preceded peak flow at station WK by ~30 min (Fig. 15.6b).

Fig. 15.5.
Factor 1 and 2 scores for sam-
ples collected at stations WK
and KHS
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Samples collected in the lower segments of the Ala Wai Canal Watershed during

the early stages of the 19 October 1999 “Kona” storm likely contained much lower
amounts of conservation area-derived SPM than during a typical orographic storm.
Thus, particulate concentrations of metals at station KHS should reflect a nearly
undiluted urban metal input. Removal of the diluting effects of downstream trans-
port of relatively uncontaminated SPM resulted in mean particulate concentrations
of Pb, Zn, and Cu at station KHS that exceeded the 8-storm mean values (excluding
the 19 October 1999 event) by factors of 3.3, 2.8, and 1.9, respectively (Table 15.2 and
Fig. 15.7). Moreover, the highest storm-derived particulate concentrations of Pb
(612 mg kg–1), Zn (1 273 mg kg–1), and Cu (488 mg kg–1) were observed at the urban
station during the 19 October 1999 storm (Table 15.2). This suggests that typical oro-
graphic storm flow transport of SPM from the upper watershed results in a roughly
3-fold dilution of solid phase Pb, Zn, and Cu in urban areas. Although elevated concen-
trations of Ba and Co were generally observed in the lower watershed, similarly large

Fig. 15.6.
Stream flow (l s–1) during a an
orographic storm (5 September
2000) and b a “Kona” storm
(19 October 1999) at stations
WK and KHS. Also indicated
are sample collection times
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elevations in urban concentrations during the 19 October 1999 storm were not ob-
served (Table 15.2 and Fig. 15.7). Concentrations of Ba and Co during the “Kona Storm”
exhibited increases of only 28 and 4%, respectively, relative to their 8-storm mean
values (Table 15.2 and Fig. 15.7), further suggesting that urban sources of Ba and Co
may be different from those of Pb, Zn, and Cu. Displaying no urban enrichment,
concentrations of As, Ni, V, and Cr at station KHS remained similar to their respective
8-storm mean values during the 19 October 1999 storm (Table 15.2 and Fig. 15.7).

15.3.7
Particulate and Dissolved Metal Loads

Loads were calculated for particulate and dissolved metals (Tables 15.5 and 15.6) dur-
ing storms in the Ala Wai Canal Watershed. Because samples were generally collected
in 30-minute intervals during storms, load calculations assumed that stream flow, SPM
concentration, dissolved metal concentration, and particulate metal concentration
remained constant 15 min before and after the time of sample collection. Interpolated
values of dissolved and particulate metal concentrations were used when the sam-
pling interval exceeded one hour. In this manner, a rough integration of each storm
was undertaken and a metal load estimated.

Although metal loads varied widely between storm events due to large fluctua-
tions in metal concentration, SPM concentration, and stream flow, the solid phase
clearly dominated the transport of metals during storm events in the Ala Wai Canal
Watershed (Tables 15.5 and 15.6). Storm water analysis of dissolved Pb, Zn, Cu, Co, Ni,
and V revealed concentrations in the low µg kg–1 range, up to 6 orders of magnitude
less than particulate metal concentrations of the same metals (Table 15.2). The ob-
served partitioning of metals between the dissolved and solid phases was roughly
consistent with experimentally determined Kd values (Irving 1998). The large dispar-
ity between dissolved and particulate metal concentrations, as well as the large amount
of suspended sediment mobilized by storm flow, produced particulate metal loads
that far exceeded loads in the dissolved phase (Tables 15.5 and 15.6). Dissolved loads
at stations WK and KHS constituted less than 1% of their respective total (particulate
plus dissolved) loads (Tables 15.5 and 15.6).

Fig. 15.7.
Mean particulate metal con-
centrations (mg kg–1) during
“Kona” (19 October 1999) and
orographic storms at station
KHS
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Dominant geographic sources of individual elements during storms events can be
elucidated by the comparison of particulate metal loads derived from conservation
lands (above WK) and urban areas (below WK). Loads calculated at station WK rep-
resent conservation land-derived material. Because particulate matter in the lower
watershed typically reflects both urban particulate input and the downstream trans-
port of SPM, loads calculated at station KHS are assumed to reflect the total load for
the Ala Wai Canal Watershed. Thus, metal loads from areas downstream of station
WK are determined by taking the difference between the total load at station KHS
and the conservation land load at station WK. Elevated loads in the lower segments
of the watershed (Fig. 15.8) suggest an urban source for solid phase Pb, Zn, Cu, Ba, and
Co. Reflecting anthropogenic enrichment, urban loads for these metals accounted for
between 60 and 75% of their respective total loads (Fig. 15.8). With 86% of its total
load derived from areas upstream of station WK (Fig. 15.8), particulate As displayed
a considerable upper watershed source presumably associated with agricultural in-
put. Loads of solid phase Ni, V, and Cr indicated roughly equal metal fluxes in both the
upper and lower portions of the watershed (Fig. 15.8).

Table 15.6.
Dissolved metal loads
(g storm–1) at stations a WK
and b KHS. SD: standard devia-
tion, RSD: relative standard
deviation
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15.4
Conclusions

This study has quantified concentrations of Pb, Zn, Cu, Ba, Co, As, Ni, V, and Cr during
nine storm events in the Ala Wai Canal Watershed. Due to the extremely low concen-
tration of metals in the dissolved phase and the large quantity of SPM transported by
storm flow, a comparison of particulate and dissolved loads confirmed the expected
dominance of the solid phase as a carrier of metals across the land-ocean divide.
Dissolved metals comprised less than 1% of the total metal load (particulate and dis-
solved) in the Ala Wai Canal Watershed.

Reflecting urban land use, solid phase concentrations of Pb, Zn, Cu, Ba, and Co in
storm-derived SPM exhibited elevated concentrations at the lower watershed station
compared to values observed at the conservation site. Normalized to particulate V
concentrations (due to its relative invariance throughout the watershed), Pb displayed
the largest mean urban enrichment, followed in order by Zn, Ba, Cu, and Co. More-
over, particulate loads of these metals showed the presence of an urban flux roughly
two times greater than that from conservation lands. Anthropogenic sources of Pb,
Zn, Cu, Ba, and Co include automotive and industrial-related activities, although
sources of Ba and Co are likely separate from those of Pb, Zn, and Cu.

In contrast, particulate As displayed an upper watershed enrichment in the Ala
Wai Canal Watershed. Estimations of particulate As loads also indicated a much higher
metal flux originating from conservation lands relative to areas below station WK.
The upper watershed input of solid phase As is believed to be associated with the
agricultural use of super-phosphate fertilizer by several flower farms upstream of the
conservation site.

Displaying a relative spatial invariance throughout the Ala Wai Canal Watershed,
concentrations of Ni, V, and Cr may be primarily controlled by the natural mineral-
ogical release from the weathering of basalt. Solid phase loads of these metals exhib-
ited a relative balance between input from areas in the upper and lower watershed.

Applied to particulate metal concentrations from both stations WK and KHS, prin-
cipal components analysis (PCA) generated eigenvalues explaining 77% of the total

Fig. 15.8.
Percent of total particulate
metal and SPM loads coming
from areas above and below
station WK. Values are based
on cumulative 9-storm loads
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variance and separated variables into two distinct factors. Factor 1 elements (Pb, Zn,
Cu, Ba, and Co) are interpreted to represent metals with an urban anthropogenic source,
whereas Factor 2 includes elements (As, Ni, V, and Cr) whose concentrations are not
enhanced in the urban setting.

Sampling of a “Kona” storm, generated by an offshore low-pressure system, per-
mitted the collection of urban input relatively undiluted by SPM from conservation
areas. Higher concentrations of Pb, Zn, and Cu during the 19 October 1999 storm
relative to the 8-storm mean (excluding the 19 October 1999 event) suggest that par-
ticulate material transported from the mountains during typical orographic storms
dilutes the concentrations of these elements approximately 3-fold in urban sections
of the watershed.
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A Model for Predicting Heavy Metal Concentrations in Soils

L. Frolova  ·  A. Zakirov  ·  T. Koroleva

Abstract

In the absence of ‘a priori’ information about the probable distribution of heavy metals in soils, it is
relevant to carry out multiple parameter analyses of soil concentrations and to take into account a
variety of factors. A method was developed to group existing soil data from the Predvolgie region
of the Tatarstan Republic to forecast concentrations of heavy metals in similar soil environments.
The predicted concentration of heavy metals in soils is obtained by applying a model that com-
bines soil data using iterative statistical procedures of functional clustering and fuzzy sets. Currently,
researchers do not have enough data from experimental and field research to construct adequate
maps of soil pollution and estimates of the ecological state of the environment. Our proposed
method permits a preliminary solution of these problems.

Key words: soils, heavy metals, prediction model, functional clustering, fuzzy sets

16.1
Introduction

Accumulation of heavy metals in the atmosphere, soils, and waters of natural and
modified landscapes is a common problem for many countries. Soils can be consid-
ered as an integrated indicator of long-term pollution processes in an environment
reflecting the quality of soil, air and water resources. The influence of heavy metals
on the environment has increased with the increase of economic and industrial ac-
tivities in society, thus knowledge of the principles of spatial distribution of heavy
metals has become increasingly important.

Because soils are rather complex systems, it is useful to estimate several param-
eters in soils and to take into account a variety of factors in the absence of ‘a priori’
information on the probable distribution of heavy metals in soils.

Modern research is characterized by new approaches in the theory of image rec-
ognition, methods of finite mathematics, and criteria of multivariate statistics that
have influenced analytical methods to determine the spatial distribution of concen-
trations of heavy metals in soils. There have been two main approaches; a determin-
istic approach (Webster 1972; Stroganova et al. 1998), and a statistical approach
(Moiseenkov et al. 1995; Alexeyenko et al. 1995; Norris 1972). The first provides nu-
merical classification of soil taxa, and the later reveals functional dependencies be-
tween various soil parameters and the concentration of heavy metals. Most authors
suggest that soil parameters are strongly related to heavy metals in soils, although
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some positive relationships are rather general. We also try to find the correlation of
soil properties with Ni concentration using a standard method of multiple regression
and we did not find a functional dependence, as well as some local researchers. Thus,
it is necessary to continue to search for other forms of dependence and to develop
methods for their detection.

Two main points were considered in developing a method for predicting concen-
trations of heavy metals. Statistical calculations should be based on a minimum amount
of data. Collecting soil data is expensive and usually there are not many replicate
samples. For statistical stability of the conclusions it is necessary to take into account
that only a small number of samples are available and that finite population correc-
tions are usually necessary (Frolova and Zakirov 2002).

Soil science literature points out that soil is a complex object in terms of data
collection. Structural complexity, process dynamics, and uncertainty of parameter
values describing a condition, or state, of these processes are also integral properties
of soils. Because of the lack of mutually exclusive data classes, several authors have
found it effective to apply fuzzy set theory in an analysis of dynamic conditions of
some biological systems (Zadeh 1988; Frolova and Zakirov 1997).

16.2
Experimental

16.2.1.
Method of Grouping Soil Data

The prediction of heavy metal concentrations in soils is estimated with a method that
combines and evaluates existing soil and environmental data and uses iterative sta-
tistical procedures of functional clustering and fuzzy sets. The method is illustrated
with soil data for the total content of nickel.

A 10 × 10 km sampling grid was overlain on a general soil map of the region and
physical and chemical analyses were made for about 130 point samples. Parameters
for the heavy metal predictions consisted of selected physical and chemical data in-
cluding concentrations of soluble and total Ni, Pb, Cu, Zn, Cr, and Mn; and qualitative
estimates of ecological conditions and total heavy metal emissions to the atmosphere
obtained from maps prepared by the Institute of Ecology of Natural Landscapes,
Tatarstan Academy of Sciences. Values of heavy metals are missing for some of the
point sample sites, for example, there were only 96 values of Ni.

The general task is to allocate in the multivariate space of the parameters, those
clusters that are homogeneous in the sense that their variability is characterized
by the mean and variance of a normal distribution. In this multivariate space we
used six parameters: a qualitative estimate of ecological condition (rank); sum of
emissions to atmosphere (rank); humus content (%); sum of exchangeable bases
(meq/100 g); silt (1–50 µm) content (%); and heavy metal concentration (mg kg–1).
These six parameters can be combined into 146 ways ranging from a single group
of the 6 parameters, (1,2,3,4,5,6) all the way through six groups each containing
only one parameter (1)(2)(3)(4)(5)(6). Within the 6 × 96 matrix for Ni (6 parameters
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at 96 locations of soil tests) the data are normalized and all values are dimensionless.
The mean of any parameter for all tests is zero and the variance of a parameter for
all tests is one.

To obtain statistical stability each cluster must have at least a minimum data
set described by a mean and variance of a normal distribution. An initial estimate
of the cluster size is obtained by iteratively calculating a cluster size, Nc, according
to Eq. 16.1:

(16.1)

The right hand side of the equation is the ‘point of statistical stability’ where t
is the value of Student’s distribution, S2 is the variance of the subsample, n0 is the
size of estimated subsample, δ  is the half-width confidence interval with a user-
designated value of measurement error: we commonly use 20% of the sample
mean.

An initial subsample size n0 is assumed, say 2, and Nc is calculated. If Nc > n0 the
subsample size n0 is increased by 1 and Nc calculated again. These step increments are
carried out until the subsample size n0 equals or exceeds Nc at which point the
subsample is statistically stable. Because most subsamples have groups with more than
one parameter, the overall cluster size will be equal to a maximum of the cluster sizes
for all parameters included in the group.

Fig. 16.1.
Optimum combination of pa-
rameters
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For all stabilized clusters a functional value, F, is calculated from Eq. 16.2:

(16.2)

where N is the number of values in data matrix; p is the index of group in combina-
tion; k1 is the number of groups in combination; q is the index of cluster for group p;
k2 is the number of clusters for group p; j is the index of parameter in group p; Gp is
the set of parameters in group p; i is the index of test in cluster q; Rqp is the set of
values in cluster q of group p; xij is the value of parameter j of the test i; and x– j

qp is the
mean of values of parameter j of cluster q.

The distribution of functional values is random in shape over all combinations of
parameters and the minimum value is where the overall variance is the least and
indicates the combination that has the optimal separation of the parameters (Fig. 16.1).

In our example for total nickel the minimum functional value is 0.7098 associated with
the parameter combination of (1)(2)(34)(56). The optimal combination for total nickel has
a total of 13 clusters (Table 16.1); five for ecological conditions, two for sum of emissions,
and three each for the humus plus sum of bases group, and the silt plus Ni (total) group.

Table 16.1. Cluster number, sample size n0, mean and variance of parameters for the optimal combination
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16.2.2
Analysis of Clusters

The initial grouping of soil data provides statistically stable groups characterized by
their means and variances. The final choice of an optimum data cluster is the combi-
nation of parameters whose overall functional value is minimal.

The optimal combination has a binary group of silt and total nickel, consequently
this correspondence in three clusters can be used to predict the heavy metal based on
the correspondence with the silt fraction. A simple regression of total Ni on silt has
a regression coefficient of 0.23, thus that relationship is not useful for prediction.

Clusters of the silt fraction and total nickel can be diagrammed as a set of fuzzy
classes (Fig. 16.2) that illustrates the location of thresholds and their corresponding
membership functions m(Silt) and m(NiT) for clusters 4.1 (ms1, mn1), 4.2 (ms2,
mn2), and 4.3 (ms3, mn3). The mean of each class can be placed as an apex at a mem-
bership function value of 1.0 and on two x-axes (Silt, NiT) the base is the mean plus
and minus the standard deviation of the class. Thus for the first silt cluster the base
line is from 14.1–24.7% silt value and the apex is located above 19.4% at the member-
ship function value of 1.0. The strongly overlapping 2nd and 3rd clusters are constructed
in a similar manner.

The threshold separating the silt clusters 1 and 2 occurs at m(Silt) = 0.63 and silt
value = 21.2%. The minor threshold between clusters 2 and 3 is not significant for the
current predictions.

The threshold separating the total Ni clusters occurs at about m(NiT) = 0.70 and as
can be seen cluster 3 has a wider variance than cluster 2. If the value of silt is less than
21.2% the predicted interval of the total Ni concentration is between 27.1–44.5 mg kg–1 soil;

Fig. 16.2. Thresholds and correspondence of fuzzy classes of silt and total Ni through membership
function, m, for the optimal parameter combination
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if it is more than 21.2% the range is 26.9–65.5 mg kg–1 soil. The predicted concentra-
tions of other heavy metals can be calculated by the same methodology using Win-
dows software for a PC developed by the authors.

16.3
Results and Discussion

Simple statistical regressions did not reveal significant relationships between soil
parameters and heavy metals in soils of the Predvolgie region. Consequently we
searched for tools that might detect other forms of dependence. We developed a
method that enabled us to detect numeric correspondence between soil parameters
and heavy metals using combinational procedures and fuzzy set concepts.

We prepared a matrix from existing environmental and soil data for a large area.
The parameter data were normalized and evaluated to obtain stabilized clusters and
statistically determine the optimum combination of the parameters.

From an optimum combination that contained clusters of heavy metal and other
soil parameters, the normalized means and variances of the parameters in that clus-
ter enabled us to construct fuzzy classes. For the overlapping classes of a given pa-
rameter, thresholds can be determined and these provide an initial stratification. A
numeric correspondence between parameters, for example silt and total nickel, is
obtained through the membership function of the fuzzy classes. This is a form of
dependence that was undetected by usual statistical procedures.

Meaningful correspondence for heavy metals was detected as follows:

■ Ni (total and soluble) and the silt fraction
■ Cu (total and soluble) and the humus
■ Mn (total) and the sum of exchangeable bases
■ Mn (soluble) and the silt fraction
■ Pb (total) and the humus
■ Pb (soluble) and the silt fraction
■ Zn (total) and the sum of exchangeable bases
■ Zn (soluble) and the silt fraction
■ Cr (soluble) and the silt fraction

The clusters for total Cr were not stable statistically thus no predictions for this
heavy metal were possible.

For the parameters included in a cluster, such as silt and total nickel in Fig. 16.2, it is
possible to estimate the value of any parameter in the cluster using predicted interval.

In the Predvolgie region agricultural lands have received more lime and fertilizers than
natural lands, consequently their surface soils have higher contents of exchangeable bases.
Therefore, in addition to predicting intervals of heavy metals from the correspondence
with silt or humus fractions, it is commonly possible to predict results for soils having
anthropogenic influence. Relationships and predictions are given in Table 16.2. As noted
previously, the predicted interval for total Ni is 35.8 ±8.7 mg Ni(total)/kg soil when the
amount of silt in the surface soil sample is less than or equal to 21.2%.
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Table 16.2. Predicted intervals of heavy metal concentrations via threshold values of soil parameters

We interpret the results (Table 16.2) as characterizing the current “background”
level of heavy metal concentrations in soils of the Predvolgie region of Tatarstan Repub-
lic. This model was applied to predict heavy metal concentrations in soils of two re-
gions of Tatarstan Republic, Apastovsky and Kaybitsky. Predicted interval concentra-
tions of Ni total based on correspondence with measured Silt are provided in Table 16.3.
At present the model does not predict Ni intervals for measured silt values greater
than 31.7%.

The model was used to calculate the predicted interval concentrations of other
heavy metals based on correspondence with measured soil parameters the same way.
At present the predictions are for rather large overlapping intervals of a parameter,
however we are excited about reducing the acceptable error of measurement and
refining the numerical dependence detected in this model.

In a preliminary assessment of this model of parameter dependence, we note that
there was about 80% coincidence of predicted intervals and measured values.
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16.4
Conclusions

When usual methods do not reveal clear relationships between soil properties and
concentrations of heavy metals in soils, other techniques should be explored. This
was the situation in part of the Tatarstan Republic where limited background infor-
mation was available. We worked on a model to provide numeric correspondence
between soil parameters and heavy metals. It was achieved with procedures of com-
binational theory and interpretations of fuzzy set classes which are illustrated in the
paper. We are not aware that this type of model has been used by other researchers.

A preliminary assessment of the model using the thresholds calculated for silt and
the predicted intervals for Ni indicate about an 80% coincidence between predicted
and measured values for the Predvolgie region of the Tatarstan Republic. Because silt
can readily be estimated by competent field pedologists we believe our model will permit
a rapid and relatively inexpensive inventory of heavy metals in our region. Such pre-
liminary information can then be used to plan a systematic assessment. Refinements
of this model are logical next steps and we welcome your comments and suggestions.

Table 16.3. Application of the model
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Phytoremediation of Thallium Contaminated Soils
by Brassicaceae

H. Al-Najar  ·  R. Schulz  ·  V. Römheld

Abstract

In order to assess the efficacy of phytoremediation, the thallium (Tl)-hyperaccumulator plants kale, Bras-
sica oleracea acephala L. cv. Winterbor F1, and candytuft, Iberis intermedia Guers., were grown in several
Tl-contaminated soils. These soils differed in their total Tl concentration (1.4 to 153 mg Tl kg–1 soil), the
origin of pollution (anthropogenic vs. geogenic), as well as Tl binding forms, which were characterized
by a sequential extraction. In soils with geogenic Tl the percentage of easily accessible fractions was
relatively low amounting to 5% of total Tl. In contrast, in soils with anthropogenic Tl pollution the pool
of easily accessible Tl was large amounting to 23% of total Tl in the soil polluted by deposition from
cement plant. As a consequence, the partition ratio of shoot Tl concentration vs. total soil Tl concen-
tration ranged from 1 to 12 for soils contaminated by geogenic and anthropogenic sources, respec-
tively. In general, there was no relationship between Tl uptake by the hyperaccumulator plants and
the total Tl concentration of the soils. The plant uptake of Tl depended on the capacity of the soils to
replenish the soil solution with Tl as well as the replenishment from less accessible binding forms.

Key words: anthropogenic, binding forms, geogenic, phytoextraction, sequential extraction

17.1
Introduction

Plant species capable of accumulating large concentrations of trace metals such as zinc
(Zn), cadmium (Cd), nickel (Ni) and lead (Pb) in their shoots are generally referred to
as hyperaccumulator plants (Brooks et al. 1977). Consequently, they have raised strong
interest for phytoremediation of metal-contaminated soils (Baker and Brooks 1989;
Baker et al. 1991; Whiting et al. 2001). In contrast to Tl, the toxic metals Cd, Zn, Cu and
Ni have received considerable attention in phytoremediation research (Knight et al.
1997; Robinson et al. 1997; Yang et al. 1998). In literature Tl in plants has been studied
mostly from a human toxicological point of view. Only few studies have considered the
potential of hyperaccumulator plants to remediate Tl-polluted soils (Leblanc et al. 1999).

Thallium is a group IIIa element together with indium (In), gallium (Ga), alumi-
num (Al) and boron (B). It is highly reactive, readily soluble in acids and forms mono-
valent (thallous) and trivalent (thallic) salts, the latter being less stable (Kazantzis 1986).
Tl encountered in the soil may have two origins: geogenic or anthropogenic. Natural Tl
is derived from the geochemical composition of rocks (Tremel et al. 1997), but may be
greatly exceeded by anthropogenic inputs as a reuslt of industrial emissions or mining
activities. Tl has an abundance of about 0.7 µg g–1 in the crust of the earth (Green 1972).
In the soil it is bound in different binding forms (fractions) or pools, which differ in their
plant availability. In the order of decreasing availability, these fractions are: (1) water-
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soluble and mobile; (2) exchangeable; (3) bound to Mn oxides; (4) bound to organic
matter; (5) bound to amorphous and poorly crystalline Fe oxides; (6) bound to crys-
talline Fe oxides; (7) bound in the soil matrix or in the primary minerals (Zeien and
Brümmer 1989). By studying the Tl binding forms in a soil, the bioavailability of dif-
ferent fractions may be assessed in addition to the potential of plants to mobilize Tl
from the less accessible fractions. Kale and candytuft have previously been identified
as hyperaccumulator plants for Tl (Kurz et al. 1999; Leblanc et al. 1999).

The success of phytoremediation mainly depends on the concentration of toxic
metals in the easy accessible binding forms in the soil (Gerritse et al. 1983; Brümmer
et al. 1986; McGrath et al. 1997). However, the availability of heavy metals in the soil
depends on many factors like soil pH (Gieslinski et al. 1996), clay mineral content
(Herms and Brümmer 1984), Mn oxides concentration and organic matter content in
the soil (King 1988), but also on plant factors.

The objectives of the current study were to determine the amount of Tl that could
be taken up by kale and candytuft from anthropogenic and geogenic origins of pol-
lution. Moreover, the relationship between plant uptake and Tl concentration in the
soil in addition to the ability of different soils to replenish the easy accessible pool
was investigated. These questions are essential for assessing the feasibility of
phytoremediation of Tl from different origins of pollution.

17.2
Experimental

17.2.1
Soil Extraction and Preparation of Soils for Uptake Experiments

Soil solution was extracted by incubating 100 g soil of 20% moisture content for 24 h,
followed by 3 500 rpm centrifugation for 30 min. and then filtration (Brümmer et al. 1986).
Sequential Tl extraction was carried out according to Zeien and Brümmer (1989) as shown
in Table 17.1.

After each of the extraction steps 2 to 6, the samples were washed with the respec-
tive preceding extraction solutions (Table 17.1). The washing solutions were combined
with the preceding extract. Increasing fraction numbers denote increasing binding
strength. However, it is not possible to extract exactly a specific metal binding form
from soil using a particular extraction solution (Wilcke et al. 1999).

The soils contained Tl in different concentrations and from different origins of
pollution (geogenic and anthropogenic). Two different sources of anthropogenic Tl
pollution were used: (1) one soil near a cement plant in Leimen, Germany, denomi-
nated (L1); and (2) 6 soils polluted as a result of mining activities with different mobile
and total concentrations of Tl, Cd and Zn from St. Laurent le Minier, Gard, South France,
denominated SLM1-6, and three different soils with geogenic origin of Tl pollution
from Schömberg, SW-Germany, denominated SW1-3.

As shown in Table 17.2, the pH of soils L1, SLM1-6 and SW1 was greater than 7.2, while
SW2 and SW3 soils had a pH of less than 6. The soil from Leimen (L1) was a silty loam,
the soils SLM1-6 had a sandy texture, while the soils SW1-3 had a loamy texture.
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For the pot experiments the soils were treated as follows: water content was ad-
justed to 20 and 30% w/w for the anthropogenic and geogenic polluted soils, respec-
tively. To supply sufficient nutrients to the plants 400 mg N kg–1 soil was added as
NH4NO3, and 156 mg K kg–1 soil as well as 124 mg P kg–1 soil was added as KH2PO4.
SW-soils were treated with 2 g Sedipur AF kg–1 soil (BASF, Ludwigshafen) as soil con-
ditioner (due to heteropolar characteristics), while Leimen soil (L1) was treated with
1 g Sedipur AF kg–1 soil. The soils were filled in cylindrical polyethylene pots with a
depth of 19 cm and a diameter of 9 cm for the uptake experiment with kale plants,
and pots with a depth of 13 cm and a diameter of 7 cm for the experiment with can-
dytuft. The experiment was conducted in a climate chamber with 450 µmol m–2 s–1

photon flux using 4 replicates.

17.2.2
Plant Preparation and Analysis

The seeds of kale and candytuft were germinated for one and two weeks, respec-
tively, in a peat-sand mixture, before 3 plants of kale and candytuft were transferred
to each pot. After 20 d kale was harvested, while candytuft was harvested after 30 d.
The shoots of both plants were weighted after drying at 60 °C for 4 d. Plant material
was digested by microwave (MLS1200; MLS Ltd., Leutkirch, Germany) with a mixture
of HNO3 (65%) and H2O2 (30%) following the standard VDLUFA method (VDLUFA
1996). Tl, Cd and Zn concentrations of the digests were determined by inductively
coupled plasma-mass spectrometry (ICP-MS) (Elan 6000, Perkin Elmer).

In order to correlate plant uptake with the total Tl concentration in the different
soils, a plant-soil partition coefficient (PC) was calculated by dividing the Tl con-
centration in the plant shoot dry matter by the total concentration of the soil (Tremel
et al. 1997).

Table 17.1. Tl fractions as characterized by defined extraction solutions and shaking time according
to Zeien and Brümmer (1989)



190
H

. A
l-N

ajar  ·  R
. Sch

u
lz

  ·  V. R
ö

m
h

eld

Part II



191Chapter 17  ·  Phytoremediation of Thallium Contaminated Soils by Brassicaceae

Pa
rt

 II

17.3
Results and Discussion

17.3.1
Heavy Metal Concentration of Various Soils

Soils with different textures and different origins of pollution were used to investi-
gate the relation between Tl fractionation in the soils and the ability of hyperaccumu-
lator plants to accumulate Tl in their shoots.

As shown in Table 17.2, Leimen soil (L1) contained a high concentration of Tl in the
mobile fraction amounting to 106 µg kg–1 soil, while the geogenic soils (SW1 and 2)
and mining soil SLM2 showed only moderate Tl concentrations in this fraction: they
amounted to 73, 12 and 41 µg kg–1 soil for the soils SLM2, SW1 and SW2, respectively.

Total Cd and Zn concentrations of L1 and SW1 soils were very low in comparison
to soil SLM2 (Table 17.2). Also the mobile Cd and Zn in soil SLM2 showed high con-
centrations and amounted to 420 µg Cd and 33 600 µg Zn kg–1 soil. This high Cd and
Zn concentration in SLM soils is a result of metal mining activities. The amounts of
mobile vs. total concentration of Tl, Cd and Zn of each soil was indicative for the
origin of pollution. It is commonly considered that mining places are sources of pol-
lution to specific mined elements, but the analysis indicated that Tl was also a major
pollutant in this area. The distribution of Tl either horizontal or vertical in the soil
profile indicate the origin of pollution. Anthropogenic pollutions mostly occur on the
top layers, while Tl could be found in deep soil profiles as indication of geogenic
pollution (Tremel et al. 1997). Heavy metals pollution form mining origins depends
mainly on the parent material of the soil.

17.3.1.1
Effect of Pollution Origin on Tl Binding Forms

The two soils (L1 and SLM2) with anthropogenic Tl sources (emission and mining)
and another two soils (SW1 and 2) with geogenic Tl origin were sequentially extracted
in order to investigate the availability of Tl to plants. The different extent of the mobile
fractions according to origin of pollution is expected to affect strongly the heavy metal
availability.

As shown in Table 17.3, the concentration of Tl in the soil solution of each soil was
different and accounted for 1.2, 0.35, 0.05 and 0.07 µg l–1 in the case of L1, SLM2, SW1
and SW2, respectively. High variations regarding the distribution of the various frac-
tions in the different soils were observed. The anthropogenically contaminated soil L1
had a 3–10 times higher Tl concentration in the mobile fraction (F1) compared to
SW1 and SW2. Likewise, fraction F1 of soil SLM2 was roughly 2–3 times higher than
the respective fraction of SW1 and SW2 (Table 17.3). The soil polluted as a result of
mining activities (SLM2) showed extremely high amounts of Tl bound to Mn and
crystalline Fe oxides (fractions 3 and 6) compared to the other soils.

The fraction 1 to 4 had been indicated as “easily accessible” by previous studies,
while the fractions F5 to F7 had been denominated as “less accessible” (Symeonides
and McRae 1977). As shown in Table 17.3, the soils with Tl of geogenic origin had a
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relatively low concentration of “easy accessible” Tl (87 and 146 µg Tl kg–1 soil for SW1
and SW2, respectively), while the soils with anthropogenic pollution L1 and SLM2 had
a relatively high pool of “easy accessible” Tl (303 and 1 476 µg Tl kg–1 soil).

The “easily accessible” fractions in L1, SW1 and SW2 soils represented 21%, 6% and
10% of the “easily accessible” fractions of SLM2 soil. The total Tl concentrations of the
soils were also different: 1 318, 9 601, 1 593 and 3 772 µg Tl kg–1 soil for soils L1, SLM2,
SW1 and SW2, respectively. Tl from anthropogenic sources usually is considered to be
more accessible than that of geochemical origin, but some fractions of Tl from
geochemical origin may become mobile due to weathering or other chemical changes
like decreased soil pH (Markidis and Amberger 1989).

In conclusion, the soils with anthropogenic origins of Tl pollution are character-
ized by high easily accessible pools as shown by soils L1 and SLM2. Therefore the risk
of food contamination should be taken into account on such soils. In contrast, the
pool of easily accessible Tl was very limited on soils with geogenic origin of Tl. The
availability of Tl from geogenic origin may be relevant in the case of certain physical
and chemical changes of the soil characteristics, i.e. low pH.

17.3.2
Limitations for the Success of Tl Phytoextraction

The plant uptake of a specific heavy metal depends mainly on two factors, plant ge-
notypical characteristics and the chemistry of a specific element in the soil. The fol-
lowing questions should be addressed:

1. Is Tl phytoextraction by kale and candytuft (Brassicaceae) feasible for different
origins of pollution (geogenic and anthropogenic), especially when the soil is highly
polluted with other heavy metals such as Cd and Zn?

2. What are the possible origins of soil Tl pollution which have to be considered for
phytoextraction? Is Tl uptake restricted from the ‘easily accessible’ fractions in the
soil? Hence, what is the fate of the ‘less accessible’ fractions of different origins of
pollution?

17.3.2.1
Plant Tolerance to high Heavy Metals Pollution

As shown in Table 17.4, kale and candytuft showed strong growth depressions in the
soils SLM1-6. This growth depressions were most probably caused by high concentra-
tions of mobile Zn ranging from 34 to 169 mg kg–1 soil (Table 17.2). These high Zn
concentrations in the soils polluted as a result of mining activities were in an average
of 1 000 times higher than in soils L1 and SW1. High Zn and Cd concentrations in-
hibit iron uptake (Cakmak et al. 1996). Therefore, the leaves of some plants on a SLM
soil were sprayed with iron (10–2 M Fe3+ citrate), which visibly decreased the toxicity
symptoms, but did not improve the growth within the time of the experiment.

Kale and candytuft were harvested after 20 and 30 d of cultivation, respectively,
and the shoot tissues analyzed for Cd, Zn, and Tl. The concentrations of Zn in the
shoots of kale and candytuft grown in the SLM1-6 soils were on average 10–30 times
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higher than those of the same plants cultivated in the SW1-3 soils (Table 17.4). The
extremely high mobile Cd and Zn concentration in the soils SLM1-6 identifies an-
other problematic issue of phytoremediation. The Tl hyperaccumulator plants (kale
and candytuft) could not tolerate the high Cd and Zn concentrations in the soil.
Therefore the hyperaccumulation process failed completely in the case of these soils
polluted as a result of mining activities.

The plants grown in the soils L1 and SW1-3 showed no toxicity symptoms. There
were no significant differences of yield between the kale plants in L1 and SW1-3 soils
with an average of 2.3 g DM pot–1. After 30 d the growth of candytuft plants was still
very limited. Its yield amounted to 0.35, 0.32, 0.36 and 0.33 g DM pot–1 for soils L1,
SW1, SW2 and SW3, respectively. The success and future improvement of phyto-
remediation mainly depends on the selection of appropriate candidate plants show-
ing most desirable and exploitable growth characteristics in addition to appropriate
physiology, morphology and adaptability to agronomic practices (Baker et al. 2000).
Due to the relatively high uptake and translocation rate of Tl within kale and can-
dytuft in a nutrient solution experiment (Kurz et al. 1999; Leblanc et al. 1999), they
were identified as Tl hyperaccumulator plants and used in this study regardless to the
differences in the yield. This classification is in accordance with the definition of
hyperaccumulator plants with high uptake and translocation of Cd and Zn from roots
to shoots (Rascio 1977; Baker 1981; Homer et al. 1991).

Therefore, to optimize phytoremediation both the uptake potential of the plants
and their yield must be taken into consideration in addition to the binding form of
the heavy metals in the soil (availability) (Baker 1981). Selection trails are needed to
identify the fastest growing (largest biomass potential and greatest nutrient responses)
and most effectively metal-accumulating genotypes. However, such a combination may
not be possible and a compromise between extreme hyperaccumulation and low bio-
mass (or vice versa) may be acceptable (Baker et al. 2000). Taking the yield as well as
the concentration of Tl in the shoots into account, the Tl hyperaccumulator kale proved
to be feasible for Tl phytoremediation under the prerequisite that other toxic metals
are present only in moderate quantities.

17.3.2.2
The Effects of Tl Binding Forms on Plant Uptake

As shown in Table 17.4, Tl concentrations in the shoots of kale and candytuft were quite
different depending on the different origins of pollution of the various soils. Tl uptake by
kale and candytuft from the anthropogenic soil L1 was nearly 6 times higher than the
uptake from geogenic soil SW1. On soil L1 Tl concentration of kale and candytuft amounted
to 17 and 23 mg Tl kg–1 DM (DM: dry matter), compared with 3 and 4 mg Tl kg–1 DM taken
up from soil SW1, respectively. Comparing the mobile and easy accessible fractions of the
soils will emphasize the role of Tl availability to the plant (Table 17.3). The uptake of Tl was
directly related to its concentration in the mobile fraction F1 as well as in the easy acces-
sible fractions (ΣF1–F4), except for the case of the soil polluted by mining activities SLM2.
Plants in this soil showed strong toxicity symptoms due to high levels of Zn (and Cd). As
shown in Table 17.3, the easily accessible fractions of SW2 were two times higher than in
SW1, causing a greater uptake of Tl by kale and candytuft from SW2.
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Using the shoot–soil partition coefficient (PC) both factors concerning the hyper-
accumulator plant and the soil are addressed. The PC indicates the ability of the plant to
accumulate Tl and in addition to evaluate the potential of the soil to replenish
Tl concentration in the soil solution from the different binding forms in the polluted soil.

As shown in Table 17.4, the PC value for soil L1 was the highest of all soils cultivated
with kale amounting to a value of 12. In the case of the other soils (SLM2, SW1-3) the
PC did not exceed 2. The high PC value which was obtained for soil L1 may not only be
related to the high Tl concentration in the soil solution (1.2, 0.35, 0.05 and 0.07 µg Tl l–1 for
soils L1, SLM2, SW1 and SW2, respectively) and the mobilization of Tl from easily
accessible fractions, but also to the potential of the less accessible pool to replenish
the easily accessible pool. In a rhizobox experiment with soil L1, both the easily acces-
sible and the less accessible pools were depleted by kale plants.

The uptake from geogenic soils SW1-2 was extremely restricted and even the deple-
tion of the easily accessible pool was very small (Al-Najar et al. 2003). In conclusion,
for different Tl-polluted soils the uptake of Tl mainly depends on the Tl concentra-
tion in the easily accessible pool and the ability of the soil to replenish the soil solu-
tion from other fractions.
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Mercury Recovery from Soils by Phytoremediation

L. Rodriguez  ·  F. J. Lopez-Bellido  ·  A. Carnicer  ·  F. Recreo  ·  A. Tallos  ·  J. M. Monteagudo

Abstract

Due to a low environmental impact, phytoremediation could become an attractive method to remove
heavy metals from contaminated soils. The work reported here describes preliminary results for the
recovery of mercury from contaminated soils by phytoextraction. This process involves the removal of
mercury by plants followed by combustion of the plant biomass to recover the extracted mercury. Three
agricultural crop plants, barley, wheat and yellow lupin, were tested in a field experiment. Mean Hg content
of the soil were 29.17 µg g–1 for the 0–10 cm horizon and 20.32 µg g–1 for 10–40 cm horizon with less
than 2% of the total Hg being bioavailable. The results of a field experiment showed that all the crops
extracted mercury with Hg concentration reaching up to 0.479 µg g–1 for wheat. The low Hg uptake by
the plants was attributed to the low availability of the mercury in the soils. The best Hg phytoextraction
yield was obtained for barley reaching up to 719 mg ha–1. Further efforts are being made to improve the
fraction of bioavailable mercury (by means of solubilization agents) and the biomass crop yields.

Key words: remediation, contamination of soils, mercury, phytoextraction

18.1
Introduction

Mercury contamination of the environment is a very serious problem that has to be
faced not only in the highly industrialized regions but also in developing countries.
Mercury attracts attention and concern due to its toxicity, mobility, bioaccumulation,
methylation processes and long-rate transport in the atmosphere (Boening 2000). As
a chemical element, mercury cannot be created or destroyed. However, mercury can
cycle in the environment as part of both natural and human activities. Measured data
and modelling results indicate that the amount of mercury mobilized by and released
from the biosphere has increased since the beginning of the industrial age. The glo-
bal mercury cycle includes its emission into the atmosphere from a variety of sources,
e.g. mining and industrial activities, its dispersion and transport in the air, its depo-
sition on the earth and its storage and transfer between the land, water and air. As a
result of its high volatility, elemental mercury (Hg0) can easily be released into the
atmosphere both from ore deposits and associated mining and refining operations.
This mercury may, in turn, be deposited on the soils by different ways. The mercuric
ion bound to airborne particles and in a gaseous form is capable of deposition both
by precipitation and in absence of it (dry deposit). In contrast, elemental mercury
vapour has a strong tendency to remain airborne (US EPA 1997).

As any other metal, mercury may occur in the soil in various forms: dissolved as
free ion or soluble complex; non-specifically adsorbed by binding mainly due to elec-
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trostatic forces; specifically adsorbed by strong binding due to covalent or coordina-
tive forces; chelated, e.g. bound to organic substances; and precipitated, e.g. as sul-
phide, carbonate, hydroxide and phosphate. There are three soluble forms of Hg in
the soil environment. The most reduced is Hg0 metal, the other two forms being ionic:
the mercurous ion Hg 2

2+ and, the mercuric ion, Hg2+, in oxidizing conditions espe-
cially at low pH. Hg(I) ion is not stable under environmental conditions since it
dismutates into Hg0 and Hg(II) (Schuster 1991). A second potential route for the con-
version of mercury in the soil is methylation to methyl or dimethyl mercury by anaero-
bic bacteria (Leyva and Luszczewsky 1998; Boening 2000). This last process is par-
ticularly relevant since methyl mercury is the most toxic mercurial form.

Mercury-contaminated soils are notoriously hard to remediate. Current reclama-
tion technologies involve soil excavation and either landfilling or soil washing, fol-
lowed by physical or chemical extraction of the contaminant. These engineering
methods are expensive (Salt et al. 1995). Phytoremediation is emerging as a cost-ef-
fective alternative. In addition, because this method is performed in situ, there is no
need for soil excavation and transport.

Phytoremediation is the use of plants to remediate toxic chemicals found in con-
taminated soil, sludge, sediment, ground water, surface water and wastewater. This
technique uses a variety of plant biological processes (Cunningham et al. 1995; Pivetz
2001). Phytoremediation encompasses a number of different methods that can lead to
contaminant degradation, e.g. rhizodegradation and phytodegradation; removal ei-
ther by accumulation, e.g. phytoextraction and rhizofiltration, or dissipation (phyto-
volatilization); and immobilization, e.g. phytostabilization and hydraulic control. Phyto-
remediation requires the understanding of the extraction mechanisms, the appropri-
ate selection of plants, and the knowledge of the factors enabling plant growth. Phyto-
remediation offers a lower cost method for soil remediation. Extracted pollutants may
also be recycled. Lastly, phytoremediation is the most ecological cleanup technology
for contaminated soils and is also known as “green remediation”.

Phytoextraction involves the uptake of a contaminant by roots followed by the subse-
quent accumulation into plant organs. It must be noted that roots usually accumulate
more contaminant than shoots and leaves; therefore the plant must have the ability to
translocate the contaminant from roots to shoots at high rates. The process generally fin-
ishes by harvest and ultimate disposal of the plant biomass. Phytoextraction is mainly
applied to heavy metals, e.g. Cd, Co, Cu, Hg, Ni, Cd, Pb, Zn (Nellessen and Fletcher 1993;
Qian et al. 1999; Del Rio 2000; Kayser et al. 2000), and radionuclides, e.g. 90Sr, 137Cs,
234U, 238U (Pivetz 2001). The success of the phytoextraction technique depends upon the
identification of suitable plant species that hyperaccumulate heavy metals and produce
large amounts of biomass using established crop production and management practices.

The aim of our investigation was focused on the removal of the mercury dispersed in
the soils from the Almadén area (Ciudad Real, Spain), a historical mercury-mining
centre, by phytoremediation techniques. The investigation involved several steps: soil
characterization; determination and change of the soil properties implied by the mobi-
lity and bioavailability of mercury; phytoextraction experiments with selected herba-
ceous plants both in the laboratory and in the field; and biomass treatment, for the
recovery of the extracted mercury, by combustion in a fluidised-bed furnace. We describe
here the preliminary results obtained in the first year of investigation in the field.



199Chapter 18  ·  Mercury Recovery from Soils by Phytoremediation

Pa
rt

 II

18.2
Materials and Methods

18.2.1
Site Description

The experimental site is located approximately 7 km southeast of Almadén, Ciudad
Real (Spain). This village is located in the central part of the Iberian Peninsula, 300 km
southwest of Madrid. The climate in Almadén is under Mediterranean conditions,
with an average annual rainfall less than 500 mm. Since the beginning of mercury
mining activity more than 2 000 years ago the soils of the Almadén area have exhib-
ited high mercury loadings, with average values in the range 20–50 µg g–1.

18.2.2
Phytoextraction Experiment Conditions

Three cultivated plants were tested: Hordeum vulgare (barley), Triticum aestivum
(wheat) and Lupinus luteus (yellow lupin). The crops were grown on plots of 8 × 10 m,
with four replicates per species. Plants will be cultivated on the same plots in three
consecutive years. In the first year, the sowing was performed by hand in February
and crops were harvested in July. Fertilizer, chemical treatments or irrigation were
not administered during the growth period.

18.2.3
Soil Characterization

Prior to the start of the field experiments, an exhaustive physical and chemical charac-
terization of the soil was carried out. Four representative profiles of the experimental
plot were taken, bulked on site, placed into plastic bags, and immediately transported
to the laboratory. Profiles were divided in two horizons: 0–10 cm and 10–40 cm of depth.
Physical characterization included the following parameters: texture, structure, granu-
lometry, moisture and density (real and apparent). The chemical parameters analysed
for the soil fraction <2 mm were: total mercury, pH (in H2O and KCl), conductivity,
organic matter content, total cation exchange capacity (CEC) and carbonate, sulphate
and nitrate contents. Total mercury was analysed by atomic absorption spectroscopy
(AAS) after microwave acid digestion of the samples. Digestion was performed with a
mixture of concentrated HNO3, HCl, HClO4 and HF (4/10/5/1, v/v/v/v). Sulphate and
nitrate contents were determined using a Hach DR/2010 spectrometer with standard
methods. The remaining parameters were determined according to standard methods
certified by the Ministerio de Agricultura, Pesca y Alimentación of Spain (MAPA).

In addition, a sequential extraction procedure proposed by DiGiulio and Ryan (1987)
was applied in order to evaluate geochemical partitioning of mercury in the soil. This pro-
cedure consisted of several extractions and digestions, which led to six fractions of mer-
cury in the soil: water soluble (extracted with deionised water), exchangeable (extracted
with ammonium acetate), bonded to fulvic acids (extracted with an ammonia solution),
bonded to humic acids (extracted with an ammonia solution and further precipitated by
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HCl), sulforganic (extracted by digestion with a mixture of HNO3 and H2O2) and residual
(obtained by digestion with a mixture of H2SO4 and HNO3). The sum of water soluble and
exchangeable fractions, respectively, is the so-called bioavailable fraction of mercury. AAS
was used for the analysis of the mercury concentrations in the extract solutions.

The presence of organic forms of mercury was investigated in several soil and plant
samples. The Hg speciation analyses were carried out by the Analytical Chemistry
Department of the Universidad del País Vasco (Spain).

18.2.4
Plant Analysis

Total dry-matter of the crops were harvested by cutting the plants with scissors and/or a
sickle at a height of approximately 5–10 cm above ground. Representative sampling of the
all subplots was performed in order to determine biomass production and mercury extrac-
tion yield. Harvested plants were finely crushed, weighed (to calculate biomass produc-
tion) and homogenized prior to analysis of the mercury loading. Plant samples (typi-
cally 0.5 g) were microwave digested in a mixture of concentrated H2O2, HNO3 and HF
(1/5/1, v/v/v). Total mercury loadings of the digested samples were determined by induc-
tively coupled plasma-atomic emission spectrometry (ICP-AES).

18.3
Results and Discussion

18.3.1
Mercury in Soils

Mercury concentration and pH values for the soil samples are summarized in Table 18.1.
It can be seen that the soil from the experimental plot showed that it was calcareous with
pH values ranging from 7.3 to 8.1. The total mercury concentration values of the soil samples
were similar, ranging from 19.62 to 32.40 µg g–1 with averages of 29.17 µg g–1 for the 0–
10 cm horizon and 20.32 µg g–1 for 10–40 cm horizon. The most important finding was
the sharp decrease in the Hg concentration in the soil with depth, indicating that most of
the Hg comes from atmospheric deposition as a result of the previous mining activity in
the Almadén area (Ferrara et al. 1998).

On the other hand, the Hg sequential extraction showed that the soluble and exchangeable
fractions of mercury (so-called bioavailable Hg) in the soil were less than 2% of the total Hg
loading (Table 18.1). It was observed that mercury in the soil samples mainly appeared in the
class “bonded to humic acids” (71–92% of total Hg) and in the “sulforganic” fraction (up to
17% of total Hg). These results are in agreement with the widely reported relationship be-
tween organic matter and mercury (Schuster 1991; Rodriguez Martín-Doimeadios et al. 2000).

The presence of organic forms of mercury in the soil was investigated. All the samples
analysed showed methylmercury concentrations below 50 ng g–1, which represents less
than 0.2% of the total mercury content. Other organic forms of mercury, e.g. dimethyl-
mercury, ethylmethylmercury and diethylmercury, were not detected in any sample (de-
tection limit ≈1 ng g–1). Since methylmercury is the most toxic form of mercury it can be
concluded that the toxicity risk for biological systems is very low.
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18.3.2
Plant Selection

Three annual crops were selected for use in the mercury phytoextraction experiments:
Triticum aestivum (wheat), Hordeum vulgare (barley) and Lupinus luteus (yellow lu-
pin). The criteria used for plant selection were: adaptability to the soil and climate of
the Almadén area; cheapness and ease of farming operations; and bibliographic pre-
cedents for heavy metal phytoextraction. Thus, wheat and barley are common crops
in Almadén and have therefore demonstrated their suitability to the soil and climate
of this area. As far as yellow lupin is concerned, it is a common crop in the southwest
of Spain. Moreover, the three plant species used have been widely cited in the scien-
tific literature in the context of uptake of heavy metals by plants (Nellessen and Fletcher
1993). Although several plant species have been reported specifically for mercury
extraction, e.g. Chlonis barbata, Cynodon dactylon and Ciperus rotundus (Martín et al.
1998), their use is not recommended in the Almadén area.

18.3.3
Field Experiments Results

A simple factorial design with four replicates per species was used in the field experi-
ments. Phytoextraction results for the four replicates are shown in Fig. 18.1. The three
crops tested did show a capacity for mercury extraction although mercury uptake
values were low. Mean values of Hg loading for wheat, barley and lupin were 0.479,
0.339 and 0.196 µg g–1, respectively. These Hg concentration values represent less than
3% of the mean Hg concentration in the soil. However, Hg concentration for wheat

Table 18.1. Soil characterization: pH and mercury concentration
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and barley are higher than the so-called bioavailable mercury concentration of the
soil samples studied, e.g. 0.32 and 0.34 µg g–1 for the 0–10 and 10–40 cm horizons,
respectively (Table 18.1). This fact suggests that the low uptake of mercury by the plants
would be related to the low bioavailability of the Hg in the soil. It therefore seems
necessary to carry out a detailed study of the factors that control the bioavailability
of mercury in the soils and ascertain how to modify this parameter with different
solubilization agents.

On the other hand, the presence of organic forms of mercury in the plants was
investigated. Methylmercury was exclusively detected in all the plant samples analysed.
It was present in concentrations ranging between 4.8–35 ng g–1, enough low to discard
any toxicity hazard for the chain food.

Biomass production differed greatly both between the different crops tested and
different experimental plots. Mean values of dry matter biomass production for wheat
and barley were 579 and 2 151 kg ha–1, respectively. Growth of yellow lupin was insuf-
ficient for the measurement of biomass production. Growth of wheat was also very
low, with biomass production lower than that normally observed for the same species
in that zone (≈3 500 kg ha–1). Barley exhibited the best biomass yield but it was again
lower than those usually achieved in the Almadén area (≈4 600 kg ha–1). This poor
growth could be attributed to several factors: (i) sowing was performed somewhat
late (in February rather than the usual November–December); (ii) the complete ab-
sence of rainfall in the last two months; and, (iii) the absence of any treatment with
fertilizer. These aspects will be taken into account in subsequent years of experimen-

Fig. 18.1.
Phytoextraction of Hg by
plants: mercury concentration
in plants and phytoextraction
yields (dry weight biomass
production for lupin was
estimated)
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tation. The differences existing in biomass production between different plots of the
same crop could be caused by differences in some physicochemical properties of the
plot soil or in moisture conditions (e.g. ground slope, field capacity).

Mercury phytoextraction yields can be calculated as the product of biomass pro-
duction and Hg concentration in the plants. As a result of the factors described above,
Hg extraction yields were also low (Fig. 18.1). Owing to its high biomass production,
the best yield was obtained for barley with an average value of 719 mg ha–1. Mean
values of Hg extraction yield for wheat and lupin were 283 and 326 mg ha–1 (the latter
value was calculated assuming a typical biomass production value of 1 667 kg ha–1). At
first, these yields could seem very low only taking into account the high mercury
loading of the soil. Nevertheless, it must be thought that the mercury extracted by the
plants practically accounts for the bioavailable – and thus the most toxic – fraction of
soil. Moreover, it has to be considered that the investigation is in its initial stages and
that these are preliminary results. We believe that mercury uptake can be significantly
enhanced by addressing two aspects of the investigation: increasing the amount of
bioavailable mercury by means of solubilization agents; and improving the biomass
production by using more efficient farming techniques.

18.4
Conclusion

Phytoremediation techniques were investigated for the removal of mercury from soils.
The concentration of Hg in soils was around 20–30 µg g–1 with less than 2% of the
total Hg being available based upon sequential extraction. The decrease of mean Hg
concentration from 29.17 µg g–1 at 0–10 cm horizon to 20.32 µg g–1 at 10–40 cm hori-
zon demonstrated the anthropogenic origin of the mercury in the soil. Three crops
were tested in the field experiments: Triticum aestivum (wheat), Hordeum vulgare
(barley) and Lupinus luteus (yellow lupin). Preliminary results show that all crops
extracted mercury, with Hg plant concentration reaching up 0.479 µg g–1 in wheat.
The mercury concentration in the plants accounted for less than 3% of mercury con-
centration in the soil. However, the Hg concentrations in the plants were similar or
even higher than that of the bioavailable Hg in the soils. Mercury extraction yields
reached up to 719 mg ha–1 for barley. This is a significant amount if is taking into
account that the extracted mercury represents the most available/toxic fraction. Fur-
ther efforts are being made to improve the fraction of bioavailable mercury (by means
of solubilization agents) and the biomass crop yields.
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Effect of Cadmium and Humic Acids
on Metal Accumulation in Plants
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Abstract

The natural ability of plants to accumulate, exclude or stabilize elements could be exploited to
remediate soils contaminated with metals. To implement this alternative technology termed
phytoremediation, it is crucial to better understand the various processes controlling metal mobi-
lization or immobilization, uptake, and sequestration by the plants. Metal chelation is recognized as
a vital biological process that regulates metal solubility, bioavailability, and internal storage in plants.
Natural ligands, e.g. soil humates, root exudates components, or synthetic chelators, i.e. ethylene-
diaminetretraacetic acid or EDTA, can interact in a yet-to-be-defined way to influence metal uptake
and sequestration by plants. Here, we investigated the interactive effect of Cd and soil humates on
metal acquisition and translocation in wheat plants. Metal contents in tissues and root exudates
composition were determined, using X-ray fluorescence for metals and gas chromatography-mass
spectrometry (GC-MS) and nuclear magnetic resonance (NMR) for organic exudates. Cd inhibited
biomass production, from –55% to –65% on tissue dry weight basis, and greatly reduced root exu-
dation, of about –84% by dry weight. Cd treatment also resulted in a substantial co-accumulation
of transition metals (Fe, Ni, Cu, Zn) and Cd in wheat roots. Moreover, co-treatment with humates
alleviated some of the Cd effect showing biomass inhibition reduced by about 10% for the tissues
and 17% for the exudates, while accumulation of some metals (Zn, Cu, Ni, Cd) in the root was en-
hanced. Thus, under Cd treatment, with or without humate, the enhanced accumulation of metals
was not mediated via root exudation. This is contrary to the exudate-mediated Fe acquisition under
Fe deficiency. The mechanism for this phenomenon is being sought.

Key words: humic acids, cadmium, root exudates, metal ion ligands, phytoremediation

19.1
Introduction

Toxic metals are released into the biosphere through various anthropogenic activities
including mining operations, industrial and domestic waste discharges, combustion
of fuels, and agricultural operations. Upon accumulation in organisms, many of these
metals induce toxic damage, thus threatening both human and ecosystem health
(Alloway 1990). To address metal contamination issues, both engineering and in-situ
bioremediation are used, with the latter approach generally expected to be more eco-
nomical for very large-scale remediation efforts. This is particularly the case for plant-
based remediation, termed phytoremediation. Furthermore, basic understanding of
the mechanisms of phytoremediation is indispensable for assessing biological risk of
contamination in already-vegetated sites, or in situations where the goal of remediation
is incompatible with physical-chemical treatments, e.g. where the goal is to protect
the habitat or the agricultural viability of the soil.
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There are three main approaches that can be utilized in phytoremediation of metals:
phytoextraction, phytovolatilization, and phytostabilization (Cunningham and Ow 1996).
Plants have evolved an extensive ability to mobilize or absorb elements from their envi-
ronment. In particular, plant roots can acquire micronutrients which are present at very
low available concentrations in soils (Marschner et al. 1986). This ability is being exploited
for the phytoextraction approach. Plants can also transform metals and metalloids, e.g. Se,
into volatile forms for dissipation, as in the case of the phytovolatilization approach (Terry
and Banuelos 2000). Moreover, metal availability in soil can be altered by exudation of
organic ligands by plants (e.g. Basu et al. 1997). Metal availability can also be modified by
the transformation products of plant litters, e.g. humates, which is a major sink for
metals in soils. These processes can be utilized in both phytostabilization and phyto-
extraction approaches. Regardless of the approach, metal ion ligands either directly
produced by plants or resulting from transformation of plant matter is expected to play
significant roles in phytoremediation. Before any commercial use of this alternative
clean-up technology can be realized, it is crucial to acquire a better understanding of
these ligands, from their chemical nature to their function in metal bioavailability in
soil or sediment matrices. As mentioned earlier, this basic understanding of phyto-
extraction, phytovolatilization, and phyto-stabilization is also needed for an accurate,
pre-treatment assessment of biological risk from contamination at vegetated sites.

It is now generally recognized that plants have evolved several strategies to mobilize
metals and enhance their uptake. Along with microorganisms, they can manipulate the
chemistry of the rhizosphere, through acidification, electron transfer, and release of
ligands via root exudation (Marschner 1986; Laurie and Manthey 1994; Barona and
Romero 1996). In particular, metal chelation with various ligands is recognized to be
an important factor in regulating metal solubility, bioavailability, and internal storage
in plants (Laurie and Manthey 1994; Salt et al. 1998). Biogenic chelating agents present
in the soil solution are expected to increase metal solubility by forming highly soluble
metal complexes which prevents metal ions from precipitation and sorption (Salt et al.
1995a). The metal chelates can also enhance metal mobility and bioavailability. The
ligands that are expected to be present in soil solutions include: (1) natural ligands
such as microbial chelating agents (e.g. bacteriosiderophores), ligands released in plant
root exudates (e.g. phytosiderophores), and humic substances; and (2) synthetic or-
ganic ligands (most notably EDTA) released from agriculture, industrial and urban
activities. These agents are deployed to modulate metal ion solubility and availability.

Both soil humic substances and root exudate ligands are among the most abun-
dant organic chelators in soils, yet least understood, apparently due to the complex
nature of the constituents which vary widely in sizes, polarity, and functional groups.
The best known ligands in root exudates are the phytosiderophores released by grami-
neous plants in response to micronutrient deficiency. For instance, an increase in
mugineic and avenic acid exudation by gramineous roots have been reported to fa-
cilitate Fe and Zn acquisition under Fe and Zn deficiency (Crowley and Gries 1994).
There is also evidence that these siderophores might be involved in Cu and Mn up-
take (Romheld 1991). Many other ligands have also been found in root exudates (Fan
et al. 1997, 2000a), but their involvement in metal acquisition remains unclear. More-
over, phytosiderophores have been assumed to mediate the acquisition of contami-
nant metals, but whether this is the case remains to be seen. A broad understanding
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of the exudate chemistry in conjunction with its relation to metal acquisition by plants
should help clarify these uncertainties.

Humic substances (HS) are a complex mixture of organometallic macromolecules,
arising from the biotic and abiotic degradation of plant and animal residues in the
environment. They are generally classified into humic acids, fulvic acids, and humin
according to their solubility in acid and basic solutions (Hayes et al. 1989). It has long
been recognized that humic substances have many beneficial effects on plant growth
and crop productivity (MacCarthy et al. 1990; Chen and Aviad 1990; Chen et al. 1994).
For example, they influence nutrient uptake, nitrogen metabolism, enzymes activi-
ties, and membrane permeability in plants (MacCarthy et al. 1990; Chen and Aviad
1990; Chen et al. 1994). In addition, HS have been shown to protect plants from toxic
effects of excess metals and to alleviate toxic effect of Cd, Zn and Cu (Strickland et al.
1979; Kinnersley 1993). Despite the abundance of descriptive effects, little is known
about the chemical mechanism(s) by which HS influence these biological activities.

In this study, we investigated the interactive effect of Cd (a priority metal pollut-
ant) and soil humic acids on plant metal uptake. We also examined the impact of Cd
and/or HS on the composition of root exudates, so that ligands that mediate the metal
uptake may be revealed.

19.2
Experimental

19.2.1
Plant Growth

Seeds of Chinese Spring wheat were surface sterilized in 10% NaOCl (v/v in water) for
30 min, rinsed extensively with doubly deionized water and germinated on filter paper
moistened with CaSO4 at 5 × 10–4 M for 3 d at room temperature (first 24 h in complete
darkness). The seedlings were transplanted onto dark polyethylene cups (4 seedlings
per cup). Three cups each were positioned on the top of 4 black 9-l polyethylene con-
tainers containing one-half strength Hoagland solution as modified from Epstein
(Epstein 1972) (composition in mg l–1: K: 118; N: 113; Ca: 80; Na: 23; S: 16; Mg: 12; Si: 14;
P: 1.55; Fe: 1.396; Cl: 0.888; B: 0.137; Zn: 0.065; Mn: 0.055; Cu: 0.016; Ni: 0.029; Mo: 0.024).
The plants were aerated and maintained in a growth chamber (Sanyo) with 16/8 h
light/dark periods, day/night temperature of 25/19 °C and constant humidity at 70%.

On day 10, soil humate and/or Cd was added to the nutrient solution in 3 of the
4 containers. Cd was added as CdSO4 to the medium to reach a final concentration of
5 mg l–1 of Cd, in the ‘Cd’ treatment and ‘HS + Cd’ treatment. The soil humic acids
used were isolated from a freeze-dried soil obtained from Chikugo prefecture, Japan
as previously described (Higashi et al. 1998). The extraction and Tiron-treatment (to
remove exchangeable metals ions) were performed according to the procedures pre-
viously described (Fan et al. 2000b). HS was added to get a final concentration of
1 mg l–1 in the ‘HS’ treatment and ‘HS + Cd’ treatment. Throughout the experiment,
the solutions were maintained at pH 6.0 by daily adjustment with 1 M KOH or HCl.
On day 20, roots exudates were collected as described previously (Fan et al. 2001).
Immediately following exudate collection, the plants were harvested, rinsed thoroughly
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with doubly deionized water and separated into roots and shoots. The tissues were
freeze-dried, the dry weight determined and the final material pulverized to <5 µm
particles before storage at –70 °C.

19.2.2
Determination of Metals Contents

Total shoot and root metals contents were determined by energy dispersive X-ray
fluorescence spectrometry (ED-XRF, JVAR Inc. EX3600 spectrometer). The analytical
conditions were as follows: for Mn, Fe, Ni, Cu and Zn: high voltage 15 kV, Mo 0.05 mm
filter, live time 1 000 s and for Cd: high voltage 45 kV, Mo 0.1 mm filter, live time 500 s.
The dry ground tissues (approximately 20 mg per sample) along with a set of tomato
leaf standards were pressed into 7 mm diameter pellets for X-ray fluorescence (XRF)
measurements using an analytical press (Wilmad Inc.). The quantitative analysis was
performed by interpolation from standard curves established with the tomato leaf
standards. These standards were prepared by spiking tomato leaf tissues with appro-
priate multielemental standard solutions. Selected standards and wheat tissues were
also analyzed by inductively coupled plasma-atomic emission spectroscopy (ICP-AES)
after HClO4/HNO3 digestion. The ICP-AES results, as well as analysis of reference
material (#1573a from the National Institute of Standards and Technology) by the XRF
method confirmed the accuracy of the XRF method for roots and shoots analysis.

19.2.3
Root Exudates Composition

The lyophilized exudates were redissolved in 1 ml of doubly deionized water and
centrifuged to remove particulates. An aliquot was lyophilized and then silylated with
1/1 (v/v) acetonitrile:N-methyl-N-[tert-butyldimethylsilyl]trifluoroacetamide
(MTBSTFA) under sonication at 60 °C for 2–3 h and left overnight at room tempera-
ture. The silyl derivates were directly analyzed by gas chromatography-mass spec-
trometry (GC-MS) as previously described (Fan et al. 1997). The remaining solution
was passed through a Chelex 100 cation exchange resin column to remove paramag-
netic ions prior to 1-D and 2-D nuclear magnetic resonance (NMR), as described
previously (Fan et al. 1997). Various organic and amino acids were identified and
quantified from their GC-MS response calibrated against those of known standards.
In addition, acetate, glycinebetaine (GB) and 2'-deoxymugineic acid (2'-DMA) were
analyzed by NMR, as described previously (Fan et al. 1997; Fan et al. 2001).

19.3
Results and Discussion

We grew wheat on nutrient solutions containing Cd and/or humic substances (HS), in
order to study Cd and HS influence on metal uptake. HS effect was then determined
by comparing ‘HS’ treatment to ‘Control’ (nutrient solution without Cd nor HS) and
‘HS + Cd’ to ‘Cd’ treatment. Cd influence was evaluated by comparison of ‘Cd’ treat-
ment to ‘Control’ and ‘HS + Cd’ to ‘HS’ treatment.
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19.3.1
Effect of Cd and Humic Substances on Biomass Production

Toxic symptoms were visible in wheat plants exposed to Cd, including reduction of
the root growth and leaf expansion as well as chlorosis. Both root and shoot dry weight
decreased (Table 19.1), regardless of the presence of HS. This reduction was more
pronounced for roots (–65%) than shoots (–55%). HS treatment (‘HS’) resulted in a
small enhancement in root and shoot growth, relative to the ‘Control’, i.e. an increase
of about +16% for the roots and +15% for the shoots dry weight (Table 19.1). A similar
growth enhancement by HS was observed when Cd was also present (‘HS + Cd’ vs.
‘Cd’), i.e. about +18 and +14%, respectively for roots and shoots.

Cd is known to be highly toxic to humans, animals, and plants. In plants, Cd causes
a number of toxic symptoms, including growth reduction, inhibition of photosynthe-
sis, perturbation of enzymatic activities (Reddy and Prasad 1992; Salt et al. 1995b).
The observed large reduction in root and shoot growth was in agreement with our
previous studies (Fan et al. 2000a; Shenker et al. 2001) and known toxic effects of Cd.
The enhancement of biomass production by HS is consistent with the reported effects
of HS (e.g. Chen and Aviad 1990). The small increase observed could be due to the low
HS concentration (1 mg l–1) employed for the study. More interestingly, this relative
enhancement was not eliminated by the presence of Cd (Table 19.1). This positive
influence suggests that HS alleviates the toxic action of Cd, as has been reported for
plants grown in soils (Strickland et al. 1979).

19.3.2
Effect of Cd and Humic Substances on Root Exudation

Cd treatments (‘Cd’ and ‘HS + Cd’) caused a large decrease (about 84%) in the total
root exudation, relative to ‘Control’ and ‘HS’, while HS plus treatments led to a small
increase (21 to 27%) in the dry weight of the exudates relative to HS minus treatments
(‘HS’, ‘HS + Cd’ vs. ‘Control’, ‘Cd’). Some of this effect was attributable to the influ-
ence on root biomass. To correct for this, the exudate dry weight was normalized
against root biomass (relative exudation), as shown in Fig. 19.1. A substantial effect of
Cd was still observed, as relative root exudation was reduced by about 50%. In con-
trast, the HS effect on relative exudation was attenuated to only 4 to 8%, which was
insignificant.

The large inhibitory effect of Cd on root exudation was also evident in our previ-
ous study (Fan et al. 2000a). This effect may be related to the ability of wheat plants
to modulate metal uptake under toxic conditions.

Table 19.1.
Dry weight (g) of roots and
shoots as a function of Cd and
humic substances (HS) treat-
ments (triplicate samples). Stand-
ard deviation in italic (3 repli-
cates). %-Values represent dry
weight changes relative to:
a) ‘Control’; b) ‘HS’; c) ‘Cd’ values
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19.3.3
Effect of Cd and Humic Substances on Tissue Metal Profiles

Cd accumulated in the root to very high levels, reaching 4 567 ±570 µg g–1 for ‘Cd’ treat-
ment, and 4 942 ±591 µg g–1 for ‘HS + Cd’ treatment (Table 19.2). Large increases of
other metal concentrations were also observed in the Cd-treated roots. The most sig-
nificant variations (% change in Table 19.2) were for Zn (+225% for ‘Cd’ and +323%
for ‘Cd + HS’), Cu (+298% and +242%) and Fe (+130% and +204%). Note that the
presence of HS slightly enhanced the Cd-induced accumulation of Mn, Ni, Zn, and Cd
in the root. In contrast, for Cd-treated shoots a decreasing trend was observed for
most of the transition metals, except for Ni and Zn (Table 19.3). ‘HS + Cd’ treatment
resulted in a small increase (+30%) of Ni while the Zn concentration increased by 56–
79% when Cd was present. It is also interesting to note that for both roots and shoots,
HS alone treatment (‘HS’) tended to attenuate the accumulation of transition metals,
except for Ni in the root (Table 19.2).

Thus, Cd exposure resulted in enhanced uptake for most transition metals into the
root. However, except for Zn, the excess metals in the root did not appear to be trans-
located into the shoot (see section below). There also appeared to be an interaction
of HS with Cd in enhancing the uptake of transition metals into the root.

Fig. 19.1.
Effect of Cd and humic sub-
stances (HS) on relative root
exudation (relative exudation
= exudate dry weigth / root dry
weight)

Table 19.2. Effect of Cd and humic substances (HS) on root metal content (in mg kg–1) and % changes.
Standard deviation in italic (3 replicates). %-Values represent concentration changes relative to:
(a) ‘Control’; (b) ‘HS’; (c) ‘Cd’ values. n.d.: not detected
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19.3.4
Effect of Cd and Humic Substances on Root/Shoot Concentration Ratio (CR/S)

To better visualize the effect on metal translocation from roots to shoots, CR/S values
were calculated, as shown in Table 19.4. Increasing values should indicate metal accu-
mulation in the roots and restrained movement to the shoot.

Except for Mn, the CR/S values for all other metals were much greater than 1. Mn
had the lowest values of CR/S for all treatments while Cd showed the highest values, i.e.
about 2 to 100 times greater than those for the other metals. In addition, the CR/S value
of ‘HS + Cd’ was the highest among the four treatments for all metals.

The large CR/S values of all metals but Mn is consistent with the knowledge that
plants retain heavy metals in their roots (Reddy and Prasad 1992; Sauerbeck 1991).
The CR/S values of Mn and Cd also suggest that Mn was the most “translocatable” while
Cd was the most retained metal by the root. Moreover, the higher CR/S values of tran-
sition metals with ‘HS + Cd’ cotreatment than with either treatment alone suggest a
synergistic effect of Cd and HS on metal retention in the root. This retention could be
mediated through interaction with metal ion ligands such as phytochelatins. This is
consistent with a much higher accumulation of phytochelatins in wheat roots than
shoots observed in our previous study (Fan et al. 2000a) and with the ability of
phytochelatins to sequester Cd in the vacuole of root cells (Dushenkov et al. 1995;
Hart et al. 1998).

Table 19.4. Root/shoot concentration ratio (CR/S) for the various metals. n.d.: not detected. HS: hu-
mic substances

Table 19.3. Shoot metal content: concentrations (in mg kg–1 or ppmw) and variation (%) Standard
deviation in italic (3 replicates).%-Values represent concentration changes relative to: (a) ‘Control’;
(b) ‘HS’; (c) ‘Cd’ values. n.d.: not detected. HS: humic substances
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19.3.5
Effect of Cd and Humic Substances on Root Exudate Profile

To investigate whether root exudation could underlie the effect of HS or Cd on metal
uptake into the root, a broad screen of root exudate for metal ion ligands was per-
formed using nuclear magnetic resonance (NMR) and gas chromatography-mass spec-
trometry (GC-MS). The most abundant components detected were lactate, alanine,
GAB (γ-aminobutyrate), malate, acetate, glycinebetaine (GB) and 2'-deoxy-mugineic
acid (2'-DMA). The treatment-dependent profiles of these exudate components are
shown in Fig. 19.2. Qualitatively, the exudation profiles for the four treatments were
similar, e.g. lactate, acetate, and 2'-DMA remained most abundant. Quantitatively, the
exudation of most components for ‘Cd’ and ‘HS + Cd’ treatments were distinctly lower
than those for ‘Control’ and ‘HS’ treatments. In particular, exudation of these compo-
nents dropped to near detectable limits under ‘Cd’ treatment. However, HS cotreatment
alleviated somewhat this reduction for acetate and 2'-DMA.

These results are consistent with the notion that Cd inhibits root exudation and that
Cd-induced metal sequestration into the root is not mediated via these small molecular
weight ligands including the phytosiderophore 2'-DMA. This is in contrast to the impor-
tant role of 2'-DMA in Fe acquisition under Fe deficiency (Marschner et al. 1986). How-
ever, the deinhibition of acetate and 2'-DMA exudation under ‘HS + Cd’ treatment may
play a role in the small enhancement of metal sequestration into roots observed for this
treatment as compared to the Cd treatment alone (cf. Table 19.2). This lack of dependence
of metal accumulation on 2'-DMA appears to extend to several transition metal ions, as
summarized in Fig. 19.3. This result indicates that, when Cd is present, the mechanism
of accumulation of these transition metal ions – including Fe – is different from that
under Fe deficiency and not dependent on low molecular weight organic exudates.

19.4
Conclusion

In conclusion, Cd inhibited the growth of wheat plants and root exudation while en-
hancing the accumulation of most transition metals in the root, in addition to its own
accumulation to 4–5 g kg–1 levels. The majority of the excess metals remained in the
root except for Zn which was in part translocated to the shoot. The presence of soil HS,

Fig. 19.2.
Effect of Cd and humic sub-
stances (HS) on root exudate
profiles
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to a small extent, alleviated the inhibitory effect of Cd on growth and exudation while
enhancing Cd accumulation and attendant accumulation of transition metal in the root.
HS and Cd also had a synergistic effect on retaining transition metals and Cd in the
root. Moreover, the Cd-induced accumulation of metals in the root was not correlated
with the exudation of any small metal ion ligand including the phytosiderophore
2'-DMA. This indicates that the excess metal sequestration induced by Cd was not
directly mediated by the exudation of the low molecular weight ligands.
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Selection of Microorganisms for Bioremediation
of Agricultural Soils Contaminated by Cadmium

D. Bagot  ·  T. Lebeau  ·  K. Jezequel  ·  B. Fabre

Abstract

Accumulation of toxic metals in agricultural soils is an issue of health concern because toxic metals
may be transferred to plants and food. The reclamation of metal-polluted soils, e.g. by using chemi-
cal extractants, is usually difficult and incomplete. An alternative option is to try to decrease the
transfer of heavy metals from soil to plant by inoculating the soil with microorganisms selected for
their ability to biosorb heavy metals. Here, we isolated one fungus, two actinomycetes and two
bacteria from soil contaminated by cadmium. These microbes were found to grow in the presence
of high cadmium level in laboratory conditions. The fungus and the actinomycetes have the best
growth capacity in the soil extract in presence of 10 mg Cd l–1 which is representative of their abil-
ity to soil colonization. The bacillus, despite a low resistance to high cadmium concentrations, is
very efficient in presence of 1 mg Cd l–1. The percentage of cadmium biosorbed in the medium (up
to 50% in presence of 10 mg Cd l–1) and the specific biosorption (80 to 140 mg Cd g–1 of biomass)
led to determine that one actinomycete and the bacillus are the most efficient microorganisms that
will be used to later bioremediation experiments in soil microcosms.

Key words: cadmium, bioremediation, microorganisms, heavy metals biosorption

20.1
Introduction

The use of fertilisers and amendments in agriculture like sewage sludge or manure
has led to an enrichment of toxic contaminants in soils because these emissions may
contain high concentrations of heavy metals: high cadmium concentrations in phos-
phorous fertilisers for example. Heavy metals accumulate in the soils (Hamon et al.
1998). They may further concentrate in roots, stems and leaves (Mench et al. 1989).
The main consequence of this bioaccumulation is that the crop production may be-
come unfit both for animals and human consumption.

It’s possible to remove heavy metals from wastewater by using microorganisms
(Kapoor et al. 1998; Costley and Wallis 2000). Agricultural soils are characterised by
low cadmium levels on wide areas. Soils cleaning up is difficult using conventional
treatments (precipitation, ion exchange …) for technical and economical reasons.
Phytoremediation could be employed (Krenlampi et al. 2000), but phytoremediation
takes several years, during which no food crop is possible. Therefore an alternative to
the cleaning up is the pollutant immobilisation in the soil to avoid its transfer to plants
or groundwater. Heavy metals adsorption on mineral or organic amendments has been
exploited (Bailey et al. 1999) but cadmium leakage has been observed due to pH change
or soil temperature and humidity variations even in the presence of these amendments.
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In order to immobilise Cd in the soil, we propose an inoculation with viable microorga-
nisms able to accumulate Cd. Their ability to multiplicate in this environment is essential.
Here, the toxicity of the Cd for the microflora is an issue (Giller et al. 1997; Nies 1999). Some
species can indeed disappear while resistant strains can proliferate (Roane and Kellog 1996).
Microorganisms resistance can be related to the metabolic paths and to the presence of
metal-binding proteins or peptides (Cooksey 1994; Inouhe et al. 1996; Silver and Phung 1996;
Brown et al. 1998). It is also dependent on the nature of the medium (Gimmler et al. 2001).

Screening of cadmium resistant microorganisms has been realised by some au-
thors (Boularbah et al. 1992; Gabriel et al. 1996; Amoroso et al. 1998) in order to deter-
mine the ability of these strains to biosorb cadmium. Nevertheless the resistance and
the accumulation of heavy metals have always been measured on synthetic media
adapted to the selected microorganisms.

The aim of this work was to select microorganisms that will be used to inoculate
soils with the goal to immobilise the cadmium present inside. For this reason we hoped
to identify the ones really adapted to soil bioremediation. We wanted microorganisms
able to colonise the contaminated soils. Therefore we used a liquid soil extract medium
to study the microorganisms growth in conditions which are close to soil environment.
So we made a comparison between synthetic media and soil extract medium with or
without cadmium. We then studied the accumulation capacity of the microorganisms
that is representative of the bioremediation efficiency of the selected strains.

20.2
Experimental

20.2.1
Microbial Strains and Maintenance

Five microorganisms were tested. The Bacillus Zan-044 (99.5% similar to Bacillus sim-
plex), and the two Streptomyces R25 and R27, were respectively isolated by Valentine
et al. (1996) and Amoroso et al. (1998) from sediments which were contaminated with
cadmium among other metals. The basidiomycete Fomitopsis pinicola CCBAS 535
(Gabriel et al. 1996) is common in all forests and municipal parks in Europe. Pseu-
domonas aeruginosa PU21 was isolated from hospital sewage by Jacoby (1986). These
microorganisms were stored at 4 °C on agar slants before they were used.

20.2.2
Culture Media

We used the liquid synthetic medium Peptone, Tryptone, Yeast extract, Glucose medium
(PTYG (g l–1): peptone, 0.5; tryptone, 0.5; yeast extract, 1; glucose, 1; MgSO4 · 7H2O, 0.6;
CaCl2  · 2H2O, 0.07) (Valentine et al. 1996) for the Bacillus Zan-044; Minimal Medium (MM
(g l–1) L-Asparagine, 0.5; K2HPO4, 0.5; MgSO4 · 7H2O, 0.2; FeSO4 · 7H2O, 0.01; Glucose, 10)
(Amoroso et al. 1998) for the Streptomyces R25 and R27; Liquid Broth (LB (g l–1) tryptone, 10;
yeast extract, 5; NaCl, 5) for Pseudomonas PU 21 and a Malt Extract medium (30 g l–1) for
F. pinicola. We also used a liquid soil extract for the cultivation of the five strains. Loamy,
slightly acidic soil samples were taken from an experimental agronomic site at Aspach-le-
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Bas (Haut-Rhin, France) in the arable horizon of the soil (0–30 cm depth). The soil was
then mixed with the same weight of water (running water) and autoclaved at 130 °C dur-
ing 1 h. After filtration, the pH and the cadmium concentration of the soil extract were
respectively adjusted before sterilisation at 5, 6 or 7 (with HCl 1N or NaOH 1N) and at 1 or
10 mg Cd l–1 of medium (Cd was used in Cd(NO3)2, 4H2O form), and the filtrate was
autoclaved at 115 °C during 0.5 h. The chemical characteristics of the soil extract are:
pH 5.6, Total sugar, 0.5–3 mg l–1, Cl–, 6.61 mg l–1 SO4

2–, 10.24 mg l–1, NO3
–, 1.83 mg l–1, PO4

2–,
0 mg l–1, Cd, 0 mg l–1, Cu, 0.22 mg l–1, Zn, 0.09 mg l–1, Pb, 0.12 mg l–1.

20.2.3
Cultivation Conditions

Microbial cells were precultured at 25 °C for about 2–3 d for the Bacillus Zan-044 and
the Pseudomonas PU 21, 5 d for the Streptomyces R25 and R27 and 10 d for Fomitopsis
pinicola. For the cultures, each Erlenmeyer was previously washed with 30% v/v aque-
ous HNO3, rinsed out with distilled water and was filled with 50 ml of medium. We
used the synthetic liquid medium or the soil extract for growth kinetics with free cells.

Each Erlenmeyer was inoculated with the same quantity of cell inoculum. The
inoculum size corresponded to 0.04 g l–1 for the Bacillus Zan-044, the P. aeruginosa
and the Streptomyces R25 and R27, and to 0.2 g l–1 for F. pinicola. The preculture of
F. pinicola was centrifuged at 2 000 g and 0.2 ml of the cell suspension was inoculated
into the culture medium after supernatant elimination while a pellet of the Strepto-
myces preculture was inoculated in each Erlenmeyer. Erlenmeyer glasses were incu-
bated at 25 °C and stirred at 175 rpm and triplicates were realised.

20.2.4
Growth

The growth kinetics were followed by estimating the dry weight of the biomass. For the
Streptomyces and the fungus, the medium was filtered through a microporous membrane
(HAWP filter from Millipore, Freehold, NJ; mean pore size, 0.45 µm) and weighed after
drying at 105 °C for 24 h. The cell concentration (dry weight) of bacterial suspensions
was determined by measuring the optical density (OD) of the samples at 600 nm and
following calibration (dry weight (g l–1) = 0.4 × OD) according to Valentine et al. (1996).
Growth rates, µ (h–1) were calculated using the relation = ln 2 / ρ  where ρ  (h) is the
generation time estimated during the exponential stage of the growth kinetic.

20.2.5
Cadmium Analysis

The measurement of the cadmium biosorbed by microorganisms was achieved at the time
corresponding to the stationary stage of the growth kinetics i.e. 3 d for the bacteria, 5 d for
the Streptomyces R25 and R27 and 10 d for F. pinicola. The residual cadmium concentra-
tions were measured using Inductively Coupled Plasma – Atomic Emission Spectroscopy
(ICP-AES) (JY ULTIMA; Jobin Yvon HORIBA Group, Kyoto, Japan) after the filtration of
the culture medium described above. The detection limit for cadmium is 0.09 mg l–1.
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20.3
Results and Discussion

20.3.1
Microorganisms Growth with Synthetic Media

We studied first the resistance to cadmium of the microorganisms cultivated with
synthetic media. This allowed us to evaluate the range of cadmium concentrations
where they were able to multiplicate. We investigated also the cadmium concentra-
tion tolerated for the growth of microorganisms according to the pH. Table 20.1 shows
the maximal biomass production and the growth rates of the five strains.

Whatever the microorganism, the pH had little effect on the maximal biomass except
for Streptomyces R25 (biomass was lower at pH 5) and P. aeruginosa (maximal biom-
ass at pH 6). Bacillus Zan-044 showed a maximal growth rate at pH 7 though the
biomass produced was not simultaneously enhanced.

The most sensitive strains to cadmium were Streptomyces R25 and Bacillus Zan-
044 whose growth rates were affected by cadmium concentrations. In all conditions
F. pinicola and P. aeruginosa provided the highest biomass amounts despite the low-
est growth rate of F. pinicola.

Except for P. aeruginosa the microorganisms were very sensitive to toxicity of
10 mg Cd l–1. With synthetic media the experiments allowed us to evaluate the poten-
tial of each strain we studied. The most resistant one was the Pseudomonas aeruginosa
PU21 which is in accordance with Chang et al. (1997). Fomitopsis pinicola had also a

Table 20.1. Maximal biomass production (X in g l–1) and growth rates (µ in h–1) of the microorgan-
isms in synthetic media
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good potential despite its low growth rate. Both Streptomyces and Bacillus Zan-044
showed under these conditions a moderate behaviour.

20.3.2
Microorganisms Growth with Soil Extract Medium

In comparison to synthetic media, the biomass production of the five microor-
ganisms was lower, due to the medium poverty (Table 20.2), except for Streptomyces
R27. P. aeruginosa was unable to grow with the soil extract medium even in ab-
sence of cadmium. Considering the biomass production or the growth rate the opti-
mal pH was 6 for the four strains able to develop with soil extract, except for Bacil-
lus (pH 7). In these conditions the microorganisms were less sensitive to cadmium
toxicity.

The growth rates were little affected until 1 mg Cd l–1. The Streptomyces R25 growth
rate was more highly affected by 10 mg Cd l–1 than R27. F. pinicola was the microor-
ganism which presented the less sensitivity to cadmium whatever the concentration
or the pH. The results showed that pH 6 was favourable for the development of all the
strains studied. Soil pH is frequently close to this value.

The culture results were representative for the ability of the microorganisms to
soil colonisation which is one parameter of strain selection for bioremediation.
Whatever the cadmium concentration and the pH, F. pinicola was the most efficient
when cultivated with soil extract medium. Both Streptomyces and the Bacillus Zan-
044 presented little differences in the ability to develop under these conditions.

Table 20.2. Maximal biomass production (X in g l–1) and growth rates (µ in h–1) of the microorgan-
isms in soil extract medium
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20.3.3
Cadmium Biosorption with Synthetic Media or Soil Extract

The cadmium biosorption is representative of the bioremediation potentiality of the
microorganisms selected to inoculate contaminated soils. With synthetic medium
(Table 20.3) P. aeruginosa is the most efficient microorganism to immobilise cadmium
since it biosorbed 90 to 99% of the cadmium present in the medium whatever the
concentration. With 1 mg Cd l–1 both Streptomyces and the Bacillus were equivalent with
30% Cd biosorbed. Bacillus did not biosorbed cadmium in the presence of 10 mg Cd l–1

while the two Streptomyces biosorbed approximately 40%. Both Streptomyces presented
the highest specific biosorption while Bacillus and Pseudomonas had the lowest.

With 1 mg Cd l–1 in the soil extract medium (Table 20.4), F. pinicola, Streptomyces
R25 and Bacillus Zan-044 were the microorganisms which biosorbed the major part
of the cadmium present in the medium (41 to 64%). The maximum biosorption of cad-
mium was close to 15% for Streptomyces R27 and P. aeruginosa. With 10 mg Cd l–1 con-
centration in the medium, Bacillus biosorbed only 0.35% of the cadmium because of
its low biomass production. F. pinicola and Streptomyces R25 were the most efficient

Table 20.4. Cadmium biosorption by the microorganisms in soil extract medium. a Cd biosorbed
from the medium (mg l–1). b Cd specific biosorption of the microorganisms (mg g–1). c Percentage of
Cd present in the medium biosorbed by the microorganisms

Table 20.3. Cadmium biosorption by the microorganisms in synthetic media. a Cd biosorbed from
the medium (mg l–1). b Cd specific biosorption of the microorganisms (mg g–1). c Percentage of Cd
present in the medium biosorbed by the microorganisms
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with a cadmium biosorption close to 50%. P. aeruginosa had a cadmium fixation of
19% without any biomass production in this medium.

These results showed that the cadmium biosorption by F. pinicola was essentially
due to the magnitude of its biomass production while Streptomyces R 25 one was due
to its higher specific biosorption. In spite of their lack of growth Bacillus and Pseudomo-
nas had the highest specific biosorption.

The experiments of cadmium biosorption showed that Bacillus Zan-044 presented
efficiency only with 1 mg Cd l–1. Bacillus with 10 mg Cd l–1 and P. aeruginosa specific
biosorptions had no significance due to the lack of growth. F. pinicola and Strepto-
myces R25 had a good efficiency in presence of low or high cadmium concentrations.
Streptomyces R25 seemed to be particularly interesting, having a good efficiency in
cadmium biosorption as well as a high specific biosorption while potentiality of
F. pinicola was essentially related to its biomass production.

20.4
Conclusion

From the strains we tested for soil bioremediation the best adapted to development
as to cadmium biosorption in soil extract were Fomitopsis pinicola and Streptomyces R
25 for high cadmium levels and Bacillus Zan-044 for low cadmium levels.

The most significant parameters for the evaluation of the ability of micro-
organisms to soil bioremediation appeared to be the biomass production coupled
to a high specific biosorption level. These parameters were in relation to the multi-
plication of the inoculated microorganisms in the soil. The most influent factors on
microorganisms development are the pH, the organic and chemical characteristics of
the soil and the competitive relations with the microorganisms of the soil. The micro-
organisms we considered the most efficient were little sensitive to pH modifications
between 5 and 7 and presented a good adaptation to the soil extract which was a poor
medium.

To approach better the study of soil microcosm the next stage would be to imple-
ment the soil inoculation technique and to control the colonisation of soil samples by
the selected microorganisms. Studies would be developed with immobilised microor-
ganisms, to improve their competitiveness against the microorganisms of soils.
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Electrodialytic Remediation of Heavy Metal Polluted Soil

L. M. Ottosen  ·  I. V. Cristensen  ·  A. J. Pedersen  ·  A. Villumsen

Abstract

This article presents the historical background, the principle and case studies of electrodialytic
remediation of heavy metal polluted soil. Remediation of fine grained soils polluted by heavy metals
is problematic for most traditional methods such as pump and treat technologies and soil washing
methods. On the other hand, electrochemical soil remediation methods are particularly suited for
the fine grained soils. These methods are based on an applied electric current as cleaning agent.
The current tends to pass the soil through the finest pores, i.e. next for the smallest soil particles,
where the heavy metals are mainly adsorbed.

The heavy metals are mobile in the electric field as ions in solution, only. This means that the
heavy metals must be desorbed during the process. For some soils it is necessary to add an en-
hancement solution to aid this desorption, whereas for other soils addition of water is sufficient to
the remediation to occur.

Electrodialytic soil remediation was applied at laboratory scale for different soil and pollution
combination. Soils with a low carbonate content and polluted with Cu, Pb and Zn are shown remediated
by the electrodialytic method without use of enhancement solution to improve the mobility of the
metal ions. It was shown possible to remove 97% Cu in one experiment and 87% Pb and 69% Zn in
another experiment. During the electrodialytic process the soil becomes acidified, thus desorbing
these metal ions. Further a carbonate soil polluted by Cu can be remediated using ammonia as en-
hancement solution. Indeed, Cu forms mobile complexes with ammonia. Thus the soil can be
remediated at high pH, at which the carbonates are not dissolved. It was shown that addition of
ammonia improved the remediation from nothing removed from the soil totally without ammonia to
73% Cu removed after addition of ammonia. In the case of wood preservation sites where the soil is
polluted by Cu and As, ammonia can also be used as enhancement solution, since As is mobile in the
alkaline environment. In an experiment 70% As and 53% Cu was removed. Nonetheless, for wood
preservation sites polluted with Cu, Cr and As ammonia is not sufficient. Here ammonium citrate showed
potential, since the citrate part is mobilizing Cr. Experimentally 33% Cr, 65% Cu and 66% As was re-
moved from the soil at the same time after addition of ammonia citrate. Thus, by carefully choosing
the enhancement solution for each case, electrodialytic remediation is possible, even of soils with a
fine fraction ranging from 33% to 63% per weight as the experimental soils here.

Key words: heavy metals, soil pollution, electrochemical remediation

21.1
Introduction

Heavy metal polluted soils pose a risk to water quality and to health of humans at
normal site use, and thus remediation of these sites are highly relevant. Remediation
of heavy metal polluted fine grained soils is difficult or even impossible by more tra-
ditional methods like pump and treat technologies or soil washing methods. Elec-
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trochemical remediation methods, on the other hand, are very effective in fine grained
soils, e.g. (Ho et al. 1995) or (Reed and Berg 1994) and this paper deals with such method.

Electrochemical soil remediation methods are based on the transport processes
that occur when an electric current is passed through a soil. The electric current tends
to pass the soil in the micropores due to the lower resistance here, and this means that
the current is acting exactly where the heavy metals are mainly adsorbed in the soil.
Thus the electrochemical methods are especially suitable for fine-grained soils.

The transport mechanisms of major importance to the electrochemical soil remediation
methods are electro-migration and electro-osmosis (e.g. Acar and Alshawabkeh 1993). In
the soil the current is carried by ions, and the anions will be transported toward the
anode and the cations toward the cathode. This transport of ions in the electric field
is electro-migration. Electro-osmosis is movement of pore water in the soil in the applied
electric field. The negative charge on the surface of most soil particles causes an accu-
mulation of positively charged cations near the surface in the diffuse electric double
layer. Under the action of the electric field these cations will give a net flow of ions in
the direction of the cathode, and by this water is forced to move towards the cathode.

During the electrochemical soil remediation processes the heavy metals are con-
centrated in electrolyte solutions in which the electrodes are placed. It is possible to
recover the heavy metals from these solutions by different techniques. In the case of
e.g. Cu, Zn, Pb and Cd electro-precipitation to metallic form can be done.

In Denmark a special concept for electrochemical soil remediation has been devel-
oped, in which the electro-kinetic method is combined with the process of electro-
dialysis. Ion exchange membranes are used to separate the soil and the solutions where
the heavy metals are concentrated. This means that current will not be wasted in
carrying harmless ions from one electrode compartment to the other, but the current
will be used for carrying ions out from the soil only. The electrodialytic soil remediation
method has shown its feasibility in laboratory scale to remediate different soil and
pollution types of which examples are given in the present paper.

21.2
History of Electrochemical Soil Remediation Methods

During the 1930s the effects of applying an electric potential to a soil were first used.
Puri and Anand (1936) tested the value of applying an electric potential across a soil for
removing sodium ions in order to improve the soil quality. Casagrande (1948) was the
pioneer who started to use the electro-osmotic effect for dewatering fine grained soils.
He used the technique to stabilize earth masses where the classical methods had failed.

Years later Bruch and Lewis (1973) proposed to extend the usefulness of the electro-
kinetic phenomenon to being a tool in ground water pollution control in soils of low
hydraulic permeability. They based the proposal on theoretical considerations. In 1980
the movement of heavy metals in a soil in an applied electric field was first reported
by Segall et al. (1980), who tried to dewater a dredged material disposal site and its
embankment foundations in order to increase the capacity of the disposal site. In the
liquid samples from the process they found various heavy metals. Even though this
was just noted in the actual work, this finding may have given different researchers
the idea of using an applied electric field for soil remediation, because in the end of
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the 1980s more teams started to develop electrochemical remediation methods. The
majority of the published research conducted in the late 1980s and early 1990s origi-
nated from research teams from Geokinetics (Lageman 1989), Lousiana State Univer-
sity (Acar et al. 1999), Lehigh University (Pamucku et al. 1990) and Massachusetts
Institute of Technology (Probstein and Hicks 1993).

The number of papers published in the late 1980s in the field of electrochemical
remediation was less than 20, but during the 1990s more than 400 papers have been pub-
lished. Among the scientists and companies working in the field a network has been es-
tablished, and in this network a common reference list is made (Ottosen and Hansen
1999). The numbers given above about the publications are taken from this list. In 2001
this network constituted of 85 teams mainly from Europe and Northern America, but also
teams from Asia, Southern America and Australia have joined the network. The methods
where an electric field is applied to a soil to remove chemical species are variably called
e.g. electrokinetic remediation, electro-reclamation, electrokinetic extraction, electroki-
netic soil processing, electrochemical decontamination or electrodialytic remediation. Most
of the electrochemical remediation methods are now in the state of field implementation.
Many important and promising results have been obtained from laboratory work and a
few full scale remediation actions have been performed with success, too.

21.3
Electrodialytic Remediation

21.3.1
Principle

Electrodialytic remediation is based on removal of polluting heavy metals from the
soil matrix by electro-migration (Fig. 21.1). The heavy metals are concentrated in elec-
trolyte solutions from where they can be recovered for reuse by different techniques
such as electro-precipitation.

Figure 21.1 shows the basic principle of a laboratory cell for electrodialytic reme-
diation. The polluted soil is placed in the central compartment and the soil is sepa-
rated from the electrolyte solutions with ion exchange membranes. Between the soil
and the anolyte an anion exchange membrane (AN) is placed. This membrane pre-
vents cations from the anolyte from electro-migrating into the soil, but the electro-

Fig. 21.1. Principle of electrodialytic soil remediation. The polluted soil is placed in the central com-
partment and within the applied electric field the ions in the soil move in accordance with their
charge and are concentrated in the processing solutions (AN = anion exchange membrane,
CAT = cation exchange membrane)
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migrating anions in the soil can be removed into the anolyte. At the other end of the
soil a cation exchange membrane (CAT) is placed and this membrane prevents anions
in electro-migrating from the catholyte into the soil, but the electro-migrating cat-
ions from the soil can enter the catholyte. This use of membranes limits the number
of ions that can electro-migrate in the soil, because it prevents new ions from entering
from the electrode compartments. This means that the transport number for the heavy
metals in the soil is higher than in a cell, where passive membranes are used as bar-
riers between soil and electrolyte solutions, everything else equal.

The electrolyte solutions in the electrode compartments have other functions than
being the media where the heavy metals are concentrated. Since electrodes used are
inert electrodes, electrolysis of water occurs at both anode and cathode, i.e. produc-
tion of O2 gas and H+ ions at the anode and production of H2 gas and OH– ions at the
cathode. If the electrodes were placed directly in the soil, the electrode processes would
easily be inhibited from the gas production, since the gasses could not be transported
away from the electrode surface. The decisive factor for success in applying the electro-
dialytic remediation method to a soil is the ability to desorb the polluting heavy metals
during the process, since the heavy metals are mobile by electro-migration as ions in
the soil solution only.

When the electric DC current is passed through the electrodialytic soil remediation
cell, the soil is acidified from the anode towards the cathode. This is due to water split-
ting (H2O ⎯→ H+ + OH–) at the anion exchange membrane, which is a catalyst of this
process. The H+ ions produced by the water splitting will electro-migrate into the soil
and result in the acidic front (Ottosen et al. 2000a). The acidic environment in the soil
causes different heavy metals as Cu, Zn, Pb and Cd to desorb and thus these heavy
metals are mobile in the applied electric field. Thus some soils can be remediated by the
electrodialytic method after addition of tap water, only, to a total water content of about
15–20% per weight. Meanwhile it is beneficial or even necessary to add an enhancement
solution to the soil instead of water prior to the remediation for some soil types and
pollution combinations in order to ensure the desorption of the heavy metals. Follow-
ing examples are given with soils that can be remediated without any use of enhance-
ment solution, and soils where enhancement solutions are beneficial or necessary.

The enhancement solutions shall aid desorption of the polluting heavy metals into an
ionic form or into charged species so that they are mobile in the electric field. Further-
more the enhancement solution itself must be a harmless compound to the ecosystem, or
degradable into harmless compounds, so that it will not form a new pollution problem.

21.3.2
Remediation of a Cu-Polluted Weathered Soil

In the following sections examples of different remediation experiments are given.
The concentration of the elements in the soil was measured after pre-treatment of
the soil as described in Danish Standard 259: 1.0 g of dry soil and 20.0 ml (1:1) HNO3
were heated at 200 kPa (120 °C) for 30 min. The liquid was separated from the solid
particles by vacuum filtration through a nuclepore filter and diluted to 100 ml. The
elements were measured by atomic absorption spectrometry (AAS). The units used
in this paper are mg kg–1 dry matter.
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The figures for evaluating the electrodialytic method in this paper are shown as
concentration profiles of the heavy metals in the soil. After each experiment the soil
has been segmented into slices from anode towards cathode. The concentration of
heavy metals was measured in each slice (minimum a double measurement) and these
measurements are the basis for the figures.

Remediation of a Danish Cu polluted soil is the first example. The soil was sampled at
a wood preservation site that was polluted during 40 years of wood preservation, which
took place until 1976. The soil was taken in an area of the site where the pollution was so
intensive that no vegetation could grow. The soil was weathered topsoil sampled at the
depth of 0 to 15 cm. The carbonate content was less than 0.1%, the organic content
was 3.6% and the fine fraction (<63 µm) was 33%. The actual soil may have been pol-
luted with As, too, but this element was not included in this first investigation.

Three different experiments, which differed only in duration, were performed with
this soil. The principle of the laboratory cell was as shown in Fig. 21.1. The length of
the soil compartment was 15 cm and the internal diameter was 8 cm. The current
density was kept constant at 10 mA, corresponding to 0.2 mA cm–2. Figure 21.2 shows
the Cu concentration profiles at the end of the experiments.

From Fig. 21.2 it is clearly seen that Cu is removed from the soil during the process.
From the first 10 cm 96% Cu was removed during 70 d. After 12 d it is only the first
slice closest to the anode that is remediated, and after 22 d two slices are remediated.
In these two experiments an accumulation of Cu is seen in the slices next to the
remediated ones. This picture is pH dependent. In the remediated slices pH was about 3
and in the slices with accumulation of Cu, pH was about 5.8 as initially. The remediation
rate is thus linked to the rate of the developing acidic front. After 70 d the Cu concen-
tration is below 500 mg kg–1 all through the soil and thus the soil is remediated to a
class, where it can be used for certain purposes in Denmark. Initially the Cu concen-
tration was too high for that and the soil could go to a waste dump, only.

Fig. 21.2. Laboratory-scale electrodialytic remediation of a Cu polluted soil without use of enhance-
ment solution. Cu concentration profiles in the soil from three different experiments, which varied in
duration only are shown. The soil is acidified from the anode end towards the cathode and the mobil-
ity of Cu follows the acidic front. Thus Cu first mobilized in the acidified soil is precipitation in the
part of the soil where the acidic front has not reached yet. Finally (here after 70 d) all soil volume is
acidified and Cu removed. Modified from Ottosen et al. (1997)
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21.3.3
Remediation of a Cu-Polluted Calcareous Soil

In calcareous soils the buffering capacity against the acidification is high and the acidic
front develops very slowly during the treatment and thus the remediation rate is slow,
too. Experiment A in Fig. 21.3 is an example of this taken from Ottosen et al. (1998).
The actual soil is polluted from wire production and it has a carbonate content of
about 11%. The soil was highly polluted with Cu and the initial concentration was
20 000 mg Cu kg–1. A part of the polluting Cu is found precipitated as malachite in
the actual soil, which has been shown by X-ray diffraction (XRD) (Kliem 2000).

In experiment A the soil with its natural moisture was added a small amount of
1 M HCl prior to the remediation in order to overcome a part of the buffering capac-
ity. In the experimental cell the soil compartment was 10 cm long and the internal
diameter was 4 cm. The current was 6.5 mA (0.5 mA cm–2) and the duration of the
experiment was 24 d. From Fig. 21.3 it can be seen, that the copper concentration
decreased in the slice closest to the anode, only, and the concentration reached here
was 3 600 mg Cu kg–1, thus still high. To remediate this soil using the developing acidic
front to mobilize the Cu would take very long.

Ammonia could be a good enhancement solution for this soil. Copper forms stable
cationic complexes with ammonia following the equilibrium:

Cu2+ + 4NH3 ←→ (Cu(NH3)4)2+

Ammonia (2.5% NH3) was tested as enhancement solution for the actual soil
(experiment B in Fig. 21.3) in an experiment where the experimental cell was the same
as in experiment A. The current in experiment B was 8.2 m (0.68 mA cm–2) but the
duration was five days shorter and thus the number of charges moved in the two
experiments were the same. In experiment B the Cu concentration was decreased in
the whole soil volume. Only in the slice closest to the cathode the low level was not
obtained, but it would probably have been if the current had been passed for a longer
time. The reduction of Cu in the rest of the soil was 93%. pH in the soil after the
remediation was still above 9.

Fig. 21.3.
Laboratory-scale electrodia-
lytic remediation of a calcare-
ous soil polluted by Cu. Shown
is normalized Cu concentra-
tion profiles in the soil after
experiment A and B without
and with addition of ammonia,
respectively. Modified from
Ottosen et al. (1998)
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From these two experiments there is no doubt that the addition of ammonia en-
hanced the remediation of this actual soil, furthermore the voltage was much lower
after addition of ammonia and thus the energy consumption was much lower, too
(Ottosen et al. 1998)

21.3.3
Remediation of Soil Polluted with Cu and As

For wood preservation a combination of As and Cu salts was used in Denmark in the
period from about 1936 to 1954 and wood preservation sites polluted during this pe-
riod is thus polluted with these two elements. The example here is a soil sampled at the
same wood preservation site as the soil from the first example of this paper. The pol-
lution level was 900 mg As kg–1 and 830 mg Cu kg–1. An experiment where water was
added to this soil is described in Ottosen et al. (2000b), and it was shown that As was
little mobile, only, probably because As is present in uncharged species in the acidic
environment created during the process. Meanwhile As is expected to be mobile under
alkaline conditions and in Ottosen (1995) it was shown that As was mobilized by addi-
tion of NaOH to the soil, but in this experiment Cu was immobile. To mobilize both
elements at the same time ammonia can be used as enhancement solution. As is mo-
bile because of the high pH, and Cu forms (Cu(NH3)4)2+ as described above.

Figure 21.4 show the normalized concentration profiles for an experiment with the
actual soil. The experiment was performed in a cell that differed slightly from the
principle in Fig. 21.1. The main difference is that between the soil and the electrolyte
solution in the anode end is placed filter paper in stead of the anion exchange mem-
brane. This is done for two reasons. At first the acidic front from the anion exchange
membrane is unwanted since the remediation must proceed at high pH, and secondly
ammonia can be supplied to the soil through the filter paper during the process and
the ammonia can pass through the soil by electro-osmosis. More information about
the actual set up can be found in Ottosen et al. (2000b). The soil compartment was
15 cm long and had an internal diameter of 8 cm. The current was 45 mA for 15 d and
50 mA for 27 d (corresponding to 0.9 and 1.0 mA cm–2) and the maximum voltage
during the experiment was 39.2 V. Prior to the remediation the soil was added 2.5%
ammonia to a water content of 16%.

Fig. 21.4.
Laboratory-scale electrodia-
lytic remediation of a soil pol-
luted by Cu and As. Shown is
concentration profiles of As
and Cu in the soil after a reme-
diation experiment where 2.5%
ammonia was used as enhance-
ment solution. Modified from
(Ottosen et al. 2000b)
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From Fig. 21.4 it is seen that As and Cu was removed from the soil at the same time.
70% As and 54% Cu was removed. The Cu concentration was stabilized at a level of about
400 mg kg–1. From the profile it seems unlikely that the Cu concentration will reach the
same low level of 20 mg kg–1 as it was the case for the soil from the same site that was re-
mediated without enhancement solution (the first example of this paper), but the level
reached here is still less than the 500 mg kg–1 that was the goal. It seems as if the As re-
moval rate is slower than the one for Cu since the profile has not levelled out as the Cu pro-
file. Probably more As would have been removed if the experiment had proceeded longer.
The lowest As concentration reached was 90 mg kg–1 corresponding to a 90% removal.

21.3.4
Remediation of Soil Polluted with Cu, As and Cr

In the period from 1954 until 1993 a combination of Cu, Cr and As salts was used for
the wood preservation process. The soil for the next experiment was sampled at a
Danish wood preservation site where wood was preserved in the period 1960 to 1981.
The soil was sampled in an area naked from vegetation due to the high pollution
level: 8 780 mg Cu kg–1, 8 420 mg Cr kg–1 and 14 000 mg As kg–1. The soil had a car-
bonate content of 0.5%, an organic content of 9.7% and the fine fraction was 49%.

It was shown (Ottosen 2001) that ammonia cannot be used as enhancement
solution for soils polluted with Cr. Cr can form charged complexes with ammonium but
the adsorption of Cr to the soil particles or precipitation of e.g. Cr(OH)3 is too strong for
the ammonium to mobilize Cr. Ammonia citrate was then tested as enhancement solu-
tion for the actual soil. Next to the advantages from the ammonia part of the enhance-
ment solution, already described, the citric part can form negatively charged complexes
with Cr(III). Negatively charged complexes can be expected formed with Cu, too.

An experiment was performed with 1 M ammonium citrate, with pH adjusted to 8
by ammonia, as enhancement solution. The cell had an internal diameter of 8 cm and
the length of the soil compartment was 5 cm. The cell was constructed similar to the
cell described in the former experiment, i.e. with filter paper next to the soil in the
anode side. The cell was applied a current of 40 mA (0.8 mA cm–2) for 35 d. The volt-
age was less than 16 all through the experiment, and for the first 27 d the voltage was
about 5 V. In Fig. 21.5 the resulting profiles are shown.

Fig. 21.5.
Normalized concentration pro-
files of Cu, Cr and As from an
experiment where ammonium
citrate was used as enhance-
ment solution (Ottosen 2001)
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In this 30 d experiment 33% Cr, 65% Cu and 66% As was removed from the soil, i.e.
ammonium citrate can be used to mobilize these three pollutants at the same time.
For this experiment no optimisation was done on the concentration or pH of the
ammonium citrate. An optimisation is necessary in order to increase the removal rate
of Cr, but this experiment showed that the enhancement had good potential.

21.3.5
Soil Polluted with Pb and Zn

The last example here is remediation of a soil sample polluted from the production
of different electronic devises. The soil was sampled in the depth of 10 to 50 cm and
the main pollutant was Pb (940 mg kg–1) but the concentration of Zn (340 mg kg–1)
was increased, too. The carbonate fraction of the soil was 0.5%, organic matter 4.1%
and the fine fraction was 63%.

An electrodialytic remediation experiment was made in a cell with an internal
diameter of 8 cm and a 15 cm long soil compartment. A constant current of 20 mA
(0.4 mA cm–2) was applied to the cell and the voltage varied between 10 V and 80 V.

Figure 21.6 shows that both Pb and Zn were removed during the experiment. Totally
39% Pb and 61% Zn was removed. Zn is mobile at a higher pH than Pb in the applied
electric field (Ottosen et al. 2001) and this is the reason why no accumulation if Zn is
seen in the slices closest to the cathode as it is the case of Pb. Closest to the anode pH
was 2.8 and in the slices where Pb accumulated but Zn was removed the pH was about 3.7
to 3.9. The Zn concentration reached a stable level of about 130 mg kg–1 all through the
soil. The Pb concentration was 130 mg kg–1 in the slice closest to the anode.

21.4
Conclusions

The examples given above showed that electrodialytic remediation of different soil
types and pollution combinations is possible, but a key factor is the choice of a good
enhancement solution in several cases.

It is not necessary to use enhancement solutions for soils of low buffering capacity
polluted with heavy metals that will readily desorb under acidic conditions as e.g. Cu,

Fig. 21.6.
Normalized concentration
profiles of Pb and Zn. No en-
hancement solution was used
in this experiment



232 L. M. Ottosen  ·  I. V. Cristensen  ·  A. J. Pedersen  ·  A. Villumsen

Pa
rt

 II

Pb and Zn, since an acidic front develops from anode towards cathode in the electro-
dialytic system and mobilizes the metals. Meanwhile in soils with a high buffering
capacity the acidic front develops very slowly and it is beneficial to add an enhance-
ment solution here. For instance, calcareous soils have a high buffering capacity. Acid
could be added prior to the application of current and by this mobilizing the heavy
metals, but the acid would also dissolve the calcium carbonates in the soil meaning
that there would be a lot of mobile Ca2+ ions, too. This would increase the energy
demand for the action because a lot of current is wasted in carrying these harmless
ions out from the soil. Instead an enhancement solution which mobilizes the heavy
metals at high pH should be chosen. In the case of Cu this could be ammonia, since
charged amine complexes are formed with Cu at a high pH where the carbonates will
not dissolve.

For remediation of soils polluted from wood preservation the choice of enhance-
ment solution depends on whether the soil is polluted with Cu, Cr and As or only Cu
and As. In the latter case ammonia can be used as enhancement solution because As
is mobile due to the high pH and Cu forms mobile amine complexes. When Cr is
present, too, ammonia cannot be used as enhancement solution, because Cr is not
mobilized by the addition of ammonia. Instead ammonium citrate can be used in this
case, since Cr forms mobile complexes with the citrate.

One of the major advantages of the electrodialytic method is that it is possible to
remediate fine grained soils by the method. Examples of remediation of soils with a
fine fraction (<63 µm) from 33% to 63% were shown.
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Electrodialytic Removal of Cu, Cr and As
from Treated Wood

I. V. Cristensen  ·  L. M. Ottosen  ·  A. B. Ribeiro  ·  A. Villumsen

Abstract

The service life of wood treated with Chromated Copper Arsenate (CCA) may be 30 years or even
more due to the strong fixation of CCA in wood. The strong fixation also means that when the wood
is removed from service, a large proportion of the copper, chromium and arsenic is still present and
will enter into the waste stream unless actions are taken to prevent this. While the use of CCA is
regulated in many countries, the handling of the waste wood is often not. The amount of treated
wood being removed from service is expected to increase dramatically over the next few decades.

A method for safe handling of the waste wood and reuse of the wood resources, the contains –
energy and metals, – would be environmentally beneficial. Here we tested electrodialytic remediation
as a remediation method. Preliminary results show that more than 90% copper and approximately
85% chromium and arsenic are removed from the wood.

When the method will be optimised, it is expected that close to 100% of the metals will be re-
moved during remediation. Afterwards the metals can be recovered and possibly reused in new
wood preservatives. The wood chips can be reused or burned as it no longer contains metals.

Key words: wood, CCA, chromated-copper-arsenate, electrodialytic remediation

22.1
Introduction

The wood preservative Chromated Copper Arsenate (CCA) has been used worldwide
since the 1950s. It is accepted as one of the most effective treatments for the protection
of wood against fungi, insects and marine borers (Eaton and Hale 1993). The strong
fixation of CCA in wood can give the wood a service life of 30 years or more. In recent
years, a concern for the environmental impact of arsenic in preserved wood has led to
restrictions on the use of CCA in some countries. For instance, in Denmark the use of
arsenic, and thereby CCA, for wood preservation has been prohibited since 1993. In
Sweden, the National Chemicals Inspectorate introduced restrictions on the use of
chromium and arsenic containing preservatives in 1994, so that CCA may no longer be
used above ground level with a few exceptions. This has resulted in a dramatically
decrease in the use of CCA in Sweden. Before 1994 the CCAs had approximately 85%
of the domestic market for treated sawn timber. In 1994 it was reduced to approxi-
mately 40% of this market (Jermer 2000). In Norway the wood preservation industry
has entered a voluntary agreement with the environmental authorities, and the use of
arsenic and chromium in wood preservation will be phased out by October 2002.
Currently the European Union is proposing to limit the use of CCA-treated timber to
industrial cooling towers, railway sleepers and electricity and telephone poles. If ap-
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proved, this could become in affect by the middle of 2004. In the U.S.A. CCA will not
be allowed for residential use, e.g. play-structures and picnic tables, by 2004.

While more and more restrictions on the production and use of CCA-treated tim-
ber are being proposed, only few countries have legislation on the handling of the
waste wood. In some countries incineration is recommended, while others recom-
mend land filling of the wood.

Denmark is one of the few countries with legislation on treated waste wood. In-
cineration of CCA-treated wood is banned, and deposition is the only alternative
until new methods has been introduced that ensure reuse of the resources of the wood
as energy and metals. When such a method is introduced the wood should be col-
lected and treated separately (Miljø og Energiministeriet 1999). In Sweden only
“new” treated waste wood, that has not yet left the preservation plant, is considered.
It is recommended that this waste wood is to be burned only in approved incineration
plants, and the ash is to be deposited in special landfills. When it comes to treated
waste wood that has been removed from service, there are no regulations or recom-
mendations.

One of the reasons given for the lack of regulation is the problems of identifying
treated waste wood. Treated wood has a characteristic green colour, but after several
years in service the wood may appear grey, and look similar to untreated weathered
wood. One method for identifying treated weathered waste wood may be from infor-
mation about the location or use of the wood in service; another could be visual iden-
tification using colour reagents like Chromazurol S, which will stain the wood blue
when smeared on wood containing copper. X-ray fluorescence (XRF) is easier and
faster in use than a colour reagent, but also far more expensive. In seconds it can tell
the concentration of several metals in the wood, simply by pressing the instrument
onto the piece of wood in question.

The amount of treated waste wood is expected to increase rapidly in the next years.
In Denmark it was estimated that the amount of treated wood removed from service
would increase from 17 000 t in 1992 to 100 000 t a year by 2010. Similar trends can be

Fig. 22.1. Long-term disposal forecast for CCA-treated wood waste in Florida (From Solo-Gabriele
and Townsend 2000). CCA: Cu, Cr, As
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seen in other countries. In Fig. 22.1 a long-term disposal forecast for Florida predict
that the amount of CCA-treated waste wood will increase from below 5 million ft3 in
the 1990s to 30 million ft3 in 2015 (Solo-Gabriele and Townsend 2000).

The restrictions on the use of CCA will of course lead to a reduction in CCA-treated
waste wood, but due to the long service life of CCA-treated wood, the expected de-
crease in waste will only become apparent much later (see Fig. 22.1). A method for
safe handling of the waste wood and preferable reuse of the resources the wood con-
tains (energy and metals) would be environmentally beneficial. Electrodialytic
remediation could be such a method.

22.2
Electrodialytic Remediation

Electrodialytic remediation is a method developed and patented at the Technical Univer-
sity of Denmark for cleaning soils polluted with heavy metals. The method uses a di-
rect electric current as cleaning agent, and combines it with the use of ion exchange
membranes to separate electrolytes and soil (Hansen et al. 1999; Ottosen et al. 1997).

Figure 22.2 shows the electrodialytic cell in principle.
The laboratory cell consists of three compartments: an anode compartment (I), a

cathode compartment (III) and a middle compartment (II) with the wood chips
(Fig. 22.2). The catholyte is separated from the middle compartment by a cation ex-
change membrane, a membrane that only allows positive ions – cations – to pass. The
anolyte is separated from the middle compartment by an anion exchange membrane,
which allows only negative ions – anions – to pass.

When an electric potential is applied to the electrodes, the current in the cell will
be carried by ions in the solutions in the compartments, and the ions will move in
accordance to their charge. Cationic species will move towards the cathode and an-
ionic species will move towards the anode. When ion exchange membranes are used,
no current carrying ions can pass from the electrode compartments into the middle
compartment due to the ion exchange membranes, while ions can be transported from
the middle compartment into the electrode compartments. In this system the current
is thus prevented in carrying highly mobile ions from one electrode compartment
through the middle compartment into the other electrode compartment. Furthermore
competition between these highly mobile ions from the electrode compartments and
the ions in the middle compartment is avoided.

Fig. 22.2. Schematic presentation of an electrodialytic cell. Compartment I and III is the anode and
cathode compartment respectively, compartment II contains the wood chips. AN: anionic exchange mem-
brane. CAT: Cationic exchange membrane
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Good results have been obtained using this method for soil remediation and sub-
sequently the method has been tested on other materials, e.g. fly ash, sludge and most
recently CCA-treated waste wood. The first remediation experiments on CCA-treated
waste wood were performed with sawdust. The results were very promising with 93%
Cu, 95% Cr and more than 99% As, removed at the end of the 30 d experiment (Ribeiro
et al. 2000).

This study presents results obtained by electrodialytic remediation of CCA-treated
wood, using wood chips for the experiments. Using woodchips instead of sawdust,
less processing of the treated wood is required. Thereby the workers doing this will
not be exposed to airborne particles to the same degree, and a safer work environ-
ment will be created.

In order to move in the electric field, the metals need to be present as ions. In most
cases it is necessary to add an assisting agent to facilitate this process. In the case of
CCA-treated waste wood, oxalic acid has proven effective. It forms negatively charged
complexes with copper and chromium that will move in an electric field. Oxalic acid
was used in the sawdust experiments (Ribeiro et al. 2000) and is used in the present
experiment.

22.3
Experimental

Woodchips from the outermost 3 cm of an out of service electricity pole were used.
The pole is a Picea abies L., treated with 12 kg m–3 sapwood “K33” (CCA-B) in 1962 by
Collstrop A/S. The pole was removed from service in 1999.

Contents of copper, chromium was determined using atomic absorption spectro-
photometry in flame (AAS). Arsenic was determined using inductively coupled plasma
mass spectrometry (ICP-MS). Wood samples were pre-treated using microwave as-
sisted pressurised digestion in concentrated HNO3.

The average metal concentration in the wood were 426 mg kg–1 for Cu, 837 mg kg–1 for
Cr and 589 mg kg–1 for As.

The electrodialytic cell used, resembles the cell in Fig. 22.2. In this experiment
32.16 g wood chips were used. Prior to the remediation the wood chips were treated
with oxalic acid (2.5%) and placed in the middle compartment (II); an acrylic con-
tainer (5 cm long, 8 cm i.d.). Platinized electrodes obtained from Bergsoe Anti Cor-
rosion were placed in the electrode compartments (I and III) and ion exchange mem-
branes from IONICS were placed according to Fig. 22.2. Oxalic acid was circulated
using 1 l in each electrode compartment. 2.5% oxalic acid was used in the anode
compartment and saturated oxalic acid (100 g l–1) was used in the cathode compart-
ment. The duration of the experiment was 7 d. The DC current was kept constant at
40 mA. This resulted in a voltage drop between 2.5 V and 3.2 V indicating low power
consumption.

The first three days of the experiment a 15 ml sample was removed from both elec-
trolytes and replaced with the same amount of 2.5% oxalic acid. pH and concentra-
tions of Cu and Cr were determined in the samples.

At the end of the experiment, contents of Cu, Cr and As were determined in the
wood chips, the membranes, the electrolytes and on the electrodes.
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22.4
Results and Discussion

Wood treated with CCA was subjected to electrodialytic remediation treatment for
7 d. At the end of the experiment pH was approximately 1 in the electrolytes, and at
no time during the experiment was pH higher than 2.

The distribution of metals after remediation are given in Table 22.1. The results
show that more than 90% copper and approximately 85% of both chromium and
arsenic were removed from the wood during the remediation.

22.4.1
Arsenic

83% of the initial arsenic has been removed. As seen in Table 22.1, the distribution
after remediation shows that arsenic is primarily moved towards the anode, but is
also found in the liquid from the middle compartment and to some degree in the
catholyte. At pH 2, the dominating arsenic species is H3AsO4, but above pH 2.2 H2AsO4

–

dominates. The fact that pH in this experiment is in the same range, makes it prob-
able that these species will be dominating in the anolyte and middle compartment
respectively. The fact that some arsenic is found in the catholyte indicates that also
cation species is present. According to Ribeiro et al. (2000) AsO+, As(OH)+, or in even
more acid solutions As3+, may exist and these species will move toward the cathode.

22.4.2
Copper

94% of the initial copper has been removed during remediation (Table 22.1). Almost
all the removed copper is found in the anolyte. This is in agreement with the fact that
oxalic acid and copper forms anionic chelates, most likely Cu(Ox)2

2–.

22.4.3
Chromium

86% of the chromium has been removed. Almost all chromium is removed in the
anode direction, most of the chromium was at the end of the experiment found in
connection with the anionic exchange membrane. The anionic chromium species is

Table 22.1.
Distribution of copper, chro-
mium and arsenic after reme-
diation. “Wood” refers to re-
sidual amount of metal in
the wood
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probably Cr(Ox)3
3–. There is also a theoretical possibility that chromium(VI) is present

(as CrO4
2– or HCrO4

–), but since Cr(VI) is reduced to Cr(III) during the preservation,
and given the fact that both wood and oxalic acid may react as an reducing agent, the
dominating anionic chromium specie is presumed to be Cr(Ox)3

3–.

22.4.4
Duration of Experiment

Figure 22.3 shows that the large majority of the metals are located in the electrolytes within
the first two days. After that the amount of metals only increases slightly. This would suggest
that the remediation could be finished sooner than the 7 d used in this experiment.

These results were obtained in a system with only a small degree of optimisation. Future
work will be further optimisation of the process with regard to concentration of oxalic
acid, current, duration of the experiments and size of wood chips used in the experiments.
Also the possibilities for reuse of both the metals and the wood will be investigated.

The metals are proposed reused in the preservation industry after some adjustments.
If arsenic is no longer allowed in wood preservation, another use or safe disposal is
needed. Until now only a few countries has a total ban of arsenic in wood preservation.

As the wood no longer contains copper, chromium and arsenic, the wood may be
burned and thereby the energy source will be utilized. In Fig. 22.4 a life cycle for the
wood metals are proposed.

Fig. 22.3.
Percentage of copper and
chromium in the electrolytes
as a function of remediation
time. Total recovered metal at
the end of the experiment is
set as 100%

Fig. 22.4.
Proposed life cycle for wood
treated with CCA (where CCA
is still allowed). CCA: Cu, Cr, As
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22.5
Conclusions

In the near future the amounts of treated waste wood will increase dramatically. This
wood contains large amounts of copper, chromium and arsenic. By using electrodia-
lytic remediation it is possible to remove the metals from the wood. In the present
study, 94% Cu, 86% Cr and 84% As were removed. The method creates no new waste
products.

The laboratory scale experiment described above showed that the method may be
an environmentally safe method for handling treated wood waste. Still optimisation
is needed in order to reach a removal rate close to 100% for all the metals.

Future works also include a remediation experiment in larger scale in order to
optimize e.g. the size of wood chips and the energy consumption. At present, pilot
scale experiments to remediate up to 2 m3 CCA-treated wood is being done at the
Technical University of Denmark.
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Treatment of Wastewater Contaminated by Mercury
by Adsorption on the Crandallite Mineral

J. M. Monteagudo  ·  J. M. Frades  ·  M. A. Alonso  ·  L. Rodriguez  ·  R. Schwab  ·  P. Higueras

Abstract

The present study has been undertaken to investigate a process that might remove inorganic mer-
cury from mine waste water streams by using a compound of the crandallite type. In this work, an
artificial amorphous crandallite, Ca0.5 Sr0.5 Al3(OH)6(HPO4)(PO4), was synthesized in our laboratory and
studied for the separation, removal and recovery of mercury from mercurial wastewaters. Since this
compound exhibits an extremely wide range of ionic substitutions, Ca and Sr were interchanged with
mercury. As a result, the mercury content of the waste water, ranging initially from 70 to 90 mg l–1, was
reduced to less than 0.1 mg l–1. The process has been studied under batch conditions. The crandallite
has been shown to have a high capacity for the absorption of mercury from mercuric nitrate solutions.
The exchange capacity values of crandallite range from 0.90–1.50 meq g–1. The equilibrium and ki-
netic behaviour was also studied.

Key words: mercury, immobilization, crandallite, wastewaters

23.1
Introduction

Over the years mercury has been recognized as having serious impacts on human
health and the environment. This recognition has led to numerous studies that deal
with the properties of various mercury forms, the development of methods to quan-
tify and speciate the forms, fate and transport, toxicology studies, and the develop-
ment of site remediation and decontamination technologies (Stepan et al. 1995;
Higueras et al. 2001; Monteagudo et al. 2003).

Different mercury forms may occur at a contaminated site. These compounds may
be transformed from one species to another under changing environmental condi-
tions. Decontamination of different mercury forms may require different techniques.
Because of its high vapor pressure, metallic mercury disperses relatively quickly into
the atmosphere and, with suitable air movement, is taken up by plants and animals.
Therefore, from the viewpoints of environmental chemistry, geochemistry, marine
biology, and limnology, it is timely to set up a rapid, simple, sensitive and accurate
method for the removal of mercury from water.

The most important starting material for mercury extraction is mercury-sulfide,
HgS (cinnabar). The ore-bearing deposits are porous sedimentary rocks such as sand-
stone, bituminous shale and Silurian quartzite that contain mercury sulfide. The ore
is extracted in several mines that generate mercury metallurgy waste waters contain-
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ing mercury levels ranging from 70 to 90 mg l–1 (Higueras et al. 2001; Monteagudo
and Ortiz 2000).

Mercury is widely used because of its diverse properties. In very small quantities,
mercury conducts electricity, responds to temperature and pressure changes, and forms
alloys with almost all other metals. Mercury serves an important role as a process or
product ingredient in several industrial sectors. In the electrical industry, mercury is
used in components such as fluorescent lamps, wiring devices and switches, e.g. ther-
mostats, and mercuric oxide batteries. Mercury is also used in navigational devices,
temperature and pressure sensors. It is also a component of dental amalgams used in
repairing dental caries. In addition to specific products, mercury is used in numerous
industrial processes. The largest quantity of mercury used in manufacturing in the
U.S. is the production of chlorine and caustic soda by mercury cell chlor-alkali plants.
Other processes include amalgamation, use in nuclear reactors, wood proccessing (as
an antifugal agent), use as solvent for reactive and precious metals, and use as cata-
lyst. Mercury compounds are also frequently added as a preservative to many phar-
maceutical products (USEPA 1997).

For example, the majority of plants used in chlor-alkali electrolysis employ liquid
mercury cathodes, resulting in waste water containing 10% mercury or more (Chall
1991).

Inorganic mercury (Hg(II)) contained in waste waters can be transformed into
methylmercury (CH3Hg) by the action of the bacteria present in the water. Methylm-
ercury is the most toxic form that can enter the food chain. Methylmercury is more
easily absorbed by fish and other aquatic fauna, either directly through the gills or by
ingestion of contaminated aquatic plants and animals. The most widespread mer-
cury-related health problem among humans involves the consumption of water fauna,
such as fish, that have been contaminated with methylmercury (Stepan et al. 1995). By
this means, it is necessary to remove the inorganic mercury as soon as possible from
the waste waters produced in all processes involved mercury.

Among the techniques which can be used for the reclamation of mercury, we can
mention the adsorption on a substrate such as the activated carbon (Dean et al. 1972;
Sen and De 1987), the filtration and the ultrafiltration (Cheremisinof and Habib 1972),
the metal reduction (Richard and Brookman 1975), the membranes processes (Draxler
et al. 1988; Maes 1989), the ions exchange resins (Law 1971; Monteagudo and Ortiz
2000), and the biological reduction (Raskin et al. 1994; Dushenkov et al. 1995).

In this paper, we propose a new adsorbent-immobilizator which is available, inex-
pensive and has a very good capacity of fixing mercury. The choice of the crandallite
type compound is due mainly to its chemical composition, great specific surface, high
porosity and high capacity. The compounds of the crandallite type can be applied for
immobilization of radioactive fission products and toxic heavy metals from natural
and artificial sources. Ions like Hg2+ may enter mixed crystals and lower their con-
centration in solution. The Sr-Ca-induced crandallite works as a geochemical barrier
or immobilizator, filtering ions out of solution (Schawb et al. 1990, 1993).This paper
was undertaken as a part of an industrial scale project whose objective was to inves-
tigate a method for removing mercury at levels ranging from 70 to 90 mg l–1 from
mine waste water streams by use a crandallitic compound. The Hg-crandallite is fed
back to the plant of mercury metallurgy.



245Chapter 23  ·  Treatment of Wastewater Contaminated by Mercury

Pa
rt

 II

23.2
Experimental

23.2.1
Preparation of Amorphous Precursor Ca/Sr-Crandallite

The reaction of synthesis was defined as

3Al(OH)3 + 2H3(PO4) + 1/2SrCO3 + 1/2CaCO3

⎯→ Ca0.5Sr0.5Al3(OH)6(HPO4)(PO4) + CO2 + 4H2O (23.1)

The reaction was carried out in 1-dm3 flasks, magnetically stirred at 60 °C, 700 rpm
and environmental pressure. The synthesis time was also studied from 5 to 30 d. Then
the powder was filtrated, dried (40–45 °C), milled and analysed. The phase purity was
checked via chemical and thermal analysis of the investigated compound, according
to a previous report (Schawb et al. 1984).

23.2.2
Equilibrium Experiments

The equilibrium experiments were carried out in 1 dm3 flasks hermetically sealed and
magnetically stirred, submerged in a temperature controlled thermostatic bath. 500 cm3

of mercuric nitrate (Hg(NO3)2) solution was added into each of several flasks. Solution
and crandallite were maintained at fixed temperature under vigorous stirring until the
equilibrium was achieved. After that, the mixtures were filtered to remove the crandallitic
compound and the filtrate was analyzed for mercury content by atomic emission spectro-
photometry inductively coupled plasma (IPC-AES, JOBIN YVON JY48P) for mercury con-
centration between 0.15 mg l–1 and 125 mg l–1, or by atomic emission spectrophotometry
advanced mercury analyzer (AMA 254) for mercury concentration below 0.15 mg l–1. The
crandallite phase composition was determined by mass balance from initial and equilib-
rium compositions of the aqueous phase, according to Eq. 23.2:

(23.2)

where C0 and C* are the initial concentration and equilibrium concentration of inorganic
mercury in the liquid phase (meq dm–3 solution), respectively. n* denotes the crandallite
phase equilibrium concentration of mercury (meq g–1 dry crandallite). V and W are the
volume of solution and weight of dry crandallite (dm3 and g), respectively.

23.2.3
Batch Kinetic Studies

A set of comparative experiments were carried out increasing progressively the agi-
tation rate in order to ensure that film mass transfer resistance was negligible.The
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evolution of concentration with time, until constant concentration, was obtained
measuring the conductivity of the solution in a conductivity cell. Signals from the
Crison 2201 conductimeter were monitored by a computer by means of a data
adquisition program developed in our Department.

23.3
Results and Discussion

23.3.1
Equilibrium Studies

Since one of the controlling factors governing the use of ion exchangers is the equi-
librium distribution of ions between the solids and solution phases which can
be achieved in any given system, ion exchange equilibrium was studied. To fit the
experimental equilibrium data the Langmuir, Prausnitz and Freundlinch equations
were used:

(23.3)

(23.4)

(23.5)

Figure 23.1 shows the experimental equilibrium isotherm for the adsorption of Hg2+

by crandallite from mercurial wastewater, where the Langmuir equation (Eq. 23.3)
was used to fit the equilibrium experimental data. The results show clearly that the
equilibrium is very favourable for crandallite.

Table 23.1 lists the parameters of Eq. 23.3, 23.4 and 23.5, as well as the average devi-
ation (s). They were determined by fitting the experimental data with the Langmuir,

Fig. 23.1.
Crandallite phase equilibrium
concentration of mercury,
n* (meq g–1 dry crandallite)
vs. equilibrium mercury con-
centration in the liquid phase,
C* (meq l–1 solution). Approxi-
mation to Langmuir equation



247Chapter 23  ·  Treatment of Wastewater Contaminated by Mercury

Pa
rt

 II

Prausnitz and Freundlinch equations using a non-linear regression method. As it can
be seen in Table 23.1, the data are correlated quite well by the equations.

The maximum asymptotic solid-phase solute concentration (meq g–1 dry
crandallite), n∞, and the equilibrium constant, KI, were determined fitting the experi-
mental data to the Langmuir equation, using a non-linear regression method, defined
as follows:

(23.6)

where n∞ is the maximum asymptotic solid-phase solute concentration (meq g–1 dry
crandallite), KI is the equilibrium constant, and C0, n* and C*, as defined above, are
the initial solute concentration in solution, and the equilibrium solid and liquid phases
solute concentrations, respectively. The sorption parameters obtained of Eq. 23.6 were:
equilibrium constant (KI) = 30.13 and saturation capacity (n∞) = 0.93 meq g–1, being
the average deviation (s) 7.54 × 10–4%. For all experiments, the KI value is greater
than 30 indicating replacement of the crandallite ions Ca2+ and Sr2+ with Hg2+ metal
ions. This indicates that crandallites have higher affinity for Hg2+ than for Ca2+ and
Sr2+ ions, which allows the ease the elimination of these wastewaters.

The values of the equilibrium constants, KI, confirm that the isotherms are very
favourable for crandallite.The following ion exchange reaction can occur with mer-
cury in its oxidation state Hg2+:

2 Ca0.5Sr0.5Al3(OH)6(HPO4)(PO4) + 2Hg2+

←→ 2HgAl3(OH)6(HPO4)(PO4) + Ca2+ + Sr2+ (23.7)

Crandallite crystallizes in the alunite crystal lattice. Because of its open structure,
the cations Ca2+ and Sr2+ are replaced by mercury; this element entering into the crystal
network thus becomes immobilized. The crandallite used in this study show high
selective binding of Hg2+ over Ca2+ and Sr2+. It may be that the longer spacer provides
more spatial possibility for the ligands to form complex with mercury ions.

Table 23.1.
Experimental parameters of
equations with average devia-
tion (s*) calculated as followed:

s* = Σ
m

i=1
(n*exp – n*eq)2 / (m – 2)
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23.3.2
Kinetic Studies

The experimental kinetic results are presented in Fig. 23.2. The amount of metal ion
absorbed increases with time till the maximum capacity of the crandallite is attained.
The plot shows that the amount of metal ion sorbed increase with time. When it ceases
changing, the adsorption value was taken as the adsorption capacity of the crandallite.
From the standpoint of an industrial application of this process, the discontinuous
kinetic curves obtained are sufficient to provide the essential information required
for process design. However, batch kinetic data were also accurate and extensive
enough to allow a more detailed theoretical analysis to explain the different behaviour
of the process studied.

Since the ion exchange rate of mercury did not change with the agitation rate, the
ion exchange rate must be controlled by the intraparticle diffusion rate. Therefore,
the ion exchange rates of the batchwise tests were analyzed by the squared driving
force model (Sheng and Chang 1996; Urano and Tachikawa 1991), which leads to the
following equation:

(23.8)

where Deff (cm2 s–1) is the intraparticle effective diffusivity, dpw (cm) the mean re-
sin wet diameter, t (s) the time passed from the beginning of the experiment and
F = [(C0 – C) / (C0 – C∞)] represents the fractional uptake of mercury. C and C∞ are the
concentration of mercury in solution at any given time and at the end of the experi-
ment, respectively. The results illustrate that the fractional uptake increases with time
till the maximum value is attained.

The model is valid since the kinetic data for the crandallite are correlated quite
well by the Eq. 23.8 being obtained an excellent fit between the experimental and
theoretical data, where the squared correlation coefficient was 0.998. From results
obtained in the equilibrium and kinetic studies, it may be stated that crandallite could
be used for the purification of mercury metallurgy wastewater.

Fig. 23.2.
Fractional uptake of mercury
(F = [(C0 – C) / (C0 – C∞)]) vs.
reaction time (s) (C0 = 80 mg l–1,
T = 20 ±0.1 °C)
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23.4
Conclusion

Crandallite has been shown to have a high adsorbing capacity of Hg2+ from mer-
curial waste waters (mercuric nitrate solutions). The separation factors of this
crandallitic compound of mercury over Ca2+ and Sr2+ are very high. Crandallite crys-
tallizes in the alunite crystal lattice. Because of its open structure, the cations Ca2+

and Sr2+ are replaced by mercury; this element entering into the crystal network thus
becomes immobilized.

This process is capable of reducing mercury concentration in effluent to less than
0.1 mg l–1 for inlet mercury concentration in waste water averaging 80 mg l–1. The
method developed to serve the needs of the mercury metallurgy industry, it is appli-
cable to most mercury bearing streams found in other industries waste water contain-
ing up to 100 mg l–1.
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Low Cost Materials for Metal Uptake
from Aqueous Solutions

N. Fiol  ·  J. Serarols  ·  J. Poch  ·  M. Martínez  ·  N. Miralles  ·  I. Villaescusa

Abstract

In this work the ability of some vegetable wastes from industrial processes such as cork and yohimbe
bark, grape stalks and olive pits, to remove metal ions from aqueous solutions has been investi-
gated. The influence of pH, sodium chloride and metal concentration on Ni(II) and Cu(II) uptake was
studied. Metal uptake showed in all the cases a pH-dependent profile. Maximum sorption was found
at an initial pH around 5.0–6.0. In some cases an increase of sodium chloride concentration induced
a decrease in metal removal. Adsorption isotherms at the optimum pH were expressed by the non-
competitive Langmuir adsorption model. When comparing the four materials, yohimbe bark waste
was found to be the most efficient adsorbent for both metals studied.

Key words: low-cost adsorbents, nickel, copper, metal removal, sorption

24.1
Introduction

Conventional methods for removing metals from industrial effluents include chemi-
cal precipitation, coagulation, solvent extraction, electrolysis, membrane separation,
ion exchange and adsorption (Patterson 1977). Considering the harmful effects of heavy
metals, it is necessary to remove them from liquid wastes at least to a limit accepted
by law. The sorption process is one of the few alternatives available for the removal of
heavy metals at low concentrations from industrial efluents. Activated carbon, acti-
vated alumina or polymer resins which are non-regenerable and expensive materials,
are the sorbents usually used for this purpose.

The high prices and regeneration cost of these materials limits their large-scale
use for the removal of metals, and has encouraged researchers to look for low cost
sorbing materials (Kratochvil and Volesky 1998; Bailey et al. 1999). Relatively recently,
biological materials such as algae, bacteria, fungi and yeast (Mattuschka and Straube
1993; Pagnanelli et al. 2000) or certain waste products from industrial or agricultural
operations, have also been recognised as new cheap sorbents for the removal of toxic
metals. For instance, studies to assess the ability of crab shell (An et al. 2001), peat
(McKay and Porter 1997), sunflowers stalks (Sun and Shi 1998), pine bark (Al-Asheh
and Duvnajak 1998) or seafood processing waste sludge (Lee and Davis 2001) for the
decontamination of metal-containing effluents, found these adsorbents to be moder-
ately effective. The potential use of these residues as adsorbent materials present two
advantages, its reuse and its low cost. They can be disposed off without expensive
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regeneration and represent a cheap alternative to conventional sorbents. Apart from
these advantages the sorption process offers the possibility of effective metal concen-
tration on the material.

The sorption of metals by this kind of materials might be attributed to their pro-
teins, carbohydrates and phenolic compounds which have carboxyl, hydroxyl, sulphate,
phosphate and amino groups that can bind metal ions (Madrid and Camara 1997).
Different mechanisms may be involved in metal binding such as ion-exchange, che-
lation, complexation and surface adsorption depending on material and metal used
as sorbent and sorbate, respectively (Brown et al. 2000).

In this work the ability of four different industrial wastes (cork, yohimbe bark,
grape stalks and olive pits) to sorb metal ions has been investigated. Batch experi-
ments at room temperature were designed to study the influence of pH, sodium chlo-
ride and metal concentration on the sorption processes.

24.2
Experimental

24.2.1
Reagents and Solutions

The wastes used in this work were generated after different industrial production
processes: grape stalks from wine production, olive pits from olive oil extraction, cork
bark from wine cork production and yohimbe bark from pharmaceutical alkaloid
extraction. All these materials were washed, dried, ground, then sieved before their
use. The particle size used was in the range of 1.0 to 1.5 mm.

Metal solutions were prepared by dissolving defined amounts of NiCl2 · 2H2O and
CuCl2 · 2H2O, in distilled water. NaOH and HCl were used for pH adjustment and NaCl
was used as the ionic medium. These reagents were analytical grade and were purchased
from Panreac (Barcelona, Spain). Metal standard solutions of 1 000 mg dm–3 purchased
from Carlo Erba (Milano, Italy) were used for atomic absorption calibrations.

24.2.2
Procedure

The uptake of Cu(II) and Ni(II) was carried out by batch experiments at 25 °C. A fixed
mass of 0.1 g of dry biomaterial was put into contact with 10 cm–3 of different aque-
ous metal solutions and shaken in a rotatory mixer (Cenco Instrument) at 25 rpm
until equilibrium was reached. Then, samples were filtered through a 0.45 µm cellu-
lose filter paper (Millipore Corporation). After filtration the metal concentration of
the aqueous filtrate was determined by atomic absorption spectrometry using a Varian
Absorption Spectrometer, Model 1275. The amount of metal removed by the bioma-
terial was calculated by a mass balance. Initial metal concentration was kept constant
at 10 mg dm–3 (1.57 × 10–4 mol dm–3 for Cu and 1.70 × 10–4 mol dm–3 for Ni) when the
influence of contact time, pH and sodium chloride concentration was investigated. Metal
concentrations within the range 5–100 mg dm–3 (7.87 × 10–5–1.57 × 10–3 mol dm–3 for Cu
and 5.51 × 10–5–1.70 × 10–3 mol dm–3 for Ni) were used to study the influence of initial
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metal concentration and to obtain the Langmuir isotherm. In all experiments the initial
and equilibrium pH were measured using a Crison Model Digilab 517 pHmeter. The
initial pH of the solution was tested within the range of pH 1.0 to pH 7.0. Attention
was paid to avoid metal solid hydroxide precipitation (Baes et al. 1976). When the
initial pH of metal solutions was adjusted to the desired value no efforts were made
to maintain the solution pH while copper or nickel was being sorbed. To study the
influence of sodium chloride concentration on metal ion removal, the NaCl concen-
tration was varied from 0.1–2.0 mol dm–3. Each test was carried out in duplicate and
the average results are presented in this paper.

24.3
Results and Discussion

24.3.1
Equilibrium Contact Time

In order to ascertain the contact time that was necessary to achieve the equilibrium
state, characterised by unchanging sorbate concentration in the solution, simple pre-
liminary sorption-kinetic experiments were performed stirring the same amount of
dry solid with 10 cm3 of metal solution in different tubes. Samples were drawn at pre-
determined intervals of time for analysis. Initial metal concentration was 10 mg dm–3:
1.57 × 10–4 mol dm–3 for Cu and 1.70 × 10–4 mol dm–3 for Ni.

Fig. 24.2.
Cu(II) removal from aqueous
solution by sorption on vari-
ous biomaterials. Total metal
concentration 10 mg dm–3

(1.57 × 10–4 mol dm–3)

Fig. 24.1.
Ni(II) removal from aqueous
solutions by sorption on vari-
ous biomaterials. Total metal
concentration 10 mg dm–3

(1.70 × 10–4 mol dm–3)
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Fig. 24.3.
Ni(II) uptake as a function
of equilibrium pH for dif-
ferent sorbents. Total metal
concentration 10 mg dm–3

(1.70 × 10–4 mol dm–3)

Fig. 24.4.
Cu(II) uptake as a function
of equilibrium pH for dif-
ferent sorbents. Total metal
concentration 10 mg dm–3

(1.57 × 10–4 mol dm–3)

The adsorbed metal concentrations were obtained from the difference between
initial and final metal concentration. The percent removal was calculated as:

%R = [(Ci – Ceq) / Ci] × 100

where Ci and Ceq are the initial and final metal concentration in solution respectively.
The results corresponding to the kinetics of Ni(II) and Cu(II) removal by the four

studied materials are presented in Fig. 24.1 and 24. 2, respectively.
As can be seen in both figures, metal sorption by the different biomaterials was

quite rapid and reached a plateau after about 60 min. The rapid kinetic has significant
practical importance, as they will facilitate the use of small sorbent volumes to ensure
efficiency and economy. Based on the results obtained in Fig. 24.1 and 24.2, a shaking
time of two hours was used in all further sorption experiments to ensure equilibrium.

24.3.2
Effect of pH on Metal Removal

In general, metal uptake by biomaterials has been reported to be strongly dependent on
pH (Vecchio et al. 1998; Seco et al. 1997). Thus, it was of great importance to investigate
the effect of pH on metal removal. For this purpose a set of experiments varying the
initial pH within the range of pH 1.0 to pH 7.0 was carried out. The percentage of nickel
and copper removal vs. equilibrium pH is presented in Fig. 24.3 and 24.4, respectively.



255Chapter 24  ·  Low Cost Materials for Metal Uptake from Aqueous Solutions

Pa
rt

 II

As it can be seen, metal removal increased with pH solution and a plateau was
reached at around pH 5.5–6.0. The same trend has also been reported in the removal
of these ions by some other materials (Seco et al. 1997). It can be also observed that
low metal adsorption was found at low pH. This fact can be explained by the compe-
tition between protons and metal cations for the surface sites. When increasing the
pH there is a decrease of positive surface charge of the biomaterial that results in a
lower coulombic repulsion of sorbed metal and the surface. This effect seems to be
more important in the case of nickel. The maximum uptake was in all cases at equi-
librium pH values around 6.0–7.0 that corresponded to initial pHs around 5.0–6.0.
Other authors found similar equilibrium pH values for the same metal sorption (Lee
and Yang 1997; Yu and Kaewsarn 1999; Villaescusa et al. 2000). Taking into account
these results, further experiments were carried out at initial pH values around 6.0
without any pH adjustment.

24.3.3
Effect of Sodium Chloride Concentration

Several possible mechanisms for metal sorption have been proposed but ion exchange
can be one of the principal mechanism of interaction between metal and sorbent
(Kratochvil and Volesky 1998). In this context, the influence of NaCl concentration on
the sorption process was studied. In Table 24.1 results corresponding to Ni(II) and
Cu(II) uptake by different biomaterials in different NaCl solutions are shown.

In general a significant influence of sodium chloride concentration on metal up-
take for all the studied systems was observed. The results in Table 24.1 demonstrate
that the presence of NaCl in solution induces in general a decrease in metal uptake.
Only when yohimbe bark was used as adsorbent a slight effect was observed. For
the other materials this effect was more important in the case of nickel uptake. The
decrease in sorption efficiency observed can be due to different phenomena. Sorp-
tion is sensitive to the change in ionic strength if electrostatic attraction is a signifi-
cant mechanism for metal removal. Some authors explain the reduction of metal
removal percentage by the presence of competing Na+ ions for metal binding (Lee

Table 24.1. Influence of NaCl concentration on metal uptake (%) by cork, yohimbe, grape stalks and
olive pits at initial pH = 5.5–6.0. Total metal concentration 10 mg dm–3 (1.70 × 10–4 mol dm–3 for Ni
and 1.57 × 10–4 mol dm–3 for Cu)
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and Yang 1997). Nevertheless, this reduction in metal removal can also be explained
on the basis of the different ionic species present in solution at different chloride
concentration. Most of divalent metals form chloro-complexes in presence of chlo-
ride ions. At zero or low chloride concentration only free cations are present in the
solution whereas at higher chloride concentration neutral or anionic species predomi-
nate in the medium. Thus, the different species in solution may be sorbed or not
depending on the material.

24.3.4
Langmuir Isotherm

The equilibrium isotherms were determined for each material and each metal sepa-
rately. In order to optimise the design of a sorption system to remove these metal
ions it is important to establish the most appropriate correlation for the equilibrium
curves for each system. The most used isotherm equation for modelling equilibrium
data is the Langmuir equation (McKay and Porter 1997) that, for diluted solutions
may be represented by:

where q is the specific uptake (mol g–1 dry solid) and Ceq the metal concentration
(mol dm–3). The constant qmax is the maximum sorbate uptake per unit weight of
sorbent and b is the Langmuir constant related to energy of sorption which reflects
quantitatively the affinity between the sorbent and the sorbate.

The experimental data fitted satisfactorily the Langmuir sorption models. The values
of qmax and b for the different systems (sorbent-metal) are presented in Table 24.2. If we

Table 24.2. Langmuir parameters for nickel and cooper in different sorbent materials
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consider the four materials used in this work separately, a similar maximum uptake for
nickel and copper was found for all of them. When comparing the qmax values the relative
capacities were in the order yohimbe > grape stalks > cork > olive pits. From all the stud-
ied materials yohimbe showed the highest sorption capacity, 1.50 × 10–4 mol g–1, similar to
that found in literature for pine bark (Al-Asheh and Duvnjak 1998).

24.4
Conclusion

In summary the following conclusions can be drawn:

■ Based on the results obtained the four materials tested can be used as sorbing
material for Ni(II) and Cu(II) removal from aqueous solution.

■ Metal sorption is pH-dependent and maximum sorption for both metals was found
to occur at initial pHs around 5–6.

■ The presence of high sodium chloride concentration significantly reduces metal
removal.

Therefore, our results demonstrate the potential utility of vegetable wastes from
industrial processes for the treatment of wastewater containing heavy metals. Finally,
we would like to remark that our results have a double implication: (i) the re-use of
an industrial waste that is abundant and usually incinerated and (ii) the elimination,
recovery or concentration of heavy metals from wastewater.
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Removal of Copper(II) and Cadmium(II) from Water
Using Roasted Coffee Beans

M. Minamisawa  ·  S. Nakajima  ·  H. Minamisawa  ·  S. Yoshida  ·  N. Takai

Abstract

The adsorption behavior of heavy metals on arabica and robusta roasted coffee beans was inves-
tigated. To adsorb heavy metals, the coffee beans residues were suspended in aqueous solutions
containing Cu(II) or Cd(II). Then the amount of heavy metal remaining in the solution was measured
by atomic absorption spectrometry. The results show that the adsorption percentage of the heavy
metal ions were above 90% for all coffee beans examined. Further, the adsorption capacities of Cu(II)
and Cd(II) ions onto blend coffee were about 2.0 mg g–1. This adsorption capacity is similar to that
of zeolite, activated carbon and chitosan; and is higher than that of chitin and cerite. Blend coffee
was thus found to be a good adsorbent for the removal of heavy metals from wastewater.

Key words: roasted coffee beans; removal of Cu(II) and Cd (II)

25.1
Introduction

The occurrence of toxic metals in the water environment has been known to cause
severe health problems to animals and human beings (WHO 1971). The removal of
heavy metals from river water, lake water and wastewater is a crucial issue of major
health concern. Several methods have been proposed for the removal of heavy metals,
e.g. ion exchange, filtration, coagulation and adsorption. Ion-exchange resin, membrane
filter, hafunium hydroxide, activated carbon (Huang and Blankenship 1984), chelating
resin and porous polymer employed are effective, but high cost materials (Patterson
and Minear 1975; Panday et al. 1985).

Recently, the use of cheap agricultural wastes such as rice straw (Larsen and Schierup
1981), bark (Randall et al. 1974), Japanese green tea (Kimura and Yamashita et al. 1985),
wool and coconut husks as adsorbents have been highlighted for metal removal from
wastewater. Minamisawa et al. (1999) used chitin and chitosan for the adsorption of some
metals such as Cu, Co, Au and Mn ions. Chitin is universally present in the exoskeletons
of arthropods and manufactured in large scale from crab and shrimp shell wastes. Chitin
and chitosan are nontoxic, readily biodegradable, and hence environmentally acceptable.
Orhan and Buyukbungor (1993) and Macchi et al. (1986) have reported that turkish coffee,
exhausted coffee, nut and walnut shells were useful for the heavy metals removal. How-
ever, these agricultural materials have to be chemically treated prior to use as adsorbent
and hence the water treatment by use of these materials is allowed to be costly process.

In the previous paper (Minamisawa et al. 2002), we have demonstrated that Cu(II)
and Cd(II) were almost removed from aqueous solution by use of roasted coffee beans
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with simple pretreatments of washing with water and drying. Thus, the roasted coffee
beans are very useful for the removal of heavy metal as a new low cost material. The
aim of present work is to elucidate the effect of the type of coffee and the roasting
degrees of coffee beans on the adsorption behavior of heavy metals. The adsorption
behavior of coffee beans is also compared with that of common adsorbents such as
zeolite, activated carbon, chitosan, chitin and cerite.

25.2
Experimental

25.2.1
Materials

The four coffee beans, arabica species of Brazil, Columbia, Guatemala and Indonesia ro-
busta coffees, were treated at five roasting temperature and time as follws; light roast
(190~215 °C for 10 min), medium roast (190~215 °C for 15 min), city roast (200~230 °C for
15 min), full city roast (200~240 °C for 15 min), French roast (200~250 °C for 18~20 min).
The preparation procedures of coffee beans have been described in a previous paper (Mina-
misawa et al. 2002). Coffee beans, chitine powder from KATOKICHI Ltd., Japan; KIMITSU
chitosan Grade-F powder from Kimitu Chemical Industries, Japan; cerite from Tanabes-
hoko co., Japan; natural zeolite from Tochigi-pre., Japan; and activated carbon from Wako
Pure Chemicals Co., Japan were employed as adsorbents. Cu(II) and Cd(II) solutions were
prepared by the dilution of copper and cadmium standard solutions for atomic absorp-
tion spectrometry (Cu(II) or Cd(II) 1 g l–1 in HNO3 0.1 mol l–1) from Wako Pure Chemi-
cals Co., Japan. All other reagents were of analytical and extra-pure reagent grade.

25.2.2
Adsorption Experiments

The adsorption experiments were carried out by a batch method. 2.5 g of coffee bean,
chitin, chitosan, activated carbon, zeolite or cerite, was added to a 500 ml of sample solu-
tion containing Cu(II) or Cd(II) 5 mg l–1 as nitrate, which was adjusted to pH 6.5–6.7 with
diluted ammonia water. The suspension was stirred for 180 min by use of a magnetic stirrer,
and separated with a membrane filter. The adsorption amounts of Cu(II) and Cd(II) onto
the adsorbents were determined by measuring the concentration of metals in the result-
ing filtrate on a SAS 7500 Seiko Instrument atomic absorption spectrometer.

25.3
Results and Discussion

25.3.1
Effect of Roasting Degrees of Coffee Beans

The effects of the roasting degrees of coffee beans on adsorption behavior of heavy
metals were investigated. Arabica and robusta coffee beans were treated in 5 roast-
ing degrees of light, medium, city, full city and French. The colors of light and me-
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dium (American style) roasts are light brown and chestnut, respectively. While the
city is the standard roast, called the New York style and the full city is deeper roast
than city. French is the deepest grade roasted at the highest temperature, called the
French style.

Figure 25.1 depicts time courses for the adsorption of Cu(II) and Cd(II) ions on the
light roasted coffee and the blend roasted coffee (mixture of 5 degrees-roasted beans)
of Guatemala coffee beans. The adsorption ratios of Cu(II) and Cd(II) ions increase
rapidly and reached over 80% after 10 min, and then equilibrium is established in
approximately 40 min. From Fig. 25.1, it is apparent that the metal adsorption on the
coffee beans progressed very rapidly. A similar adsorption behavior of these metals
was observed for coffee beans with other roasted degrees. The adsorptions ratios of
Cu(II) and Cd(II) ions at 180 min were 92.6–95.5% for 5 roasting degrees and conse-
quently the adsorption of heavy metal is hardly affected by roasting degrees of the
coffee bean.

25.3.2
Adsorption Capacities of Coffee Beans

The adsorption capacities (Q), the amount (mg) of adsorbed metal per the weight (g)
of roasted coffee beans, were determined from the Eq. 25.1 (Minamisawa et al. 2002).

Q = (C0 – C) / W (25.1)

where C0 and C are initial and final metal concentrations of solution (mg / 500 ml),
respectively, and W is the amount (2.5 g / 500 ml) of coffee bean suspended. The adsorp-

Fig. 25.1.
Adsorption ratio of Cu(II) and
Cd(II) ions on the Guatemala
coffee residue as a function of
time
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tion capacities (mg g–1) of Cu(II) and Cd(II) ions on several roasted coffee beans
are summarized in Table 25.1. The adsorption capacities of coffee beans treated
in five roasting degrees were 1.82–2.0 mg g–1 for Cu(II) and Cd(II). The values in-
dicate that the heavy metals were concentrated about 400 times in the coffee bean
from the aqueous solution containing 5 mg l–1. If the adsorption experiments are
carried out in aqueous metal solution of higher concentration than 5 mg l–1 em-
ployed in the present work, the capacity will become much greater than above val-
ues. The large capacity seems to give the adsorption ratio above 90%, moreover
regardless of the kinds of beans and these roasting conditions. From these results,
the adsorption of heavy metals was found to be hardly affected by the differences
of not only the roasting degree but the a kind of coffee beans. Since the coffee
bean residues are discarded as a blend form, these finding suggest that the waste
coffee can be utilized as a new low cost adsorbent for the removal of toxic heavy
metals.

25.3.3
Comparison of Various Absorbents

The adsorption of metals by a blend coffee was compared with the following
common absorbents: chitin, chitosan, cerite, zeolite and activated carbon. Figure 25.2
and 25.3 depict the concentration of Cu(II) and Cd(II) in the suspension as a func-
tion of time during adsorption experiments, respectively. As shown in Fig. 25.2
and 25.3, the metals in the solution are removed above 80% within 10 min by zeo-
lite, activated carbon and chitosan. The adsorption capability of blend coffee is
comparable to that of these adsorbents. The adsorption ratios of zeolite, activated
carbon, blend coffee and chitosan were greater than that of cerite and chitin, es-
pecially, for blend coffee, zeolite, and chitosan were above 94% up to 30 min. The
equilibrium time was less than 40 min expect for cerite and chitin. From Fig. 25.3,
the adsorption of Cd(II) ions onto blend coffee exceeded 10% than that of activated
carbon.

Table 25.1.
Adsorption capacities (mg g–1

at 180 min after adsorption ex-
periments) of Cu(II) and Cd(II)
ions for the various coffees
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Fig. 25.3.
Concentration change of Cd(II)
ion in aqueous solution with
time for adsorption on the
various adsorbents

Fig. 25.2.
Concentration change of Cu(II)
ion in aqueous solution with
time for adsorption on various
adsorbents

In the previous paper we have described that the adsorption activities of zeolite,
activated carbon and chitosan are due to hydroxyl (OH), amino (NH2) and carboxyl
(COOH) groups (Minamisawa 1999). From the infrared absorption spectra (not shown)
the coffee bean also was found to have COOH, hydrogen bond of OH, NH2, and phe-
nolic OH groups. These groups are derived from components of coffee bean such as
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Table 25.2.
Adsorption capacities of Cu(II)
and Cd(II) ions for the various
adsorbents (mg g–1 at 180 min
after adsorption experiments)

cellulose, protein, and product including nitrogen. In view of this, the heavy metal
ions is assumed to be incorporated into the core through active groups such as OH,
COOH and NH2 as well as zeolite, activated carbon and chitosan.

25.3.4
Adsorbent Capacity of Various Adsorbents

As shown in Table 25.2, the adsorption capacities of Cu(II) and Cd(II) ions onto
blend coffee, zeolite, activated carbon and chitosan were from 1.83 to 2.08 mg g–1.
The blend coffee has a comparable loading capacity of Cd(II) to activated carbon
and zeolite. The loading capacity of chitin and cerite was considerably less
than that of other materials. However activated carbon and zeolite have high cost,
though these materials are utilized in different fields such as water and wastewater
engineering, chemical and metallurgical engineering, analytical chemistry (Ferro-
Garcia et al. 1988).

On the other hand, the large amounts of coffee beans used are discarded as a mixed
waste of the different type. Therefore, it is advantageous that the adsorption capabil-
ity of the heavy metal in aqueous solution is independent of coffee type and its roast
condition. In addition, it is interesting in view of low cost processing that the high
adsorbed amount of Cu(II) and Cd(II) ions were obtained by the convenient pretreat-
ment of washing with water and following drying. The high metal collection capabil-
ity of coffee waste is promising to developing a novel adsorbent.

25.4
Conclusions

The coffee beans residue after extraction with hot water was found to have a high
adsorption capability of heavy metals from aqueous solution. The cadmium(II) and
copper(II) ions were removed very rapidly from aqueous solution containing these
metals. Adsorption capacity of coffee beans is comparable to that of activated carbon
and zeolite and the adsorption behavior was hardly affected by kinds of coffee beans
and the roasting degrees. From these results, a great potentially of the coffee beans
residue discarded as blend form was demonstrated as a convenient and low-cost
adsorbent of heavy metals. The heavy metal removal technique using the coffee bean
would be effective method for the economic treatment of wastewater.
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Bioremediation for the Decolorization of Textile Dyes –
A Review

A. Kandelbauer  ·  G. M. Guebitz

Abstract

Textile dyeing effluents containing recalcitrant dyes are polluting waters due to their color and by
the formation of toxic or carcinogenic intermediates such as aromatic amines from azo dyes. Since
conventional treatment systems based on chemical or physical methods are quite expensive and
consume high amounts of chemicals and energy, alternative biotechnologies for this purpose have
recently been studied. A number of anaerobic and aerobic processes have been developed at labo-
ratory scale to treat dyestuff. Some industrial pilot scale plants have even been set up. Additionally,
biosorption shows very promising results for decolorizing textile effluents. In this contribution, we
review fundamental and applied aspects of biological treatment of textile dyes.

Key words: biodegradation, bioremediation, textile effluents, dye decolorization, white-rot fungi,
bacteria, mixed cultures

26.1
Introduction

In textile dyeing considerable amounts of dyestuff, e.g. up to 30% of reactive dyes, are
lost and discharged with the effluents. Therefore, elimination of dyes from textile
dyeing effluents currently represents a major ecological concern. Due to their high
brilliance, low concentrations of dyes are highly visible and therefore, undesired in
industrial effluents. Depending on the process used and on national regulations, the
limits of dye concentration in rivers, about 1 ppm in the UK, would require a reduc-
tion of the dye concentration by up to 98% (Pierce 1994). The chemical structures of
dye molecules are designed to resist fading on exposure to light or chemical attack
and they prove to be quite resistant towards microbial degradation. For instance, azo
dyes, which amount to around 60% of textile dyes display strongly adverse effects on
growth of methanogenic bacterial cultures (Hu and Wu 2001). This toxicity may be
due mainly to the azo functional group itself rather than to the products of reductive
cleavage (Razo-Flores et al. 1997a) although aromatic amines are commonly known
to be potential carcinogens (Benigni et al. 2000). The chromophoric group of azo dyes,
the azo bond, can be cleaved anaerobically by bacteria in the human intestinal micro-
flora (Rafii et al. 1990). A wide variety of environmental microorganisms and even
helminths have been shown to degrade dyes (Chung and Stevens 1993). Nevertheless,
dyes cause severe problems when released into municipal waste water treating plants
since microbial cultures in conventional treating plants may be massively damaged
by azo dyes and are not able to satisfyingly decolorize them. More than 100 liters of
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water are currently consumed in the textile finishing industry for the processing of
1 kg of textiles (Hillenbrand 1999). Thus, there is a strong demand for new recycling
technologies to reduce this enormous water consumption. Microbial or enzymatic
dye degradation would allow reuse of the water. Recently, it has been shown that
enzymatically decolorized textile effluents can be used for the preparation of dyeing
baths (Abadulla et al. 2000). Due to their high specificity, enzymes only attack the dye
molecules while valuable dyeing additives or fibers are kept intact and can be reused.
Both microorganisms and isolated enzymes have a high potential for the treatment
of process effluents in the textile industry to allow their reuse, like it has also been
shown in the pulp and paper industry (Zhang et al. 2000). Here, we will report the
main aspects of biological treatment of textile dyes.

26.2
General

26.2.1
Modes of Bioremediation

The term bioremediation covers a wide variety of processes that use natural resources
to control pollution problems caused by xenobiotics. Xenobiotics are characterized as
compounds foreign to specific ecological systems which are often of anthropogenic
origin and display high persistence in the environment. They may consist of aromatic
ring systems substituted by electron-withdrawing groups like azo, nitro, or halogens
(Knackmus 1996). To decrease toxicity levels induced by xenobiotics, several remediation
techniques have been used: “microbial degradation” using microorganisms such as
bacteria and fungi; “phytoremediation” by plants which involves several biological
mechanisms; and “enzyme remediation” using specific enzymes to degrade pollutants.
Different modes of bioremediation of colored effluents are summarized in Fig. 26.1.

Fig. 26.1.
Different modes of dye bio-
remediation. Decolorization
using (a) mixed cultures, (b)
isolated organisms, and (c)
isolated enzymes
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For decolorization, reactors containing (a) mixed cultures, (b) isolated organisms,
or (c) isolated enzymes can be used. With mixed cultures (a) one species may be in-
volved in cleavage of the chromophoric group (white circles). Another species may
further biotransform the modified dye (black circles) whereas others (represented by
the lined circle) are not involved in bioremediation at all but may stabilize the overall
ecosystem. Similarly, with isolated organisms (b) only few of the expressed enzymes
(E1 to E4) are directly involved in dye biotransformation. In enzyme remediation
(c) they may as such be used after separation from the biomass. Their action may
depend on the presence of other substances like cofactors, cosubstrates or mediators.

The colored effluent may be pumped through a bioreactor containing cultures of
one or more isolated microorganisms or containing mixed populations. In a mixed
culture, where a consortium of different species is present, dye decolorization may be
the result of the synergistic action of various microorganisms. One organism may be
able to cause a biotransformation of the dye, which consequently renders it more
accessible to another organism that otherwise is not able to attack this dye (Nigam
et al. 1996a,b). In this way, the decolorization could mutually depend on the presence
of several microorganisms and on their synergistic action. Alternatively a single
microorganism may in fact be able to decolorize the solution by somehow modifying
the chromophore but without concomitant complete degradation. Such decoloriza-
tion yields metabolic endproducts that may be toxic, as shown for anaerobic reduc-
tion of azo dyes (Keck et al. 1997). If this unwanted metabolite can be accepted as a
nutrient source by another organism, detoxification thereby could be achieved. Thus,
the complete degradation of a xenobiotic leading to carbon dioxide, ammonia, and
water may turn out only to be achievable within mixed populations. Such mineraliza-
tion is the safest way to assure that no potentially harmful and unrecognized inter-
mediate degradation products are released into the environment. In general, mixed
populations usually exhibit higher stabilities towards environmental stress caused by
changes in effluent characteristics like temperature, pH or composition.

Microbial cells can be fixed in reactors by different means of immobilization, de-
pending on the reactor type. Fluidized-bed reactors contain freely mobile pellets
covered with layers of immobilized biomass, while packed-bed reactors contain or-
ganisms that are fixed onto a suitable support material (Zhang et al. 1999). For dye
degradation, bacterial cells may be immobilized on carriers like mineral material, sea-
shells, or nylon (Nigam and Marchant 1995). Calcium alginate (Kudlich et al. 1996)
and granular sludge (Tan et al. 1999; Shen et al. 1996) were used as support for mixed
cultures. Bacterial cells have been immobilized on activated carbon to allow simulta-
neous adsorption of non-biodegradable matter and oxidation of biodegradable con-
taminants regenerating activated carbon in one single reactor (Walker and Weatherly
1999). Another process uses the flocculation of Pseudomonas sp. cells with aluminum
sulfate for enhanced biodegradation of synthetic dyes (Tse and Yu 1997).

The living cell itself may be looked at as a decolorization reactor en miniature.
Decolorization on the one hand may simply be the result of physical retention of the
dye on the biomass by means of ion exchange or adsorption on the cell outer surface
area. Since no metabolic transformation of the dye molecule is necessarily involved
in this process, the contaminated biomass has to be disposed on landfills or treated
in a second step (see Sect. 26.3.3).
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Biochemical transformation of the dye on the other hand may either occur outside
the cell if the enzymes are excreted into the medium or inside the cell, provided that
the dye is readily transported into the cell, demonstrating the impact of its bioavail-
ability. Again, one single enzyme or a whole group of enzymes may be responsible for
decolorization, and low-molecular weight compounds like cofactors, co-substrates or
mediators may indispensably be involved as well.

A number of microorganisms have been found to be able to decolorize textile dyes
including bacteria, fungi, and yeasts (Banat et al. 1996; Martins et al. 1999). In general,
any organism that produces the enzymes listed in Box 26.1 is a likely candidate for dye
degradation. Preferentially, suitable organisms should excrete the active enzymes into
the medium. Otherwise transport into the cells may be limiting for bioelimination.
Another important requirement for an organism is its resistance against toxic effects
of dyes and other substances present in the effluent. Therefore, in cases where the tar-
get molecule or additives inhibit growth, isolated enzyme systems may be preferred.
This may happen especially at high concentrations of dyestuff as many studies have
reported decreasing of decolorizing rates of microorganism with increasing dye con-
centrations above certain levels. In short, it has to be dealt with the following major
problems: dyehouse effluents are complex mixtures containing high loads of additives
(salts, detergents, dispergents, metals) and may strongly vary depending on the pro-
duction charge. Dyehouse effluents often display extreme pHs and high temperatures.
Dyes display a wide structural variety and thus do possess very different chemical and
physical properties. They are designed to resist very harsh conditions. Thus, biological
systems have to be designed that work under such conditions and still effectively not
only decolorize but preferably completely degrade dyestuff. Due to these requirements
there is currently no simple solution by just applying a bioremediation technique.
Extensive reviews of general methods for decolorization of textile effluents have been
reported (Hao et al. 2000; Slokar and Marechal 1998; Robinson et al. 2001b). Although
combinations of chemical and microbial treatment have been described (Ledakowicz
et al. 2001; Kunz et al. 2001; Pulgarin et al. 1999; Donlagic and Levec 1998; Van der Bruggen
et al. 2001) in the following we will focus on bioremediation.

26.2.2
Enzymes Involved in Bioremediation

Textile dyes by themselves represent a huge diversity of chemical compounds. There
are several possibilities to classify dyes. By chemical structure, dyes are characterized

Box 26.1. Important oxidative enzymes used for dye decolorization
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by their chromophore. Several examples for different types of dye molecules are de-
picted in Fig. 26.2. Typical dyes are complex aromatic or heteroaromatic compounds
that either contain azo bonds, or feature indigoid, triaryl methane, anthrachinoid, or
phtalocyanoid carbon skeletons. They are substituted with various electron withdraw-
ing or electron donating groups like hydroxy, amino, nitro, halogens or sulfonate.
However, dyes are also classified according to their dyeing properties, e.g. disperse,
reactive, and direct for applicational purposes. The dyeing properties in turn reflect
solubility and chemical reactivity towards the fabric to be dyed.

Although dye molecules display a high structural variety, they are degraded by only
few different enzymes. These biocatalysts have one common mechanistic feature. They
are all redox-active molecules and thus, exhibit relatively wide substrate specificities.

Fig. 26.2. Examples of common commercial dyes
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There are reviews summarizing mechanistic and applied aspects of oxidative en-
zymes in the degradation of xenobiotics (Duran and Esposito 2000; Mester and Tien
2000). The most important dye degrading types of enzymes are listed in Box 26.1.

Extracellular oxidative enzymes such as laccases and peroxidases are typically pro-
duced by fungi, one of their natural functions being the degradation of lignin, a com-
plex aromatic matrix in wood. For mechanistic discussions of their oxidative action on
azo dyes, see Chivukula and Renganathan (1995). Intracellular mono- and dioxygenases
are ubiquitously present in living organisms. They cause the breakdown of aromatic rings
via incorporation of oxygen atoms (biohydroxylation) and subsequent cleavage of the
ring system resulting in carboxylic acids, which are further used in metabolism (Smith
1990; Berry et al. 1987; Commandeur and Parsons 1990). Reductive enzymes like cofac-
tor-dependent oxidoreductases or cytochrome P450 reductases may unspecifically
transform dyes in the course of secondary metabolic pathways (Kudlich et al. 1997).

Laccases have the advantage of just requiring molecular oxygen as a co-substrate.
Similarly, the use of peroxidases only depends on the availability of hydrogen perox-
ide as second substrate. Those enzymes may thus be promising candidates for en-
zyme remediation. In contrast, the application of reductases or oxidases requiring
cofactors like NAD(H), NADP(H), or FAD(H) which are extremely expensive com-
pounds is economically not feasible. Most decolorizations in connection with such
enzymes usually take place in whole cell applications.

26.2.3
Enzymatic Cleavage of Dyes

In the following sections, we discuss some mechanistic aspects of microbial treat-
ment of dye classes, for which degradation pathways have been suggested.

Azo dyes. Most mechanistic studies have focussed on azo dyes since they comprise
the largest class of textile dyes. Azo dyes usually do not occur in nature. Thus, it is not
surprising that cleavage of azo bonds under anaerobic conditions in general is re-
ferred to be due to unspecific reduction processes mediated by redox-active com-
pounds like quinone-type substances (Keck et al. 1997; Kudlich et al. 1997), biochemi-
cal cofactors like NADH (Nam and Renganathan 2000) or reduced inorganic com-
pounds like Fe2+ (Nerud et al. 2001) or H2S (Yoo 2002) which are formed by certain
strictly anaerobic bacteria as metabolic end products. However, some enzymes with
pronounced specificities have been discovered (Zimmermann et al. 1984).

According to Chivukula and Renganathan (1995), the mechanism of laccase medi-
ated azo-dye decomposition proceeds first via two sequential electron abstractions.
This is followed by an attack of the nucleophile water on the resulting resonance sta-
bilized cation. Subsequently, breakdown of the dye molecule concomitantly to the
release of one proton and one molecule N2 takes place yielding chinoid aromatics and
transient hydroperoxides, respectively (Chivukula and Renganathan 1995). The main
function of the laccase-catalyst thus consists of oxidatively rendering the azo dye more
susceptible to hydrolysis and nitrogen is eliminated in molecular form.

The same group also described the mechanism of peroxidase action on azo dyes
(Spadaro and Renganathan 1995; see also Goszcynski et al. 1994). Examples for sug-
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gested azo-dye cleavage are shown in Fig. 26.3. For a comprehensive discussion of the
microbial removal of azo dyes see the outstanding review of Stolz (Stolz 2001) which
includes a thorough discussion of mechanisms as well as application aspects.

Indigoid dyes. Indigo (1), the most important dye in the manufacturing of blue jeans
was demonstrated to be cleaved under laccase catalyzed electron transfer to give
isatin (2) and upon further decarboxylation anthranilic acid (3) as the final stable
oxidation product (Fig. 26.4). It was suggested that the degradation might proceed
via dehydroindigo as a reaction intermediate. Again, the function of laccase may consist
of increasing the susceptibility of the dye towards hydrolytic attack by water (Cam-
pos et al. 2001). Similarly, in the peroxidase catalyzed decolorization of Indigo Car-
mine, isatin sulfonic acid is formed, although a stable red oxidation product was
observed when a manganese dependent peroxidase from Phanerochaete chrysosporium
was employed (Podgornik et al. 2001). The authors suggested that this red product
was a dimeric condensation product of Indigo Carmine which has not been formed
with lignin peroxidase as the catalyst.

Triphenyl methane dyes. The application of organisms able to degrade triphenyl
methane derivatives has recently been reviewed by Azmi and co-workers (Azmi et al.
1998). This group of dyes has proved to be especially recalcitrant towards biodegra-
dation. Typical representatives like Methyl Violet or Crystal Violet were shown to have
adverse effects on the respiration of activated sludge bacteria and strongly inhibited
cell growth (Ogawa et al. 1988). Gentian Violet, another triphenylmethane dye and
very effective in controlling fungal growth is extensively in use as a medical substance
(Willian et al. 1978).

Fig. 26.3. Suggested decolorization products of azo bond cleavage via a reduction (Keck et al. 1997)
and b oxidation (Chivukula and Renganathan 1995; Spadaro and Renganathan 1995)

Fig. 26.4. Suggested oxidative degradation pathway for indigoid dyes (Campos et al. 2001)
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Using thin-layer chromatographic methods, the decolorization of the triphenyl-
methane dye Crystal Violet was shown to yield Michler’s ketone as a metabolic dead
end product (Yatome et al. 1993) (Fig. 26.5). Different enzymes exhibit different sub-
strate specificities. While a laccase treatment of Malachite Green, Crystal Violet, and
Bromophenol Blue produced respectively 100%, 20%, and 98% of decolorization (Point-
ing and Vrijmoed 2000), an analogous experiment using a peroxidase yielded 46%,
74%, and 98%, respectively (Shin and Kim 1998).

Phtalocyanine dyes. The degradation of phtalocyanine dyes was recently described
(Fig. 26.6) (Heinfling-Weidtmann et al. 2001; Reemtsma and Jakobs 2001). The action
of the white-rot fungus Bjerkandera adusta on Reactive Blue 15 and Reactive Blue 38
was studied using HPLC and the reaction products were analyzed via electrospray
mass spectrometry. Sulphophtalimides were identified as the main products.

Anthrachinoid dyes. Degradation of anthraquinoid dyes is assumed to proceed mainly
via general aromatic metabolism pathways utilizing a variety of mono- and dioxy-
genases, respectively. The anthraquinonic dye Acid Green 27 has recently been dem-
onstrated to serve as a laccase substrate (Wong and Yu 1999).

Fig. 26.6. Decolorization of phtalocyanide type dyes (Heinfling-Weidtmann et al. 2001)

Fig. 26.5. Decolorization products suggested for triarylmethane dyes (Yatome et al. 1993)
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In general, the rate of dye degradation strongly correlates with the dye’s electro-
chemical half-wave redox potential (Bragger et al. 1997) although structural features
may play an important role as well (Pasti-Grigsby et al. 1992; Kulla et al. 1983; Xu 1996).
Electron donating methyl and methoxy substituents seemed to enhance laccase activ-
ity while electron withdrawing chloro, fluoro and nitro substituents inhibited oxida-
tion of azophenols and other substituted phenols and phenol analogs by fungal laccases
(Chivukula and Renganathan 1995; Xu 1996).

26.2.4
Sources of Microorganisms

Microorganisms for dye decolorization may be obtained simply by isolation of exist-
ing dye degrading cultures from environmental samples (e.g. textile effluents), by
adaptation of promising strains to conditions present in textile effluents or by con-
struction of suitable organisms employing genetic methods.

26.2.4.1
Isolation and Adaptation of Naturally Occurring Microorganisms

In general, enrichment of microorganisms with special effectiveness in dye digestion
via natural adaptation occurs at any site where these xenobiotics are present in
amounts above average. Such sites may for example be natural ecosystems by chance
long-term exposed to textile effluents or sewage treatment plants near textile mills.
Usually, one does not try to isolate such naturally evolved strains but simply benefits
from there presence, especially if they occur directly in a municipal sewage plant.
Isolation of dye-degrading bacterial strains usually is a tedious and time-consuming
task (Zimmermann et al. 1984; Nigam et al. 1996b). The enrichment of bacteria under
chemostat conditions capable of growing on dye molecules as only carbon source –
if successful at all – has been reported to take very long periods, from several months
up to more than a year (Zimmermann et al. 1984). However, since dye degradation is
mainly accomplished via secondary metabolic routes, this nutritional restriction is
not principally needed. In the following paragraph we will briefly mention some
important cultures that have been obtained by adaptation methods.

Thermophilic bacteria, selected by adaptation from a textile effluent have been
shown to decolorize textile dyes at temperatures up to 60 °C (Banat et al. 1997). Al-
though not completely identified yet, one isolate of this mixed culture resembled
members of Corynebacterium and was able to decolorize commercial azo, diazo, re-
active and disperse dyes. However, synergistic decolorization by various species has
been observed (Nigam et al. 1996a,b).

Combined anaerobic and aerobic microbial treatments have been suggested to
complete the degradation of azo dyes (O’Neill et al. 2000; Bortone 1995; Haug et al.
1991). The formed aromatic amines are generally not further degraded without oxy-
gen. However, a methanogenic consortium was recently found to detoxify aromatic
amines formed during the prior azo reduction step, thus completely mineralizing azo
dyes under strict anaerobic conditions. This mixed population was grown on the
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amines as the sole N-sources (Razo-Flores et al. 1997b) and the azo-dye azodisalicylate
was continuously degraded in a bioreactor for more than 100 d.

Complete mineralisation of an azo compound by an isolated aerobic bacterial strain
has also been successful. Via continuous adaptation of Hydrogenophaga palleronii S1,
a strain was developed growing on 4-carboxy-4'-sulfoazobenzene as the sole carbon
and energy source. The detection of sulfanilate by high performance liquid chroma-
tography (HPLC) revealed that indeed the reduction of the azo bond had occurred.
This organism furthermore metabolized the resulting amines and complete minerali-
sation was achieved (Blümel et al. 1998). 4,4'-Dicarboxyazobenzene was cleaved as well
in presence of oxygen whereas various other hydroxy substituted azo compounds were
not accepted as substrates.

A major advantage of biological methods in contrast to physico-chemical processes
lies in the continuous self-optimization of the decolorization system by evolutionary
processes. Different isoenzymes of a laccase were shown to be expressed differently
by the fungus Pycnoporus cinnabarinus in dependence of the reactor cycle state. This
provides evidence for continuous adaptation of the fungus in response towards the
environmental stress and evolutionary pressure caused by exposure to dyehouse ef-
fluent conditions (Schliephake and Lonergan 1996).

In this context it should be mentioned that the expression of enzymes involved in
dye degradation can be significantly enhanced by medium components in the course
of cell growth. It has been shown that heavy metal ions like Cu2+ and Cd2+ enhance
laccase activity of a Pleurotus ostreatus (Baldrian and Gabriel 2002) and Cu2+ of vari-
ous Trametes species (Galhaup and Haltrich 2001). Xenobiotics like xylidine, aniline or
9-fluorenone (Mougin et al. 2001) or various aromatic alcohols (Arora and Gill 2001)
as well have been demonstrated to increase laccase expression of some fungi. An
interesting discussion of the metabolic implications of environmental stress taking
place in fungi is presented by Crowe and Olsson (2001).

Induction effects are of special interest for enzyme remediation technologies. The
enzyme is produced off-site in high yields by addition of inducers to the culture me-
dium. With on-site growing cell technologies such optimized environments hardly can
be realized thus resulting in less-effective enzyme expression by the used organism.

26.2.4.2
Genetic Engineering of Dye Degrading Organisms

In the course of natural adaptation, organisms degrading xenobiotics evolve more or less
naturally (Gottschalk and Knackmus 1993) or under controlled laboratory conditions
(Zimmermann et al. 1984). Thus, well-directed optimized hybrid strains may as well be
obtained directly via genetic engineering. By cloning and transferring genes encoding for
dye degrading enzymes organisms could be designed that combine the abilities of mixed
cultures within one single species (Knackmus 1996). A number of genes conferring the
ability of dye decolorizing have been identified (Dabbs 1998; Heiss et al. 1992). Chang and
co-workers have reported successful decolorization of an azo dye using Escherichia coli
carrying the azoreductase gene from a wild-type Pseudomonas luteola (Chang et al. 2000;
Chang and Kuo 2000). This approach could become a useful alternative for shortening
down the extended time-periods otherwise needed to adapt appropriate cultures and
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isolated strains, respectively. Furthermore, introduction of heavy-metal resistance into
dye-degrading organisms may help to solve the problem of environmental toxicity of such
ions present in high amounts in textile bioremediation sites. Although in conventional
sewage plants the use of a genetically highly modified organism seems to be unrealistic,
plasmids with a broad host range of replication and metal-resistance expression could
easily be introduced into the bacterial community. The presence of heavy metals should
cause the plasmids to be stably maintained in the bacterial population (Nies 1999).

26.3
Bioremediation

26.3.1
Dye Degradation with Bacteria

A wide variety of bacteria including Proteus sp., Enterococcus sp., Streptococcus faecalis,
Bacillus subtilis, Bacillus cereus, Pseudomonas spp. (Bumpus 1995), and even helm-
inths (Chung and Stevens 1993) have been shown to reduce azo bonds of textile dyes.
Azoreduction may be stimulated by addition of certain co-substrates, which are me-
tabolized and which serve as reduction equivalents. Depending on the type of organ-
ism employed, different additional nutrients may thus be supplied as co-substrates.
Whereas the addition of glucose has been shown to significantly improve the decol-
orization of Mordant Yellow 3 by an anaerobic bacterial consortium (Haug et al. 1991),
glucose inhibited decolorization of Reactive Red 22 by a Pseudomonas luteola strain
(Chang and Lin 2000). In the latter case, the amount of yeast extract added could be
correlated quantitatively to the achieved extent of decolorization. Mixtures of low
molecular weight carboxylic acids like acetate, propionate, and butyrate have also been
employed to improve the decolorization of azo-disalicylate (Razo-Flores et al. 1997a)
while others have utilized more complex co-substrates like tapioka starch as a supple-
mental carbon source (Chinvetkitvanich et al. 2000).

Aromatic amines in general are not further metabolized under strictly anoxic con-
ditions. Only one report has been published so far of complete mineralization of a
certain azo dye under anaerobic conditions (Razo-Flores et al. 1997b). Aromatic amines
were shown to be formed in the human intestines (Rafii et al. 1990; Bragger et al. 1997)
and are regarded as potent carcinogens (Benigni et al. 2000). They thus provide sub-
stantial risks for human health (Zimmermann et al. 1984). To be eliminated yet another
aerobic step in biologic treatment has to subsequently take place. This is why currently
the most promising technologies for azo-dye degradation are based on a combination
of anaerobic and aerobic processes using mixed cultures in various designs of reactors
(Kapdan and Kargi 2002; Coughlin et al. 2002; Kapdan et al. 2000a–c; O’Neill et al. 2000;
Rajaguru et al. 2000; Tan et al. 1999).

Aerobic sequencing batch reactors using either mixed cultures from activated sludge
units (Panswad et al. 2001) or enrichment cultures of glycogen- and polyphosphate
accumulating organisms (Lourenco et al. 2001) have recently been described. During
exposition of methanogenic granular sludge to oxygen, addition of ethanol has been
shown to stimulate the respiration of facultative aerobic microorganisms present in
the outer spheres of the colonized material, thereby preventing penetration of oxygen
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to strictly anaerobes. Consequently, azo dyes are reduced by methanogenic colonies
in anaerobic microniches within the inner spheres of the material. Thus, aerated
anaerobic/aerobic reactors with the ability of full azo-dye mineralization can be con-
structed (Tan et al. 1999; Field et al. 1995). For examples of recently described bacte-
rial systems for treatment of textile dyestuff, see also Stolz (2001) and McMullan et al.
(2001). Attempts have been made as well to implement anaerobic/aerobic treatment
plants in textile industry (Sarsour et al. 2001; Krull et al. 2000).

Not only aromatic amines but dyes as well can be oxidized by bacteria (Greaves
et al. 2001). Oxidative attack mediated by peroxidases has been observed with soil
bacteria like a lignin-degrading Streptomyces sp. (Pasti-Grigsby et al. 1992). An azo-
dye-degrading extracellular peroxidase is also released by a Flavobacterium sp. (Cao
et al. 1993). Several bacteria such as B. subtilis, Pseudomonas pseudomallei and differ-
ent Corynebacterium, Mycobacterium, and Rhodococcus species have been found to
degrade triphenylmethane dyes as well. Thus, in principle dye degradation is possible
by using solely aerobic cultures.

26.3.2
Dye Degradation with Fungi

White-rot fungi are able to degrade complex substrates like lignin via oxidative radi-
cal pathways. They can also degrade textile dyes due to the unspecific nature of their
lignin degrading enzymatic system. The enzymes responsible for this action are per-
oxidases and laccases. The fact that these enzymes are excreted by the fungi makes
these organisms especially interesting for bioremediation. A huge number of scien-
tific papers showing decolorization by fungi have been recently published (Fu and
Viraraghavan 2001). During typical experiments dyestuff is added to either a more or
less purified enzyme solution, culture filtrate or fermentation broth still containing
living organism. In other studies, it was tried to optimize the cultivation of some fungi
with respect to dye decolorization (Robinson et al. 2001a; Tekere et al. 2001; Bakshi
et al. 1999). This kind of data gives important information about the potential of mi-
croorganisms both in terms of potential in treating dye contaminated (model) waste
water and in resistance towards dye toxicity under more or less native conditions.

Several white rot fungi are known to degrade the various types of dyes: Phanero-
chaete chrysosporium (Martins et al. 2001; Tatarko and Bumpus 1998), Irpex lacteus
(Novotny et al. 2001), Coriolus versicolor (Swamy and Ramsey 1999a,b), Pleurotus ostreatus
(Shin and Kim 1998), Pycnoporus sanguineus (Pointing and Vrijmoed 2000), Pycnoporus
cinnabarinus (Schliephake et al. 2000), Phlebia tremellosa (Kirby et al. 2000), Geotrichum
candidum (Kim et al. 1995), Trametes hirsuta (Abadulla et al. 2000), or Neurospora crassa
(Corso et al. 1981). Recently, a new strain from the genus Penicillium has been shown
to degrade various polymeric dyes (Zheng et al. 1999). Fungal systems (Trametes ver-
sicolor, Pleurotus ostreatus, Phanerochaete chrysosporium, Piptoporus betulinus, Laeti-
porus sulphureus and several Cyathus species) have been described in literature to
degrade triphenylmethane dyes (Azmi et al. 1998). In general, Phanerochaete chryso-
sporium seems to be the most extensively investigated fungus for dye decolorization
working on dyes of all classes. For an informative compendium of recent literature
describing fungi able to decolorize dyes, see Fu and Viraraghavan (2001).



281Chapter 26  ·  Bioremediation for the Decolorization of Textile Dyes – A Review

Pa
rt

 II
I

26.3.3
Biosorption

A very prominent method for removing color from effluents is physical adsorption of
colored substances on various materials like sawdust (Khattri and Singh 1999), char-
coals, activated carbon, clays, soils, diatomaceous earth, activated sludge, compost,
living plant communities, synthetic polymers, or inorganic salt coagulants (Slokar
and Marechal 1998). The corresponding process by using biomass commonly is re-
ferred to as biosorption.

Color removal via biosorption is usually achieved by adsorption on fungal myce-
lia, either with or without concomitant biodegradation, as in the case of Aspergillus
foetidus (Sumathi and Manju 2000). Fungal cells may either be used as growing cells
or in form of dead biomass (Fu and Viraraghavan 2001), although decolorization with
active biomass is greater most probably due to parallel digestion (Aretxaga et al. 2001).
Azo dyes have been shown to bind effectively onto the mycelium of Aspergillus niger
resulting in extensive color removal higher than 95% (Sumathi and Manju 2000). A
stationary culture of this fungus was also used to decolorize a complex wastewater
from a textile company by an airlift bioreactor over a relatively wide pH range. Be-
tween pH 3 and 7 there was 100% decolorization, with pH 12 still about 60%. The
process does not seem to be limited to a certain type of dye. Acid, basic, direct, reac-
tive, and disperse dyes are reported to be cleared out of solution within a couple of
hours (Assadi and Jahangiri 2001). Pellets consisting of activated carbon and myce-
lium of Trametes versicolor were used for textile dye decolorization (Zhang and Yu
2000). Combining biodegradation with adsorption, high decolorization rates could
be achieved like it was also reported for a system using bacteria and carbon black as
a carrier material (Walker and Weatherly 1999).

Recently, biosorption on agricultural residues was suggested by Nigam and co-
workers as a first step prior to microbial treatment to concentrate dyes (Robinson
et al. 2001b). Wheat straw and corncobs were shown to remove up to 70% of color
from a simulated effluent containing 500 mg l–1 of dyestuff (Nigam et al. 2000). Since
dye contents of typical effluents may lie well below this value (Kalliala and Talvenmaa
2000; Pierce 1994; Correia et al. 1994), this first step may prove to be successful in
decolorizing the effluent. Subsequently, for complete mineralization of dyes solid state
fermentation can be performed on the dried adsorbent using white rot fungi. Although
spectrophotometric quantification was not feasible, color removal was visually evi-
dent and neither adsorbed dye molecules nor their breakdown products had any sig-
nificant adverse effects on the growth of both, Phanerochaete chrysosporium and
Trametes versicolor (Nigam et al. 2000).

Following a similar strategy, cellulosic anion exchange resins based on quaternized
lignocellulose were used for adsorption of acid azo dyes from wastewaters, the under-
lying mechanism being ion exchange. Since in this case the adsorbent is not an agri-
cultural waste but an expensive ion exchange column, the adsorbent has to be regen-
erated. This can be done by chemical means using bisulfite-mediated borohydride
reduction of azo groups (Laszlo 1997) or biologically via anaerobic bacterial treat-
ment of the adsorbed azo-dye molecules (Laszlo 2000). For this it is not even neces-
sary to bring the column in direct contact to the reducing bacteria. Interestingly, by
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physically separating the bacterium Burkholderia cepacia from the dye using a dialy-
sis tube, anthrachinone-2-sulfonate was shown to mediate the transfer of reducing
equivalents from bacteria to adsorbent-bound dye. Consequently, regeneration of an
anion exchanger bed was achieved with medium from a separate anaerobic reactor
via a low molecular weight electron shuttle (Laszlo 2000).

26.3.4
Enzyme Remediation

Enzyme reactors display one major advantage over whole cell systems because of the
distinct separation of different technological problems which otherwise would be
intertwined with each other. The production of an enzyme is provided by specialized
fermentation technologies. Enzyme expression of a suitable organism can be opti-
mized separately by exploring induction events or using genetic engineering. Down-
streaming of the enzyme and furthermore, the preparation of the biocatalyst (immo-
bilization protocols, stabilized enzyme cocktails) are separated from the actual site of
problem. Namely, the ready-made biocatalyst is produced separately and delivered for
implementation. By using whole cell systems, all these different fields are to be dealt
with at the same time, which drastically increases the complexity of the problem.

Enzyme reactors could prove useful for some special applications, e.g. for treat-
ment of partial streams within the plant, flows of relatively constant/known compo-
sition. Little has been done on this field yet although for some related applications
useful enzyme systems have already been designed and successfully tested in indus-
try, e.g. immobilized catalases for hydrogen peroxide removal at high pHs and tem-
peratures (Paar et al. 2001).

In terms of enzyme remediation of textile dyes, laccases seem to be the most prom-
ising enzymes. Laccases have been shown to decolorize a wide range of industrial
dyes (Rodriguez et al. 1999; Reyes et al. 1999). In the presence of redox mediators this
range even could be extended (Reyes et al. 1999; Soares et al. 2001a,b) or decoloriza-
tion events of degradable dyes could be significantly enhanced (Abadulla et al. 2000).
Low molecular weight compounds like 2,2'-azino-bis-(3-ethylbenzothiazoline-6-sul-
fonic acid) (ABTS) may also be necessary to mediate the actual electron transfer steps
of laccases (Wong and Yu 1999).

Similarly, peroxidases addition of veratryl alcohol was shown to positively in-fluence
the decolorization of azo and anthraquinone dyes catalyzed by lignin peroxidase. How-
ever, this effect may either be attributed to the protection of the enzyme of being in-
activated by hydrogen peroxide or to the completion of the oxidation-reduction cycle
of the lignin peroxidase rather than to just redox-mediation (Young and Yu 1997).

For technical applications, enzymes have to be immobilized. Immobilization of
fungal laccases on various carrier materials such as activated carbon (Davis and Burns
1992), agarose (Reyes et al. 1999), Eupergit C (D’Annibale et al. 2000), sepharose (Mil-
stein et al. 1993), and porosity glass (Rogalski et al. 1995; Rogalski et al. 1999) has been
shown to increase stabilities of the enzyme at high pH and tolerance to elevated tem-
peratures and to make the enzyme less vulnerable to inhibitors such as Cu-chelators.
After treatment with immobilized enzymes, the decolorized dyeing effluents could be
recycled within the dyeing process. This is not possible with effluents treated with
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microorganism since they require additional components to support growth. Both
these substances added to the effluent and compounds secreted by microorganisms
can cause problems in recycling of effluents (Abadulla et al. 2000).

Immobilized laccases have been shown to efficiently decolorize and even detoxify
textile dyes (Abadulla et al. 2000). Reactors containing such preparations could be
run in ten repeated decolorizations for about 15 h with high residual activity, retain-
ing 85% of its initial activity. However, experiments with an authentic textile effluent
but otherwise same conditions caused loss in laccase activity resulting in 14% retained
activity. The authors investigated all known components of the effluent like salts, soap,
and dispersant and their mixtures for laccase inactivation but none of these was det-
rimental to the enzyme (Reyes et al. 1999).

Laccases have been found as well in bacteria (Diamantidis et al. 2000) and were
shown to be involved in the pigment formation with some bacterial spores (Solano
et al. 2001). Since they are assumed to be widespread also among this class of micro-
organisms (Alexandre and Zhulin 2000), screening for oxidative enzymes expressed
by thermoalkalophilic organisms seems to be of special interest with respect to their
potential applicability at elevated temperatures. Since organisms of this kind are
generally more difficult to cultivate, such enzymes could be cloned, genetically trans-
ferred and expressed by organisms for which production methods already have been
well established (Kruus et al. 2001).

26.4
Conclusions

A number of strategies have been developed for the enzymatic and microbial treat-
ment of textile dyeing effluents. The technology of choice definitely depends on the
composition of the effluents and potential reuse processes. Enzymatic processes are
very promising for the decolorization of dyeing effluents for reuse in dyeing. Pro-
vided that immobilized enzymes are used to avoid addition of proteins (enzymes),
acceptable color differences between fabrics dyed in dyeing baths prepared with water
and with enzymatically decolorized dyeing effluents were achieved. Furthermore, this
process resulted in savings of dyeing additives, which are not attacked by enzymes.
Although the cost for enzyme is decreasing due to new production technologies in-
cluding genetic methods, the major drawback of enzymatic processes is the limited
range of dyes that are decolorized by one single enzyme. These problems could be
circumvented in the future by using enzyme cocktails or adjusting the dyeing proto-
cols to those dyes, which are susceptible to enzymatic decolorization.

Microbial processes allow complete mineralization and detoxification of textile dyes
and other pollutants contained in textile effluents. Although both isolated bacteria and
fungi have been shown to decolorize surprisingly wide ranges of different dyes, the
potential of mixed populations should not be neglected especially due to their higher
stability against changes of the environment. Aerobic or anaerobic microbial treatment
and combined systems are mainly used when dyeing effluents are treated together with
other textile effluents of varying composition and reduction of e.g. chemical oxygen
demand (COD) and toxicity is equally important as decolorization. Bioadsorption has
as well been used to concentrate dyes from dilute effluents prior to biodegradation.
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Degradation of the Indigo Carmine Dye
by an Anaerobic Mixed Population

G. Fischer-Colbrie  ·  J. Maier  ·  K. H. Robra  ·  G. M. Guebitz

Abstract

An anaerobic mixed population was found to be able to grow on acetate and Indigo carmine as
sole carbon sources. After eighteen days of incubation, the dye was completely decolorized. Degrada-
tion products of indigo carmine monitored by high performance liquid chromatography coupled
to ultraviolet/visible detector (HPLC-UV/VIS) were not detected after 25 d of incubation. Investiga-
tions on the degradation pathway of the anaerobic mixed population have been studied. To our
best knowledge, it is the first time that an anaerobic mixed population growing on acetate, a dye
bath additive in the textile industry, is able to mineralize indigo carmine.

Key words: anaerobic mixed population, textile dyes, indigo carmine

27.1
Introduction

Indigo carmine is a very widespread textile dyestuff used for dyeing of cotton and
wool fabrics. It is a very well known model dyestuff in experimental textile chemistry
as well. As a general environmental problem, most of the dyestuff used in a bath dyeing
process is discharged with the process water. It has been estimated that about 15% of
the dyes used in textile industry ends into waste water and is not recycled (Reyes
et al. 1995; Wong and Yu 1999). Without a treatment, these substances are hazardous
for the receiving water bodies since they inhibit the entry of light into the rivers and
can be toxic or generate toxic cleavage products (Pierce 1994; Tratnyek et al. 1994).

The resulting problems are manifold: large amounts of dyestuff are lost and an
expensive and sometimes not even a very successful treatment of the waste water has
to be applied in order to provide clean water either for a reuse in the dyeing process
or for the receiving water bodies.

In the last few years, several biological processes for textile effluent treatment have
been developed. Previously, we have shown that immobilized laccases can efficiently
decolorize textile dyeing effluents. However, drawbacks of this approach are high cost for
enzymes and their limited stabilities. Another possible way to get rid of the color in the
dye house effluent is the dye degradation by anaerobic mixed populations (Delée et al.
1998; Razo-Flores et al. 1999). Recent studies have shown that decolorization under
anaerobic conditions is often more effective and faster than with an aerobic microbial
consortium. Under anaerobic conditions, the reduction of one or more central double
bonds of the chromophore within the respiratory chain of the bacteria has been sug-
gested as the mechanism of decolorization.
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However, toxic cleavage products may be recalcitrant to an attack by anaerobic
bacteria and therefore remain in the wastewater streams. Although reduction is a very
simple way of decolorization, it is generally not carried out by aerobic bacteria, which
use oxygen as their only terminal electron acceptor. In contrast, anaerobic bacteria
are in general unable to degrade further the aromatic system of the dye molecule
after an initial cleavage. Since such findings have been obtained very often, the most
effective way to degrade the dyestuffs in the dye house effluents seems to be an anaero-
bic-aerobic sequential treatment (O’Neill et al. 2000). However, this combined treat-
ment is quite expensive and sometimes additional substrates have to be supplied to
support the growth of microorganisms.

For the first time we show in this paper that after an adaptive period, a dye degrad-
ing mixed anaerobic population is able to use acetate, which is present in the dye
house effluents (Shore 1995), as a sole carbon source.

27.2
Experimental

27.2.1
Culture Conditions

The anaerobic mixed population was grown in a medium with sodium acetate as the only
carbon source. The medium consisted of sodium acetate (3 g l–1), KH2PO4 (3 g l–1),
NH4Cl (0.15 g l–1), MgCl2 · 7H2O, CaCl2 · 2H2O, and FeCl3 · 6H2O, Merck. The first in-
oculum was taken from a long term fed batch fermentation of an anaerobic mixed
population growing on acetate in the presence of several textile dyes. The pH was
adjusted to 7.0–7.2 and the temperature was held at 38 °C. The bacterial growth took
place under an atmosphere of nitrogen.

27.2.2
Indigo Carmine Degradation

Fermentations were carried out in 200-ml-, 1-l-, and 10-l-vessels as indicated below.
The initial Indigo carmine (Sigma) concentration was 150 mg l–1 (300.9 mol l–1) and
the inoculum for each experiment was taken from a fermentation at the logarithmic
growth phase. For each experiment a control was carried out with 1 ml l–1 thiomersal
as a strong growth inhibitor for microorganisms in order to determine the non-mi-
crobial degradation of Indigo carmine at 38 °C.

27.2.3
Analysis

Ultraviolet/visible (UV/VIS) spectroscopy: the absorbance of indigo carmine was mea-
sured on a Hitachi U-2001 Spectrophotometer at the absorbance maximum of 611 nm.

High performance liquid chromatography coupled to UV/VIS detector (HPLC-UV/
VIS): the samples for the HPLC-UV/VIS measurements were prepared as follows: after
removing cells by centrifugation, proteins were precipitated by an equal volume of
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acetone. After evaporating the acetone under reduced pressure, ultra-filtration was
carried out with a membrane’s cut-off of 500 Dalton to get rid of macromolecules.
This filtrate was concentrated to a defined volume appropriate for the HPLC analysis.
The determination and quantification of the cleavage products of indigo carmine were
carried out on a Kontron HPLC. The method chosen was according to Kraak and Huber
(1974). Two solvents served as eluents: Solvent A was a 50 mmolar phosphate buffer at
pH 7 with 5 mm of tri-butyl-ammonium-hydrogen-sulfate (TBAHS, obtained from
Sigma) and the solvent B was a methanol water (9:1) mixture (methanol, HPLC-grade,
Merck). The column used was a RP-18, 125 × 4 mm. Measurements were carried out at
room temperature, the eluent flow was constant at 0.5 ml min–1. For optimal elution
a linear gradient was run from 100% solvent A to 100% solvent B within the 5th and
25th min of a 30-min run. Peaks were detected at two different wavelengths simulta-
neously, one in the UV range (245 nm) and one near the absorbance maximum of
Indigo carmine at 600 nm.

27.3
Results and Discussion

27.3.1
Decolorization of Several Textile Dyes

An anaerobic mixed population was found to decolorize Indigo carmine and to de-
grade further the cleavage products metabolizing them. Additionally, this mixed popu-
lation decolorized several other textile dyes such as azo dyes, anthra-chinonic dyes or
triaryl-methane dyes.

Anaerobic degradation of various azo dyes yielded the following decolorization inten-
sities (%): solophenyl blue (98.4), diamond black PV (82.4), remazol orange (>99%).

One anthra-chinonic dye tested was cibachron marone, which was decolorized to
an extend of 62.4%. Furthermore, the triaryl-methane dye terasil pink was decolorized
to >99%.

27.3.2
Degradation of Indigo Carmine

27.3.2.1
Spectrophotometrical Studies

The degradation of the textile dye indigo carmine was studied in more detail. Experi-
ments were carried out in 1-l vessels, which were held at 37 °C in a water bath under
nitrogen atmosphere. Every 24 h, one sample was taken and the absorbance was
measured at 611 nm. According to the spectro-photometric measurements, decolori-
zation of indigo carmine was complete after 18 d. It has to be mentioned that non-
microbial degradation under the same conditions in the absence of growing bacteria
was about 10% for the same period (see Fig. 27.1).

Comparing the graphs of the abiotic control and the biodegradation, it can be seen
that the dye has been decolorized due to the microbial growth.
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27.3.2.2
HPLC/UV-VIS Studies

The degradation pathway of Indigo carmine by the mixed population was studied in
detail using a 10-l fed batch reactor. Every 48 h, samples were prepared and analyzed
as described in 2.3 Analysis. According to the results of the HPLC experiments, a
mechanism of degradation of Indigo carmine by the anaerobic mixed population can
be suggested (Fig. 27.2). The stability of the Indigo carmine anion has been previ-
ously discussed by Russel and Konoka (1967). As reference substances Indigo carmine,
isatin-5-sulfonate and 4-amino-3-carboxybenzenesulfate (prepared in our lab from
isatin-5-sulfonate) were used and peak detection could be carried out at two different
wavelengths to verify the proposed pathway. A mixture of the three reference sub-
stances could be separated easily by the HPLC method mentioned above. The reten-
tion times were 5.09 min, 8.11 min, and 10.87 min for and 4-amino-3-carboxybenzene-
sulfate, isatin-5-sulfonate, and Indigo carmine, respectively.

According to the HPLC measurements, the Indigo carmine concentration decreased
to 61.3% after eight days of incubation and to a level of 6% after 18 d (Fig. 27.3). Con-
cerning the concentration profile of isatin-5-sulfonate, one can see that this substance
appears while the concentration of Indigo carmine decreases. The cleavage product
4-amino-3-carboxybenzenesulfate did appear to a very small extend indicating that
this product was obviously transported into the cells and therefore no longer detect-
able in the fermentation broth.

In a fermentation sample taken after 25 d of incubation with indigo carmine, which
has been concentrated 1:100 of the original volume, no degradation products could be
detected. In this case, only traces of unknown UV active molecules appeared on the
chromatogram. At this point of the fermentation, a sample of the biomass was taken
and analyzed. After breaking the cell walls and removing the fragments and the nu-
clei, proteins were separated as described above. After ultra-filtration, no character-
istic peak of any Indigo carmine cleavage product could be detected. Therefore, it can
be emphasized that Indigo carmine has been degraded to non-aromatic compounds,
which were most likely further metabolized by the anaerobic mixed consortium.

Fig. 27.1.
Decolorization of indigo car-
mine during 18 d. Dotted line:
control without growing or-
ganisms. Black line: sample
with the active population
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27.4
Conclusion

The population shows high potential in decolorization of textile dyes regardless their
molecular structure. The mineralization of the dye stuff indigo carmine was not com-
plete until an incubation period of 25 d. Taking into account that growth under anaero-
bic conditions is far slower than under aerobic conditions for the same carbon source,
the degradation time still seems long. For the mechanism of the degradation it can be
supposed that the first step, namely the cleavage of indigo carmine to isatin-5-sul-
fonate, is carried out by a non-specific reduction somehow connected to the bacterial
metabolism. It was observed that after one day of incubation the fermentation broth
had turned from dark blue to yellow. Since after aeration the blue color returned, it
has to be assumed that this change in the color is due to the reversible reaction be-

Fig. 27.2. Proposed mechanism of the degradation pathway of indigo carmine: the molecule under-
goes an initial reversible reaction yielding the indigo carmine anion, which appears yellow. The cleavage
of the central bond gives isatin-5-sufonate, which is further decarboxylized to 4-amino-3-carboxy-
benzenesulfonate

Fig. 27.3.
Concentration profile of indigo
carmine, isatin-5-sulfonate and
4-amino-3-carboxybenzene-
sulfonate
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tween the indigo carmine molecule and the indigo carmine anion, res. its hydroxy-
lated form. This effect could not be observed in the replicate without the active popu-
lation. The next step, the decarboxylation of the isatin-5-sulfonate, is supposed to be
enzyme-catalyzed, since the chemical decarboxylation requires drastic conditions such
as high temperatures and high pH. Finally, most likely the cleavage products of in-
digo carmine were metabolized by the anaerobic mixed population. What follows now
is the breakdown of the aromatic system. As it can be seen from Fig. 27.2, no detect-
able aromatic degradation products were left either in the extra-cellular environment
or in the cytosol of the bacteria.

Thus, this system has a high potential for the treatment of textile dying effluents
especially since the mixed population can use effluent components (acetate) as car-
bon source to support growth.
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Biodegradation of Benzothiazoles by Rhodococcus Bacteria
Monitored by 1H Nuclear Magnetic Resonance (NMR)

N. Haroune  ·  P. Besse  ·  B. Combourieu  ·  M. Sancelme  ·  H. De Wever  ·  A. M. Delort

Abstract

The biodegradation of benzothiazole, 2-hydroxybenzothiazole and 2-aminobenzothiazole by two
strains of Rhodococcus was monitored by high performance liquid chromatography (HPLC) and by
in-situ 1H Nuclear Magnetic Resonance (NMR), which is directly performed on culture media, with-
out prior purification. A common biodegradative pathway is evidenced; the benzothiazole com-
pounds were biotransformed into hydroxylated derivatives. The chemical structure of these me-
tabolites was determined by a long range 1H-15N heteronuclear shift correlation without any pre-
vious 15N enrichment of the starting xenobiotic.

Key words: 1H NMR, 15N NMR, benzothiazole, degradation, Rhodococcus

28.1
Introduction

Benzothiazoles are a group of xenobiotics containing a benzene ring fused with a
thiazole ring (Fig. 28.1). They are manufactured worldwide for a variety of applica-
tions. They are used as fungicides in lumber and leather production (Reemtsma et al.
1995), as herbicides (Wegler and Eue 1977; Hartley and Kidd 1987), as antialgal agents
(Bujdakova et al. 1994), as slimicides in the paper and pulp industry (Meding et al.
1993) and as chemotherapeutics (Bujdakova et al. 1993). These applications clearly
indicate that benzothiazoles have a wide spectrum of biological activities. Nonethe-
less, their main use is in rubber manufacture as catalysts in the vulcanisation process.
Released from rubber products or from benzothiazole production plants, benzothia-
zoles have been detected in industrial wastewater, but also in various environmental

Fig. 28.1. Structural formula of 2-substituted benzothiazoles
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media (Fiehn et al. 1994; Reemtsma et al. 1995) and are of concern for aquatic envi-
ronment due to their limited biodegradability and potential toxicity (Gold et al. 1993;
De Wever and Verachtert 1997).

Actually only few bacterial isolates have been shown to degrade benzothiazoles as
pure culture (De Wever et al. 2001). Gaja and Knapp (1997) described a Rhodococcus
strain PA growing on benzothiazole (BT) as sole source of carbon, nitrogen and en-
ergy, and strain TA growing on 2-aminobenzothiazole (ABT). Two isolated strains,
Rhodococcus erythropolis (BTS1) and Rhodococcus rhodochrous (OBT18), were shown
to degrade benzothiazole (BT) and 2-hydroxybenzothiazole (OBT) (De Wever et al.
1997, 1998; Besse et al. 2001). Benzothiazole-2-sulfonate (BTSO3) is also degraded by
R. erythropolis (De Wever et al. 1998) and 2-aminobenzothiazole by R. rhodochrous
(Haroune et al. 2001).

1H Nuclear Magnetic Resonance (NMR) spectroscopy is a powerful tool to deter-
mine chemical structures, and has been used for example to study the biodegradation
of xenobiotics by microorganisms (Delort and Combourieu 2000, 2001; Brecker and
Ribbons 2000). In particular, in-situ 1H NMR, directly performed on culture media,
at natural abundance, allows to monitor biodegradation kinetics. We have used NMR
successfully to establish the biodegradative pathway of morpholine, thiomorpholine
and piperidine by strains of Mycobacterium (Combourieu et al. 1998a,b, 2000; Besse
et al. 1998; Poupin et al. 1998). Further, Gradient Heteronuclear Multiple-Bond Corre-
lation (1H-15N GHMBC) experiments at natural abundance have been done recently
to study organic compounds containing N atoms, taking advantage of the valuable
information contained in 1H-15N scalar couplings. This type of experiments was made
possible at natural abundance since middle of the 1990s when spectrometers were
equipped routinely with gradients. More details are available in a recent and very
interesting review about the application of this technique to the determination of
natural products structure, particularly of alkaloids (Martin and Hadden 2000).

Here, we present a detailed study of the biodegradative pathway of benzo-thia-
zole (BT), 2-hydroxybenzothiazole (OBT) and 2-aminobenzothiazole (ABT) by
Rhodococcus erythropolis BTS1 and Rhodococcus rhodochrous OBT18 using 1H Nuclear
Magnetic Resonance (NMR) spectroscopy. Kinetics of biodegradation were monitored
by in-situ 1H NMR. Further precise determination of benzothiazole metabolites struc-
ture was made by using long-range 1H-15N heteronuclear shift correlation (Besse et al.
2001; Haroune et al. 2001).

28.2
Experimental

Chemicals: benzothiazole (BT), 2-hydroxybenzothiazole (OBT) and 2-aminobenzo-
thiazole (ABT) (Aldrich). Tetradeuterated sodium trimethylsilylpropionate (TSPd4)
(Eurisotop, Saint Aubin, France).

Growth conditions: Rhodococcus erythropolis and Rhodococcus rhodochrous were grown
in 100-ml Trypticase-soy broth (bioMerieux, Marcy l’Etoile, France) in 500-ml Erlen-
meyer flasks incubated at 30 °C and 200 rpm. The cells were harvested after 20 h of
culture.
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Incubation with xenobiotic compounds: cells were centrifugated 15 min at 8 000 g at
5 °C. The pellets were washed twice with phosphate buffer: (K2HPO4: 1 g l–1; KH2PO4:
1 g l–1; FeCl3: 4 mg l–1, MgSO4 · 7H2O: 40 mg l–1 – pH 6.7) and then resuspended in this
buffer: 5 g wet cells in 100 ml buffer. The residual cells were incubated with 3 mM
benzothiazole, 3 mM hydroxybenzothiazole or 0.5 mM aminobenzothiazole in 500-
ml Erlenmeyer flasks at 30 °C under stirring (200 rpm). Controls consisted of prepa-
rations incubated under the same conditions without substrate or cells. Samples (1 ml)
were taken every 30 min directly in the culture medium, then centrifugated 5 min at
12 000 g, then prepared for HPLC analysis or 1H NMR analysis.

High performance liquid chromatography (HPLC): analyses were performed using a
Waters 600E chromatograph fitted with a reversed-phase column (Interchrom
Nucleosil C18, 5 µm, 250 × 4.6 mm – Interchim) at 20 °C. Mobile phase: acetonitrile/
water 20/80, v/v, 1 ml min–1, Waters 486 UV detector (295 nm).

Thin layer chromatography (TLC): analyses were performed using SiO2 thin layers,
the eluent was ethyl acetate/chloroform 40/60 (v/v). Rf values were 0.34 (2-amino-
benzothiazole) and 0.11 (metabolite of 2-aminobenzothiazole).

1H-Nuclear Magnetic Resonance (NMR): spectra were recorded on a Bruker Avance
DSX300 spectrometer at 300.13 MHz at 298 K using 5 mm-diameter tubes. Water was
suppressed by the classical double pulsed field gradient echo sequence: WATERGATE.
64 scans were collected: relaxation delay, 5 s; acquisition time, 3.64 s; spectral window
of 3 420 Hz; 32 000 data points. A 0.3 Hz line broadening was applied before Fourier
transformation and a baseline correction was performed on spectra before integra-
tion with Bruker software. TSPd4 was used as internal reference for chemical shift
(0 ppm) and quantification. The method for quantification of the metabolites is de-
scribed elsewhere (Combourieu et al. 1998a).

1H-15N Gradient Heteronuclear Mutiple Bond Correlation (GHMBC): experiments were
performed at 298 ±0.2 K on a Bruker Avance DSX300 spectrometer operating at
300.13 MHz and 30.41 MHz for 1H and 15N respectively. A 5-mm triple tuned 1H-13C-15N
probe equipped with a z-gradient coil was used. 1H and 15N 90° pulse lengths were 7.5
and 27 µs, respectively. No low-pass J-filter was used. Delay to allow nJNH correlations
was set to 80 or 140 ms. Typically, 1 024 data points with 32 scans for each of 128 t1
increments were acquired with spectral widths of 3 600 Hz in F2 and 6 100 Hz in F1.
The required acquisition time was 285 ms. Zero-filling to 512 points and phase-shifted
sine window function in t1 and sine-squared window function in t2 were applied prior
to 2D Fourier transformation. A recycle delay of 1.5 s was used. The 15N chemical shifts
are reported negative upfield from CH3NO2 resonance (external reference, 0 ppm).

Isolation of the unknown metabolites: R. erythropolis (45 g wet cells) was incubated in
900 ml phosphate buffer with 3 mM hydroxybenzothiazole (9 Erlenmeyer flasks) while
R. rhodochrous (60 g) was incubated with 1 mM aminobenzothiazole in 1 400 ml phos-
phate buffer (14 Erlenmeyer flasks). The biodegradation kinetics were monitored by
HPLC in order to stop the experiment at the maximum metabolite concentration. In
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the case of OBT, after 2 h of incubation (OBT-metabolite concentration = 0.5 mM),
the reaction mixture was centrifugated and the supernatant was extracted with ethyl
acetate for 24 h. The organic layer was dried on MgSO4, concentrated under vacuum
then purified over a silica gel column (eluent: ethylacetate/chloroform 30/70, v/v). The
pure metabolite was obtained as a pale yellow solid (mp = 219–221 °C). In the case of
aminobenzothiazole, the same protocol was followed after 72 h of incubation (me-
tabolite concentration = 0.4 mM). The pure metabolite was obtained as a pale yellow
solid (mp = 250–252 °C). In order to determine the structure of these compounds, they
were analyzed by mass spectrometry (Electronic Impact) on a Hewlett Packard MS
5989B spectrometer.

28.3
Results and Discussion

28.3.1
Biodegradation of 2-Aminobenzothiazole

The biodegradation of 0.5 mM 2-aminobenzothiazole by resting cells of R. rhodochrous
was monitored by in-situ 1H NMR. Briefly, after incubation of the bacteria in the
presence of the pollutant, samples were taken at regular intervals; after centrifuga-
tion, the supernatant was directly analyzed by 1H NMR. Spectra recorded after 1 h,
25 h and 94 h of incubation are shown in Fig. 28.2. 1H NMR spectra showed the typi-
cal signals of the parent molecule 2-aminobenzothiazole at 7.17 (triplet), 7.37 (triplet),
7.47 (doublet), and 7.71 ppm (doublet). Then, after 1 h of incubation, a first metabolite
was detected as observed by new peaks growing in the 6–8 ppm aromatic region: a
doublet of doublets at 6.89 ppm and two doublets at 7.22 and 7.34 ppm.

The kinetic of biodegradation was also monitored by HPLC: only one peak could
be detected on HPLC chromatogram. Its retention time (6 min) was shorter than that

Fig. 28.2.
Biodegradation of 2-amino-
benzothiazole (0.5 mM) by
Rhodococcus rhodochrous
bacteria followed by in-situ
1H NMR spectra taken after
1 h, 25 h and 94 h of incuba-
tion. Note the decrease of
the xenobiotic peaks and
the increase of peaks corre-
sponding to the metabolite
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of 2-aminobenzothiazole (24 min), indicating a higher polarity of this compound (data
not shown). With this strain, the degradation rate was only 50% after 94 h, thus indi-
cating a probable toxicity of the metabolite and/or the xenobiotic itself. With Rhodo-
coccus erythropolis, the degradation rate of aminobenzothiazole was even slower. Only
30% of aminobenzothiazole disappeared within 100 h of incubation. The same polar
metabolite was observed by HPLC.

28.3.2
Biodegradation of Benzothiazole

In-situ 1H NMR spectra collected during the biodegradation of benzothiazole (3 mM)
by resting cells of Rhodococcus erythropolis are presented in Fig. 28.3. While the sig-
nals of benzothiazole at 7.57 ppm (triplet), 7.65 (triplet), 8.14 (2 × doublet), 9.28 (sin-
glet) decreased with time, new signals grew in the 7.0–7.6 aromatic region: two trip-
lets at 7.24 and 7.38 ppm, and two doublets at 7.29 and 7.58 ppm. They were assigned
to 2-hydroxybenzothiazole by spiking the pure 2-hydroxybenzothiazole into the NMR
tube. This identification was also confirmed by HPLC co-elution.

Further, HPLC analysis revealed that once benzothiazole was fully transformed, a
second metabolite showed up at a retention time of 7 min, which is shorter than that
of 2-hydroxybenzothiazole (25 min), thus indicating a higher polarity. Using 1H NMR,
we observed also the decrease of 2-hydroxybenzothiazole peaks. However, no signal
corresponding to the new metabolite observed by HPLC could be detected due to the
lower sensitivity of NMR. With this strain, benzothiazole (BT) was quantitatively trans-
formed into 2-hydroxybenzothiazole (OBT), which was then converted to an unknown
more polar metabolite. This unknown metabolite was identified as 2,6-dihydroxy-
benzothiazole as shown in Sect. 28.4. Its highest concentration reached 0.5 mM after
2 h, it was then degraded in its turn within 6 h of incubation. The same unknown and
more polar metabolite was obtained during the degradation of OBT (3 mM) by
R. erythropolis (data not shown).

Fig. 28.3.
Biodegradation of benzothia-
zole (3 mM) by Rhodococcus
erythropolis bacteria followed
by in-situ 1H NMR. Note the
striking decrease of benzothia-
zole peaks after 1.25 h, and the
increase of those of the meta-
bolite 2-hydroxybenzothiazole
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During the degradation of benzothiazole (BT), the successive formation of two
metabolites was observed. The first one was identified as 2-hydroxybenzothiazole
(OBT), the second one, more polar, was only observed by HPLC.

The kinetics of BT and OBT biodegradation observed with R. rhodochrous showed
a different behavior. No OBT was detected during the BT biodegradation, whatever the
analytical method used. Only the unknown metabolite was observed (data not shown).

In the two following sections (28.3.3 and 28.3.4) more sophisticated 2D NMR ex-
periments (2D: two-dimensional) combined to mass spectrometry experiments were
used to identify the unknown metabolites obtained during the degradation of 2-amino-
benzothiazole, benzothiazole and 2-hydroxybenzothiazole. Because 1H-15N NMR ex-
periments are less sensitive (15N nucleus is difficult to detect), these unknown me-
tabolites were produced in larger amounts and purified for analysis.

28.3.3
Characterization of the 2-Aminobenzothiazole Metabolite

In order to identify the unknown metabolite of 2-aminobenzothiazole, R. rhodochrous (60 g)
was incubated in 1 400 ml phosphate buffer with a 1 mM solution of this compound. The
biodegradation kinetic was monitored by HPLC in order to stop the experiment at the
maximum concentration in metabolite (72 h). Extraction of the supernatant overnight
with ethyl acetate, followed by purification over a silica gel column yielded the pure meta-
bolite as a pale yellow solid. We checked that the isolated product corresponded to the un-
known metabolite observed previously, by co-elution with a sample taken during the degra-
dation of aminobenzothiazole, and also by thin layer chromatography (TLC). The puri-
fied product was first analyzed by 1H NMR in CD3OD. Only three signals are visible in the
aromatic region, each one corresponding to an equivalent number of protons (Fig. 28.4,
top trace). So, a substituent was present on the aromatic ring. By analyzing the coupling
constants, we deduced that this substituent was either on position 5 or 6 (Fig. 28.6). How-
ever, the assignment of protons 4 and 7 was not possible because of the difficulty of knowing
the respective electronic effects of the nitrogen and the sulfur atoms on these protons.

The chemical ionisation (CI, CH4) mass spectrum of the isolated compound pre-
sented a peak with a mass/charge ratio of 167 ([M + H]+), differing from the molecu-
lar weight of 2-aminobenzothiazole by 16 mass units. Note also that peaks at m/z 195
([M + C2H5]+] and 207 ([M + C3H5]+) confirmed the quasi-molecular ion. Therefore
the metabolite formed during biodegradation is an hydroxylated derivative.

To assign unambiguously the position of the hydroxyl group on the benzene ring of the
metabolite, long-range 1H–15N heteronuclear shift correlation, and more precisely gradi-
ent heteronuclear mutiple bond correlation (GHMBC), was done. In the scheme of the
pulse program a variable delay is included between the two first 90° 15N pulses (for details
see Martin and Hadden 2000). This evolution period allows the system to be converted
into zero and double quantum coherence and is proportional to the coupling constant J
between N and H. Thus this delay must be optimized in order to select 2J, 3J or 4J couplings.
In our case, delay to allow nJNH correlations was set to 80 and 140 ms in order to select
assumed 3JNH (6.2 Hz) and 4JNH (3.5 Hz) respectively. As chemical shift is concerned, we
used CH3NO2 as external reference (0 ppm) since there is not a single chemical shift ref-
erencing. The chemical shifts are reported negative upfield from CH3NO2 resonance.
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The 1H-15N gradient heteronuclear multiple bond correlation (GHMBC) recorded
with an 80 ms evolution period showed only one correlation between the endocyclic 15N3
(–153.1 ppm) and the doublet at 7.24 ppm (data not shown). Thus, this proton was assigned
to H4, since no other 3J was observed in this compound. In Fig. 28.4, the delay fixed at
140 ms (while other conditions remained the same) allowed the observation of a 4J coupling
between nitrogen and the doublet of doublets resonating at 6.76 ppm. This proton was
assigned to H5 because of its 8.5 Hz (3J) coupling constant with H4. No doubt exists con-
cerning the assignment of the substituent in position 6. Moreover, the 15N3 chemical shifts
of both metabolite and 2-aminobenzothiazole were very close, –153.1 and –153.5 ppm re-
spectively, thus indicating no modification of the oxidation state of this atom. All these
data show that the unknown metabolite is 2-amino-6-hydroxy-benzothiazole, correspond-
ing to a hydroxylation in position 6 of aminobenzothiazole (Fig. 28.6).

28.3.4
Characterization of Benzothiazole and 2-Hydroxybenzothiazole Metabolites

In the case of the unknown metabolite obtained during benzothiazole and 2-hydroxy-
benzothiazole degradation, R. erythropolis was chosen for the quantitative assay, this
strain giving the highest concentration in metabolite. R. erythropolis (45 g wet cells)
was incubated in 900 ml phosphate buffer with 3 mM hydroxybenzothiazole. The
biodegradation kinetic was monitored by HPLC in order to stop the experiment at

Fig. 28.4.
1H-15N GHMBC spectrum of
2-amino-6-hydroxybenzothia-
zole recorded in CD3OD; the
experiment was set up for as-
sumed 4J (delay = 140 ms) long
range coupling. The spots vis-
ible on the 2D spectrum corre-
spond to the correlations be-
tween N3 and H4 (3JN3H4) and
between N3 and H5 (4JN3H5).
The presence of a proton on the
5 position of the benzene ring
demonstrates that the hydroxyl
group is on the 6 position.
GHMBC: gradient heteronu-
clear multiple bond correla-
tion. 2D: two-dimensional
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the maximum concentration in metabolite (0.5 mM, 2 h). Extraction of the superna-
tant with ethyl acetate, followed by purification over a silica gel column yielded the
pure metabolite as a pale yellow solid. A detailed structural analysis of this compound
was performed as previously described for 2-aminobenzothiazole derivative. 1H NMR
spectrum in CD3OD combined with mass spectrum clearly indicated that the me-
tabolite formed was a hydroxylated derivative of 2-hydroxybenzothiazole.

Finally the position of the hydroxyl group on the benzene ring of the metabolite
was assigned unambiguously by 1H–15N GHMBC experiments. The delay to allow nJNH
correlations was set to 80 and 140 ms in order to select assumed 3JNH (6.2 Hz) and
4JNH (3.5 Hz) respectively. In 1H-15N GHMBC recorded with an 80 ms evolution pe-
riod only one correlation could be observed with the doublet at 6.97 ppm. Thus, this
proton was assigned to H4, since no other 3J can be observed in this compound (not
shown). In Fig. 28.5, the delay fixed at 140 ms (while other conditions remained the
same) allowed the observation of a 4J coupling between nitrogen and the doublet of
doublets resonating at 6.73 ppm. This proton was assigned to H5 because of its 8.5 Hz
(3J) coupling constant with H4. These data cleary show that the unknown metabolite
is 2,6-dihydroxybenzothiazole (diOBT), corresponding to a hydroxylation in position 6
of OBT (Fig. 28.6).

The same experiments were carried out starting from a quantitative assay with
R. rhodochrous and led to an identical structure for the metabolite, observed during
the biodegradation of BT and OBT with this strain.

Fig. 28.5.
1H-15N GHMBC spectrum of
2,6-dihydroxybenzothiazole
recorded in CD3OD; the experi-
ment was set up for assumed 4J
(delay = 140 ms) long range
coupling. Note the correla-
tions between N3 and the three
benzenic protons (H4, H5 and
H7) and the absence of correla-
tion between N3 and H6 show-
ing the presence of a substi-
tuent in the 6 position.
GHMBC: gradient heteronu-
clear multiple bond correlation
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28.4
Conclusion

To date, only a few studies have been reported on the fate of organic pollutants in the
environment using NMR spectroscopy. The recent development of 1H NMR in the envi-
ronmental field is quite promising. As shown in this paper, various techniques can be
combined: first in-situ 1D NMR (1D: one-dimensional) can be used to monitor in real
time microbial degradation of organic pollutants in liquid media, without any purifi-
cation of the sample; second 2D NMR experiments are powerful tools to characterize
the structure of unknown metabolites. Using this approach, we have studied the biode-
gradative pathway of three benzothiazoles, including benzothiazole, 2-hydroxybenzo-
thiazole and 2-aminobenzothiazole by two Rhodococcus bacterial strains. Hydroxyla-
tion of benzothiazole derivatives on the aromatic ring in position 6 was shown to be
a common step of this pathway (Fig. 28.6). We have recently shown that this hydroxy-
lation process is operating in other microbial strains, namely Rhodococcus pyrinidovo-
rans PA (degradation of benzothiazole and 2-hydroxybenzothiazole) (Haroune et al.
2002) and Aspergillus niger (degradation of methabenzthiazuron) (Malouki et al. 2003).
We are currently studying the further steps corresponding to the cleavage of the ben-
zyl ring of benzothiazoles which finally lead to mineralization of these compounds.
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Biotransformation of Nonylphenol Surfactants in Soils
Amended with Contaminated Sewage Sludges
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Abstract

The biotransformation of nonylphenol was investigated in an agricultural soil treated with a mixture
of 14C-labelled and unlabelled surfactant. It was then studied in soil samples amended with sludges
spiked with the mixture of chemicals. Nonylphenol amount in all samples of soil and soil/sludge mix-
tures was 40 mg kg–1. In the soil free of sludge, the half-life of nonylphenol was found to be 4 d. When
the soil was amended with sludge from the city of Ambares, France, it was about 16 d. In the soil
amended with sludge from Plaisir, a 8-day lag phase was observed before the transformation starts,
and nonylphenol half-life exceeded 16 d. In each case, nonylphenol transformation resulted in miner-
alization as well as stabilization of the chemical as bound residues within the soil. Further, some strains
of filamentous fungi were isolated from the soil/sludge mixtures and identified to belong to the Mucor
and Fusarium species. Most of them were able to efficiently transform nonylphenol in liquid cultures.
In addition, the ligninolytic basidiomycete Trametes versicolor was able to catalyze partly the conver-
sion of nonylphenol into carbon dioxide. Laccases purified from T. versicolor cultures are enzymes
involved in nonylphenol oxidative coupling leading to oligomerization.

Key words: sewage sludge, soil, alkylphenols, fungi, enzymes, biotransformation, oxidative coupling

29.1
Introduction

The use of sewage sludge to fertilize agricultural land has been recognized in the past
decades to be an economic and environmentally acceptable method for municipal
sludge disposal. However, these sludges contain, in addition to nutrients, numerous
heavy metals and organic contaminants, which can represent serious risks to human
health and the environment. Thus, at the end of sewage treatment, sludges contain
many substances which are not fully degraded. Among these compounds there are
variable amounts of organic endocrine disrupters, whose presence in the environ-
ment is currently an increasing concern.

Alkylphenol ethoxylates are non-ionic surfactants used in domestic, industrial and
agricultural applications. In wastewater treatment plants, they are partly degraded to
nonylphenols, which can amount to about 80% of the ethoxylates. Nonylphenols are
released in the environment as a mixture of 18 isomers (nonylphenol), including the
well-known 4-n-nonylphenol (4 nNP) (Fig. 29.1). They comprise both hydrophobic
branched nonyl groups and a hydrophilic moiety (Ahel et al. 1994a,b). The mixture
exhibits a very high water solubility (5 000 mg l–1) and high logP value (5.92).

Nonylphenols represent an environmental hazard to the environment because they
induce several toxic effects on wildlife and humans. They are strong endocrine disrupters,
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as well as inducers of breast cancer in women and of prostate in men (Routledge and
Sumpter 1996). They also contribute to the feminization of male fish in sewage outflows
(White et al. 1994). Endocrine disrupters have been designed to interfere with plant-Rhizo-
bium signalling and nitrogen-fixing symbiosis (Fox et al. 2001). They induce also devel-
opmental abnormalities among freshwater sponges (Hill et al. 2002). Finally, they are re-
sponsible for morphological defects and for multiple physiological effects, partly due to
uncoupled respiration in filamentous fungi and yeasts (Karley et al. 1997).

Following sewage treatment, low amounts of nonylphenols (less than 10 µg l–1) are
discharged in water (Ahel et al. 1994b), and both the acute and chronic toxicity of
these compounds to aquatic organisms are well known. By contrast, high amounts of
nonylphenol accumulate in sludge (more than 1 g kg–1, Ahel et al. 1994a). To date,
knowledge of their fate and impact is very scarce. This raises two questions of great
concern: (1) what is the fate of nonylphenols in soils amended with sludges, and (2) what
is their impact on soil (micro)organisms?

Our objectives are to assess the ecotoxicological risk induced by soil amendment
with sewage sludges from urban origin, containing organic pollutants. We are cur-
rently involved in exposure assessment of soil organisms to chemicals. In this paper,
we investigate the biotransformation of nonylphenol in an agricultural soil, amended
or not with nonylphenols-containing sludges. Fungal biotransformation of the pol-
lutants is also reported, as well as transformation by enzymes purified from fungi.

29.2
Experimental

29.2.1
Chemicals

4-n-Nonylphenol (4nNP) was obtained from Lancaster, whereas technical nonylphenols
(nonylphenol, a mixture of structural isomers of 4nNP through branched nonyl groups)
were obtained from Fluka. Other chemicals were available from Sigma. U-ring-14C-
labelled 4 NP (2 GBq mmol–1, radiochemical purity >99%) was a generous gift of
Dr. J.-P. Cravedi (INRA, Toulouse).

29.2.2
Characteristics of Soil and Sludges

We investigated the biotransformation of nonylphenol in a silt loam soil, composed of
25.5% sand, 55.0% silt and 19.5% clay (% refers to weight %). Its organic matter content
was 1.65%. Soil pH was 8.1 and the cationic exchange capacity was 10.2 meq 100 g–1.
The soil, collected in the 10–20 cm layer from an experimental field in Versailles, was
sieved (2 mm) and used immediately.

Fig. 29.1.
Structure of the 4-n-nonylphe-
nol. Isomers have branched
nonyl groups
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We used two sludges exhibiting different characteristics (Table 29.1). The sludge from
Ambares was composed of both urban (90 000 equivalent inhabitants) and industrial
wastewaters. That from Plaisir mostly contained urban wastewater (42 000 equivalent in-
habitants).

29.2.3
Biotransformation of Nonylphenol in Soil and Soil/Sludge Mixtures

Soil samples (27 g dry soil) were incubated in 150-ml Erlenmeyer flasks, in darkness at
25 °C, for 96 d. Water was added to obtain a 80% soil moisture holding capacity. The
moisture content was kept constant during the experiments by adding sterile water every
week. The soil was supplemented with unlabelled and labelled (9 kBq) nonylphenol to
give a final concentration of 40 mg kg–1. The Erlenmeyer flasks were sealed with cotton
plugs and incubated in 1-l sealed flasks with vials containing 10 ml of 1N NaOH (to trap
CO2) and 10 ml water (to keep moisture constant), according to Mougin et al. (1997).

We used the same protocol for incubations with soil/sludge mixtures. Sludges contain-
ing endogenous nonylphenol were spiked with unlabelled and labelled chemical. After
addition of the chemicals, the solvent (acetone) was allowed to evaporate for 30 min, and
nonylphenol was sorbed to the sludges for 24 h at 4 °C under nitrogen atmosphere to
avoid any biotransformation. 2 g dry sludge samples were then mixed with 25 g dry soil
for incubations. The final amount of nonylphenol was 40 mg kg–1 in all soil/sludge samples.

29.2.4
Soil and Soil/Sludge Mixtures Analysis

Soil samples were mixed with 1 g hyflosupercel (diatomaceous silica for filtration)
and 20 ml water, then nonylphenols were extracted by adding 100 ml acetone-water
(80/20, v/v) and shaking for 60 min. The liquid and solid phases were separated by
filtration on a Büchner funnel, and the solid fraction was extracted a second time.
The extracts were pooled. The radioactivity was measured by counting 500 µl aliquots
of the extracts by liquid scintillation.

Table 29.1.
Origins and physico-chemical
properties of the sludges used
in the study. PAH: polycyclic
aromatic hydrocarbons; PCB:
polychlorobiphenyls. % refers
to weight %
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The extracts obtained from soil/sludge mixtures were purified prior to high per-
formance liquid chromatography (HPLC) analysis. 5 ml aliquots were first evaporated
to complete dryness and dissolved in 1 ml hexane. The solution was applied onto a
glass column packed with 5 g Florisil (activated with 2% water), then eluted. The first
30 ml fraction of hexane was discarded. The radioactive compounds were then eluted
by 90 ml dichloromethane. Finally, the solvent was concentrated to complete dryness
and dissolved in 20 ml acetonitrile for HPLC analysis. Non-extractable radioactivity
in the soil and soil/sludge samples was determined by combustion in a model 307
oxidizer (Packard Instrument, Rungis, France). 14CO2 production was quantified by
counting 500 µl aliquots of NaOH solution by liquid scintillation.

HPLC analysis was performed by injecting 100 µl of the organic extracts onto an
analytical column TSK ODS-80TM (25 cm × 4.6 mm i.d., Varian, les Ulis, France) set
at 30 °C. A Varian 9010 pump delivered the mobile phase consisting of a mixture of
acetonitrile-water-H3PO4 (50/50/0.05, v/v/v) at a rate of 1 ml min–1. It was increased to
70%v acetonitrile in 1 min and maintained at this value during 22 min. Another linear
increase to 100%v acetonitrile occurred in 2 min, and then followed by a stationary
phase of 5 min and a return to initial conditions. Radioactivity and A224 of the column
eluate were monitored. Our analytical protocol allowed a high 14C recovery amount-
ing to 98.0% of initial radioactivity.

29.2.5
Isolation of Fungi from Soil/Sludge Mixtures and Biodegradation Tests

Fusarium and Mucor strains were isolated from soil/sludge mixtures by layering soil ag-
gregates onto plates containing malt (20 g l–1), agar (15 g l–1) and yeast extract (1 g l–1),
supplemented with a mixture of chloramphenicol, streptomycin, penicillin G and chlor-
tetracycline, each at 50 mg l–1. The plates were incubated for one week at 25 °C. Then,
according to their morphology, fungal strains were picked, individually cultured, and
identified. Fungal strains from our collection were also taken into account.

Fungal biotransformation of nonylphenol was then assessed by culturing the strains at
25 °C in Erlenmeyers flasks containing 10 ml liquid media as described earlier (Mougin
et al. 2000). Glycerol and maltose were used as carbon sources for P. chrysosporium and
all the other strains, respectively. Nonylphenol was added at 11 mg l–1 after 3 d of growth.

A detailed study of the biotransformation of 4nNP was achieved in T. versicolor
cultures using a chemical solution spiked with 5 kBq labelled chemical. It was imme-
diately added to the culture without the 3 d of pregrowing phase. Liquid and solid
phases were analyzed separately.

29.2.6
Analysis of Fungal Cultures

The remaining nonylphenol was extracted three-times from the biomass with 20 ml
hot methanol (60 °C). After cooling, the alcoholic fractions were reduced under
vacuum, pooled with the medium, and the aqueous solution was extracted twice with
35 ml diethyl ether. Then, the solvent was evaporated and the compounds were dis-
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solved in 1 ml methanol for HPLC analysis. Analysis was performed as described for
soil experiments.

29.2.7
Enzymatic Assays with Purified Laccases

Laccases (para-diphenol:dioxygen oxidoreductases, EC 1.10.3.2) were purified according
to published procedures (Jolivalt et al. 1999). They were then incubated in aerated 0.1 M
citrate/phosphate buffer (1 unit enzyme in 1 ml buffer, pH ranging from 4 to 7) under
stirring at 30 °C, in the presence of 5 mg l–1 4nNP. Aliquots (100 µl) of the incubation media
were then directly analyzed by HPLC using the procedures described above.

29.2.8
Identification of Nonylphenol Metabolites

We determined the chemical structure of the metabolites formed by purified enzymes
using a mass-spectrometer Nermag R30-10C. The spectra were obtained by Desorp-
tion Chemical Ionization with ammonia (NH3) as a reactant gas. The spectrometer
was set in positive mode.

29.3
Results and Discussion

29.3.1
Biotransformation of Nonylphenol in an Agricultural Soil Free of Sludge

We studied the ability of the endogenous microflora to transform nonylphenol in an
agricultural soil. Soil samples were incubated in darkness at 25 °C for 96 d in the
presence of 40 mg kg–1 nonylphenol (a mixture of unlabelled and labelled chemicals).
Our results showed that the greatest part of the 14C contained in nonylphenol was
associated to the solid fraction of the soil, and about 40.0% of initial 14C content was
measured following soil combustion after 96 d (Fig. 29.2). In addition, 31.4% of the
labelled compounds were transformed to carbon dioxide during the same period. The
radioactivity present in the organic extract was 30.7% at the end of the experiment.
HPLC analysis showed a decrease of the nonylphenol content with time in the ex-
tract. They were the main components of the extract during the first week of incuba-
tion, and became negligible after 32 d of incubation. Residual nonylphenol was as-
sumed to be the sum of the 14C non extractable from the soil and of the surfactant
remaining in the organic extracts analyzed by HPLC. Thus, we calculated a half-life of
4 d for nonylphenols in our incubation conditions. The value corresponded to the
time required to transform (by stabilization or degradation) 50% of initial amounts
of nonylphenol. The remaining fraction of the radioactivity in the extract was attrib-
uted to polar unidentified transformation products. Our results show that nonylphenol
is rapidly transformed by the endogenous microflora of the aerated soil, in agree-
ment with the previous study of Topp and Starratt (2000).
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29.3.2
Biotransformation of Nonylphenol in Soils Amended with Sewage Sludges

This experiment was intended to study the transformation of nonylphenol in soils
amended with sludges. Nonylphenol was brought by sludges in order to mimic the
upper layer of an agricultural soil amended with contaminated sludges. The biotrans-
formation of the chemical is supposed to be mediated by soil microflora. Mixtures
were incubated in darkness at 25 °C for 96 d in the presence of 40 mg kg–1 of a mix-
ture of unlabelled and labelled nonylphenol. In the soil amended with the sludge from
Ambares, the amount of 14C bound to soil materials represented 21.5% of the initial
radioactivity after 96 d of incubation (Table 29.2). At the opposite, the total 14CO2
produced in the incubation vials during the same period amounted to 54.6% of the
initial radioactivity. On the other hand, extractable radioactivity was drastically re-
duced over the incubation period, representing only 5.2% of the initial radioactivity
after 96 d. Our results indicated that the kinetics of the transformation of nonylphenol

Fig. 29.2.
Distribution of labelled nonyl-
phenol during the incubations
with the soil free of sludge.
Note the increase of both 14CO2
produced and non extractable
radioactivity due to biological
activity. On the other hand,
extractable radioactivity de-
creased with incubation time

Table 29.2. Distribution of labelled nonyphenol during incubation of soil/sludge mixtures. Note that
the transformation kinetics and pathways of nonylphenols differ when the chemicals are in the soil
free of sludge or brought by sludges from two origins
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brought by the sludge from Ambares and this observed in the soil free of sludge were
different, as its half-life was calculated to be 16 d in the presence of the sludge. The
amendment mainly increased the mineralization of nonylphenol whereas its stabili-
zation in soil was decreased. In addition, extracted radioactivity was low in soil/sludge
samples. These results suggested that the sludge from Ambares also modified the
biotransformation pathways of nonylphenol.

Results of nonylphenol incubation were also different in the soil amended with
the sludge from Plaisir. Indeed, a 8-day lag phase occurred, during which no trans-
formation could be observed (data not shown). The depressive effects of the sludge
on biodegradation can be attributed to several factors: (1) toxicity of the sludges,
because of the presence of numerous organic contaminants and high amounts of
metal ions, thus requiring the selection of resistant microorganisms, (2) a high
biological oxygen demand, due to the high organic matter content of the sludges,
(3) an increase of nonylphenol adsorption in the mixtures by comparison with
the soil alone. Nevertheless, relatively few studies have been published, which ad-
dress the effects of sludge-bound chemicals on microbial processes in soils (Gejlsberg
et al. 2001).

After the lag phase, mineralization started rapidly to reach 36.1% of the initial
radioactivity after 96 d, a level quite identical to that noticed in the soil incu-
bated alone. Following a similar pattern, non-extractable radioactivity repre-
sented 44.9% of the initial radioactivity. Then, extractable radioactivity was also
reduced to 7.6% at the end of the experiment. Analysing the organic extract by
HPLC allowed estimating a half-life of nonylphenol between 16 and 20 d in these con-
ditions. These results clearly demonstrated that the nature of the sludge affect
nonylphenol biotransformation in the soil, resulting in an increase of the half-life of
the chemical.

29.3.3
Biotransformation of Nonylphenol by Filamentous Fungi

The aim of that study was to evidence the ability of fungi to transform nonylphenol
in liquid cultures. Half-lives of the chemicals is based on their residual content in the
cultures with respect to initial amounts (Table 29.3). Degradation of the 4nNP with
half-lives lower than 2 d proceeds in general more rapidly than that of nonylphenol
(>2 days). However, the two white-rot fungi, T. versicolor and P. chrysosporium, trans-
formed nonylphenol more extensively than 4nNP. In addition, Fusarium strains, iso-
lated from soils amended with sludges from both origins, were poor degraders of
isoNPs. By contrast, Mucor strains, only present in the sludge from Ambares, and
Fusarium, were able to efficiently transform the mixture. The results demonstrated
that the extent of nonylphenol transformation varied according to the fungal taxo-
nomic groups. White-rot fungi have been described for many years as efficient tools
for organic pollutant breakdown, because of the secretion of exocellular oxidases
(Pointing 2001). By contrast, no data are available concerning the enzymatic systems
from strains belonging to Mucor and Cunninghamella genera able to transform phe-
nolic compounds.
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29.3.4
Biotransformation of 4-n-Nonylphenol by the Fungus T. versicolor

The biotransformation of 4-n-nonylphenol isomer has been investigated in liquid
cultures of T. versicolor, previously shown as the most efficient alkylphenol degrader.
In non-inoculated controls, 14C amounts in the medium were 50% lower during the
12 d of incubation, due to adsorption on glass. No mineralization occurred. During

Table 29.3.
Transformation of nonylphenol
compounds in fungal liquid
cultures. Half-lives have been
calculated on the basis of re-
sidual content of the chemicals
in the cultures, with respect to
initial amounts

Fig. 29.3.
(14C)nonylphenol mass-bal-
ance in T. versicolor cultures
(black symbols) and non-in-
oculated controls (white sym-
bols). Note the decrease of
radioactivity in the control
cultures due to adsorption on
glass, and its partitioning be-
tween medium and biomass in
fungal cultures
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the same period, radioactivity partitioned between the medium and the biomass
in the inoculated cultures amounted to 29.2 and 23.4% at the end of the experi-
ment, respectively. 4nNP was partly converted by the fungus into labelled carbon
dioxide (6%).

Using HPLC, we failed to detect any radioactive peaks corresponding to transfor-
mation products in analyzing the organic extract obtained from the medium, although
it contained significant amounts of 14C. Direct injection of culture medium into the
HPLC system showed that the radioactivity was retained in the analytical column
(data not shown). These results suggest that a high-molecular weight compound could
be formed by the fungus, and that its ability to mineralize nonylphenol is very re-
duced. For that reason, such a biodegradation process observed in soils may be rather
due to the catabolic activity of bacteria.

29.3.5
Biotransformation of 4-n-Nonylphenol by Laccases
Purified from T. versicolor Cultures

Laccases are the main exocellular enzymes produced by T. versicolor. This experiment
addresses their ability to transform phenolic compounds such as nonylphenol. For
that purpose, purified enzymes have been incubated in the presence of 5 mg l–1 4nNP.
The concentrations of 4nNP were dramatically reduced in the incubation media in
the absence of laccase, and the residual chemical represented only 34% of its theoreti-
cal value after only 30 s of incubation (Fig. 29.4). This apparent loss was due to a strong
adsorption of 4nNP on the glass of the incubation vessels. The disappearance of 4nNP
was increased when laccase was added to the media, and more than 90.0% of the
chemical were transformed after 5 min of incubation. The reaction was pH-depen-
dant. Higher 4nNP disappearances were observed at acidic pH (4 and 5). Most of 4nNP
(80%) was transformed after 5 min at pH 4, 60.0% at pH 5 and only 30% at pH 6. The
reaction was totally inhibited at pH 7.

Fig. 29.4.
Transformation of 4-n-nonyl-
phenol by purified laccases.
Note the more rapid decrease
of nonylphenol content in the
buffer containing the enzymes
than in the control medium
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No soluble compounds corresponding to transformation products could be de-
tected after analysis of the medium by HPLC. However, a brown precipitate accumu-
lated on the bottom of the incubation vials, with respect to time. It was not soluble in
alcohols, was only slightly solubilized by classical organic solvents, such as
dichloromethane, ethyl acetate, or hexane.

29.3.6
Identification of Nonylphenol Metabolite

We attempted to identify the metabolites formed by incubations of 4-n-nonylphenol
with purified laccases by mass-spectrometry. The spectrum of the fraction solubi-
lized in organic solvents showed ions at m/z 220, 438 + 456, 656 + 674, 874 + 892,
1 111 + 1 115 (Fig. 29.5). The first ion (220) resulted from the fragmentation of larger
molecules, and corresponded to the molecular weight (MW) of 4nNP. The doublets,
all exhibiting a difference of 18 amu due to the loss of water, corresponded to M+ ions
and MNH4

+ adducts. They were attributed to oligomerized 4nNP as dimeric (MW = 438),
trimeric (MW = 656), tetrameric (MW = 874) and pentameric (MW = 1 092) com-
pounds. For the last compound, the discrepancy between theoretical and experimen-
tal data was due to the calibration range of the spectrometer, which was not opti-
mized for high mass values. Additional experiments are under progress to confirm
these results using NMR and infra-red spectrometry.

Fig. 29.5. Mass-spectrum and possible structure of oligomers formed by incubation of 4-nonylphenol
with fungal laccase
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29.4
Conclusions

Nonylphenol is rapidly transformed in aerated soils by mineralization and stabilization
(formation of bound residues). The degradation rates are somewhat decreased when the
soil is amended with sewage sludges containing similar amounts of nonylphenol. The
strongest slowing effect was observed in the presence of the sludge from Plaisir. The fila-
mentous fungi isolated from the soil/sludge mixtures and from our collection transformed
nonylphenol with different efficiencies. Yet, T. versicolor (basidiomycete) and Mucor strains
(zygomycetes) transformed the chemical, whereas Fusarium strains (deuteromycetes
or ascomycetes) were poor degraders. Fungal laccases, produced mainly by white-rot
basidiomycetes such as T. versicolor, are enzymes which catalyze the oxidative coupling
of nonylphenol to produce oligomers. The reaction illustrates one of the mechanisms
involved in the stabilization of xenobiotics in soils. Nonylphenol mineralization is
mainly attributed to bacterial catabolic activity, whereas fungi are rather involved in
the chemical stabilization in the soil through oxidative coupling. Although sludges
modify the adsorption of nonylphenol onto soil, our results obtained using soil/sludge
mixtures clearly establish that the exposure of soil organisms to the surfactant can be
increased by slowing down its biodegradation. This result emphasizes the need to assess
the effects of nonylphenol on soil microorganisms by further investigations.
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Quantification of in-situ Trichloroethene Dilution
versus Biodegradation Using a Novel Chloride
Concentration Technique

C. Walecka-Hutchison  ·  J. L. Walworth

Abstract

The objective of this study was to evaluate the effectiveness of in-situ trichloroethene (TCE) bio-
remediation, and to determine whether the observed decrease in TCE concentrations was attribut-
able to biological degradation versus abiotic processes. An enhanced in-situ TCE bioremediation
project in which groundwater amended with microbe stimulating compounds was injected into
the contaminated subsurface was analyzed. Dilution, attributed to mixing between the injected
clean and contaminated waters, was calculated using a modified groundwater mixing equation and
chloride concentrations of the waters at various times in the study. Over the course of the trial,
spatially averaged TCE concentrations within the aquifer decreased by 41%. The chloride calcula-
tions suggested that a 29% reduction may be attributable to dilution, and that only a 12% decrease
in concentrations may be attributable to biological degradation.

Key words: trichloroethene, biodegradation, groundwater mixing, chloride, dilution

30.1
Introduction

The widespread use of chlorinated ethenes as organic solvents, and their subsequent
improper disposal practices, has resulted in extensive global soil and groundwater
contamination. The most frequently detected organic groundwater pollutant in the
United States is trichloroethene (TCE). It has been estimated that between 9 and 34%
of the country’s drinking water supply sources have been contaminated with this
suspected carcinogen (Agency for Toxic Substances and Diseases Registry 1989).
Conventional means of solvent contaminated aquifer restoration not only entail great
expense, but often merely transfer the contaminants to another medium. In-situ
bioremediation is a more favorable alternative as it transforms TCE to stable, non-
toxic end products (carbon dioxide, chloride, and water (Little et al. 1988)) without
bringing groundwater to the surface, thus potentially reducing remediation costs.

30.2
Review on Trichloroethene Biodegradation

TCE biodegradation occurs in both aerobic and anaerobic environments. Anaerobi-
cally, TCE undergoes reductive dechlorination. This process involves the removal of
a chlorine atom from chlorinated ethenes followed by its replacement with a hydro-
gen atom. The TCE becomes biotransformed to 1,2-dichloroethene (predominantly



318 C. Walecka-Hutchison  ·  J. L. Walworth

Pa
rt

 II
I

cis-1,2-DCE, with low quantities of trans-1,2-DCE), vinyl chloride, and eventually
ethene (Ensley 1991). The rates of reductive dehalogenations are higher for highly
chlorinated compounds, resulting in the persistence of the less chlorinated daughter
products under reducing environmental conditions (Vogel et al. 1987). The potential
persistence of vinyl chloride as the end product of this pathway is of concern as the
compound is a known human carcinogen.

Transformation rates of chlorinated solvents under aerobic conditions are highest
for the least chlorinated species (Vogel et al. 1987). Consequently, highly chlorinated
compounds like perchloroethene (PCE) are resistant to oxidative processes. Aerobic
TCE degradation is a cometabolic or fortuitous transformation due to broad specific-
ity of microbial enzyme systems (McCarty and Semprini 1994). The microorganism
requires a primary substrate (electron donor) for growth, but due to the broad en-
zyme specificity, the microorganism can also degrade the chlorinated solvent. No
energy is gained by the microorganism from the transformation of the solvent.

The initial step of the aerobic TCE biodegradation pathway is the formation of
TCE epoxide, which can be biotransformed for example by methanotrophic bacteria,
(organisms that oxidize methane for energy and growth) to dichloroacetic and glyoxilic
acid. The acids can be further broken down to carbon dioxide, chloride, and water by
heterotrophic bacteria (Little et al. 1988). Although the TCE epoxide is toxic and car-
cinogenic, its 12-second half-life makes it an intermediate product of lesser impor-
tance (Oldenhuis et al. 1989). Therefore, the aerobic pathway is frequently preferred
for site remediation.

Enzymes responsible for oxidation of TCE include methane monooxygenase (par-
ticulate and soluble), ammonia monooxygenase, toluene oxygenase (mono and
dioxygenase), and propane monooxygenase. The cometabolic inducers of these
oxygenases include: (1) methane, (2) ammonia, (3) toluene, phenol and (4) propane
(Ensley 1991). These enzymes are produced by a variety of microorganisms, many of
which experience contaminant toxicity if the TCE they co-oxidize is encountered at
concentrations above 6 000 µg l–1 (Broholm et al. 1990). Additionally, the metabolites
or by-products of the aerobic degradation pathway have shown toxic effects toward
the oxygenase enzyme systems. Methane monooxygenase has shown complete inac-
tivation (was no longer able to oxidize methane for energy and growth and/or trans-
form TCE) after 200 transformations of TCE (Ensley 1991). Although no oxygenase is
resistant to these toxic effects, the toluene monooxygenase enzyme is more resistant
than the toluene dioxygenase (Ensley 1991).

The biodegradation efficacy is frequently measured via observed reductions in aque-
ous contaminant concentrations, and further supported by an increase in degrada-
tion product concentrations, CO2 evolution, microbial enumeration, and/or utiliza-
tion of amended electron acceptors and nutrients. However, contaminant disappear-
ance does not distinguish biodegradation from other abiotic processes such as dis-
persion, sorption, diffusion or volatilization. The quantification of biodegradation re-
lies on a firm understanding of the physical and chemical processes controlling the
fate of the contaminant in question (Rittmann et al. 1994). However, accurate mass bal-
ances of contaminant abiotic processes at field sites are often unknown and/or unat-
tainable. Therefore, proving whether contaminant removal is due to biotic or abiotic
processes is difficult and generally only qualitative (Madsen 1991). The assessment of
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aerobic in-situ TCE biodegradation has proved to be especially challenging. Unlike its
anaerobic counterpart, the aerobic pathway results in short-lived, and consequently
difficult to detect, intermediate products. Additionally, due to its cometabolic and
aerobic nature, primary substrates, oxygen and frequently nutrients need to be supple-
mented. This results in the added and generally unaccounted for abiotic component
of dilution resulting from recharge of the amended water.

In conjunction with the measured change in TCE concentrations, first-order rate
estimations have been used to evaluate biodegradation. Sorenson et al. (2000) com-
pared three first-order rate methods and concluded that the graphical extraction
method (Ellis 1996) as well as the Buscheck and Alcantar (1995) method resulted in
overestimation of degradation rates as they did not adequately account for disper-
sion. The third method normalized TCE concentrations to the concentrations of in-
ternal plume tracers (co-contaminants tritium and tetrachloromethane) and conse-
quently allowed degradation to be distinguished from dispersion.

Carbon fractionation has also been used in the attempt to substantiate in-situ bio-
degradation of organic pollutants. Suchomel and Long (1990) used the 13C/12C signa-
ture in soil CO2 to prove aerobic TCE biodegradation. They found higher soil CO2
concentrations with lower δ 13C values at TCE contaminated vs. uncontaminated sites.
Furthermore, these values asymptotically approached the δ13C values of the TCE. They
attributed the signature to the different carbon isotopic composition of the contami-
nant and/or the fractionation occurring during the microbial degradation process.
Lollar et al. (2001) used carbon isotope ratios (13C/12C) to quantify TCE biodegrada-
tion and found that during the anaerobic degradation of TCE the light (12C) vs. heavy
isotope (13C) bonds are preferentially degraded, resulting in isotopic enrichment of
the residual contaminant in 13C.

The purpose of this study was to evaluate the effectiveness of aerobic in-situ TCE
bioremediation. An enhanced field scale aerobic TCE biodegradation project located
in Tucson, Arizona, was evaluated. The objective was to determine whether the ob-
served decreases in TCE concentrations were attributable to biological degradation
vs. other physical/chemical processes. Because the site was amended with a substrate
(electron donor), oxygen (electron acceptor), and nutrients, dilution attributed to
mixing between clean and contaminated water was a contributing factor in reducing
the contaminant concentrations. The use of aqueous chloride concentrations, in con-
junction with a modified groundwater mixing equation, allowed the quantification of
dilution and differentiation between biotic and abiotic losses.

30.3
Experimental

30.3.1
Site Background

Air Force Plant number 44 (AFP#44) is located in southern Arizona, 15 miles south of
the metropolitan Tucson area. It is owned by the United States Air Force and operated
by Raytheon Missile Systems. The plant was constructed in 1951 and has been con-
tinuously utilized for the production of a variety of missile and weapon systems



320 C. Walecka-Hutchison  ·  J. L. Walworth

Pa
rt

 II
I

(Hargis+Associates, Inc. 1996). During the 1950s, 1960s, and 1970s the facility utilized
chlorinated solvents, primarily chlorinated aliphatic hydrocarbons, as degreasing
agents. Disposal of these industrial wastes has consequently led to the contamination
of soil and groundwater at this site. Groundwater contamination was detected in 1981,
and in 1982 the United States Environmental Protection Agency listed AFP#44 as one
of six project areas of the Tucson International Airport Area Superfund Site. The
predominant pollutants of the site are TCE and 1,1-dichloroethene (1,1-DCE).

30.3.2
Site Hydrogeology

AFP#44 hydrogeology is broken down into the following units: the unsaturated zone,
the shallow groundwater zone, the upper zone of the regional aquifer, the aquitard
and the lower zone of the regional aquifer. The shallow groundwater zone is encoun-
tered at a depth of 18 to 26 m below ground surface and extends to 37 m. It consists
of saturated, unconsolidated, dense, reddish clay to sandy clay with some very thin
discontinuous lenses of fine sand (Hargis+Associates, Inc. 1996, 1997). This fine-
grained unit is found above the transmissive upper zone of the regional aquifer thereby
functioning as a confining unit.

The heterogenous sediments comprising the shallow groundwater zone exhibit
relatively low hydraulic conductivity. The estimated average bulk hydraulic conduc-
tivity is 1.8 × 10–4 cm s–1 (GRC 1993). The general groundwater flow is in the north and
northwest direction with an average linear groundwater velocity of 1.2 cm d–1 (data
not shown). The total dissolved mass of TCE and 1,1-DCE in the shallow groundwater
zone is believed to be 222 and 40 kg respectively (Hargis+Associates, Inc. 1996). TCE
is the primary groundwater contaminant with concentrations ranging from 4.6 to
2 100 µg l–1 and a geometric mean of 40 µg l–1 (Fig. 30.1).

The shallow groundwater zone does not yield sufficient quantities of water to be a true
aquifer. However, it slowly drains into the underlying upper zone of the regional aquifer
and thus serves as a continuing source of groundwater contamination. The approximate
contaminant contribution to the regional aquifer is 6 µg l–1 and 1 µg l–1 TCE and 1,1-DCE
respectively (Hargis+Associates, Inc. 1996). Therefore, the primary objective in reme-
diating the shallow groundwater zone was to minimize the impact of its contaminants
on water quality of the underlying regional aquifer which serves as the as the primary
source of water for the City of Tucson. The segment of the transmissive regional aqui-
fer underlying AFP#44 contains the bulk of the TCE contamination of the site. Conse-
quently, it has been undergoing containment/remediation via pump-and-treat tech-
nology since 1987 in the hope of returning it to drinking water quality (5 µg l–1 TCE).

30.3.3
Shallow Groundwater Zone Remediation

Bench scale studies performed to determine whether aerobic TCE biodegradation was
feasible in the shallow groundwater zone demonstrated a 50% removal of the contami-
nant by microbial populations indigenous to the site (WCC 1996a). Additionally, both
toluene dioxygenase and soluble methane monooxygenase were identified as present
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in the shallow groundwater zone via gene probe analysis (WCC 1996b). Of the two major
forms, the soluble methane monooxygenase demonstrates a broader substrate range rela-
tive to its particulate methane monooxygenase counterpart (Oldenhuis et al. 1989).

Field scale enhanced in-situ bioremediation began in April of 1997 and lasted
through May of 1998 in the northwest and central portions of the shallow groundwa-
ter zone (TCE concentrations ranging from 47–170 µg l–1, Fig. 30.1). The higher con-
tamination of the southeast region of the shallow groundwater zone warranted
remediation via dual-phase extraction. This technology extracts both groundwater
and soil vapor from a single extraction well.

For the first three months of the enhanced bioremediation project, only “clean”
groundwater was injected into the subsurface. Due to the limitations in organic car-

Fig. 30.1. Shallow groundwater zone wells and trichloroethene concentration contours (µg l–1). The
contamination ranges from 4.6 to 2 100 µg l–1, being highest in the southeast portion of the region



322 C. Walecka-Hutchison  ·  J. L. Walworth

Pa
rt

 II
I

bon, oxygen, and inorganic nutrients (nitrogen and phosphorous) at the site, amend-
ment injection began in July and consisted of hydrogen peroxide as an oxygen source,
diammonium phosphate as both nitrogen and phosphorous source, and methanol as
a potential cometabolic inducer and/or a carbon source (WCC 1998). The injection of
the hydrogen peroxide and methanol was pulsed: hydrogen peroxide was amended
for 24 out of each 36 h at a concentration of 38 mg l–1, followed by methanol for the
remaining 12 out of 36 h at a concentration of 75 mg l–1. Diammonium phosphate was
delivered continuously at 15 mg l–1. During the lifespan of the project the total volume
of water recharged into and extracted from the shallow groundwater zone was 3.3 × 107

and 1.5 × 107 l respectively (Montgomery and Associates 1998).
Monitoring wells within the shallow groundwater zone (Fig. 30.1) were sampled on

a quarterly basis before as well as throughout the duration of the bioremediation
project to determine changes in contaminant concentrations and in water level eleva-
tions. Heterotrophic plate counts as well as changes in chloride and dissolved oxygen
concentrations were also evaluated on a quarterly basis during the lifespan of the
bioremediation project. These data were assessed to determine the extent of micro-
bial activity and its contribution to the changes in the contaminant concentrations.

30.3.4
Chloride Data Dilution Factors

Mixing between groundwaters of different recharge origins, different aquifers, and
different flow systems have been quantified using isotopic methods (Clark and Fritz
1997). Simple linear algebra and δ 18O or δ 2H have been used to quantify mixing be-
tween two distinct groundwaters thereby depicting a portion of groundwater “A” in a
mixture of “A” and “B” as follows: δsample = Xδ A + (1 – X)δ B

18O and 2H preserve the
mixing ratio as they are non-reactive in nature. However the relationship does not
indicate where the mixing occurs.

The availability and temporal variability of chloride concentrations within the
monitoring wells of the shallow groundwater zone, coupled with the conservative
nature of chloride, and its known concentration of 21 mg l–1 in the amended injected
water, allowed the use of well chloride concentrations in determining dilution attrib-
uted to mixing between the clean injected and contaminated waters. A modified ver-
sion of the groundwater mixing equation described above was used as follows:

Cc = CaX + Cb(1 – X)

where Cc was the final detected chloride concentration in each monitoring well, Ca was
the injected amended clean water chloride concentration, Cb was the initial well chlo-
ride concentration before the onset of the bioremediation project, and X was the
volume fraction of water (Va / (Va + Vb), where Va is the volume of injected clean wa-
ter, and Vb the volume of the initial contaminated water). Solving the equation for X
provides the percentage of the total volume of water within each well attributable to
the injected clean water. The amount of contaminant removal attributable to dilution
within the well could further be determined by dividing the contaminant concentra-
tion by a dilution factor, which can be calculated as: 1 / (1 – X).
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30.4
Results and Discussion

Contaminant concentrations generally decreased throughout the shallow groundwa-
ter zone following the enhanced bioremediation technology (Table 30.1). Similar trends
of contaminant reductions were observed within the monitoring wells and ranged
from 26% to 87% and 55% to 90% in trichloroethene (TCE) and 1,1-dichloroethene
(1,1-DCE) concentrations, respectively. The slightly greater observed decrease in the
1,1-DCE concentrations is not surprising as biological oxidations occur at faster rates
in less chlorinated contaminants. The increased concentrations of both contaminants
in well P-6 are unique and most likely attributable to contaminant desorption and
diffusion from a low hydraulic conductivity layer which impedes flow and amend-
ment delivery into this portion of the heterogeneous site (data not shown).

During the 13 months of operation, the in-situ bioremediation technology recharged
3.3 × 107 l of water into the shallow groundwater zone. The total volume of water in the
shallow groundwater zone, excluding the southeast portion was calculated to be
1.6 × 108 l (Hargis+Associates, Inc. 1996). Therefore, approximately 0.21 pore volumes
of clean water were injected into the sediments of this site. The chloride dilution cal-
culations demonstrated that during the time span of the bioremediation project the
groundwater in the shallow groundwater zone was diluted 1 to 100 times (Table 30.2).

Table 30.1. Shallow groundwater zone monitoring well contaminant concentrations before and after
the bioremediation project

Table 30.2. Shallow groundwater zone monitoring well dilution factors. TCE: trichloroethene, DCE:
dichloroethene
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The greatest dilution (1:100) and largest reduction of TCE levels (87% removal) oc-
curred in monitoring well P-3 (Tables 30.1 and 30.2). 99% of the total water in this well
consisted of clean recharged water, and just 1% ambient groundwater. At the other
extreme, only 2% of the water within monitoring well P-6 could be attributed to in-
jected clean water. As previously discussed, a low hydraulic conductivity layer most
likely impeded flow into this portion of the heterogeneous site.

The chloride-derived dilution factors of each shallow groundwater zone monitor-
ing well were further used to quantify the change in contaminant concentrations at-
tributable to dilution. For example, dividing the baseline TCE and 1,1-DCE concentra-
tions of well SM-04D (480 µg l–1 and 88 µg l–1 respectively) by its dilution factor of 2,
suggests that decreases in contaminant concentrations to 240 µg l–1 and 44 µg l–1 re-
spectively resulted from dilution. However, the TCE and 1,1-DCE concentrations ob-
served at the end of the bioremediation study were lower than due to dilution alone:
140 and 25 µg l–1, respectively (Table 30.1 and 30.3). The additional removal of 100 µg l–1 of

Table 30.3. Shallow groundwater zone monitoring well trichloroethene (µg l–1), 1,1-dichloroethene
(µg l–1), chloride concentrations (mg l–1), and heterotrophic plate counts (CFU ml–1) with respect to time.
TCE: trichloroethene, DCE: dichloroethene, HPC: heterotrophic plate counts
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TCE and 19 µg l–1 of 1,1-DCE could likely be attributed to biodegradation (Table 30.2).
Microbial enumerations for this well ranged from 1.2 × 103 to 5.7 × 105 colony forming
units ml–1 throughout the duration of the project (Table 30.3). Between February and
June of 1997, chloride concentrations increased from 100 to 138 mg l–1 (Table 30.3).
These observations are indicative of biological activity and thus supportive of micro-
bial degradation.

Although contaminant concentrations decreased in monitoring wells P-3 and
P-4 throughout the bioremediation project, the final detected concentrations were
higher than anticipated (Table 30.1 and 30.2). After subtracting the calculated losses
attributed to dilution, the expected TCE concentrations in these two wells at the
end of the study were 2 and 5 µg l–1, respectively (Table 30.2). However, the measured
concentrations in the two wells were 30 and 35 µg l–1 of TCE respectively (Table 30.1
and 30.3). Because these wells demonstrated high recharge (dilution factors of 100
and 14 respectively) it is possible that additional aqueous contaminants were
transported into these portions of the heterogeneous aquifer during infiltration.
Desorption and diffusion may also have been contributing processes as the major-
ity of the shallow groundwater zone contamination is encountered within fine-
grained sediment. Microbial activity was observed in both wells, and a noticeable
increase in chloride concentrations (101 to 125 mg l–1, Table 30.3) was observed in
well P-3. Therefore, biodegradation most likely occurred within these areas but is
probably underestimated due to the unknown contaminant mass balance within
the aquifer.

The shallow groundwater zone monitoring wells showed an overall decrease in
contaminant concentrations following the bioremediation project. However, the spe-
cific contaminant diminutions and corresponding dilution factors were variable due
to the heterogeneity of the site (Table 30.2). Therefore, to determine the overall effec-
tiveness of the enhanced in-situ TCE bioremediation technology, geometric mean
values of contaminant concentrations as well as water level elevations with respect to
time were calculated to represent the shallow groundwater zone as a whole. The geo-
metric mean dilution factor could further be used to quantify the overall shallow
groundwater zone reduction in TCE concentrations attributable to dilution. The spa-
tially averaged TCE concentration had decreased by a total of 41% by the end of the
bioremediation project (from 105 to 62 µg l–1, Fig. 30.2). However a 29% reduction
(down to 75 µg l–1 TCE) may be attributed to dilution based on chloride data repre-
sentative of the site (geometric mean dilution factor of 1.4). Therefore, only a 12% re-
duction of TCE may be attributed to biological degradation at this site.

Microbial activities in conjunction with increased aqueous chloride concentrations
observed in the monitoring wells throughout the project were indicative of biological
transformation. However, the unaccounted for increase in contaminant concentra-
tions attributable to the mass transfer processes may have resulted in underestimat-
ing biological removal. The calculated removal attributed to dilution is also conser-
vative, as it does not account for the addition of chloride to the groundwater during
the biodegradative process.

The bioremediation operations ceased in May of 1998 when it became apparent
that a contaminated shipment of methanol (obtained between February and April)
and its subsequent subsurface injection resulted in perchloroethene (PCE) contami-
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Fig. 30.2. Mean monitoring well contaminant concentrations (µg l–1) and water level elevations (shown
in m above mean sea level) representing shallow groundwater zone as a whole. Error bars represent
contaminant spatial distribution. TCE: trichloroethene, DCE: dichloroethene

Fig. 30.3. Shallow groundwater zone monitoring wells with corresponding dilution factors and
perchloroethene (PCE) concentrations

nation of the shallow groundwater zone. The varying PCE concentrations detected
within the monitoring wells of the site corresponded well with the dilution factors
calculated by this method. Highest PCE concentrations and dilution factors were seen
in well P-3, with lowest values of both observed in well P-6 (Fig. 30.3). The dilution
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factors therefore appeared to be well representative of the heterogeneities of the site.
The accidental injection of this contaminant further substantiated the use of this
method in quantifying TCE dilution at heterogeneous sites.

30.5
Conclusions

Biodegradation efficacy is determined by an observed reduction in aqueous contaminant
concentrations, and further supported by an increase in degradation product con-
centrations, CO2 evolution, microbial enumerations and/or utilization of amended elec-
tron acceptors and nutrients. However, contaminant disappearance does not distinguish
biodegradation from abiotic processes such as dispersion, dilution, sorption, diffusion or
volatilization. An understanding of the physical and chemical processes that control the
fate of a contaminant is therefore imperative in determining the effectiveness of biodeg-
radation projects. However, accurate mass balances of contaminant abiotic processes at
field sites are often unknown and/or unattainable. Proving whether contaminant removal
is due to biotic or abiotic processes is therefore difficult and generally only qualitative.
Detection of specific degradative intermediates or metabolites can substantiate biological
degradation. In the anaerobic TCE degradative pathway, compounds like 1,2-DCE and vinyl
chloride are easily detectable. However, the preferred aerobic pathway results in very short-
lived and therefore undetectable metabolites (epoxides).

The cometabolic nature of aerobic TCE biodegradation often requires supplemen-
tation of primary substrates for the growth and energy needs of the degrading bac-
teria. The injection of water amended with these substrates (as well as electron accep-
tors and nutrients necessary for degradation) displaces and dilutes the contaminant
concentrations. Enhanced bioremediation field studies conducted without a tracer in
the injection package are therefore generally equivocal because of the inability to
distinguish between dilution and biodegradation.

This study determined the overall effectiveness of an enhanced aerobic TCE
bioremediation field project by quantifying dilution attributed to mixing between the
injected clean and contaminated waters. A modified groundwater mixing equation and
inherent chloride concentrations were used. Because chloride is a by-product of aero-
bic TCE biodegradation, the dilution factors obtained via this method can be used to
substantiate bioremediation without the added time and cost of tracer studies usually
necessary for this purpose. Although the calculated dilutions do not indicate where the
mixing occurred, they appeared well representative of the heterogeneities encountered
within this site as supported by the variable and well-corresponded PCE concentra-
tions resulting from the contaminants accidental injection into the groundwater. Dur-
ing the 13 months of operating the in-situ bioremediation technology, approximately
0.21 pore volumes of clean water were injected into the sediments of this site. Spatially
averaged TCE concentrations decreased by 41% by the end of the project. The chloride
calculations indicated that a 29% reduction was attributable to dilution, suggesting that
no more than a 12% decrease in concentrations could be attributable to biological
degradation. Whereas a cursory examination of the data from this site suggests that
enhanced bioremediation was a success, this more thorough evaluation shows that this
cleanup method produced limited results.
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Anthropogenic Organic Contaminants Incorporated
into the Non-Extractable Particulate Matter
of Riverine Sediments from the Teltow Canal (Berlin)

J. Schwarzbauer  ·  M. Ricking  ·  B. Gieren  ·  R. Keller  ·  R. Littke

Abstract

Anthropogenic activities induce significant alterations of the macromolecular organic matter (MOM)
in riverine systems mainly by emission of pollutants and their subsequent incorporation into
geopolymers (bound residues). We have characterized the non-extractable residues of highly pol-
luted riverine sediments (Spree River, Teltow Canal, Germany) in order to investigate the occurrence,
alteration and distribution of several organic xenobiotics in situ, e.g. plasticizers, pesticides, and
metabolites brominated and chlorinated aromatics, fragrances, technical additives and nitro com-
pounds. Therefore this study intended a comprehensive characterization of riverine MOM combin-
ing different analytical techniques (pyrolytic analyses and chemical degradation techniques), in order
to provide information concerning the incorporation mechanism and the mode of binding of a
variety of organic pollutants with different chemical properties.

31.1
Introduction

In urban and industrial regions the organic matter in riverine sediments is highly
controlled by the anthropogenic input due to enhanced emissions of organic con-
taminants and other pollutants. Not only the qualitative and quantitative composi-
tion of the extractable fraction but also of the non-extractable organic matter is af-
fected by anthropogenic contributions. In contrast to the numerous investigations
dealing with the occurrence and fate of low molecular weight pollutants in water and
particulate matter of riverine systems only a few studies were carried out in order to
analyse the alteration within the non-extractable fraction. This alteration via anthro-
pogenic pollution was observed for both the macromolecular substances and the
associated low molecular weight compounds. The anthropogenic contribution to the
macromolecular organic matter of riverine systems can be generally attributed to three
different processes:

■ Low molecular weight substances can be strongly incorporated into bio- or geo-
polymers, e.g. humic substances.

■ Natural polymers can be alterated by technical processes, e.g. chlorination of drink-
ing water or bleeching processes of paper, and released into the aquatic environ-
ment.

■ Xenobiotic polymers can also be emitted into the aquatic environment, e.g. poly-
siloxanes.
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Different kinds of anthropogenic compounds and their occurrence within the non-
extractable matter are reported in a couple of studies. Most of the investigations are
related to the occurrence and fate of associated low molecular contaminants, the so
called “bound residues”, and are published within the last 30 years (e.g. Li and Felbeck
1972; Kaufman et al. 1976; Liechtenstein et al. 1977; Wheeler et al. 1979; Liechtenstein
1980; Khan 1982; Boul et al. 1994; Lichtfouse 1997; Houot et al. 1997; Northcott and Jones
2000). Earlier investigations dealed especially with the occurrence and fate of bound
pesticides in soils. After introducing the pesticides and their metabolites into soils,
sediments or waters a weak association of a significant proportion to geopolymers was
pointed out leading to insufficient re-extraction rates of the observed compounds by
means of regular solvent extraction procedures. Recent studies confirmed this envi-
ronmental behaviour in soils for a couple of organic contaminants such as atrazine,
2,2',5,5'-tetrachlorobiphenyl, 3,4-dichloroaniline, naphthalene and chlorinated phenols
(Hsu and Bartha 1976; Palm and Lammi 1995; Barriuso and Houot 1996; Kan et al. 1997).
The quota of the bound fraction ranged between 25 and 90%. The linkage to the
geopolymers covers a wide diversity of modes ranging from weaker interactions like
adsorption or van der Waals forces up to strong ionic interactions and covalent bonds.
The mechanism of incorporation depends on a variety of chemical and physico-chemi-
cal properties and conditions, e.g. functional groups within the molecules, pH and redox
potential as well as charactersistics of the geopolymer (e.g. Ziechmann 1972; Parris
1980; Senesi 1992; Piccolo et al. 1992; Schulten and Leinweber 1996; Pignatello and Xing
1996; Luthy et al. 1997; Klaus et al. 1998; Nanny 1999; Weber et al. 2001).

The occurrence of bound residues is not only restricted to soils but also to aquatic
sediments and suspended matter. Similar associations and assimilations of low mo-
lecular weight compounds into aquatic geopolymers, aggregates or organo-mineral
complexes were observed (e.g. Murphy et al. 1990; Chin and Gschwend 1992; Buffle
and Leppard 1995; Klaus et al. 1998; Zwiener et al. 1999). An important aspect espe-
cially in riverine systems is the mobilisation of pollutants associated with colloids,
suspended particulate matter or dissolved geopolymers and the subsequent enhanced
spatial distribution (s.a. McCarthy and Zachara 1989; Johnson and Amy 1995). Modi-
fied transport processes in the presence of aquatic geopolymers are reported for pyrene
and the pesticides amitrol, terbutylazine as well as pendimethaline (Huber et al. 1992;
Herbert et al. 1993; Oesterreich et al. 1999).

Not only the mode of association but also the strength of bonding and the
reversibility of the incorporation process are important for the microbial and abiotic
degradation as well as toxicological aspects. Due to a limited bioavailability the toxi-
cological effects of bound organic pollutants are generally reduced in comparison to
the free substances (e.g. Lichtfouse 1997). Several investigations demonstrated a de-
crease of toxicity with progressive aging after application of pollutants to soils with-
out a change of the absolute concentrations (Liechtenstein et al. 1977; Robertson and
Alexander 1998). An increasing toxicity for substances (e.g. 2,4-dichlorophenol) in
the presence of geopolymers was hardly reported (Steinberg et al. 1992).

In addition, the mode and rate of degradation processes of individual substances
can be modified by the incorporation into geopolymers and the subsequent decrease
of bioavailability. Frequently a higher stability or even persistence was observed for
bound contaminants (e.g. Perdue and Wolfe 1982). Considering geochemical and bio-
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geochemical cycles, the conservation of natural organic compounds in association
with geopolymers is well investigated (Tissot and Welte 1984; Engel and Macko 1993).
For bound residues not only a higher persistence but also modified degradation or
transformation pathways were observed, e.g. for amitrole (Oesterreich et al. 1999).
Jensen-Korte et al. (1987) reported an enhanced photolytic degradation of normally
persistent pesticides in an aquatic environment induced by the addition of humic
substances. Modified transformation processes were also observed in the case of an
incorporation of metabolites into geopolmyers. Variations in the degradation pathway
via the transfer of metabolites into the non-extractable matter has also to be assummed
in the case of PCB and PAH. Richnow et al. (1994) and Michaelis et al. (1995) demon-
strated an incorporation of chlorinated benzoic acids and polycyclic aromatic acids,
wellknown metabolites of PCB and PAH, by means of covalent bonds. An association
of mainly hydroxylated and/or dealkylated metabolites was formerly reported for atra-
zine in soils (Capriel et al. 1985).

Next to the alteration of non-extractable organic matter by bound residues, several
anthropogenic activities also modify directly organic geopolymers. Following dis-
charge these modified polymers affect mainly the aquatic environment. The most
important technical modification of biopolymers and aquatic geopolymers are chlori-
nation processes. Hence, in recent studies several chlorinated lignin-, humin- and
cellulose-derived macromolecules were identified in the aquatic environment, mainly
in Scandinavia (Dahlmann et al. 1993; Hyötyläinen et al. 1998a,b; Miikki et al. 1999),
but also in Portugal, Germany and the Netherlands (Bultermann et al. 1997; Santos
and Duarte 1998).

In addition to the input of modified natural macromolecules a further mode of
anthropogenic alteration of the non-extractable organic matter is the emission of tech-
nical macromolecular products. Only very few investigations were reported concern-
ing these emissions of xenobiotic polymers. Examples are the investigations by Fabbri
et al. (1998a), as well as Requejo et al. (1985), characterising the input of polystyrene
into the coastal and riverine aquatic environment via characteristic pyrolysis products
as low molecular weight markers.

Considering the nature of the non-extractable organic matter the analytical meth-
ods used for the chemical characterisation and quantification can be divided gener-
ally into two different kinds of approaches. Non-destructive methods include IR-, UV/
VIS-, NMR- and ESR-spectroscopy, also in combination with liquid chromatography
or size exclusion chromatography (e.g. Burns et al. 1973; Senesi et al. 1987; Schlautmann
and Morgan 1993; Fabbri et al. 1998b; Nanny 1999; Zwiener et al. 1999). Destructive
analytical approaches transfer the bound or macromolecular fraction into low mo-
lecular weight compounds either by pyrolysis or by chemical degradation. Using
pyrolysis different procedures were applied including on-line and off-line methods,
with or without derivatisation of the products and subsequent gas chromatographic
or gas chromatographic-mass spectrometric analysis (e.g. Horsfield et al. 1989; Schulten
and Leineweber 1996; Stankiewicz et al. 1998; Asperger et al. 1999; Mongenot et al. 1999).
Additionally, appropriate chemical degradation procedures allow the selective release
of components depending on the mode of incorporation or binding. Common degra-
dation reactions include acidic hydrolysis (e.g. Grasset and Ambles 1998), ether and
ester cleavages using boron tribromide or boron trichloride (e.g. Richnow et al. 1994)
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or oxidation e.g. with CuO or RuO4 (e.g. Hatcher et al. 1993; Hyötyläinen et al. 1998a).
The degradation products were usually extracted, fractionated and analysed by tra-
ditional LC, GC or GC-MS. Using a sequential degradation approach with an increas-
ing order of reactivity, a differentiation of individual modes of binding can be indi-
cated for associated substances.

On the contrary, the modes of incorporation are also investigated on a laboratory
scale by spiking appropriate samples with labelled (14C, 13C, D) or non-labelled model
compounds. Following, these artificial bound residues were released and character-
ized by selective analytical methods as described earlier (e.g. Hatcher et al. 1993;
Richnow et al. 1998; Guthrie et al. 1999). Recent reviews on the analytical topics are
given by Northcott and Jones (2000), as well as Kögel-Knabner (2000).

In summary, anthropogenic activities cause significant alterations of the macro-
molecular organic matter (MOM) in riverine and lacustrine systems mainly by emis-
sion of pollutants and their subsequent incorporation into geopolymers (bound resi-
dues).

In the presented study we have characterized highly polluted MOM of riverine
sediments (Spree River, Teltow Canal, Germany) in order to investigate the occur-
rence, alteration and distribution of several organic xenobiotics in situ. Thus, these
investigations intend a comprehensive characterization of riverine MOM via com-
bining different analytical techniques (pyrolytic analyses and chemical degradation
techniques) in order to provide information concerning the incorporation mecha-
nisms and the mode of binding for a variety of organic pollutants with different
chemical properties.

31.2
Material and Methods

31.2.1
Samples

Four sediment samples were taken in 1998 and 1999 from three locations at the Teltow
Canal in Berlin, as indicated in Fig. 31.1. In addition to the surface sediment samples T2
and T3 taken by means of a 4L Ekman-Birge grab sampler a short sediment core T1
was obtained by using a tube coring device. The sediment core was subdivided into
an upper part T1(u) (0–3 cm) and a lower part T1(l) (3–10 cm), that represents an
older accumulation time between 1980 and 1990.

31.2.2
Pre-Extraction

All sediment samples were pre-extracted first with 40 ml of methanol or butanol and
subsequently with solutions of hexane/acetone (1/1, v/v) by means of shaking for 24 h
in the dark and ultrasonication at 2 × 450 W (Badelin, Berlin, FRG) in a water bath for
30 min. Each extraction step was followed by centrifugation at 1 800 g and the com-
bined extract was reduced in volume by rotary evaporation.
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31.2.3
Chemical Degradation

The chemical degradation steps were carried out in two different modes. In a first set
aliquots of the preextracted samples were treated seperately with KOH/MeOH, BBr3
and RuO4. Following, in a second step the pre-extracted and saponified residues were
treated once more with BBr3 or RuO4. In Fig. 31.2 the flow scheme of the analytical
procedure is given.

31.2.3.1
Hydrolysis

Aliquots of 150 to 500 mg of the pre-extracted samples were placed in 8 ml vials and
120 mg of KOH dissolved in a mixture of 0.2 ml pre-extracted water and 8 ml of metha-
nol were added. Following, the closed vials were heated for 24 h at 105 °C. After cooling
3 ml of pre-extracted water was added and the solutions were filtered using Whatman
glass fiber filters (0.7 µm pore diameter). The mixture was acidifed to pH 3–5 by addi-
tion of approx. 1 ml of a 10% hydrochloric acid solution. Subsequently the solution
was extracted three times with 5 ml of dichloromethane. The combined organic lay-

Fig. 31.1. Sampling location at the Teltow Canal, Berlin (Germany)
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Fig. 31.2. Analytical flow scheme. DCM: dichloromethane

ers were dried with anhydrous granulated sodium sulphate and concentrated to a
volume of approx. 0.5 ml.
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The crude extracts were separated into two fractions by column chromatography
(Baker, 2 g silica gel 40 µm) using dichloromethane (fraction 1) and methanol (frac-
tion 2) as the eluent, respectively. Prior to analysis, 50 µl of an internal standard con-
taining 90 ng µl–1 d34-hexadecane in n-hexane were added to each fraction, and the
volume was reduced to 200 µl by rotary evaporation at room temperature.

31.2.3.2
BBr3-Treatment

To approx. 150 mg of pre-extracted or pre-extracted/saponified samples 5 ml of a 1.0 M
boron tribromide solution in dichloromethane was added and the flasks were closed.
Following, ultrasonication in a water bath for 2 h was performed. After 24 h of stirring
at room temperature a second ultrasonic step was applied. Subsequently 2 ml of di-
ethylether were added, the supernatant was decanted and filtered using a Whatman
glass fiber filter (0.7 µm pore diameter). The solid residue was washed twice with diethyl-
ether and the combined organic solutions were added after filtration to the filtered reac-
tion mixture. The combined organic layers were washed twice with 5 ml of pre-extracted
water and dried with anhydrous granulated sodium sulphate. Prior to fractionation the
solutions were concentrated to a volume of approx. 0.5 ml by rotary evaporation.

The crude extracts were separated into three fractions by column chromatography
(Baker, 2 g silica gel 40 µm) using the following mixtures as the eluent: Fraction 1: n-
pentane/dichloromethane 95/5, v/v; fraction 2: dichloromethane; fraction 3: metha-
nol. Prior to analysis, 50 µl of an internal standard containing 90 ng µl–1 d34-hexadecane
in n-hexane were added to each fraction, and the volume was reduced to 100 µl by
rotary evaporation at room temperature.

31.2.3.3
RuO4-Oxidation

A mixture of 8 ml tetrachloromethane, 8 ml acteone and 1 ml of pre-extracted water
was added to aliquots of 20 to 170 mg of pre-extracted or pre-extracted/saponified
samples. In addition, 1 500 mg sodium perjodate and 10 mg of ruthenium(IV)oxide
were added and the reaction mixture was stirred for 4 h in darkness. The reaction
was stopped by addition of 50 µl of methanol and 2 drops of concentrated sulphuric
acid. The liquid phase was separated by decantation and the residue was washed twice
with tetrachloromethane. The combined organic layers were collected in a separatory
funnel and washed with 5 ml of pre-extracted water as well as 1 ml of a sodium thio-
sulfate solution. All water layers were combined and re-extracted five times with 10 ml
of diethylether. The diethylether solution was added to the organic solution, the ex-
tract was dried with anhydrous granulated sodium sulphate and concentrated to a
volume of 0.5 ml prior to fractionation.

The crude extracts were separated into two fractions by column chromatography (Baker,
2 g silica gel 40 µm) using the following mixtures as the eluent: Fraction 1: dichloromethane,
fraction 2: diethylether/methanol (40/60, v/v). Prior to analysis, 50 µl of an internal stan-
dard containing 90 ng µl–1 d34-hexadecane in n-hexane was added to each fraction, and
the volume was reduced to 100 µl by rotary evaporation at room temperature.
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31.2.4
Pyrolysis-Gas Chromatography, Pyrolysis-Gas Chromatography-Mass Spectrometry

Pyrolysis-gas chromatography was performed using a Horizon Curie-Point Pyrolator
with a pyrolsis temperature of 610 °C held for 10 s. The interface was heated to 300 °C
and the capillary column was directly inserted into the pyrolysis chamber. The gas
chromatographic separation was carried out on a GC 4100 gas chromatograph (Carlo
Erba, Milano, I) equipped with a 25 m × 0.25 mm i.d. × 0.25 µm film SE52 fused silica cap-
illary column (CS Chromatographie Service, Langerwehe, FRG). For Py-GC/MS analyses
the same Pyrolysator device was linked to a HP5890 gas chromatograph (Hewlett Packard,
Palo Alto, USA) which was equipped with a 30 m × 0.25 mm i.d. × 0.25 µm film BPX5 fused
silica capillary column (SGE, Weiterstadt, FRG). Chromatographic conditions were: 1 µl
split/splitless injection at 60 °C, splitless time 60 s, 3 min hold, then programmed at
3 °C min–1 to 300 °C, helium carrier gas velocity was 40 cm s–1. The mass spectrometric
detection was carried out on a Finnigan MAT 8222 mass spectrometer (Finnigan, Bremen,
FRG) which was operated at a resolution of 1 000 in electron impact ionization mode
(EI+, 70 eV) with a source temperature of 200 °C scanning from 35 to 700 amu at a rate
of 1 s decade–1 with an inter-scan time of 0.1 s.

31.2.5
Gas Chromatographic Analysis

Gas chromatographic analysis was carried out on a GC8000 gas chromatograph (Fisons In-
struments, Wiesbaden, FRG) equipped with a 25 m × 0.25 mm i.d. × 0.25 µm film SE54 fused
silica capillary column (CS Chromatographie Service, Langerwehe, FRG). The end of the cap-
illary column was splitted to lead the eluate separately to a flame ionization detector (FID)
and an electron capture detector (ECD) for a simultaneous detection of the analytes. Chroma-
tographic conditions were: 1 µl split/splitless injection at 60 °C, splitless time 60 s, 3 min hold,
then programmed at 3 °C min–1 to 300 °C, hydrogen carrier gas velocity was 25 cm s–1.

Acidic compounds in the polar fractions were methylated prior to analysis by
addition of 5 µl of a TMSH solution to aliquots of 5 µl of the extracts. The mixture was
ultrasonicated for 5 min and the volume was reduced to approx. 2 µl. The total solu-
tion was injected into the gas chromatograph.

31.2.6
Gas Chromatographic-Mass Spectrometric Analysis

GC/MS analyses were performed on a Trace MS mass spectrometer (Thermoquest,
Egelsbach, FRG) linked to a Mega Series 5140 gas chromatograph (Carlo Erba, Milano, I)
which was equipped with a 30 m × 0.25 mm i.d. × 0.25 µm film BPX5 fused silica capillary
column (SGE, Weiterstadt, FRG). Chromatographic conditions were: 1 µl split/splitless
injection at 60 °C, splitless time 60 s, 3 min hold, then programmed at 3 °C min–1 to 300 °C,
helium carrier gas velocity was approx. 40 cm s–1.

The mass spectrometer was operated in electron impact ionization mode (EI+, 70 eV)
with a source temperature of 200 °C scanning from 35 to 700 amu at a rate of
0.5 s decade–1 with an inter-scan time of 0.1 s.
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31.2.7
Identification of Organic Compounds

The identification of individual compounds was based on comparison of EI+-mass
spectra with those of reference compounds, mass spectral data bases (NIST/EPA/NIH
Mass Spectral Library NIST98, Wiley/NBS Registry of Mass Spectral Data, 4th Edn.,
electronic versions) and gas chromatographic retention times, published elution pat-
terns or retention indices.

31.3
Results

31.3.1
Pyrolysis

The main compounds yielded by flash pyrolysis are transformation or degradation
products of biogenic precursors. Next to the amino acid glycine (1) most of the iden-
tified compounds are structurally related to carbohydrates, amino acids and condensed
molecules of both components resulting from Maillard reactions. Examples include
furfural (2), methylfurfural (3) and pyrrol-2-carboxaldehyde (4) (see Fig. 31.3).

Apart from these obviously biogenic compounds only very few definite anthropogenic
substances were identified. Within the group of xenobiotics 2,4'- and 4,4'-dichloro-
phenylmethane, DDT-derived metabolites, were most abundant. A pyrolytic conver-
sion of related DDT metabolites to DDM cannot be excluded. Thus the occurrence of
DDM in the pyrogram is only suggestive for DDT group metabolites in general.

Fig. 31.3. Curie-point pyrolysis gas chromatogram of the non-extractable residue of a Teltow Canal
sediment (Curie-point temperature 610 °C). RT: rentention time
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Fig. 31.4. Ion chromatogramms of selected substances identified in the non-extractable residue of Teltow
Canal sediments reflecting the chemical composition of the natural macromolecular organic matter
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31.3.2
Chemical Degradation

Depending on the degradation method a variety of biogenic compounds was identi-
fied reflecting the natural contribution to the MOM. Dominating groups of substances
are illustrated in Fig. 31.4.

Hydrolysis revealed mainly fatty acids, fatty alcohols and long chain n-amides
accompanied by unsaturated and branched isomers. In addition, steroid alcohols
appeared in high amounts, but noteworthy the oxidized analogeous, the steroid ke-
tones, e.g. cholestanone or coprostanone, were not present. Therefore a covalent asso-
ciation of the hydroxylated isomers by ester bondings is evident.

Boron tribromide cleavage released long chain carboxylic and dicarboxylic acids
including their hydroxylated isomers as well as brominated alkanes, reflecting long
chain aliphatic units of the naturally occuring macromolecules. The aromatic moi-
eties were represented by brominated benzenes and alkylated homologues. Also most
of the substances released after ruthenium tetroxide oxidation can be attributed to
the aromatic proportion within the bio-/geopolymers. Examples include methoxylated
and alkylated benzenes, methoxylated phenoles and phenylalkyl carboxylic acids.

Additionally, in all degradation product mixtures numerous anthropogenic com-
pounds were identified. Variations of the chemical composition within the anthropo-
genic proportion of the reaction mixtures were observed depending either on the
degradation mode or on the sample. The following presentation of results, subdivided
and arranged by the type of degradation reaction, focuses on the occurrence of the
anthropogenic contaminants. All identified substances are summarized in Table 31.1
with a semi-quantitative estimation of the relative concentrations.

31.3.2.1
Hydrolysis

Hydrolysis revealed numerous anthropogenic compounds that can be attributed to
different technical applications or widespread domestic usages. Within the group of
plasticizers the phthalates, which are well-known and ubiquiteous pollutants, were
most abundant. Also the plasticizers tributylphosphate and 2,4,4-trimethylpentan-
1,3-diol-diisobutyrate occurred in minor concentrations mainly in sample T1. Due to
their molecular structures a non-covalent association of these compounds to the
geopolymers has to be assumed.

In addition a significant contribution of technical additives to the non-extractable
organic matter was observed. Mainly the isopropyl ester of palmitinoic acid, used as
additive in cosmetics and washing agents, and compounds including a 2-ethylhexyl
moiety (2-ethylhexanol, hexanedioic acid 2-ethylhexylester (5)) were identified. Both,
the iso-propyl and the 2-ethylhexyl moieties (see Fig. 31.5), are very probably of an-
thropogenic origin due to the absence or rarely occurrence of similar molecular sub-
structures within the biogenic compounds.

Furthermore as a result of industrial emissions the Teltow Canal sediments are
highly polluted by the pesticides DDT and methoxychlor, accompanied by several
metabolites (Schwarzbauer et al. 2001). Accordingly, numerous DDT-related com-
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pounds were identified in the hydrolysis extracts including DDE (6), DDMU (7),
DDNU (8)and DDM (9). Highest concentrations were observed for DDA (10)and
DBP (11), the more polar degradation products of DDT.

A second group of specific xenobiotics in Teltow Canal sediments are halogenated
aromatics. Several chlorinated and brominated mono- and diaromatic hydrocarbons
were detected in high amounts within the extractable organic matter as reported
previously (Schwarzbauer et al. 2001). The halogenated arenes identified in the hy-
drolysis extracts included mono- and dichlorinated naphthalenes (12) + (13), mono-
and dibrominated naphthalenes (14) + (15), tetra- to hexachlorinated biphenyls (PCB)
and 2,4,6-tribomoaniline. The peak pattern of the chlorinated naphthalenes was similar
to the congener distribution in technical mixtures e.g. Halowax 1000 (Falandysz 1998).

31.3.2.2
BBr3-Treatment

The treatment of the extracted residues with the Lewis acid boron tribromide revealed
numerous compounds that were also detected in hydrolysis extracts (see Fig. 31.6).
Examples including hexanedioic acid 2-ethylhexylester (5), 2,4,6-tribromoaniline (16)
as well as galaxolide (17) and tonalide (18), persistent synthetic musk substitutes wide-
spread used as fragrances in soaps, perfumes, detergents and other household clean-
ing products. In addition, low amounts of bisphenol A (19), used as plasticizer, fungi-
cide and intermediate in polymer syntheses, were detected. For bisphenol A estrogenic
activities were evident (Safe and Gaido 1998). Within the group of xenobiotics the DDT-
related compounds became most abundant with DBP (11) as the main component.

Noteworthy, the boron tribromide treatment applied to saponified residues gener-
ated a slightly different pattern of compounds. As a result of the sequential degrada-
tion procedure additional compounds were identified and, furthermore, higher con-
centration of selected individual substances, detected in both BBr3 extracts, were
observed. In detail, DDA, hexanedioic acid di-iso-propyl ester and brominated naph-
thalenes were observed exclusively in the BBr3 extract of the sequential procedure.

The origin of the brominated phenols is not obvious. As the most important result of
boron tribromide treatment aliphatic and aromatic ethers are transformed to the corre-
sponding alcohols and bromides. Hence, the occurrence of brominated phenols exclu-
sively in the BBr3 extracts indicated either a biogenic origin as a result of the cleavage of
mono- to tetraalkoxylated aromatic substructures. Alternatively, with respect to the miss-

Fig. 31.5. Molecular structures of selected anthropogenic compounds released by hydrolysis
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ing corresponding brominated catechols the chemical degradation released already bro-
minated phenoxy moieties linked by covalent ether bondings to the geopolymers.

31.3.2.3
RuO4-Oxidation

GC-MS analyses of the extracts obtained after ruthenium tetroxide oxidation revealed
either compounds previously described as hydolysis or BBr3 treatment products or
novel compounds only occuring in RuO4 extracts. Examples for the first group of
anthropogenic contaminants are linear alkylbenzenes (LAB) with 11 to 13 carbon side
chain length, bisphenol A (19), DDA, DBP, brominated naphthalenes and the pesti-
cide chloropropylate (20) (see Fig. 31.7).

Numerous individual substances were detected only in RuO4 extracts e.g. di- to
pentachlorinated benzenes, 4-chlorobenzoic acid and 2,4-dichlorobenzoic acid (21),
hexachlorocyclohexanes (α-, β-, γ- and δ-HCH) (22), a technical mixture obtained
during the synthesis of lindane, and the plasticizers alkylsulfonic acid phenylesters (23).
These plasticizers were recently identified in riverine sediments (Franke et al. 1998).
Furthermore, nitro-substituted benzoic acid and alkylated phenols (24) were observed.
The occurrence of aromatic nitro compounds as a result of the oxidation of anilines
can be excluded due to the contemporary appearance of amino compounds, e.g.
4-aminobenzoic acid or N-ethylaniline. However, the origin as well as the emission
pathway of these compounds is still unknown.

In contrast to the enhanced release of organic compounds by a sequential appli-
cation of hydrolysis and BBr3, the sequential procedure led in the case of RuO4 to a
minor portion of released organic compounds. Hence specific contaminants (e.g.
halogenated arenes, nitro compounds) were not observed within the extracts of RuO4
oxidation products applied to the saponified residues.

Fig. 31.6. Molecular structures of selected anthropogenic compounds released by boron tribromide
teatment

Fig. 31.7. Molecular structures of selected anthropogenic compounds released by ruthenium tetroxide
oxidation
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31.4
Discussion

The occurrence of anthropogenic substances in the degradation reaction mixtures
has to be discussed either by their mode of incorporation, their modification due to
incorporation and their appearance in comparison to the substances obtained by
traditional extraction techniques. Hence in Table 31.2 the anthropogenic compounds
identified in the extracts are summarized as previously published (Schwarzbauer et al.
2001; Ricking et al. 2003).

Table 31.2. Summary of selected anthropogenic contaminants identified in the extracts of the Teltow
Canal sediments as published previously (Schwarzbauer et al. 2001; Ricking et al. 2003). Compounds
not identified in the non-extractable residue after application of chemical or pyrolytic degradation
procedures are given in italics
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Most of the compounds identified in the degraded non-extractable residues were
formerly reported as constituents of the extractable fraction (Schwarzbauer et al. 2001;
Ricking et al. 2003). Hence these compounds known as pesticides, technical additives
or industrial agents represent the unaltered bound substances and reflect the incor-
porated proportion of organic pollutants introduced into the aquatic environment by
anthropogenic emissions.

Considering their molecular structures and their frequent but not systematical
occurrence in extracts of different selective degradation steps it has to be stated that
the major portion of these substances was not associated by covalent linkages but by
weaker interactions like adsorption or van der Waals forces. Thus the majority of com-
pounds was released by destruction of the macromolecular matrix and not by a selec-
tive bond breaking. Consequently no dramatic variation within the spectra of con-
taminants was observed with respect to the mode of chemical degradation. However,
in detail minor differences of the contamination pattern obtained by the various deg-
radation methods were noted. Substances released by hydrolysis and RuO4 oxidation
covered a wider range of substances as compared to the group of compounds revealed
by the BBr3 degradation.

With respect to the sequential degradation procedures we observed two slightly
different trends. In the case of RuO4 oxidation an decreasing quantity of contami-
nants can be stated within the already saponified residues as compared to the for-
merly untreated oxidation products, despite the different selectivity and reactivity of
the degradation agents. On the contrary, the BBr3 treatment released an pattern of
compounds unaffected by a former hydrolysis.

Both observations, (i) the similar quality of released bound contaminants in case
of hydrolysis and RuO4 oxidation and (ii) the decreased quantity of compounds re-
vealed by RuO4 oxidation after hydrolysis indicate that organic contaminants
comparablely associated to the macromolecular organic matter were affected by both
degradation methods in a very similar mode. The BBr3 treatment released organic
contaminants which are incorporated in a different way.

Furthermore a correlation between the concentration analysed in the extractable
fraction and the appearance of individual substances within the degradation extracts
was not observed. The relative concentration of various abundant extractable com-
pounds decreased in the degradation product mixtures and fell partly below the
detection limit, e.g. alkylsulfonic acid phenylesters, tritolylphosphates, and  hexachloro-
cyclohexanes. On the contrary, a few contaminants with very low concentration in the
extractable fraction were also identified in the bound fraction (e.g. bisphenol A,
chloropropylate). Additionally, several compounds occurred in both the bound and
the extractable fraction at higher concentration levels, e.g. chlorinated and bromi-
nated naphthalenes, phthalates, and DDT-group substances. With respect to the mo-
lecular structure and the relative concentrations these observations suggested no pref-
erence in the association of selected classes of compounds.

Most of the unaltered bound contaminants discussed were detected at a low to
very low concentration level as compared to the degradation products of the natural
organic components. Most abundant within the group of xenobiotics are the group of
DDT-related compounds that were detected at elevated amounts. For the DDT me-
tabolites a significant alteration has to be stated as compared to the DDT-related
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compounds detected in the extractable fraction. The main components in all degra-
dation extracts were 4,4'-DBP, 4,4'-DDA and 4,4'-DDM. In addition, 4,4'-DDM was
detected at rather high concentrations by pyrolytic analyses. The DDT metabolites
DDMU, DDOH, DDMS occurred at minor concentrations, whereas DDD, DDE, DDCN
and DDT itself were either not detected or at a significant lower level. This quantita-
tive proportion of DDT metabolites was in contrast to the distribution observed in
the extractable organic matter (Schwarzbauer et al. 2001). 4,4'-DDD was absolutely
dominant in the extractable fraction according to the anaerobic degradation pathway
of DDT (see: http://umbbd.ahc.umn.edu), whereas DDE, the main metabolite of aero-
bic microbial DDT-degradation, and the other metabolites occurred at significantly
minor concentrations.

The alteration within the group of bound DDT-metabolites indicates either a dif-
ferent degradation pathway of incorporated DDT or the selective association of indi-
vidual metabolites due to their different molecular structures. The significantly higher
concentration of the DDT-related compounds as compared to unaltered bound con-
taminants suggests an enhanced incorporation of DDT or of its metabolites. A very
similar phenomenon was observed for methoxychlor related compounds. Also the more
polar metabolites 4,4'-dimethoxybenzophenone and 2,2-bis(4-dimethoxy-phenyl)acetic
acid became most abundant within the bound organic fraction.

31.5
Summary

The aim of our investigation was to characterize the alteration of the non-extractable
organic matter due to anthropogenic emissions and to elucidate the subsequent in-
corporation of the organic pollutants into riverine geopolymers. Hence we investi-
gated the occurrence, alteration and distribution of several organic xenobiotics within
the non-extractable organic matter of highly polluted riverine sediments (Spree River,
Teltow Canal, Germany). We combined different analytical techniques (pyrolytic
analyses and chemical degradation techniques) in order to provide information con-
cerning the incorporation mechanisms and the mode of binding for a variety of or-
ganic pollutants with different chemical properties.

Briefly the following conclusions can be deduced from the results of the presented
study considering the occurrence, molecular structure and semi-quantitative amounts
of the identified anthropogenic contaminants:

■ Most of the compounds identified in the degraded non-extractable residues rep-
resent the unaltered bound substances and reflect the incorporated proportion of
organic pollutants introduced into the aquatic environment by anthropogenic
emissions. The major portion of these substances was not associated by covalent
linkages but by weaker interactions.

■ Hydrolysis and RuO4 oxidation affected the interactions of the associated substances
with the macromolecular organic matter and the alteration of the macromolecular
matrix on a very similar mode, despite the different selectivity and reactivity of
the degradation agents. The BBr3 treatment affected the incorporation of organic
contaminants in a rather different way.
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■ The appearance of individual substances within the degradation extracts did not
correlate with the concentrations determined in the extractable fraction. Consid-
ering the molecular structures of the contaminants and the corresponding chemi-
cal and physico-chemical properties a favoured association of selected classes of
compounds cannot be assumed.

■ The altered distribution of the bound DDT-metabolites and the significantly higher
concentrations as compared to unaltered bound contaminants indicates either a
different degradation pathway of incorporated DDT or the selective and enhanced
association of individual metabolites due to their different molecular structures.
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Behaviour of Dioxin in Pig Adipocytes

P. Irigaray  ·  G. Rychen  ·  C. Feidt  ·  F. Laurent  ·  L. Mejean

Abstract

Due to their lipophilic properties, dioxins can be integrated in the lipidic vacuole of adipocytes (fat cells).
The aim of this study was to determine the kinetics of incorporation and release of 3H-labelled palmitic
acid and 14C-labelled 2,3,7,8-TCDD in isolated adipocytes from pigs. The incorporation of 2,3,7,8-TCDD
and palmitic acid was found to be concomitant in conditions of lipogenesis, under the effect of increas-
ing quantities of insuline and in presence of glucose. The release of these two compounds was found to
be dependant of a lipolytic agent (adrenalin). These results suggest the risk of an strong increase of
2,3,7,8-TCDD in blood induced by lipolysis for animals or humans previously exposed to this dioxin.

Key words: dioxin, 2,3,7,8-TCDD, adipocytes, lipogenesis, lipolysis

32.1
Introduction

Adipose cells (adipocytes) are known for their essential role in the regulation of the body
fat mass by two main mechanisms. The first is fat burning, in order to supply energy for
the organism. The second mechanism is the storage of fatty acids. In this respect, insulin
favors fat retention. Further, adipocytes are also involved in other mechanisms. Recent
studies suggest the role of the adipose tissue as a protective agent against 2,3,7,8-
tetrachlorodibenzo-p-dioxin (2,3,7,8-TCDD) and other liposoluble contaminants (Lassiter
and Hallam 1990; Geyer et al. 1990, 1993, 1994, 1997). Due to their lipophilic properties,
they are mainly concentrated in the lipids of the food chain (especially in animal food
products). Therefore, the daily consumption of contaminated food products can lead to
accumulation of dioxins in human adipose tissue. Geyer et al. (1990) even suggested that
dioxins integration within adipose tissue is easier than their release. Thus, our objective
is to understand how dioxins are integrated in adipocytes and the way they are released.

32.2
Materials and Method

32.2.1
Chemicals

4-(2-hydroxyethyl)-1-piperazine ethanesulfonic acid (HEPES), fatty acids free bovine se-
rum albumin (BSA), collagenase type II and the 3H-labelled palmitic acid tritium of concen-
tration 1 mCi ml–1 with a specific activity of 50 mCi mM–1 were obtained from Sigma. The
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2,3,7,8-tetrachloro[U-14C]dibenzo-p-dioxin in a solution of toluene (98% radioactivity pure)
of concentration 0.042 mCi ml–1 with a specific activity of 45.8 mCi mM–1 was obtained
from ChemSyn, ISOBIO. Ultima Gold liquid scintillation was obtained from Packard.

32.2.2
Cell Preparation

The adipose tissue used in these studies was the perirenal fat pad from Large-White pigs.
These adipose tissue are known to have the most important lipogenic power (Mourot et al.
1999). Adipocytes were isolated from adipose tissue using Rodbell’s method (Rodbell 1964)
modified as followed. Fat tissue was washed in Krebs Ringer-HEPES buffer (KRH) com-
posed of 118.7 mm NaCl, 4.8 mM KCl, 3.6 mM CaCl2, 1.2 mM KH2PO4, 1.2 mM MgSO4 and
25 mm HEPES, pH 7.4, 37 °C. 60 g samples were cut into small pieces then fitted in polypro-
pylene beaker with 120 ml KRH containing 5 mM glucose, 4% BSA, and 0.5 mg ml–1 col-
lagenase type II for 45 min in a shaking incubator at 37 °C (40 cycles min–1). Cells were
washed in a Krebs Ringer-bicarbonate buffer (KRB) composed of 118.7 mm NaCl, 4.8 mm
KCl, 3.6 mM CaCl2, 1.2 mM KH2PO4, 1.2 mM MgSO4 and 25 mm carbonate acid sodium,
pH 7.4 containing 5 mm glucose, 4% BSA and filtered through 200 µm nylon mesh, se-
quentially three times.

32.2.3
Lipogenesis Assays

20 ml samples of stock cells suspension were poured into polypropylene beaker (20%
of cells, v/v) containing 0.252 µCi of 14C-2,3,7,8-TCDD (0.006 µM) and 0.36 µCi of 3H-
palmitic acid (0.007 µM) for 30 ml of KRB containing 5 mm glucose, 4% BSA, and
increased amount of insulin. The concentrations of insulin used were 30, 60 and
90 mm. Then the cells were incubated 1 h at 37 °C. The gas phase was 95% O2, 5% CO2.
1 ml cells samples were taken after 0, 5, 10, 15, 30, 45, 60 min. Medium’s radioactivity
was quantified by liquid scintillation (Ultima Gold) counting in a Packard Tricarb to
determine the percent of radioactivity not incorporated in the cells. This experiment
was performed in presence or absence of 3H-palmitic acid.

32.2.4
Lipolysis Assays

25 ml of stock cells suspension were poured into polypropylene beaker (25% of cells,
v/v) containing 0.252 µCi of 14C-2,3,7,8-TCDD (0.006 µM) and 0.36 µCi of 3H-palmitic
acid (0.007 µM) for 30 ml of KRB containing 5 mm glucose, 4% BSA, and 90 nM insulin
The cells were then incubated 1 h at 37 °C. The gas phase was 95% O2, 5% CO2. Imme-
diately after incubation, the beaker was dipped into ice, 100% KRB (v/v) was added in
order to decrease insulin concentration of a half. The cells (60% of cells, v/v) were then
poured into polypropylene tubes containing lipolytic medium.

This new medium was composed of KRB containing 1 mM glucose, 4% BSA and
increasing amounts of adrenalin. In order to prove that the release of 2,3,7,8-TCDD
occurs only during lipolysis, two adrenalin concentrations have been used: 10–6 and
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10–5 M. Then the cells were incubated at 37 °C. The gas phase was 95% O2, 5% CO2.
Incubation was performed at different times: 15, 30, 45, 60, 75 and 90 min.

Immediately after incubation, tubes were plunged into ice. Supernatants which
contained cells suspension, were punctured (0.8 ml and 10 ml of liquid scintillation
were added to the medium in order to take off the 2,3,7,8-TCDD still remaining inti-
mately bound to the plastic coat).

32.2.5
Experimental Design

Incorporation of 2,3,7,8-TCDD. This experiment was conducted using a single adipose
tissue. For each time point and insulin doses, three repetitions were performed. The
same procedure was accomplished in presence or absence of palmitic acid.

Release of 2,3,7,8-TCDD. This experiment was performed using three adipose tissue samples
submitted to three different adrenalin concentrations to detect if the 2,3,7,8-TCDD release
was dependent of the lipolytic state. Each measuring was performed in triplicate.

32.2.6
Calculations and statistical analysis

The simultaneous measurement of 14C-2,3,7,8-TCDD and 3H-palmitic acid kinetics was
made by double radioactive labelling within the same sample. Two different markers were
used: 3H and 14C, β  radioactivity in both cases. Since β-maximum energies are of 18.6 keV
for 3H and 156 keV for 14C, it is possible to obtain an excellent separation. The use of this
proportioning requires the realization of a range standard in order to determine a pos-
sible quenshing and especially to evaluate the output of the counting of the 14C in the area
of tritium and the area of the 14C. The same steps were carried out for tritium. To evaluate
the release of 2,3,7,8-TCDD, we used known quantities of labelled molecules present in the
supernatant and in the medium as described:

All data were analysed using an analysis of multiple linear regression (Systat 5.0.4).

32.3
Results and Discussion

32.3.1
Incorporation of 2,3,7,8-TCDD and Palmitic Acid in the Adipose Cells

2,3,7,8-TCDD and palmitic acid have been placed separately or together in an
adipocytes suspension in presence of different insulin concentrations. Kinetics of
incorporation of 2,3,7,8-TCDD in the presence of palmitic acid are reported in Fig. 32.1.
Data are expressed as the percentage of the molecule quantity introduced at the be-
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ginning of the experiment. Kinetics of incorporation were similar for each insulin
concentration. For this reason, a single chart has been presented.

Figure 32.1 shows also that incorporation kinetics of 2,3,7,8-TCDD and palmitic
acid are similar when these two compounds are together in the medium. These two
compounds seems to penetrate into adipocytes in the same way. This incorporation
was realized during the first ten minutes. In presence of palmitic acid, the percentage
of decrease of 2,3,7,8-TCDD as palmitic acid was 20%. The 2,3,7,8-TCDD entrance into
adipocytes has also been observed without palmitic acid. And in absence of this
palmitic acid, incorporation of 2,3,7,8-TCDD was always realized during the first ten
minutes but was twice higher than with palmitic acid (40%). Incorporation of palm-
itic acid was linear and increase with the time (Fig. 32.2).

In fact, fatty acids entrance into adipocytes is not insulin-dependant while this
requires the activation of a carrier in the case of glucose. However fatty acids storage
takes place only in presence of glucose. But the entrance of the palmitic acid and

Fig. 32.1. Incorporation of dioxin in pig adipose cells. Kinetic of incorporation of the TCDD in pres-
ence (�) or in absence (�) of palmitic acid. This incorporation was realized during the first ten
minutes. In presence of palmitic acid, the percentage of decrease of 2,3,7,8-TCDD as palmitic acid
was 20% and in absence of this palmitic acid, incorporation of 2,3,7,8-TCDD was always realized
during the first ten minutes but was twice higher than with palmitic acid (40%). Values are means
with their standard deviations represented by vertical bars (n = 9)

Fig. 32.2. Kinetic of incorporation of palmitic acid in pig adipose cells. Incorporation of palmitic
acid was linear and increase with the time. Values are means with their standard deviations represented
by vertical bars (n = 9)
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2,3,7,8-TCDD in adipocytes is realized quickly. We can infer that the 2,3,7,8-TCDD as
well as the palmitic acid get within adipocytes without insulin. That is comprehen-
sible by the hydrophobic property (logKOW = 6.80) of the 2,3,7,8-TCDD. This incorpo-
ration takes place in the same way and in the same proportion in presence of the
palmitic acid (20% for the two molecules). These results concerning lipogenesis can
be related to those by Victor et al. (1985) who obtained a complete incorporation of
the 2,3,7,8-TCDD within hepatocytes in suspension within 2 min.

32.3.2
Lipogenesis and Lipolysis: The Release of 2,3,7,8-TCDD

To study the release of 2,3,7,8-TCDD a lipogenesis was realized with 90 nM insulin
and after 1 h, adipocytes were then poured into a lipolytic medium. Adrenalin con-
centration of 10–5 M resulted in a growing 2,3,7,8-TCDD and palmitic acid concentrations
with time in the medium (Fig. 32.3). The same observations were made with 10–6 M of
adrenalin (data not shown). Results suggest that release of 2,3,7,8-TCDD as well as
that of palmitic acid were performed during lipolysis (p = 0.001) (Fig. 32.3). Figure 32.3
shows a different release for 2,3,7,8-TCDD (25%) than for palmitic acid (60%). Palm-
itic acid concentrations in the medium are twice higher despite equivalent incorpo-
rated amounts.

It has to be noticed that if incorporation of 2,3,7,8-TCDD (Fig. 32.1) takes place
within adipocytes in spontaneous manner, the release of these compounds from
adipocytes occur only in presence of adrenalin. 2,3,7,8-TCDD incorporation kinetics
is similar to palmitic acid incorporation but release of these compounds is different.
Release kinetics of 2,3,7,8-TCDD is more weak than release kinetics of palmitic acid.
Our results seem to consolidate the hypothesis of an higher storage than release of
2,3,7,8-TCDD which suggest a protective role of the adipose tissue against this type of
molecule.

Moreover, our results suggest the hypothesis that the release of 2,3,7,8-TCDD could
be carried out after a strong reduction of triglycerides within the lipidic vacuole of the
cell. 2,3,7,8-TCDD would behave like a fatty acid for the input in the cell but its mobi-

Fig. 32.3. Release of dioxin (2,3,7,8-TCDD) and palmitic acid from pig adipose cells. Kinetic of liberation
of TCDD (�) and palmitic acid (�) during the time generated by 10–5 M of adrenalin. Note that Pal-
mitic acid concentrations in the medium were twice higher than 2,3,7,8-TCDD despite equivalent incor-
porated amounts. Values are means with their standard deviations represented by vertical bars (n = 9)
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lization seems not to follow the same process. At this time, our hypothesis is that the
release of 2,3,7,8-TCDD is not dependent of the lipolytic agent but depend to the trig-
lycerides concentration in the vacuole.

Concerning lipolysis, our work allows to confirm a hypothesis of Koppe (1995) who
underled the fact that mobilization of fatty acids from adipocytes could involve the
release of dioxins previously stored. In this studies, mobilization of the fatty acids
since adipose tissue seems to be the cause of the release of dioxins.

32.4
Conclusion

We observed the fast entrance of 2,3,7,8-TCDD and palmitic acid in the adipocytes
(10 min). TCDD incorporation is lower (20%) when these two molecules are present
in the medium than without palmitic acid (40%). This difference could be explained
by a phenomenon of saturation, which seems to be observed after ten minutes of
incubation (Fig. 32.1 and 32.2). The release of 2,3,7,8-TCDD is only observed under
the influence of the adrenalin. This release reaches approximately 60% for the palm-
itic acid and 25% for 2,3,7,8-TCDD at the end of 90 min (Fig. 32.3). 2,3,7,8-TCDD get
inside adipose cells in spontaneous manner after ten minutes. But its release is not as
easy as its incorporation. 20% of the incorporated 2,3,7,8-TCDD are released after
90 min of incubation with adrenalin against 60% for the palmitic acid. At this time
the hypothesis according to which the liberation of the 2,3,7,8-TCDD would be achieved
after a strong reduction only in triglycerides within the vacuole can be made.

It is therefore easier to understand the time of half-life (7 years) of this type of
molecule within the human organism (Kedderis et al. 1993; Pegram et al. 1995; Fernan-
dez-Salguero et al. 1996). Because if it’s easy to grow bigger, it is on the contrary less
easy to lose fat, and according to our results, it is likely to be the same for 2,3,7,8-TCDD.
This reinforces adipose tissue in its protective role but poses a question about the
becoming of these molecules accumulated in human fat in the case of brutal slimming.
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Control of Halogenated By-Products
During Surface Water Potabilisation

E. Chauveheid

Abstract

Organic and inorganic halogenated by-products are generally formed when chlorine is used for sur-
face water potabilisation. The main halogenated by-products relevant for drinking water production
are trihalomethanes and bromate anion. Strategies to control and reduce such by-products in drink-
ing water are presented and discussed. Replacing chlorine with ozone and removing natural organic
matter on granular activated carbon (GAC) filters reduces trihalomethanes. Acidic pH reduces the
formation of bromate anion when ozone is used for disinfection. By combining these strategies and
operating them at an industrial level for surface water treatment, drinking water with excellent bac-
teriological quality and low halogenated by-products is produced and supplied to the customer.

Key words: surface water, drinking water, halogenated by-products, chlorine, ozone, trihalomethanes,
bromate, natural organic matter, activated carbon

33.1
Introduction

Given the more and more stringent quality standards, the production of drinking
water from surface water resources needs a combination of physical and chemical
treatments such as coagulation, filtration, oxidation and disinfection. To achieve good
bacteriological quality, the treated water should be oxidised and disinfected with strong
oxidants, such as chlorine (Cl2 or HClO), chlorine dioxide (ClO2) or ozone (O3).

For many years, chlorine has been used for the oxidation and disinfection of sur-
face water. While chlorine is quite effective for these purposes, its use leads to many
chlorinated by-products such as trihalomethanes (CHX3), first detected in treated water
by J. Rook in 1974 (Rook 1974, 1976). As these compounds are carcinogenic, their con-
centration in water has been progressively reduced and regulated in many countries.
In Europe, trihalomethanes were first regulated in 1980, but without any maximal
concentration (European Directive 80/778). The latest European legislation for drink-
ing water, published in 1998, regulates the sum of trihalomethanes (which represents
the sum of 4 compounds) at 150 µg l–1. This maximal admissible concentration will be
reduced to 100 µg l–1 for 2008 (European Directive 98/83). The use of chlorine also
leads to a large variety of other toxic organic by-products, which have been progres-
sively identified but never regulated in Europe. This directive also stipulates that re-
duction of trihalomethanes in drinking water should not prevent efficient disinfec-
tion at the consumer tap. Hence, treatment processes must be designed to achieve
good water disinfection and minimal trihalomethanes generation.
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In order to reduce halogenated organic by-products, the massive use of chlorine
was replaced by other oxidants, such as chlorine dioxide and ozone (Symons 1978).
Chlorine dioxide has been shown to generate much less halogenated organic by-prod-
ucts than chlorine, especially trihalomethanes. Nevertheless, its use leads to the for-
mation of significant amounts of chlorite (ClO2

–), undesirable in water due to its tox-
icity. In presence of chlorine, chlorite is transformed into chlorate (ClO3

–), which is
recognised as less toxic. Finally, ozone has been used as an oxidant and disinfectant
because it has a very strong oxidising power and is a chlorine free reagent. The use of
ozone mainly leads to non-halogenated organic compounds (Langlais 1991), but in
the presence of bromide (Br–), some brominated trihalomethanes (CHX3, see Fig. 33.3
for formulas) and brominated organic matter can be generated. Their concentrations
are generally marginal compared to those obtained with chlorine. While ozone seems
to be the ideal oxidant for water potabilisation, it has one major drawback: bromide
will be oxidised to bromate (BrO3

–), which is known as a highly carcinogenic com-
pound (Croué et al. 1996). The latest European drinking water directive has set a
maximal allowed concentration at 10 µg l–1 for bromate (European Directive 98/83).
This concentration level is not easy to achieve at an industrial level given that efficient
disinfection must be guaranteed simultaneously.

Due to European regulations and because of known toxicity of halogenated by-
products, surface water potabilisation processes must be designed to achieve efficient
disinfection and low halogenated by-products formation at the same time, meaning
that a compromise must be found. This paper will briefly review the origin of main
organic and inorganic halogenated by-products generated from surface water
potabilisation and will present some strategies to improve the compromise between
efficient disinfection and non-desirable halogenated by-products. The concepts will
be illustrated with results obtained from an industrial water potabilisation facility
and from monitoring these non-desirable halogenated by-products in the distribu-
tion network of the city Brussels.

33.2
Origin of Halogenated By-Products and Strategies to Reduce
these Undesirable Compounds

Halogenated by-products formed during surface water potabilisation can be classi-
fied into organic and inorganic compounds. Beside chlorinated by-products, obtained
from chlorine usage, brominated compounds can be generated when bromide is
present in water, even at low concentration. Chlorine in water, in form of hypochlo-
rous acid and hypochlorous anion, will oxidise bromide into hypobromous acid, as
illustrated in Fig. 33.1.

Because bromide can easily be oxidised in presence of hypochlorous acid, a com-
plete conversion into hypobromous acid will occur. At usual pH for surface water

Fig. 33.1. Hypohalogenous species present during surface water treatment
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(between 7.5 and 9), hypochlorous acid (pKa = 7.35) is mainly in its ionised form,
while hypobromous acid (pKa = 8.8) is the main species. As their acidic form is the
most reactive to organic matter, brominated organic products will be generated in
significant amounts even if bromide is at low concentration in water. Since both
oxidants are generally present, mixed chlorinated and brominated organic by-
products are generated.

33.2.1
Organic Halogenated By-Products

The presence of natural organic matter (NOM) is the source of organic halogenated
by-products when chlorine is used (Norwood et al. 1983). NOM, characterised by total
organic carbon, is usually in the range of 2 to 5 mg C l–1 for surface water, and can be
as high as 10 mg l–1 for some waters. The generic term “natural organic matter” rep-
resents a large collection of diverse organic compounds originating essentially from
microbial catalysed decomposition of plants. The main fraction of natural organic
matter is made of polymeric compounds such as humic acids, fulvic acids, polypep-
tides and carbohydrates, together with smaller molecules like terpenes, acetogenins,
fatty acids and many others. Non natural organic matter or anthropogenic pollutants,
such as waste effluents, hydrocarbons and pesticides, are often found in surface waters.
Nevertheless, NOM represents the major source of halogenated by-products when
considering its concentration relative to other organic pollutants (see Fig. 33.2). The
most current chlorination by-products are the following trihalomethanes: chloroform,
bromodichloromethane, dibromochloromethane and bromoform (Rook 1974, 1976).
Besides trihalomethanes, other soluble and low molecular weight halogenated mol-
ecules can be formed from further breakdown of oxidised natural organic matter,
such as halogenated phenols (Rockwell 1978), halogenated acetonitrile (CHX2CN)
(Bieber and Trehy 1983), halogenated acetic acid (Bieber and Trehy 1983), chloral
hydrate (CCl3CHO) (Norwood et al. 1983; Meyer 1993), and even furanic compounds
(see Fig. 33.3 for structure) (Kronberg 1988). The main origin for these chlorinated
by-products is mainly ascribed to reactions of chlorine with meta-dihydroxybenzene
sub-units found in the complex polymeric structure of humic acids. Other polymeric
compounds found in natural organic matter have also been proposed as generating
halogenated by-products.

Fig. 33.2. Main halogenated by-products generated upon water chlorination. NOM: natural organic matter
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The natural organic matter can also be chlorinated without breakdown so that
halogenated polyphenols and other halogenated polymers are generated, generally
characterised as adsorbable organic halogenated compounds (AOX) (Glaze et al. 1980).
New halogenated by-products are often characterised, such as halogenated furanone
derivatives (Fig. 33.3), known to be highly carcinogenic (Kronberg 1988).

As trihalomethanes are generated from the reaction of natural organic matter with
chlorine, reducing both natural organic matter before chlorination and the amount of
chlorine used for oxidation and disinfection will reduce their presence. Natural or-
ganic matter can be reduced mostly through filtration on granular activated carbon.
Most of these filters can work in a biological mode, meaning that natural polymeric
carbon will be transformed into biomass and carbon dioxide. The activated carbon
allows biofilm attachment and its development because of a huge contact surface
available. At the same time, activated carbon allows physical adsorption of organic
matter, mainly through hydrophobic interactions. Thus, adsorbed organic matter will
be made available for the microorganisms in the biofilm. Oxidation of natural or-
ganic matter before biological filtration on activated carbon improves its removal
because of enhanced bioavailability of organic compounds for the biofilm fixed on
the granular activated carbon filtration material. This can be achieved with oxidants
such as chlorine, chlorine dioxide or ozone. Nowadays, ozone is the preferred chemi-
cal for oxidation stages, because it is a powerful oxidant leading mainly to non-halo-
genated organic products. Moreover, ozone is quickly degraded in the presence of
activated carbon, allowing biological filtration mode. So, from an industrial point of
view, reduction of trihalomethanes can be achieved by using ozone oxidation instead
of chlorine, and by combining an ozonation stage with granular activated carbon fil-
tration, the ozonation being thus applied before the filtration.

33.2.2
Inorganic Halogenated By-Products

Inorganic halogenated by-products are fewer than organic derivatives. The main ones
detected are chlorite, chlorate and bromate. Chlorite is obtained as a by-product of
chlorine dioxide oxidation, and can be further oxidised to chlorate when chlorine is
used as a disinfectant. Chlorite is undesirable in treated water, because of its toxicity,
while chlorate is of less concern. To avoid chlorite formation, ozone can be used in con-
junction with chlorine dioxide (Fig. 33.4) to oxidise chlorite into chlorate (Siddiqui 1996).

Chlorate is also present in concentrated hypochlorous acid used as a source of
chlorine, since hypochlorous acid disproportionates into chlorate. By using chlorine
gas, excessive chlorate concentrations can be avoided. If chlorine is used in conjunc-
tion with ozone (Fig. 33.5), hypochlorous acid is oxidised and transformed into chlo-
rate (Siddiqui 1996).

Fig. 33.3.
Main furanone derivative gen-
erated upon water chlorination
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Bromate is mainly obtained when ozone is used. In the presence of ozone, bromide
is transformed into bromate according to molecular and free radical pathways, as illus-
trated in a simplified way in Fig. 33.6 (see Haag and Hoigné 1983 and von Gunten and
Hoigné 1994 for more detailed mechanistic pathways). The radical pathway, initiated by
hydroxyl radical (OH•), has been recognised as a significant pathway when radicals are
not scavenged, while the molecular oxidation of bromide (direct reaction with mo-
lecular ozone) is dominant when radicals are efficiently scavenged (von Gunten and
Hoigné 1994). The radical mechanism is initiated by the hydroxyl radical, generated from
ozone catalysed decomposition (Staehelin and Hoigné 1985) as shown in Fig. 33.6.

Bromide oxidation to bromate is slowed down when the pH is more acidic (Croué
et al. 1996; Kruithof et al. 1993) as ozone decomposition into hydroxyl radical is slower
and the hypobromous acid, which is not oxidised by molecular ozone, is present in
greater proportion. The ozone dosage and the reaction contact time should also be
optimised, in order to control bromate formation and get efficient water disinfection
at the same time. So, as for trihalomethanes, a compromise must be found between
bromate formation and efficient disinfection.

Minor concentrations of bromate can be found in commercial concentrated hypo-
chlorous solutions, often used for chlorination, since trace levels of bromide are
oxidised to bromate in these concentrated solutions. The use of chlorine gas instead
of hypochlorous solutions significantly reduces this source of bromate in final treated
water. Reduction of natural bromide concentrations could be another interesting option
to limit bromate formation but, unfortunately, bromide is not easily removed from
water in a selective way.

Fig. 33.4. Oxidation of chlorine dioxide to chlorate in the presence of ozone

Fig. 33.5. Oxidation of hypochlorous acid to chlorate with ozone

Fig. 33.6. Bromate generation upon water ozonation
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33.3
Industrial Experience to Control Halogenated By-Products

The effective control of halogenated by-products during surface water potabilisation
is presented for the Tailfer plant (15 km south of the city Namur, Belgium), located on
the river Meuse, and its related distribution network in the city of Brussels (80 km
away from the Tailfer plant). The Tailfer plant treats surface water from the river Meuse,
with several treatment stages organised in the following order: screening, pre-ozonation,
flocculation-coagulation (sulphuric acid, aluminium sulphate, silicate), decantation, fil-
tration on double layer sand/granular activated carbon (GAC) filters, ozonation, ozone
destruction with bisulphite, post-filtration on GAC, chlorination and pH adjustment.
The discussion concerning control of halogenated by-products at an industrial scale is
focused on trihalomethanes and bromate.

33.3.1
Control of Trihalomethanes

A general way to reduce trihalomethanes formation is to reduce chlorine consumption to
a minimum. This goal is achieved by replacing chlorine with ozone, which can be used as
an oxidant in a pre-oxidation stage (pre-ozonation) and as a disinfectant in an ozonation
stage. Ozonation stages used in conjunction with natural organic matter removal stages,
such as double layer filtration and granular activated carbon post-filtration, lead to low
concentrations of trihalomethanes at the outlet of the Tailfer process. As ozone is not a
persistent disinfectant, some chlorine should be added at the end of the treatment pro-
cess, especially if the produced water has a long residence time prior to consumption. The
reduction of the yearly maximal trihalomethanes concentration (representing the sum of
the four compounds) is illustrated in Fig. 33.7 for the produced water from the Tailfer
plant and in Fig. 33.9 for the water supplied to the surroundings of Brussels. As shown in
Fig. 33.7, this yearly maximal concentration at the outlet of the Tailfer process has been
reduced from 25 to 5 µg l–1 during the last decade. A significant reduction was observed in
1996 due to the transformation of sand filters into double layer sand/GAC filters, which
increased natural organic matter removal. A seasonal effect on the concentration of trihalo-
methanes was observed because more chlorine was added at higher water temperature
(summer), due to higher disappearance rates with higher water temperature.

Since 2001, the trihalomethanes concentrations are further reduced to concentra-
tions as low as 3 µg l–1 and the seasonal effect has disappeared. This enhanced reduc-

Fig. 33.7.
Total trihalomethanes concen-
trations in water produced
from Tailfer process, from 1993
to 2002
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tion of total trihalomethanes concentrations in produced water is ascribed to the
implementation of a new filtration stage at the end of the process, following the double
layer sand/GAC filters and ozone disinfection stage. This filtration stage, called post-
filtration, is filled with granular activated carbon (3 m height) and is aimed at remov-
ing further natural organic matter from water. In fact, this stage is working as a biologi-
cal reactor removing a significant fraction of the previously oxidised organic matter,
as shown in Fig. 33.8. As a consequence, the total trihalomethanes concentrations found
at the end of the treatment process are lower when chlorine is added as disinfectant.
In 2001, the total organic carbon was less than 1 mg l–1, while concentrations between 1
and 2 mg l–1 were observed before 2001 (see Fig. 33.8). As the post-filtration has not
been operated at full capacity in 2001, an even more significant total organic carbon
(TOC) reduction is expected for the future. So, it might be expected that the TOC could
reach 0.5 mg l–1 to 0.7 mg l–1, which would represent an 80% reduction of the natural
organic carbon from its usual concentration in the raw surface water.

The water leaving the treatment process is supplied to 2 large reservoirs (60 000 m3

each), called the Callois reservoirs and located 50 km away from the Tailfer plant (pipe
distance). The generation of trihalomethanes during water supply to and storage in
the Callois reservoirs is also reduced with the removal of organic matter achieved
with the Tailfer process (Fig. 33.9).

During water supply from Tailfer plant to Callois reservoirs, two chlorine injections are
realised on the way. One injection is made at a site called Mazy, located 20 km away from
Tailfer (pipe distance), where chlorine level in water is adjusted to a pre-selected concentra-
tion from measurement of residual chlorine after injection of chlorine gas in water. This

Fig. 33.8.
Total organic matter concen-
trations in water produced
from Tailfer process, from
2000 to 2002

Fig. 33.9.
Total trihalomethanes concen-
trations at the outlet of Callois
reservoirs, from 1993 to 2002
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pre-selected concentration at Mazy is chosen so that constant chlorine residual is achieved
at the inlet of the Callois reservoirs (located 30 km away from Mazy). When looking at the
pre-selected chlorine concentration at Mazy (Fig. 33.10), less chlorine has been used in
2001 to reach the target 0.10–0.15 mg l–1 residual chlorine at the inlet of Callois reservoirs,
when compared to 2000. The difference is most spectacular during the summer.

This fact is a direct consequence of the newly installed and operated post-filtration
stage at Tailfer plant. As seen in Fig. 33.10, the pre-selected chlorine level at Mazy is
very close to the usually 0.10 to 0.15 mg l–1 pre-selected chlorine level at the outlet of
the Callois reservoirs, needed to ensure efficient and continuous disinfection along
the distribution network. As a matter of fact, less chlorine is added at Mazy and so
fewer trihalomethanes are generated. Moreover, the improved stability of dissolved
chlorine guaranties good bacteriological stability in the distribution network.

The water supplied from the Callois reservoirs to the northern part of Brussels (Callois
is located in the southern part of the city) is chlorinated at the outlet of the reservoirs and
once more on the way. The total trihalomethanes concentrations in the northern part of
the distribution network are quite unchanged when compared to those observed at the
Callois reservoirs (Fig. 33.11), while the pipe distance between both areas is approxi-
mately 35 km. Between 1998 and 2000, the maximal total trihalomethanes concentra-
tions were in the range of 20 to 30 µg l–1 in the northern distribution area of Brussels.
With the implementation of the post-filtration stage, operated since 2001, the total tri-
halomethanes concentrations have been further reduced to a maximum of 15 µg l–1 in
this distribution area, which is well below the future European limit of 100 µg l–1.

Fig. 33.10.
Pre-selected chlorine concen-
tration at Mazy to get constant
residual at Callois reservoirs,
from 1999 to 2002

Fig. 33.11.
Total trihalomethanes concen-
trations at the outlet of Callois
reservoirs and in the northern
part of Brussels, from 1998 to
2002
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33.3.2
Control of Bromate

As mentioned earlier, bromate is a typical halogenated by-product generate from ozone
application. The use of ozone in a pre-ozonation stage does not lead to bromate when
usual bromide concentrations are present, because ozone reacts quickly with many or-
ganic (natural organic matter, algae) and inorganic compounds (dissolved metals, min-
eral colloids) present at higher concentrations in the raw surface water. During surface
water treatment, the bromate formation is mainly observed at the ozone disinfection stage,
where many contaminants have been removed with previous coagulation-decantation-
filtration steps. The bromide anion is going through these coagulation-decantation-filtra-
tion stages and reacts then with ozone at the disinfection stage. At Tailfer plant, the raw
water contains usually less than 30 µg l–1 of bromide. With such low natural concentrati-
ons of bromide, less than 10 µg l–1 bromate is generally obtained in the treated water. Before
2000, bromate concentrations varied between 3 and 8 µg l–1 in treated water. These concen-
tration levels were achieved because the water still contained an ozone residual at the out-
let of the ozonation stage that reacted further with bromide during storage of ozonated
water in the Tailfer reservoirs. The contact time with ozone was estimated to approximat-
ely 30 to 60 min before ozone was completely consumed. Since 2000, a more efficient
automated pH control was realised before the ozonation stage so that a stable pH between
7.2 and 7.4 was reached. Well-controlled and more acidic pH than that of raw water (varies
from 7.7 to 8.4) slowed down the formation of bromate, as illustrated in Fig. 33.12.

As a consequence, bromate concentrations as high as 8 µg l–1 were achieved when
ozonated water was stored in the Tailfer reservoirs. With implementation of post-
filtration, ozone contact time has been reduced to less than 10 min, since ozone destruc-
tion with bisulphite is realised before the post-filtration stage. In these conditions, bro-
mate concentrations at the outlet of the process are lower than 4 µg l–1 and no bromate
is detected when water temperature is low, as illustrated for the beginning of year 2002.

33.4
Conclusions

Control of the most relevant halogenated by-products generated from a surface water
potabilisation process is achieved by combining several treatment stages. The gen-
eration of the four trihalomethanes is reduced by using ozone for water oxidation

Fig. 33.12.
Bromate concentrations in
water produced from Tailfer
process, from 1999 to 2002
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and disinfection, and with the removal of organic matter by granular activated car-
bon filtration working in a biological mode. With such a design, total trihalomethanes
concentrations can be limited to a maximum of 15 µg l–1 when the treated water is
supplied as far as 80 km from the production site. At the same time, less chlorine is
needed to achieve good bacteriological quality, and disinfection is improved since
chlorine stability has been increased. For bromate, the concentration can be reduced
to less than 4 µg l–1 by running ozonation at pH close to neutrality and reducing con-
tact time after the ozonation stage. By lowering the pH before ozonation, ozone sta-
bility is significantly improved, leading to a slow bromate formation rate and improved
disinfection efficiency. Thus, trihalomethanes and bromate by-products can be easily
controlled at an industrial scale and comply with the stringent European drinking
water regulation.
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Organic Pollutants in Airborne Particulates
of Algiers City Area

N. Yassaa  ·  B. Y. Meklati  ·  A. Cecinato

Abstract

The concentrations of particle-bound organic compounds comprising n-alkanes, n-alkanoic acids, polycy-
clic aromatic hydrocarbons (PAH) and nitrated polycyclic aromatic hydrocarbons (NPAH) in ambient
air of Algiers city area, were measured from May 1998 to February 1999. Motor vehicle were found to
be the main source of airborne particles in downtown Algiers, while combustion and bacterial activity
seemed to be responsible of the air pollution at the Oued Smar waste landfill. The in-situ generation
of some NPAH seemed to contribute to air pollution, especially during summertime. In general, the
wintertime concentrations of the organic pollutants in Algiers were similar to those measured in Europe,
especially over the Mediterranean Basin. The chemical characterisation of organic compounds in smoke
particulate matter emitted from fats and bitumes industries were also investigated and revealed spe-
cific distribution profiles of n-alkanes, n-alkanoic and n-alkenoic acids, and PAH.

Key words: organic aerosols; PAH; NPAH; air pollution; Algiers; waste landfill; fat factory, bituminous
materials

34.1
Introduction

Organic compounds are the main constituents of the fine fraction of atmospheric
aerosols in highly industrialised and urbanised areas (Schauer et al. 1999). There are
several emission sources responsible for the presence of organic aerosols in the at-
mosphere. Among them, road traffic and industries play a key role in terms of both
chemical balance of the atmosphere and health risk for humans. Aerosols have been
also recognised as influencing the light balance of the Earth through absorption of
solar radiation and, on the other hand, by scattering or reflecting it back to space
(Charlson et al. 1992).

Whilst in the developed world both stationary and mobile sources of pollution are
subjected to strict limitations nowadays, these still remain free from any control in
developing countries. However, about 80% of human population is concentrated on
these areas. People living in these countries often experience high ambient pollution
because man-made activities are pooled in metropolis and megalopolis regions where
any environmental policy is far from being adopted or, at least, applied in practice.
Technologies capable of abating the release of toxic aerosols and gaseous effluents into
the atmosphere are very limited and pollutants are simply spread out into the environ-
ment. Furthermore, the exposure of such strongly polluted airsheds to sunlight is likely
to give rise to secondary pollution, which promotes annoyance and other epidemio-
logical risks of population exposed (Finlayson-Pitts and Pitts 1997; Yassaa et al. 2001a).
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Algeria, which covers an area of ca. 2 382 000 km2 and looks on the Mediterranean
Sea along its big coast at the Northern border (ca. 1 200 km broad), can play a main
role in investigations dealing with potentially toxic organic substances occurring in
the air of hot temperate, tropical and desert regions of the world. Studies in Algeria
could provide a better insight on the pathways as well as spatial and temporal scales
through which contaminants are spread out over the whole Mediterranean Basin.
Algiers city was chosen as subject of investigation because the most industrialised
and densely populated city of the country lies there. Indeed, with more than 3 mil-
lions inhabitants, Algiers concentrates more than 12% of the entire population of
Algeria and belongs to the largest cities facing the Mediterranean coast.

During the two last decades, the suburbs of Algiers have experienced a high in-
crease of motor vehicles, which caused a dramatic worsening of the air quality and
related effects, e.g. high levels of gas mixtures and fine aerosols affecting visibility,
human health, and material damage. Besides that, not far from Algiers city lies the
open-air municipal landfill of Oued Smar, which is not yet subjected to any control
by public authorities. Therefore, uncontrolled accumulation of wastes, degradation
and exhausts of refuses coming from private houses, industries and hospitals con-
tribute to the global pollution, thus affecting the air quality at both local and regional
scale. In fact, smogs are often observed. These events occur mainly during the night
or at sunrise, whenever the meteorological stability is well developed, concurrently
with sweet winds blowing and strong thermal inversion dominating the area. This
situation is very usual, and inhabitants and workers exposed to Algiers pollution ex-
perience increased adverse effects, in particular respiratory difficulties, irritation
of eyes and throat. Children, old and sick persons suffer the main vulnerability to air
pollution.

In recent years, algerian institutions have promoted field investigations aimed at
assessing the pollution impact resulting from industries and power plants and the
first data sets being acquired dealt with the chemical composition of gas and particle-
bound organic components released from bitumes manufacture (Yassaa et al. 2001b)
and fatty product factory (Yassaa et al. 2001c). The area of Bab-Ezzouar, which is nearby
the industrial plants and waste landfill of Oued Smar and often lies downwind to the
plant plumes, has been investigated in the outskirts of Algiers (Yassaa et al. 2001b).
The increased number of respiratory symptoms and diseases recorded at Bab-Ezzouar
in the last few years is suspected to depend upon the exposition of population to air
pollutants associated with fine aerosol particles, which readily penetrate into the lungs.
Nature and concentration levels of organic components at Bab-Ezzouar provide a good
data-base for assessing both spatial and temporal pathways through contamination
originated in the landfill and from bituminous product industry is spread out over
the Algiers region. More recently, our concern was addressed to the biggest oil and fat
production plant of Algeria, located in the regional domain of Algiers, in order to
identify and quantify its organic emission and to draw information about its impact
onto regional air quality and human exposure to particle-bound pollution (Yassaa
et al. 2001c). This paper presents an overview of the aerial concentrations of n-al-
kanes, n-alkanoic acids, n-alkenoic acids, polycyclic aromatic hydrocarbons (PAH)
and nitrated PAH present in the Algiers atmosphere and generated by traffic road,
waste incineration, fats and bitumes industries on a compound by compound basis.
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34.2
Experimental

34.2.1
Sampling Sites

Aerosols were collected in downtown Algiers, where the motor vehicle exhaust was
recognised as the main source of both NOx, volatile organic compounds (Yassaa et al.
2001d) and black carbon. The atmospheric aerosol samples were collected from May
1998 to February 1999 at about 200 m far from the sea, 5 m from a traffic rushing road
and at about 3 m from the ground level. The Oued Smar municipal landfill was chosen
as subject of our investigation because it is the largest one existing in Algeria. It is
located at about 13 km from downtown Algiers, eastward from the city and also in the
west part of the same industrial zone; it covers a surface of about 37.5 ha. The landfill
represents an important emission source for a number of atmospheric pollutants com-
prising gaseous species compounds, e.g. volatile organics, SO2, NOx, CO, NH3, as well as
solids such as dusts, ashes, and soot. According to a recent estimation, 4 000 t d–1 of
wastes are usually stored there. House wastes account for 1 600 t d–1 and the industrial
ones, including toxic substances, for the remaining. All refuses are burnt in open air.
Neither combustion parameters nor the release of exhaust are subjected to any con-
trol. Within our investigation, aerosol samples were collected from May 1998 to Febru-
ary 1999 at about 50 m from the municipal waste landfill and at 2 m above the ground.

A field campaign was also performed from March to May 2000 in the fatty manu-
facture plant, namely ENCG, acronym of Entreprise Nationale des Corps Gras, located
in the center of Algiers, nearby the city harbour and at less than 20 m from the sea.
It represents the biggest fatty production plant in Algeria. Although some improve-
ments to the industrial processes have been recently undertaken, plant management
is still under uncontrolled conditions.

Bab-Ezzouar University, i.e. Houari Boumediene University of Science and Tech-
nology, USTHB, was chosen as an other sampling location for the current study. It is
located nearby the industrial region of Oued Smar and far from any traffic road. Thus,
it represents an ideal site to evaluate the contribution of asphalt manufacture, which
is the main industry in that area, to the organic particulate budget without any inter-
ference from autovehicular exhaust emissions. Aerosol samples were collected during
August 1999 in the Bab-Ezzouar University campus on the rooftop of a building, 10 m
from the ground level. Bab-Ezzouar University is located about 14 km far from down-
town Algiers, south-east side to the city. With more than 25 000 students and an area
of 105 ha, it represents among the largest universities in Africa. It lies at about 200 m
from a big asphalt plant and at 1 km from the municipal waste landfill of Oued Smar.

34.2.2
Sampling

Air particles were collected on Teflon inert membrane by means of a medium-vol-
ume sampling apparatus (16.7 l min–1) equipped with a size-selective inlet, suitable to
enrich from air only particles smaller than 10 µm, and a volume counter measuring
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the air passed through the filter. Samplings started at 7 a.m. and lasted 24 h; samples
collected in filters were wrapped in aluminium foils and stored at 4 °C until to be
subjected to chemical determinations.

34.2.3
Sample Extraction and Clean-Up

Chemical determination of organic aerosols was performed by using a procedure described
extensively elsewhere (Ciccioli et al. 1996; Yassaa et al. 2001a). Briefly, samples were spiked
with a solution containing internal reference compounds for the analysis, i.e. 1-bromo-
tetradecane, 1-bromoeicosane, perdeuterated 1-nitropyrene, phenanthrene-d10, pyrene-d10,
chrysene-d12 and perylene-d12. Then the organic content of aerosols was extracted by
refluxing enriched filters in a soxhlet apparatus, using a dichloromethane-acetone mix-
ture (4/1, v/v). The extract was spiked with an internal standard mixture and evaporated,
then the residue was divided in two aliquots. Most of the extract (4/5 of the total) was
dissolved in toluene and fractionated through a column chromatography on neutral alu-
mina. Non-polar aliphatic compounds were eluted first with n-hexane, whilst the bulk of
polynuclear aromatics were recovered by eluting dichloromethane through the column.
The second eluate was further separated into three subfractions containing PAH, Nitro-
PAH and more polar compounds, respectively, by means of normal-phase high perfor-
mance liquid chromatography (HPLC), by using an eluent gradient from n-hexane to
dichloromethane (the eluent program and further conditions are reported by Ciccioli et al.
1989, 1996). The second aliquot of sample extract (i.e. 1/5 of the total) was lead to react
with boron trifluoride in excess of methanol to convert organic acids to their methyl ester
analogues. A further elution through a silica column of the reacted material, run by using
dichloromethane, allowed to clean alkanoic acid methyl esters from possible interference.
All sample fractions were stored in the dark at 4 °C until to be analysed.

34.2.4
Chemical Analyses

n-Alkanes, esterified acids, PAH and nitrated PAH were determined by using a HP-5890-
type gas chromatograph coupled with a HP-5970B mass spectrometric detector (GC-MS)
operating in selected ion mass (SIM) mode (Hewlett Packard). The separations of the
analytes were obtained through a 25 m long capillary column coated with a HP-5-type
methylphenyl silicone stationary phase (i.d. = 0.2 mm, film thickness = 0.33 µm), pro-
vided by Hewlett Packard. The column temperature was maintained at 80 °C for 2 min,
then programmed to 170 °C at 20 °C min–1 and held constant for 2 min; a second ramp
(4 °C min–1) heated column up to 280 °C and elution was completed at this tempera-
ture for 15 min. Mass spectrometer system was operated in electron impact mode (ion
source energy = 70 eV) and GC-MS data were acquired by a dedicated software pur-
chased from Hewlett-Packard. PAH were identified by recording molecular ion traces
and fragments, isotopic and doubly charged ions ([M], [M–1]+, [M+1]+ and [M/2]+,
respectively). Molecular [247]+ and four characteristic fragment ions (i.e. [217]+, [201]+,
[200]+, and [189]+) were selected for detecting nitrated fluoranthenes and pyrenes, while
[M]+, [74]+, [143]+ and [227]+ traces were selected for methylated acids.
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34.3
Results and Discussion

34.3.1
n-Alkanes

Table 34.1 reports the mean concentrations of n-alkanes belonging to the C16–C31 range,
which we recorded in downtown Algiers, waste landfill of Oued Smar, fatty products
manufacture (ENCG) and Bab-Ezzouar (USTHB). The n-alkane pattern observed in
downtown Algiers was similar to that of motor vehicular exhaust emissions (Rogge
1993), allowing us to identify the main source of carbon particles there. Stocking and
burning of several kinds of materials including biomass and refuses, i.e. plants, food-
stuffs, animals and plastics, caused the huge presence of n-alkanes in the aerosols at
the Oued Smar site. The air contamination consequent from anthropic activities ap-
peared more severe at Oued Smar than in downtown Algiers.

The mean concentrations of n-alkanes in particulate organic matter emitted from the
fatty manufacture plant appeared very high, compared to those recorded in urban area
of Algiers and waste landfill of Oued Smar. Within the semi-volatile range, i.e. below
C25, n-alkanes present rather an even-to-odd preference, with the highest concentra-
tions reached by C22 and C24 homologues. Such a distribution was observed for the first
time, confirming that the smoke plumes emitted from the fatty manufacture give raise

Table 34.1.
Mean n-alkane concentrations
(ng m–3) in downtown Algiers,
Oued Smar landfill, fatty manu-
facture and Bab-Ezzouar Uni-
versity
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to a peculiar fingerprint. Indeed, while the presence of hydrocarbons with a long odd-
numbered carbon chain has been explained as resulting from decarboxylation of bio-
genic even-numbered fatty acids, the same explanation for even-numbered compounds
is less reliable. Thus: are they resulting from the complete reduction of even-numbered
fatty acids? Otherwise, do they come out, at least in fat plants, from decarboxylation of
odd-numbered fatty acids recognised among constituents of waxes and cutins of plant
tissues and generated by the α-oxidation of even-carbon numbered congeners?

Particle-bound normal alkanes observed in Bab-Ezzouar can be regarded as be-
longing to the category of petroleum residues. The n-alkane concentrations peaked in
the range of C17–C22 with C17 and C18 as predominant congeners, which is consistent
with a petrogenic input. This pattern was similar to that reported for the roofing tar
fumes by Rogge et al. (1997), suggesting that they were originated from similar mate-
rials. Since during distillation and production steps the most volatile species were
preferentially emitted, lower concentrations of highly-numbered n-alkanes were ob-
served. In contrast, at urban Algiers, n-alkanes up to C18 were present over all in the gas
phase, whilst congeners over C24 were preferably present in aerosols. The quite high
concentration of C17–C20 n-alkanes found at Bab-Ezzouar University was very likely
caused by strong emission outcoming from the asphalt production factory. Even after
dilution, at the sampling site some extent of semi-volatile n-alkanes appeared in par-
ticle phase as a result of the partition equilibrium between the gas and aerosol, devel-
oping when the plume vapours were cooled. Although wind transport of pollutants
from Oued Smar landfill could be suspected as a secondary input of organic pollution
to the sampling site, nevertheless, n-alkanes contents in air at Bab-Ezzouar were higher
than at Oued Smar and different patterns were observed for both emitters. This fact
confirms by far that the asphalt plant is the main source affecting the area.

34.3.2
Monocarboxylic Acids

Figure 34.1 shows the mean concentrations of n-alkanoic acids (C10–C30) recorded in
downtown Algiers and waste landfill of Oued Smar. Total n-alkanoic acids reached 101
and 482 ng m–3 in Oued Smar in summer and winter, respectively, and 69 and 256 ng m–3

in downtown Algiers. All species were more abundant in Oued Smar than in down-
town Algiers. However, the percent composition of the acid fractions was the same in
the both sites. The most abundant components belonged to the C12–C24 range and the
absolute maxima were identified with C16 and C18, depending on the time of the year.

A strong even-to-odd carbon number preference was also observed, which is pe-
culiar of a natural origin. The concentration profile of n-alkanoic acids was useful for
distinguishing the true contribution of vascular plant emission from the impact of
the microbial activity, which is usual in urban aerosols. Homologues lighter than C20
have been related to microbial sources and cooking operations, whilst those exceed-
ing C22 to vascular plant waxes (Simoneit 1978; Simoneit and Mazurek 1982; Rogge
et al. 1993a). Thus, the huge presence of n-alkanoic acids up to C20 in downtown Algiers
might be related to anthropogenic sources, mainly the emission from a fatty manu-
facturing plant sited not far from the sampling point. Their dramatic accumulation in
winter strongly supports this insight.
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Soot collected at Oued Smar was richer of acids than that of downtown Algiers.
The uncontrolled open-air combustion of several organic materials especially meat
burning (foodstuffs and animals) is the major source contributing to the high levels
of acids in that area.

Concentrations of n-alkanoic and n-alkenoic acids (C9–C24) recorded both in the
fatty manufacture and Bab-Ezzouar University are reported in Table 34.2. Acids were
always present at huge levels in the fatty manufacture, the maximum reaching
5 468 ng m–3. They accounted for more than 90% of the organic aerosol composite,
consistently with a fatty material composition, where acids reach 90% of total. These
concentrations were never observed before in emissions or in urban atmospheres and
exceeded also those reported for the most important known n-alkanoic acids sources,
i.e. charbroiling and cooking operations (Rogge et al. 1991; Schauer et al. 1999). The
distribution pattern of homologues among fatty acids showed a strong even-to-odd
carbon number predominance. Palmitic and stearic acids, the most abundant ones,
accounted respectively for 26% and 22% of the total atmospheric acids.

Although a number of unsaturated fatty acids have been recognised as present in
the atmosphere, nevertheless only palmitoleic (i.e. cis-hexadecen-9-oic acid, C16=1),
oleic (cis-octadecen-9-oic acid, C18=1) and cetoleic (cis-docosen-9-oic acid, C22=1) acids
were found in aerosols in our field experiment. Oleic acid was the most abundant one
in all samples. Unsaturated n-fatty acids have been recognised as constituents of
emission released by microbial sources and processing, degradation, and combustion
of vegetable and animal materials (Rogge 1993). Among monounsaturated acids
synthesised by living organisms, oleic acid is very usual and may be the most abun-
dant one not only among its homologues, but among all acids also (Naudet 1996).
Rogge et al. (1991) showed that meat food is an important source of n-alkenoic acids,
mainly oleic and palmitoleic acids, in particular cooking with seed oils, margarins, or

Fig. 34.1.
Seasonal mean of the n-al-
kanoic acid concentrations
(ng m–3) in downtown Algiers
(a) and Oued smar landfill
(b), 1998–1999



378 N. Yassaa  ·  B. Y. Meklati  ·  A. Cecinato

Pa
rt

 II
I

animal fats. In contrast to plant waxes, seeds and seed oils, plant organelles, leaf cells,
chloroplasts and pollen contain mainly palmitic and stearic, mono-unsaturated, di-
unsaturated and poly-unsaturated fatty acids (Ching and Ching 1962; Hitchcock and
Nichols 1971; Jamieson and Reid 1972; Laster and Valle 1971). Phytoplankton and bac-
teria also contain a number of unsaturated fatty acids (Hitchcock and Nichols 1971;
Lechevalier 1977; Shaw 1974). In general, acid concentrations and homologue distri-
butions measured at the fatty manufacture were consistent with the origin of the
manufactured oils from vegetable materials and their huge presence in oil and soap
composition. Thus the production of soaps appeared to be the most important source
of fatty acids present in the atmosphere.

The concentrations for monocarboxylic n-alkanoic acids in Bab-Ezzouar samples
were higher as compared to n-alkanes. A strong even-to-odd predominance was found.
Reaching about 32% of the total identified congeners, hexadecanoic acid (C16) was the
most abundant acid. The huge abundance of n-alkanoic acids in the aerosols could be
mainly explained by strong microbial activities related to high temperature and hu-
midity typical of that time. The microbial degradation of several industrial refuses,
yeast manufacture in particular, which were wasted into the river flowing close to
Bab-Ezzouar University, was very likely the principal explanation of acids presence in

Table 34.2.
Mean monthly n-alkanoic and
n-alkenoic acids concentra-
tions (ng m–3) recorded in the
fatty manufacture and Bab-
Ezzouar University
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the atmosphere, although it has been reported that hexadecanoic and octadecanoic
acids can arise from fossil fuel burning (Rogge et al. 1993b). This hypothesis is sup-
ported by the finding that acid concentrations were higher than for n-alkanes, which
is in disagreement with the experiment of Rogge et al. (1997), where acids were up to
two orders of magnitude less abundant than the n-alkanes. Furthermore, the acid
contents in air at Bab-Ezzouar University were higher not only than those measured
in downtown Algiers during the whole year, but also those recorded in waste landfill
during summer.

34.3.3
Polycyclic Aromatic Hydrocarbons (PAH)

Table 34.3 reports the aerial content of individual PAH in downtown Algiers, Oued
Smar, fatty manufacture and Bab-Ezouar University. The most abundant PAH in ur-
ban Algiers was pyrene, whereas the air of Oued Smar was enriched in chrysene. PAH
contents in the air were anytime higher at Oued Smar than in downtown Algiers. In
Algiers city, PAH were at extents similar to those found at busy street sites in Europe
(Cecinato 1999).

PAH concentrations recorded in fatty product industry appeared to be, at some
extent, similar to those measured in urban Algiers, suggesting that they were origi-
nated from the same source: autovehicular exhaust emissions.

The most abundant PAH congeners in Bab-Ezzouar were fluoranthene and pyrene,
accounting for about 25% of the PAH identified. Benzo[a]pyrene, which is typically
monitored in roofing tar fumes (Rogge et al. 1997) and often used as indicator of the
whole PAH carcinogenicity (WHO 1987), consisted about 2.7% of the total PAH amount
consisted. A tentative source reconciliation was obtained by comparing both contents

Table 34.3. Mean PAH concentrations (ng m–3) recorded in downtown Algiers, Oued Smar landfill,
fatty manufacture and Bab-Ezzouar University
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and pattern of PAH with those recorded in urban Algiers. In general, the nature and
contents of PAH well reproduce their petrogenic origin at both sites. Nevertheless, the
lack of duty-traffic roads at Bab-Ezzouar, suggests that the release during the produc-
tion of asphalt material is the most probable source of PAH.

34.3.4
Nitro-Polycyclic Aromatic Hydrocarbons (NPAH)

The mean concentrations of 2-nitrofluoranthene (0.26 and 0.16 ng m–3), 1-nitropyrene
(0.07 and 0.04 ng m–3) and 2-nitropyrene (0.02 and 0.01 ng m–3) were recorded re-
spectively at Algiers urban site and waste landfill. The NPAH in Algiers reached levels
similar to those recorded in urban areas of Europe (Marino et al. 2000). The in-situ
generation of NPAH induced by photochemical processes seemed to affect the air
quality of Algiers more than the direct emission. In fact, many investigations already
outlined that diesel powered vehicles are strong emitters of 1-nitropyrene (Schuetzle
et al. 1982; Ciccioli et al. 1989); by contrast, two-step nitrations of parent PAH induced
by OH radical plus NO2 or NO3 develop 2-nitrofluoranthene and 2-nitropyrene (Arey
et al. 1987; Pitts et al. 1985; Zielinska et al. 1989; Atkinson and Arey 1994), which are
found in the air. Unlike other components, the air was richer in NPAH in downtown
Algiers than at Oued Smar; that was probably caused by the scarce levels of precur-
sors such as NOx at the waste landfill.

In Bab-Ezzouar, only 2-nitrofluoranthene (1.5 ng m–3) was identified. This is consis-
tent with the in-situ generation. The huge abundance of this species is surprising and
of health concern with respect to its well known potential mutagenic activity that is
more adverse than the parent PAH (Cecinato and Zagari 1997). It was found at extent
higher (more than one order of magnitude) than that observed in urban Algiers. The
possible explanation might be the fact that the parent PAH was abundant and the
samples were collected during hot and sunny days experienced the region in August
(average temperature around 35 °C) that promote the formation of a such toxic pollut-
ant. Finally, the absence in Bab-Ezzouar of 1-nitropyrene recognised as emitted directly
from diesel powered vehicles (Schuetzle et al. 1982; Ciccioli et al. 1989), supports the
fact that the emissions from asphalt production may dominate by far over the auto-
vehicular exhaust in the budget of saturated and polycyclic aromatic hydrocarbons.

34.4
Conclusion

The composition of both n-alkane and n-alkanoic acid fractions of aerosols seems to
indicate that the release of organic species from Oued Smar landfill contributed to
the air pollution in Algiers city, although the motor vehicle emission was the main
source for higher PAH and NPAH. From the oils and the soaps plants (ENCG) emis-
sions, the n-alkane distribution profile, which showed the even-to-odd carbon pre-
dominance similarly to the composition of unsaponifiable fraction of fats, could be
regarded as a tracer for the industrial fatty product emissions. The concentration levels
reached by organic pollutants in Algiers city during wintertime were similar to those
measured in European towns, especially over the Mediterranean Basin.
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A Reactive Transport Model for Air Pollutants

K. Iinuma  ·  Y. Satoh  ·  S. Uchida

Abstract

A general solution of coupled diffusion-reaction equations governing the spatial and temporal
evolution of an arbitrary number of inter-reacting air pollutants has been developed. Although the
present reaction chemistry is just limited to gas-phase pseudo-first-order process, the solution is of
use to determine the reaction rate constants of complex reaction paths consisting of successive-,
reversible-, cyclic-, and concurrent-reaction. Transport parameters (diffusion and advection) of the
air pollutants are also involved in this solution. Moreover, equilibrium concentrations (or number
densities) of all the air pollutants can be determined using a dynamic equilibrium solution (steady
state solution) derived from the balance condition between their transport and reaction processes.
For an appropriate model analysis, we have examined a toluene chemistry model that comprises
ten related chemicals with twenty-six reaction rate constants under normal urban area conditions.

Key words: air pollutants, reactive transport model, dynamic equilibrium, toluene

35.1
Introduction

The study on the atmospheric chemical transport models has a long history, and sev-
eral mathematically well-founded models for reactive transport analysis of multiple
chemicals are now available (Seinfeld and Pandis 1998). Unfortunately, however, most
of the model analyses appear to be too numerical to deduce from the calculated re-
sults which parameters mainly affect the spatiotemporal behavior of the chemicals of
interest. This may be due to the fact that the tractable and explicit formulation in-
cluding the transport and reaction coefficients of all the chemicals is not yet avail-
able. Development of such formulation is possible when we limit the analysis to the
pseudo-first-order reaction chemistry.

Transport and reaction of air pollutants in the urban atmosphere are complex. Their
production, diffusion, advection, various kinds of reactions, and removal process are
intertwined in a complex way. Of these processes, the oxidation reaction in air is ex-
ceedingly important, generating a variety of precursors for production of relatively
stable air pollutants. Because of a large amount of oxygen molecules and perpetual
production of OH radicals in air, most of the oxidation reactions basically belong to
the pseudo-first-order process (Finlayson-Pitts and Pitts, Jr. 1999). For this kind of first-
order system, the spatiotemporal behavior of the chemical concentrations can be treated
by coupled linear partial differential equations including some constant parameters.
By limiting the analysis to relatively small urban areas where transport and reaction
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parameters are almost constant, we can reduce it to a coupled diffusion-reaction equa-
tions. We have derived a general solution of one-dimensional coupled diffusion-reac-
tion equations, using the Fourier transform technique and matrix algebra (Iinuma 1991).
This integral-type solution with respect to space coordinates also leads us to an ana-
lytical form of the steady-state solution (dynamic equilibrium solution). The general-
ized equilibrium constant for multiple chemicals is easily derived from the equilib-
rium solution (Iinuma et al. 1993). All these formulae have a potential to be useful to
search for the predominant reaction path and to evaluate the proper reaction rate.

Toluene is one of the simplest aromatic hydrocarbons, but its oxidation reactions
with OH radicals as well as oxygen molecules in air certainly produce various kinds
of intermediates and innumerable ring-cleavage products. Based upon a model of
urban toluene chemistry developed mainly by Atkinson (1990), we have calculated
the area distribution of the concentrations of 10 chemicals including 6 intermediates
generated from toluene.

35.2
General Reactive Transport Model of Multiple Chemicals

In general, the inter-reacting system of N chemicals comprises N(N-1) reaction paths,
forming a complicated network-type reactions consisting of the forward, the reverse,
and the branching process. Figure 35.1 shows this schematically. The concentrations
(or the number densities) of the chemical species as a function of the elapsed time (t)
and the space coordinate (z) are governed by the following coupled partial differen-
tial equations (coupled transport-reaction equations) (Eq. 35.1);

(35.1)

where, Xj (z, t) is the number density (concentration) of j-species (j = 1, 2, 3, …, n),
Dj is the diffusion coefficient, vj is the advection velocity, αkj is the reaction frequency
from j- to k-species, βj is the removal coefficient, and Fj is the source term.

Fig. 35.1. A general network-type reaction system for N-chemicals. XI is the number density of I-
species and αIJ is the reaction frequency from J-species to I-species; αIJ can be calculated from the
corresponding reaction rate
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35.2.1
General Solution

Fourier transform of Xj (z, t) with respect to z is expressed as Yj(ω, t) (Eq. 35.2):

(35.2)

With the help of the eigenvalues (the roots), λp (p = 1, 2, …, n), of the secular equa-
tion derived from the following matrix (Eq. 35.3);

(35.3)

and the diagonal elements represented as (i: imaginary units)

(35.4)

we can represent the explicit form of Yj(ω, t) as

(35.5)

For the explicit form of gj(λp, t) and f(λp), please refer to the related references
(Iinuma 1991; Iinuma et al. 1993).

Several appropriate numerical integration techniques are of use to carry out the in-
verse Fourier transform of Eq. 35.5. The solution derived as a function both of z and t
enables us to visualize the space and time evolution of the concentrations of multiple
chemicals from their initial stage to the final dynamic equilibrium. This interesting
spatiotemporal evolution is the ubiquitous and common feature of reactive transport
process in chemistry (references; vide supra).

35.2.2
Dynamic Equilibrium Solution

Our main concern in atmospheric chemistry may be the evaluation of the concentra-
tions of multiple chemicals in equilibrium. Dynamic (not static) balance between
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generation and removal of chemicals realizes a chemical equilibrium. Using Eq. 35.5
which includes both the source term (Fj) and the removal term (βj), we can calculate
the equilibrium constant of two chemicals. It is noted that this equilibrium constant,
in general, includes all the reaction rates involved in the system; this never be the
ratio of only two reaction rates in it.

As a simple but useful realistic stationary source term, we examine the difference
of two Heaviside-step-functions with constant emission rate,

(35.6)

where Aj is the constant emission rate of j-species and 2aj is its emission area. From
Eq. 35.6, we can derive the following dynamic equilibrium solution, Xj (z, ∞)

(35.7)

with

(35.8)

The denominator represents the product of all the eigenvalues of Eq. 35.3. The
numerator gj(ω) is expressed by the determinant of Eq. 35.3, which now includes the
Fourier transformed source term (Eq. 35.6) in its j-th column (Iinuma et al. 1993).

The generalized equilibrium constant, Keq(j, k), for chemicals j and k is defined
using Eq. 35.8 as

(35.9)

Equation 35.9 expresses the ratio of the concentrations of j-th (δ(j)) and k-th (δ(k))
chemicals in equilibrium. Keq(j, k), therefore, contains every reaction frequency (or
corresponding reaction rate constant) of all the elementary reaction-paths shown in
Fig. 35.1.

35.3
Application to Toluene Chemistry in Urban Areas

Analysis of toluene chemistry in urban area is suitable for present pseudo-first-order
reaction model, because a large amount of oxygen molecules as well as the perpetual
production of OH radicals effectively oxidize toluene in the atmosphere. The toluene
chemistry basically proceeds by two routes of oxidation reactions (Warneck 1988).
The oxidation and conversion pathways for present toluene chemistry are shown in
Fig. 35.2. The first route is hydrogen atom abstraction from C-H bonds, going through
three intermediates (benzyl radical, benzyl peroxy radical, and benzyl alkoxy radical)
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in order to reach benzaldehyde. The second route is OH radical addition to the aro-
matic ring to produce cresol and a variety of ring-cleavage products. This pathway is
not yet fully understood, but hydroxycyclo-hexadienyl radical and peroxidic inter-
mediates were experimentally observed (Kenley et al. 1978). The ratio of the equilib-
rium concentrations for four relatively stable chemicals was estimated to be

Benzaldehyde:Cresol:Methyl glyoxal:Ring-cleavage Products = 10:25:25:40 (35. 10)

This chemical model consists at least of 26 reaction frequencies (reaction rate
constants). However, to our knowledge, only six values were cited in the standard lit-
eratures (e.g. Atkinson 1990). So, the other twenty reaction frequencies need to be
evaluated by substituting the concentration ratio Eq. 35.10 into Eq. 35.9 (Eq. 35.11),

δ(5) : δ(8) : δ(9) : δ(10) = 10 : 25 : 25 : 40 (35. 11)

To calculate the area distribution of ten chemicals, their diffusion coefficients (Dj)
and the advection velocities (vj), in addition to these reaction rates, need to be intro-
duced because these transport parameters are explicitly involved in Eq. 35.3 through
Eq. 35.4.

Fig. 35.2. Toluene chemistry in urban areas. The concentrations of stable fourchemicals estimated
from field observation as well as laboratoryexperiments are: benzaldehyde (~10%), cresol (~25%),
methyl glyoxal (~25%), and a variety of ring-cleavage products (~40%). The chemicals are num-
bered from 1 (toluene) to 10 (ring-cleavage products)
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While these parameters generally depend on the space coordinates as well as the
elapsed time, we assume all of them to be constant by limiting the present analysis in
relatively small urban areas. For toluene, benzaldehyde, cresol, and methyl glyoxal,
these were estimated from the standard eddy diffusivity Kyy (Seinfeld and Pandis 1998)
and the gas kinetic velocities at normal temperature. For other six labile intermedi-
ates, these were determined using their molecular weight. The magnitudes of Dj and
vj are ranging between 2.3 ~ 2.8 km2 h–1 and 5.5 ~ 6.8 km h–1, respectively.

Table 35.1 lists ninety reaction frequencies used for the present calculation. Of these
reaction frequencies, the following six are obtainable; α2,1, α4,3, α5,4, α6,1, α7,6, and α8,6;
we derived them from Atkinson’s reaction rates (kij) using the number densities of
three oxidants, OH, O2, and NO, which are commonly accepted at STP condition in
air; αij = kij × (oxidants).

Evaluation of other eighty-four αij was carried out as follows; twenty of them (listed
in the caption of Table 35.1) were evaluated using the equilibrium condition, Eq. 35.11.
The residual sixty-four αij were set to be zero because of their unrealistic reaction
paths under normal urban area conditions.

These reaction frequencies and the estimated transport parameters were introduced
into Eq. 35.7 for calculation of area distribution of the 10 chemicals in equilibrium.
Figure 35.3 shows the result in the area 0–80 km obtained from a simple numerical
integration method. Two source parameters for emission of toluene in Eq. 35.6, a1 and
A1, were set to be 1 km and the appropriate rate, respectively. The ratio of relative con-

Table 35.1. Reaction frequencies αij (h–1) for toluene chemistry (Atkinson 1990). The suffix i and j
are the same as those in Fig. 35.2. The assumed concentrations of OH, O2, and NO are 1.0 × 106 cm–3,
5.4 × 1018 cm–3, and 1.6 × 109 cm–3, respectively. The values in itacics are recommended by Atkinson.
The estimated αij are α1,2, α1,6, α2,3, α3,2, α3,4, α,5, α5,10, α6,7, α6,8, α7,8, α7,9, α7,10, α8,7, α8,10, α9,7, α,10, α10,5,
α10,7, α10,8, and α10,9. The residual 64 αij were assumed to be negligibly small, because the direct con-
version of the corresponding chemical reaction path appears to be almost impossible under normal
urban area conditions



389Chapter 35  ·  A Reactive Transport Model for Air Pollutants

Pa
rt

 II
I

Fig. 35.3.
The calculated area distribu-
tions of 10 chemicals in equi-
librium. j = 5, 8, 9, and 10 are
benzaldehyde, cresol, methyl
glyoxal, and ring-cleavage pro-
ducts, respectively. Small con-
centrations of other chemicals
are observed in the vicinity of
source area

centration for benzaldehyde, cresol, methyl glyoxal, and ring-cleavage products deter-
mined from this profile was

δ(5) : δ(8) : δ(9) : δ(10) = 13 : 16 : 24 : 47 (35.12)

The agreement between this ratio and the recommended ratio (Eq. 35.11) is not yet
satisfactory. Lack of accurate reaction data and some numerical instability occurred
in the present calculations may cause this discrepancy. Much more sophisticated in-
verse Fourier-transform technique must be introduced for future analysis, together
with the appropriate and accurate numerical method to calculate the determinants of
larger matrices.

Three-dimensional reactive transport analysis of air pollutants is more interesting
than the present one-dimensional analysis. This extension may need some consider-
ation to the cross terms occurred in the original coupled diffusion-reaction equa-
tions. In usual atmospheric chemical processes, however, this kind of complexity may
not play a critical role because of relatively small amount of candidates for air pollu-
tion. Therefore, three-dimensional analysis will possibly be carried out by combining
three orthogonal one-dimensional solutions into three-dimensional solution (Over-
camp 1990).

35.4
Conclusion

The analytical solution of a coupled transport/pseudo-first-order reaction equations
was developed. The general and dynamic equilibrium solutions are of use for spa-
tiotemporal evolution analysis of multiple chemicals in gas-phase. Relatively simple
transport and reaction model of toluene chemistry comprising 10 chemicals in urban
area was examined to evaluate twenty reaction frequencies using the dynamic equi-
librium solution.
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Analysis of High-Molecular-Weight Polycyclic Aromatic Hydrocarbons
by Laser Desorption-Ionisation/Time-of-Flight Mass Spectrometry
and Liquid Chromatography/Atmospheric Pressure Chemical
Ionisation Mass Spectrometry
J. Ć̀áslavský  ·  P. Kotlar̀́íková

Abstract

Laser desorption-ionisation/time-of-flight mass spectrometry (LDI/TOF MS) and liquid chromatogra-
phy/atmospheric pressure chemical ionisation-ion trap mass spectrometry (HPLC/APCI-ITMS) were
used for the analysis of polycyclic aromatic hydrocarbons with molecular weight exceeding 278 Da
(HMW-PAHs) in air, water and soil samples from the contaminated area of DEZA chemical plant, Valaś̀ské
Mezir̀́íć̀í, Czech Republic, and from its vicinity. Semipermeable membrane devices (SPMDs) were em-
ployed for passive sampling. LDI-TOF MS proved to be a suitable method for quick evaluation of the
HMW-PAHs distribution; the presence of PAHs with molecular mass exceeding 500 Da in real samples
was proved by this method. Identification and quantitation of individual PAHs was realised using
LC/APCI-ITMS. LDI-TOF mass spectra and selected LC/APCI-MS profiles (m/z 303, 327 and 351) were
used to confirm the source of contamination by high-molecular-weight PAHs in this area.

Key words: high-molecular-weight PAHs, LDI-TOF MS, HPLC/APCI-MS, atmospheric pressure chemi-
cal ionisation, SPMDs

36.1
Introduction

36.1.1
Polycyclic Aromatic Hydrocarbons

Polycyclic aromatic hydrocarbons (PAHs) represent a group of widespread organic
contaminants, which are distributed throughout the environment as complex mixtures
(e.g. May and Wise 1984). They arise mainly from incomplete combustion of organic
matter and they surely came into existence a long time before the first human beings
appeared on the Earth. These compounds have been accompanied mankind from his
beginnings – their first important sources were probably the open fires and their con-
centrations in caves of early humans and later in the abodes of medieval people, but at
this time the air was quite clear. The amount of PAHs emitted into the environment
has dramatically increased in the second half of the 19th century as the result of indus-
trial development. Several studies focused on the PAH levels in dated sediments offer
evidence of an increasing level of these compounds in the latter part of 19th century
(e.g. Wickstrom and Tolonen 1987; Barrick and Prahl 1987; Sanders et al. 1993).

Nowadays, the combustion of fossil fuels in power stations, in automobile engines and
in residential heating systems represents the most important sources of PAHs (Menzie
et al. 1992). They also enter the environment from fires, from fossil fuel discharges and
from many industrial technologies like coke and iron production. In some regions, volca-
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nic activity is also an important source. PAHs were the first compounds whose potential
carcinogenic effects were discovered. Toxic, genotoxic and mutagenic properties of PAHs
have been extensively studied to date (e.g. Harvey 1985; Fu et al. 1980; Busby et al. 1984;
Busby et al. 1988; Kalf et al. 1997; McConkey et al. 1997; Monson et al. 1999).

Most studies dealing with the occurrence of PAHs in the environment are focused
on compounds containing from 2 to 6 fused rings with molecular masses from 128 to
278 Da. High-molecular-weight PAHs (HMW-PAHs) with molecular masses exceeding
278 Da are analysed quite rarely, in spite of the fact that they are ubiquitous in various
matrices like carbon black, coal tar and asphalt. They were found on urban air particu-
lates (Marvin et al. 1999) and also in hydrotermal crude oils (Simoneit and Fetzer 1996).
High-molecular-weight PAHs show significant biological activity; e.g. the PAH subfraction
containing compounds with molecular masses from 302 to 352 Da exhibited positive
mutagenic response accounting for approximately 25% of the total genotoxic response of
the urban air particulate extracts (Marvin et al. 1999). The PAH fraction with 7 and more
condensed rings from the flue gas condensate of the coal-fired residential furnaces rep-
resented 11.7 weight% of the total extract, but it was responsible for 54.7% of the carcino-
genic potential (Grimmer et al. 1991). The mutagenic potency of dibenzo[a,l]pyrene was
found to be more than 20 times higher in comparison with that of benzo[a]pyrene (Durant
et al. 1999) and the carcinogenity of dibenzo[a,l]pyrene was evaluated as extremely strong
(Cavalieri et al. 1989; Cavalieri et al. 1991).

The chromatographic separation of HMW-PAHs is a very difficult task because of
the large number of possible isomers that rapidly increase with molecular weight. The
most powerful separation technique – capillary gas chromatography – cannot be used
for their analysis due to their very low volatility. Only a few successful applications of
this method have been described, e.g. the separation of HMW-PAHs up to 472 Da on
FSOT columns of 15–20 m length; column temperatures up to 400 °C, hydrogen carrier
gas and on-column injection were necessary (Bemgard et al. 1993). Short capillary
columns (5.5 m) were used for the separation of compounds from coronene (300 Da)
to rubrene (532 Da) (Grob 1974); the resolving power of such columns was quite low.

The most suitable method for the analysis of polycyclic aromatic hydrocarbons is
high performance liquid chromatography (HPLC) on reversed phases with UV and/
or fluorescence detection. The C18 polymeric stationary phases exhibit excellent se-
lectivity for the separation of 16 PAHs on the EPA priority pollutant list, UV-VIS
(ultraviolet-visible) detectors of diode-array type offer the possibility of eluted com-
pounds identity confirmation by the comparison of their UV spectra with library,
fluorescence detectors with programming of the excitation and emission wavelength
during the chromatographic run are extremely sensitive and specific. Moreover, quan-
titative results obtained by liquid chromatography are usually more exact due to in-
jection volume precision available with loop injectors in comparison with that of gas
chromatographic syringe injectors. Less sample cleanup in comparison with gas chro-
matography is also usually required.

PAHs in environmental samples occur in very complex mixtures due to the large
number of possible isomers and alkyl substituents. Standard HPLC columns do not
possess the necessary resolving power for satisfactory separation of all components;
to measure accurately individual PAHs in these mixtures either multi-dimensional
HPLC approach, or highly selective detection methods are necessary. The multi-di-
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mensional approach is based on the subsequent application of at least two chromato-
graphic separations using different retention mechanisms. Wise et al. (1977) described
the method employing normal phase HPLC on amino-propyl-silane stationary phase
for the semi-preparative fractionation of complex PAH mixtures according to the
number of condensed rings, and subsequently C18 reversed-phase HPLC separation
of individual PAHs (Wise et al. 1977). A similar method was used for the fractionation
of PAHs with molecular masses up to 400 Da from coal tar contaminated sediment
(Marvin et al. 1995).

Mass spectrometric detection as the method with the highest and tuneable selectivity
was applied at an early stage for the analysis of complex PAH mixtures, and various LC-
MS interfaces have been employed. The moving belt (MB) was used for the characterisation
of PAHs in coal-derived liquids as early as in 1977 (Dark et al. 1977). Subsequently this
interface was applied for the analysis of PAHs in coal tar derived samples (Perreault et al.
1991). Compounds with molecular mass up to 580 Da were successfully ionised and EI
(electronic impact) mass spectra were obtained, but the quantification of more volatile
compounds, e.g. naphthalene, was rather difficult (Anacleto et al. 1995). The main draw-
backs of this interface were its mechanical awkwardness and limitations on the mobile
phase composition and flow rates. The particle beam (PB) showed no such restrictions
and provided EI spectra (Pace and Betowski 1995), but the response for PAHs less than
200 Da and larger than 380 Da was very poor (Anacleto et al. 1995). Besides, the response
of particle beam interface for some compounds was found to be non-linear. Electrospray
ionisation (ESI) was able of forming molecular radical cations of PAHs, but success was
strongly dependent on the correct choice of solvent, which was generally dichloromethane
with 0.1% trifluoroacetic acid (Vanberkel et al. 1991; Vanberkel et al. 1992). This is of course
incompatible with gradients used for PAH separation. The heated pneumatic nebulizer
(HPN) with atmospheric pressure chemical ionisation (APCI) was finally evaluated as the
most suitable interface for the analysis of PAH mixtures in LC/MS mode (Anacleto et al.
1995; Marvin et al. 1999).

36.1.2
Environmental Sampling of Organic Pollutants Using SPMDs

Semipermeable membrane devices (SPMDs) developed by Huckins et al. (1990) are
passive samplers for selective sampling of semivolatile organic pollutants based on
their selective permeation through synthetic membrane and accumulation in seques-
tered lipid. These devices – triolein-filled lay-flat low-density polyethylene tubes – were
originally used as concentrators of non-polar organic compounds in aquatic environ-
ments (Huckins et al. 1990). They mimic the bioconcentration of these compounds in
living organisms; although the composition of polymeric membranes and biomembranes
is substantially different, the diffusion of some non-polar organics through them was
found to be surprisingly similar (Johnson 1991). Shortly after the discovery of the ability
of SPMDs to effectively uptake organic contaminants from air they were also success-
fully applied for air sampling (Petty et al. 1993). These devices are small, simple and
inexpensive; their field manipulation (deployment, harvest and transport to labora-
tory) is straightforward and does not require highly experienced personnel. They take
up pollutants during the whole exposition period, which is usually from several days
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to several weeks. Captured compounds are subsequently released by simple and ef-
fective dialysis.

The quantitative evaluation of sequestered compounds is more complicated. The
simplest approach proposed by Huckins et al. (1993) is based on the presumption of
the diffusion through the polyethylene membrane as the controlling step in the pro-
cess of analyte transport from the water to the device sequestered lipid. Assuming
constant temperature and negligible biofouling of the outer membrane surface the
uptake rate F (g h–1) could be expressed as:

(36.1)

where D is diffusivity or permeability of the analyte in the membrane (m2 h–1), A is
the membrane surface area (m2), Y is the membrane thickness (m), kp is the mem-
brane mass transfer coefficient or D / Y (m h–1), kw is the mass transfer coefficient in
the boundary water layer (m h–1), VS is the volume of the lipid (m3), t is time (h),
CMO and CMI are analyte concentrations (g m–3) at the outer and inner surface, CW
and CWI are analyte concentrations (g m–3) in the bulk water and at the interface, and
CS is the analyte concentration in the lipid (g m–3).

At non-equilibrium conditions, when the concentrations in water and lipid are far
enough from equilibrium, the uptake of pollutants is approximately linear and their
ambient concentrations can be evaluated using the simple equation:

(36.2)

where CW and CSPMD are the concentrations of the target compound in water (ng l–1)
and in SPMD (ng SPMD–1), respectively, t is time of deployment (d) and Rs is effective
sampling rate (l d–1), i.e. the volume of water extracted by the device per time unit.

SPMD sampling rates for various organic pollutants in water have been published
– e.g. Huckins et al. 1994; Huckins et al. 1999; Sabaliunas and Sodergren 1997; Gustav-
son and Harkin 2000.

A similar approach was applied for air sampling and consequently SPMD air sam-
pling rates for selected groups of organic pollutants are also available (e.g. Huckins
et al. 1994; Ockenden et al. 1998).

36.1.3
Aim of the Study

The main goal of this study was to obtain the first piece of information about the occur-
rence and levels of high-molecular-weight-PAHs in the area of the DEZA chemical plant,
Valašské Mezir̀́íc̀́í, Czech Republic, and in its close vicinity. The passive sampling using
SPMDs was the method of choice, because this method is safe and could be employed
inside the chemical factory at workplaces with a fire risk. Laser desorption-ionisation/
time-of flight mass spectrometry and liquid chromatography/atmospheric pressure chemi-
cal ionisation-ion trap mass spectrometry were selected as final analytical methods.
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36.2
Experimental

36.2.1
Sampling Site

DEZA chemical plant (Valašské Mezir̀́íc̀́í, Czech Republic) launched in 1963 is a well-
known producer of black pitch, aromatic solvents (benzene, toluene, xylenes), PAHs
(naphthalene, anthracene etc.), plasticizers and carbon black in the Czech Republic.
Raw benzol and coal tar from the coke production in the Ostrava industrial region
are the most important raw materials. The factory itself represents an important point
source of PAHs and its area as well as its vicinity is heavily contaminated both by the
raw materials and by the products.

Open air was sampled in three sampling locations (Fig. 36.1). The first one (A1) was the
black pitch granulation tower, approx. 15 m in height, where the black pitch pellets are pro-
duced by dipping the thin stream of melted black pitch into water in the open air. Small
particles of the black pitch are released during this process and transported to the vicinity.
The second air sampling location (A2) was the roof of the biological cleaning facility in the
western part of the factory, approx. 10 m above the surface; owing to the prevailing wind
direction this should be the cleanest part of the factory. The third air-sampling location
was situated on the border of the village of Mštè́novice (approx. 1 km from the factory).

Water was sampled on three sampling locations. The first one (W1) was inflow of the
industrial wastewater to the lagoon, which represents the last step of the wastewater cleaning
process. The second sampling location (W2) was the outflow from this lagoon, and the
third one (W3) was situated in the Bec̀́va River, approximately 200 m downstream the
wastewater discharge.

Soil was sampled at three sampling locations. The first one (S1) was situated inside the
factory on the small meadow among production halls, near the black pitch granulation
tower. The second one (S2) was in the close vicinity of the factory (50 m from the factory
fence) and the third one (S3) in the village of Mšté̀novice. All locations are shown in Fig. 36.1.

36.2.2
Chemicals

In Table 36.1, all compounds selected for the study are given; Figure 36.2 shows their chemi-
cal structures. Coronene (CAS No. 191-07-1, purity 99%) and naphtho[2,3-a]pyrene (CAS
No. 196-42-9, purity 99.5%) was obtained from Sigma-Aldrich Chemie (Schnelldorf, Ger-
many), benzo[a]perylene (CAS No. 19-85-5, purity 99.0%), dibenzo[a,e]fluoranthene (CAS
No. 5385-75-1, purity 99.4%), dibenzo[a,k]fluoranthene (CAS No. 84030-79-5, purity 99.8%),
dibenzo[a,e]pyrene (CAS No. 192-65-4, purity 99.8%), dibenzo[a,h]pyrene (CAS No. 189-
64-0, purity 99.8%), dibenzo[a,i]pyrene (CAS No. 189-55-9, purity 99.9%), dibenzo[a,l]-
pyrene (CAS No. 191-30-0, purity 99.8%), benzo[a]coronene (CAS No. 190-70-5, pu-
rity 99.8%) were supplied by Promochem (Wesel, Germany), and decacyclene (CAS No. 191-
48-0, purity 99.3%) was obtained from Riedel-de-Hae..n (Seelze, Germany). Acetonitrile
(HPLC super gradient grade) and water for gradient elution were purchased from Riedel-
de-Hae..n. The other organic solvents used were for organic trace analysis.
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Fig. 36.1. Map of the sampling locations

Table 36.1. List of PAHs selected for this study
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36.2.3
Field Methods

SPMDs were prepared following the procedure described in literature (e.g., Lebo et al.
1992). Briefly, the lay flat polyethylene tubing (low-density polyethylene without addi-
tives, width 28 mm, wall thickness 75 µm, Cope Plastics, Fargo, U.S.A.) was cut into
104-cm pieces, which were heat-sealed on one end. The tubes were cleaned by dialysis
in n-hexane (48 h, solvent exchange after 24 h). The pre-cleaned tubes were filled with
1 ml of triolein (95% purity, Sigma-Aldrich) and after squeezing out the air and form-
ing the smooth lipid layer the other end of the tubing was heat-sealed. SPMDs were
then immediately closed in air-tight containers and stored in a deep-freezer at –18 °C.
For the exposition in outdoor air and water the SPMDs were fixed in home-made ex-
position structures (Ć̀áslavský et al. 2000). The devices were exposed for 4 weeks. Af-
ter the exposition the SPMDs were transported to the laboratory in pre-cleaned paint
cans on ice and stored in a deep freezer.

Soil samples were taken from a depth of 5 to 20 cm.

36.2.4
Extraction and Clean-Up

Exposed SPMDs were washed with iso-propanol to remove particles stuck to the surface.
Dialysis in n-hexane (2 × 24 h) was used to release sequestered pollutants. A small amount
of lipid released from SPMDs during dialysis was removed by size exclusion chromatog-
raphy on Bio-Beads S-X3 200-400 mesh (Bio-Rad Laboratories) in 8 × 500 mm stainless-
steel column (Tessek Ltd., Prague) with chloroform as a mobile phase at a flow rate of
0.6 ml min–1. First 14 ml of the eluate containing lipidic compounds were discarded,
following 11 ml containing PAHs were collected and the volume was reduced to 2 ml
under a gentle stream of nitrogen. Soil samples were dried at normal temperature,
ground and sieved. Organic pollutants were released by 8-hour Soxhlet extraction using
dichloromethane. Silica gel (Kieselgel 60, Merck, BRD) activated 3 h at 250 °C (column

Fig. 36.2. Chemical structures of PAHs investigated
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dimensions: 1 × 10 cm) was employed for the separation of the pre-cleaned dialysates
and soil extracts to aliphatic and aromatic fraction (elution with n-hexane and
dichloromethane, respectively). Aromatic fraction was further separated by semi-pre-
parative HPLC on amino-propyl-silica column (Separon SGX-NH2, 8 × 250 mm, Tessek
Ltd., Prague, Czech Republic) with 10% dichloromethane in n-hexane as mobile phase
(flow rate 1.5 ml min–1). PAHs with molecular weight exceeding 252 were isolated.

36.2.5
Laser Desorption-Ionisation/Time-of-Flight Mass Spectrometry

The Kompact MALDI IV mass spectrometer (Shimadzu-Kratos, Manchester, Great
Britain) was used for the acquisition of Laser desorption-ionisation/time-of-flight mass
spectra. 1 µl of the HMW-PAH fraction was deposited on the MALDI target and dried
at laboratory temperature. PAH molecules were ionised by the UV-laser pulse (N2 laser,
337 nm, pulse width 3 ns), accelerating voltage was set to 5.2 kV. Time-delayed extrac-
tion of ions, linear flight path and positive ion mode were used. Each spectrum rep-
resents an average from 50 laser shots along the sample spot.

LDI-TOF mass spectra of the HMW-PAH fraction from black pitch produced in
the DEZA plant and soils S1, S2 and S3 shows Fig. 36.3.

36.2.6
Liquid Chromatography/Mass Spectrometry

LC/MS was performed on Esquire-LC instrument (Bruker Daltonics, Bremen, Germany).
The HPLC used was Hewlett-Packard 1100 Series Liquid Chromatograph with binary
gradient pump, vacuum solvent degasser, autosampler, column thermostat, and diode-
array detector (Hewlett-Packard, Waldbronn, Germany). LC-PAH column 2.1 × 250 mm
with Supelguard LC-18 column 2.1 × 20 mm (both Supelco) was used for the separation
of HMW-PAHs, with a binary gradient using acetonitrile-dichloromethane (DCM)
(0–10 min: 0% DCM, 25 min: 25% DCM, 35 min: 55% DCM, 40–50 min: 100% DCM,
55 min: 0% DCM). The flow rate was set to 0.3 ml min–1 with a column temperature of
35 °C. Ion trap mass spectrometer was connected to HPLC via the atmospheric pres-
sure chemical ionisation interface. The conditions of APCI were as follows: The pres-
sure of nebulizing gas (N2) was 50 psi, the drying gas flow was 9 l min–1. Drying tem-
perature and APCI temperature were 350 and 500 °C, respectively. The scan range of
ion trap was set to 250–520 amu, positive ions were detected. Results are summarised
in Fig. 36.4 and 36.5 and in Table 36.2 and 36.3.

36.3
Results and Discussion

The aim of our study was to gain the first piece of information about the occurrence
and levels of high-molecular-weight PAHs in the area of the DEZA Chemical Plant,
Valašské Mezir̀́íc̀́í, Czech Republic, and in its vicinity. To this purpose we used two
methods: laser desorption-ionisation/time-of-flight mass spectrometry and liquid
chromatography/atmospheric pressure chemical ionisation-mass spectrometry.
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36.3.1
Laser Desorption-Ionisation/Time-of-Flight Mass Spectrometry

The ionisation of PAHs by UV light was utilised in the 1970s when photoionisation
detectors (PID) became commercially available in gas chromatography (Driscol and
Clarici 1976). PAHs were successfully ionised by photons having energies 9.5 or 10.2 eV.
Currently, a special instrument for on-line analysis of PAHs in combustion products
was introduced, based on laser photoionisation and time-of-flight mass spectrom-
etry (Castaldi and Senkan 1998). We used a commercial MALDI-TOF instrument for
the analysis of high-molecular-weight-PAHs. Samples were deposited directly on the
MALDI target without any matrix and subsequently ionised by UV-laser pulse. In
contrast to the results mentioned above, no response was obtained for PAHs with
molecular mass lower than 202 – these compounds were probably volatilised from
the MALDI target under vacuum in the ion source (Ć̀áslavský et al. 2000). HMW-
PAHs were readily ionised producing [M]+ ions, but to our surprise also negative
ions [M]– were observed. Their intensities were substantially lower than those of
positive ions (unpublished results). Figure 36.3 shows LDI-TOF mass spectra of HMW-

Fig. 36.3.
Laser desorption-ionisation/
time-of-flight mass spectra of
high-molecular-weight-PAHs
from black pitch and soils S1,
S2 and S3
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PAHs from the black pitch produced in the DEZA factory and from soil samples.
Compounds with molecular masses ranging from 278 up to almost 500 Da were found.

The LDI-TOF mass spectrometry proved to be a very quick method; the analysis
from the deposition of the sample on the target to the spectra acquisition usually
takes only several minutes. The limits of detection depend on the compound proper-
ties; e.g. the signal to noise ratio of 10 was achieved for 100 pg of coronene on the
MALDI target. Unfortunately, quantitative evaluation of the results obtained is more
or less impossible because all compounds of the same molecular mass are summarised
in one peak in the MALDI-TOF mass spectrum and the relative responses of indi-
vidual compounds are quite different (Ć̀áslavský et al. 2000).

Fig. 36.4. Liquid chromatography/atmospheric pressure chemical ionisation mass spectrometry of
HMW-PAHs from black pitch produced in DEZA factory. Compounds identified: Cor: coronene, DBaeF:
dibenzo[a,e]fluoranthene, N23eP: naphtho[2,3-e]pyrene, DBaeP: dibezo[a,e]pyrene, NF: naphthofluoran-
thene, DBF: dibenzofluoranthene, DBaiP: dibenzo[a,i]pyrene, N23aP: naphtho[2,3-a]pyrene, DBahP:
dibenzo[a,h]pyrene; NaPe: naphtho[1,2,3,4-ghi] perylene; DBPe: dibenzo[cd,lm]perylene; BaCor: ben-
zo[a]coronene; PHPe: phenanthro[5,4,3,2-efgi]perylene; BNPe: benzo[pqr]naphtho[8,1,2-bcd]perylene.
Compounds in italics were tentatively identified by comparison with published data
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36.3.2
Liquid Chromatography/Atmospheric Pressure
Chemical Ionisation-Mass Spectrometry

The ionisation of PAHs under atmospheric pressure chemical ionisation is more com-
plicated; two competing mechanisms have been described. The first one is proton
transfer from water clusters to form [M + H]+, the second one is electron transfer to
[N2]•+, [O2]•+ and possibly [NO]+ to form [M]+ ions (Anacleto et al. 1995). The relative
importance of these two mechanisms varied with the partial pressure of water vapour
within the APCI plasma. In contrast to these results we found in our experiments,
where acetonitrile-dichloromenthane gradients were applied, that the proton trans-
fer dominated if acetonitrile was present in mobile phase; electron transfer prevailed
only in pure dichloromethane at the end of gradient run. Benzo[a]perylene was the
only exception forming [M+31]+ ion; this could be explained by the adduction of any
of species present in APCI plasma (like HNO or CH4N).

Fig. 36.5. Comparison of ion fragmentograms m/z 327 of soil and air samples
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Figure 36.4 shows the m/z 301, 303, 327 and 351 traces from the LC/MS analysis of
black pitch. Several compounds on these fragmentograms were identified by the com-
parison of the retention with standards, some other (with names written in italics)
were tentatively identified by the comparison with published data (Marvin et al. 1999;
Pace and Betowski 1995; Wise et al. 1993).

The identification of HMW-PAHs in environmental samples is a quite difficult task.
These compounds were found in very complex mixtures in all samples taken in the
area of the DEZA factory and in its close vicinity. The separation power of standard
LC microbore column (2.1 × 250 mm) was insufficient which is clearly indicated by
number of co-elutions on fragmento-grams presented in Fig. 36.4.

36.3.3
High-Molecular-Weight PAHs in the DEZA Factory and Neighbourhood

The origin of high-molecular-weight PAHs in the area studied could be deduced both
from the comparison of PAH profiles obtained by laser desorption-ionisation/time-
of-flight mass spectrometry (Fig. 36.3), and by the shape of fragmentograms from
liquid chromatography/atmospheric pressure chemical ionisation-mass spectrometry
(Fig. 36.5). The similarity of all profiles is the proof of contamination of the factory
and its neighbourhood clearly shows the black pitch granulation technology as the
main source of these compounds.

The amounts of HMW-PAHs sequestered by SPMDs from air (see Table 36.2) are
surprisingly high, especially at sampling place A1, where SPMD was located in the

Table 36.2. Amounts of HMW-PAHs in SPMDs exposed in air and water. n.a.: not analysed, n.d.: not
detected, n.q.: not quantified. Limit of quantitation: 0.8 ng SPMD–1
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area where an operator spends the main part of his working shift. The sequestered
amounts of HMW-PAHs in air fall quite rapidly with increasing distance from the
black pitch granulation tower.

HMW-PAHs were found in the wastewater from DEZA factory (Table 36.2). The
comparison of their levels in samples W1 and W2 also shows the efficiency of 3-day
retention in the lagoon, which is the last step of wastewater cleaning process before
the discharge into the Bec̀́va River. The amounts of HMW-PAHs decreased by a factor
of 0.55. Similar values were found for the 16 priority pollutants PAHs at these sam-
pling locations (Ć̀áslavský et al. 2000). Almost no detectable amounts of HMW-PAHs
were sequestered by SPMDs from the Bec̀́va River water (sample W3).

HMW-PAHs were also found in all soil samples (Table 36.3). Similarly to air, their
amounts decreased rapidly with increasing distance from the point source of con-
tamination. This fact suggests that a long-range transport of these compounds could
not be considered in this case.

36.4
Conclusions

The laser desorption-ionisation/time-of-flight mass spectrometry proved to be a useful
tool for the quick evaluation of high-molecular-weight-PAH distribution. The main
drawback of this method is a difficult quantification.

Liquid chromatography/atmospheric pressure chemical ionisation-mass spec-
trometry was successfully applied for the identification and quantification of in-
dividual high-molecular-weight PAHs. Main problems are caused by insufficient re-
solving power of standard micro-bore LC columns and also by the lack of standard
compounds.

Polycyclic aromatic hydrocarbons with molecular weight exceeding 278 Da were
found in all air, water and soil samples taken in the DEZA factory and in its vicinity.
The amounts sequestered by SPMDs during exposition in air and water were substan-
tial, as well as their concentrations in soils. The open-air technology of black pitch
granulation in the DEZA chemical plant is evidently the source of contamination by
these compounds in the area studied.

Table 36.3.
Concentrations of HMW-PAHs
in soils (ng g–1). n.q.: not quan-
tified (due to coelution). Limit
of quantification: 10 ng g–1
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Atmospheric Polycyclic Aromatic Hydrocarbons (PAHs)
in Two French Alpine Valleys

N. Marchand  ·  J.-L. Besombes  ·  P. Masclet  ·  J.-L. Jaffrezo

Abstract

In Europe, Alpine valleys represent one of the most important crossroads for heavy traffic. The vehicle
impact on air quality is not well-known due to a lack of data in valley systems. Besides a health toxicity
concern, the study of atmospheric polycyclic aromatic hydrocarbons (PAHs) is of geo-chemical interest
because they are emitted mainly by combustion processes. This class of compounds is also particularly
interesting for the study of the potential impact of heavy duty traffic on air pollution. PAHs are therefore
actually regarded as priority pollutants of our air environment. As part of the program “Pollution des
Vallées Alpines” (POVA), we performed two sampling surveys of PAHs in two sensitive valleys: the valley
of Chamonix and the valley of Maurienne. In each valley, two sites were instrumented for atmospheric
PAH sampling, and for others pollutant monitoring such as NOx, ozone, and particulate matter (PM10).
The first sampling campaign was performed in summer 2000 and the second in winter 2001 both pe-
riods occurring during the corresponding closure of the Mont Blanc tunnel. During both seasons the
total particulate PAH concentrations were higher in the valley of Chamonix despite the stop of interna-
tional traffic through the Chamonix Valley. In summer, the average total PAH concentration was nearly
twice as high in the Chamonix Valley (1.3 ng m–3) than in Maurienne Valley (0.8 ng m–3). In winter the dif-
ference between the two valleys is larger since the average PAH concentrations reached 48 ng m–3 and
18 ng m–3 in Chamonix and Maurienne Valley, respectively. In addition PAH total concentration reached
very high levels (155 ng m–3) in the valley of Chamonix especially during anticyclonic periods. This very
sharp increase of the PAH concentrations can be connected to an increase of the emissions in winter.

Key words: polycyclic aromatic hydrocarbons; aerosol; air pollution; alpine valley; tunnel

37.1
Introduction

Polycyclic Aromatic Hydrocarbons (PAHs) are ubiquitous in the atmosphere, being present
as volatile, semi-volatile and particulate pollutants. The importance of PAHs to air pollu-
tion chemistry and public health has been recognised since 1942, with the discovery that
organic extracts of particles, collected from ambient air, can produce cancer in experi-
ments with animals (Finlayson-Pitts and Pitts 1997). PAHs are now regarded as priority
pollutants by both the United States Environmental Protection Agency and the European
Community, since some PAHs have been classified as potential human carcinogens (IARC
1983; IARC 1987). Next to the public health concern, the study of atmospheric PAHs is of
geo-chemical interest as they are emitted mainly by combustion processes such as diesel
and gasoline exhaust (Rogge et al. 1993; Schauer et al. 1999; Oda et al. 2001), residential
coal or wood combustion (Rogge et al. 1998; Schauer et al. 2001; Freeman and Cattell 1990),
and biomass burning (Jenkins et al. 1996; Masclet et al. 1995). They are therefore good
indicators of these emissions (Khalili et al. 1995; Li and Kamens 1993).
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The results presented here were obtained during the program “Pollution des Vallées
Alpines” (POVA). Alpine valleys represent unique transportation pathways in Europe,
and a small number of corridors conveys the ever increasing traffic of heavy duty
vehicles. This study benefits from an exceptional context when in March 1999, the
accident in the Mont Blanc tunnel stopped international traffic through the Chamonix
Valley. Consequently, most heavy duty traffic in the area must now pass through the
Fréjus tunnel, in the Maurienne Valley. This traffic is now as large as that expected in
2010 (in 2001, 7428 vehicles per day including 4 244 trucks). The general objectives of
this program are the comparative study of atmospheric pollution and the modeling
of atmospheric emissions and transport in these two French alpine valleys of Chamonix
and Maurienne, before and after the reopening of the Mont Blanc tunnel to heavy
duty traffic.

We present the results obtained for PAH concentrations from two intensive field
campaigns that took place in summer and winter in each of these valleys. These re-
sults are discussed in terms of comparison of the concentrations between seasons
and valleys, and supported by other measurements performed by other investigators.

37.2
Experimental

37.2.1
Sampling Campaigns

During this program, two 15-days campaigns were performed during the closure of
the Mont Blanc tunnel. The first campaign took place from 14 until 21 August 2000 in
the Chamonix Valley and 22–29 August in the Maurienne Valley. The second cam-
paign took place from 16 until 22 January 2001 in the Chamonix Valley and 25–31 Janu-
ary in the Maurienne Valley. In each valley, five sampling sites were instrumented
with various aerosol or gas samplers, including automatic analysers for NOx, ozone,
and PM10 (PM10: mass fraction of particles with aerodynamic diameter less than
10 µm). The locations of these sites are presented in Fig. 37.1. Atmospheric PAHs were
collected at two sites per valley during winter: Le Clos de l’Ours and Les Houches for
the Chamonix Valley, and Modane and Orelle for the Maurienne Valley. During sum-
mer, PAHs were collected at one site per valley: le Clos de l’Ours and Modane. The
sites at le Clos de l’Ours and Modane are located in suburban areas, while the sites at
Les Houches and Orelle are more rural, and located several hundred meters away from
the main road of each valley.

37.2.2
Sampling and Analytical Procedures

The sampling and analytical procedures for the determination of PAH atmospheric
concentrations are described in details by Besombes et al. (2001). Briefly, airborne
particulates were collected by high volume samplers (50 m3 h–1, on average) on pre-
cleaned glass fibre filter (GF/F Whatmann filter, 210 × 270 mm). Sampling duration at
all sites was 24 h during the summer campaign and 12 h during the winter campaign.
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Before analysis, filters were stored at cold temperature (–4 °C) in aluminium sheets
sealed in polyethylene bags.

Samples were soxhlet extracted for 3 h (BUCHI B-811) with a mixture of dichloro-
methane and cyclohexane (2/1, v/v). PAHs analyses are performed by reversed phase
high performance liquid chromatography on a Vydac C18 column (length 25 cm, granulo-
metry 5 µm and internal diameter 4.5 mm) with a ternary elution gradient. The elu-
tion program consisted of an initial methanol water acetonitrile mixture (75/10/15%,
v/v/v) which was maintained for 5 min with a flow rate of 1 ml min–3 followed by a
15 min gradient to 100% acetonitrile. The eluant was then held at 100% acetonitrile
for 10 min with a flow rate of 1.5 ml min–3. All solvents were degassed using helium
sparging to eliminate possible oxygen quenching during fluorescence. PAHs are iden-
tified and quantified by UV fluorescence at variable excitation and emission wave-
lengths. Seven pairs of wavelengths of excitation and emission (λ ex and λ em) are used
to obtain the best sensitivity and selectivity. With this method, the following 12 PAHs
are determined quantitatively: phenanthrene (PHE, λ ex = 255 nm and λ em = 410 nm),
anthracene (ANT, λ ex = 255 nm and λ em = 410 nm), fluoranthene (FLA, λ ex = 255 nm
and λ em = 410 nm), pyrene (PYR, λ ex = 255 nm and λ em = 410 nm), chrysene (CHR,
λ ex = 275 nm and λ em = 380 nm), benzo[a]anthracene (BaA, λ ex = 275 nm and
λ em = 380 nm); benzo[b]fluoranthene (BbF, λ ex = 261 nm and λ em = 415 nm), ben-
zo[k]fluoranthene (BkF, λ ex = 300 nm and λ em = 430 nm), benzo[a]pyrene (BaP,
λ ex = 300 nm and λ em = 430 nm); benzo[ghi]perylene (BghiP, λ ex = 300 nm and
λem = 415 nm); indenopyrene (IP, λex = 300 nm and λem = 500 nm) and coronene (COR,
λ ex = 300 nm and λ em = 444 nm). The overall analytical errors can be estimated be-
tween 7 and 34% depending on the PAH (Bresson et al. 1984).

Fig. 37.1.
Map of the two alpine valleys,
valley of Chamonix (above)
and valley of Maurienne (be-
low), and sampling sites dur-
ing the program POVA. In bold
and underlined, sites instru-
mented for PAH sampling
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37.3
Results and Discussion

37.3.1
Summer Campaign

Particulate PAH concentrations were investigated in two sampling sites in order to
realise a comparative study of atmospheric pollution in the two alpine valleys. Fig-
ure 37.2 presents the daily total PAH concentrations for the sampling sites at Le Clos de
l’Ours (Chamonix Valley) and Modane (Maurienne Valley). The average total concen-
trations obtained are 1.3 ng m–3 and 0.8 ng m–3 at the site Le Clos de l’Ours and at the
site Modane, respectively. These PAH levels are close to those observed in urban areas
during similar season (Kiss et al. 1998; Cecinato et al. 1999; Menichini et al. 1999). In
addition, the total PAH concentration is nearly twice as high at Le Clos de l’Ours than
at Modane, despite the stop of the international traffic through the Chamonix Valley.

The total PAH concentrations in the Chamonix Valley are rather similar through-
out the week, except on Friday 18 August and Sunday 20 August when the maximum
and minimum values are measured. On Friday, the concentration reaches 2.1 ng m–3

and then decreases on Sunday up to 0.8 ng m–3. The sharp increase on Friday seems
connected to an increase of vehicular emissions within the valley. Indeed, this day is
also characterised by the higher concentration of NOx (Fig. 37.3) which is a good marker
of the vehicular emission. At the same time, the higher relative concentrations of heavy
PAHs (BghiP, IP, and COR) are observed at the site of Le Clos de l’Ours (Fig. 37.3).
These compounds are well known to be emitted from vehicle exhaust (Miguel et al.
1998; Li and Kamens 1993). On Sunday, the lower activity near the sampling site can

Fig. 37.2. Evolution of the total particulate PAH concentration vs. time during the summer campaign
(16–30 August 2000), in black square for Le Clos de l’Ours (valley of Chamonix) and in open square
for Modane (valley of Maurienne). The dotted lines depict the average total PAH concentration,
1.3 ng m–3 at Le Clos de l’Ours and 0.8 ng m–3 at Modane. Total PAH concentration is the sum of all
individual particulate PAHs except PHE and ANT which are the most volatile ones



413Chapter 37  ·  Atmospheric Polycyclic Aromatic Hydrocarbons (PAHs) in Two French Alpine Valleys

Pa
rt

 IV

explain the concentration decrease, as it is usually observed for primary pollutants
such as NO and NOx.

Total concentrations show more variability in the Maurienne. The higher total PAH
concentrations are obtained on Saturday and Sunday. However, these two days were
also marked by a strong input of Saharan dust associated with anthropogenic inputs
coming most probably from the heavily industrialised Torino area in Italy, as dis-
cussed in Colomb et al. (2002). We will not discuss it further. Except for Saturday and
Sunday, the higher PAH concentrations are observed on Wednesdays (Fig. 37.2). This
result could be in relation to the road traffic. Indeed, Wednesday is known to be the
day of maximum heavy duty traffic in the valley of Maurienne (6 000 trucks on av-
erage). The comparison of this result with the other data obtained in the POVA pro-
gram will be necessary to corroborate this hypothesis.

37.3.2
Winter Campaign

Figure 37.4 presents the total PAH concentrations for the two sites of the Chamonix
Valley, for each of the 12 h sampling periods. The average concentrations at Le Clos de
l’Ours and Les Houches are 48 and 18 ng m–3, respectively. Therefore, the average
concentration is 35 times higher during winter than during summer at the suburban
site of Le Clos de l’Ours. This very sharp increase of the concentrations between the
two seasons is partly connected to an increase in the emissions, particularly the oc-
currence of residential heating as a new source in winter. Indeed, PAH concentration
at the more rural site of Les Houches is 3 times lower than at Le Clos de l’Ours, in
agreement with the proximity of potential sources close to the latter site.

Fig. 37.3.
Evolution vs. time (15–20 Au-
gust 2000) at Le Clos de l’Ours
of: a NOx concentration and
b relative concentration of
heavy PAHs. Relative concen-
trations are calculated by the
ratio of the sum of three PAHs
(B(ghi)P + IP + COR) with the
total PAH concentration
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The meteorological situation probably also has a fundamental impact on the
PAH levels, with strong temperature inversions preventing the dispersion of the aero-
sols in this narrow valley. This is confirmed by the strong variability of the total PAH
concentration during the sampling period. During the first part of the campaign
from 16 to 18 January, anticyclonic conditions prevailed with low temperature (–4.5 °C
on average) and low wind speed. High concentrations of PAHs are recorded at that
time. In addition, the higher PAH levels observed during this period can also be linked
with the shift of the gas/particles partitioning toward the particulate phase induced
by the temperature decrease. Afterwards, from 19 to 22 January, different meteoro-
logical conditions occur with more disturbed weather, higher temperatures (–1.5 °C
on average) and higher wind speed. These conditions allow a better dispersion of the
particles leading to lower PAH concentrations.

The influence of meteorological conditions can also be illustrated by correlations
between the total PAH concentration and PM10 concentrations (Fig. 37.5). From 16 to
18 January, correlations between PAHs and PM10 are high and similar at the two sites,
since the correlation coefficients obtained are 0.97 and 0.98 at Le Clos de l’Ours and
Les Houches, respectively. This result indicates the large scale nature of the processes
involved during this period. Conversely, during the disturbed meteorological period,
a good PAH/PM10 correlation is only observed at Le Clos de l’Ours, close to the larger
sources of emissions (correlation coefficient 0.94). Such correlations between PAHs
and PM10 are unusual, as PAH are generally associated with submicron aerosol (Aceves
and Grimalt 1993; Pistikopoulos et al. 1990). This fraction of aerosol generally repre-
sents only a small fraction of the PM10 mass balance. Since PAHs are primary anthro-
pogenic compounds, such correlations indicate that PM10 concentrations are essen-

Fig. 37.4. Evolution of the total particulate PAH concentration vs. time during the winter campaign
in the valley of Chamonix (16–22 January 2000): in black square and continuous line for Le Clos de
l’Ours and in open square and dotted line for Les Houches. Total PAH concentration is the sum of all
individual particulate PAHs except PHE and ANT which are the most volatile ones
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tially influenced by primary anthropogenic emissions and that inputs of natural aerosol
are probably marginal at that time. In addition, the two sites present the same varia-
tions of total PAH concentrations during the week (Fig. 37.4). These results also seem
to indicate that atmospheric concentrations in the Chamonix Valley are largely influ-
enced by purely local emission sources.

Our data show that during marked anticyclonic periods in winter, PAH concentra-
tions can reach exceptionally high values (up to 150 ng m–3) in the suburban area of
Chamonix. Recently, the UK government Expert Panel on Air Quality Standard has
set a UK air quality standard for BaP of 0.25 ng m–3 (Dimashki et al. 2001). Such a
standard would be particularly challenging in the context of deep valleys, given that
mean concentrations of particulate BaP were 2.5 ng m–3 on average during the week,
with peak value at 4.5 ng m–3 for the second day of the campaign.

The average total PAH concentrations measured in the valley of Maurienne are 9.7
and 3.5 ng m–3 at Modane and Orelle, respectively. Like in the Chamonix Valley, aver-
age total concentrations are higher during winter than during summer but the differ-
ence between the two seasons is not as large. Also, the average concentration is 3 times
lower at the more rural site of Orelle than at Modane. There are therefore similarities
regarding total concentration differences between the sites of Chamonix and of
Maurienne. However, PAH levels are 5 times more important in Chamonix than in
Modane despite the differences in heavy duty traffic in the two valleys. An hypothesis
to explain the higher concentrations in the Chamonix Valley with much lower traffic
could be a better dispersion of pollutants within the Maurienne Valley, which is much
wider and longer. This is supported by the lack of covariation of the PAH concentra-
tions between the two sites of the Maurienne Valley that are only 13 km apart.

Fig. 37.5. Correlations between the total PAH concentration and PM 10 obtained in the Chamonix
Valley in the two sampling site during the winter campaign: in black triangle and large dotted line at
Le Clos de l’Ours and in open circle and little dotted line at Les Houches during 16–18 January, in open
triangle and continuous line at le Clos de l’Ours during 19–22 January
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Finally, the average concentrations in BaP are 0.70 and 0.22 ng m–3 at Modane and
Orelle, respectively, with a maximum of 1.05 ng m–3 at Modane during the first night.
Such concentrations are much closer to the air quality standard for BaP than those
observed in the Chamonix Valley.

37.4
Conclusion

The main result of our study is that during both winter and summer the total PAHs
concentrations are still higher in the valley of Chamonix than in that of Maurienne,
despite the closure of the Mont Blanc tunnel and the stop of international traffic
through the Chamonix Valley. Furthermore, this tendency is more marked during
winter, when strong temperature inversions close to the ground limit the pollutants
dispersion. Regarding total concentration, these dynamic phenomena seem more
important in the valley of Chamonix than in the valley of Maurienne. But we can not
exclude the influence of different sources between summer and winter and between
the two valleys. A detailed study of PAHs profiles and other species is currently in
progress in order to improve our knowledge of the aerosol in the two valleys. Never-
theless, these preliminary results indicate an overwhelming importance of the geo-
morphology of the valleys for the dispersion of pollutants.
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Evaluation of the Risk of PAHs and Dioxins Transfer
to Humans via the Dairy Ruminant

C. Feidt  ·  S. Cavret  ·  N. Grova  ·  C. Laurent  ·  G. Rychen

Abstract

To evaluate the risk of PAHs and dioxins transfer to humans several studies on dairy ruminant ex-
posure and on intestinal absorption have been conducted. In order to assess PAHs feed-milk trans-
fer, the transfer of three 14C-labelled PAHs (14C-phenanthrene, 14C-pyrene, 14C-benzo[a]pyrene) and
14C-2,3,7,8-TCDD has been studied after a single oral ingestion (2.6 × 106 Bq) to lactating goats.
Radioactivity associated to the labelled PAHs and 2,3,7,8-TCDD has been detected in milk seven
hours after the molecules administration. Cumulated part of ingested radioactivity recovered in
milk after five days have reached a similar level after 103 h for 14C-phenanthrene and 14C-pyrene
(1.5% and 1.9% respectively). 14C-benzo[a]pyrene did not appear significatively in milk (0.2% of
ingested radioactivity). Transfer of 14C-2,3,7,8-TCDD to milk was higher than for PAHs, reaching 7.8%
of ingested radioactivity. The bioavailability of PAHs and dioxins was assessed using two animal
models. In one hand, we have characterized the in-vitro transfer of PAHs and dioxin through intes-
tinal barrier using Caco-2 cells cultivated on permeable filters. In the other hand, we have described
the specific arterial apparition profile of the studied micropollutants in growing pig. The in-vitro
experiment showed that 14C-pyrene, 14C-phenanthrene, 14C-benzo[a]pyrene and 14C-2,3,7,8-TCDD
were able to cross the intestinal barrier. 14C-phenanthrene was transported 1.1-, 1.8-, and 6.7-folds
more than respectively 14C-pyrene, 14C-benzo[a]pyrene and 14C-2,3,7,8-TCDD after 6 h exposure.
Regarding arterial apparition profiles, 14C arterial level from 14C phenanthrene was about 3 and
10 times more elevated than 14C level from 14-C-benzo[a]pyrene and 14C-TCDD respectively. These
results can be related to the intestinal barrier transfer profile of the same molecules. The results
presented in this paper contribute to give new insights on evaluation of the risk of PAHs and diox-
ins transfer to humans via the dairy ruminant. They particularly clarify the way by which organic
micropollutants are transferred to milk and to living organisms during digestion and absorption.

Key words: dairy ruminant, milk, PAH, dioxin, bioavailability

38.1
Introduction

Polycyclic aromatic hydrocarbons (PAHs) are potentially mutagenic compounds (IARC
1983) widely occuring in natural media such as soils, atmosphere, sediments and plants
(Baek et al. 1991; Lorber et al. 1994; Yang et al. 1998). There are natural as well as an-
thropogenic sources of PAHs, such as vegetation fires, petroleum seepage and vehicle
exhausts. The main processes of PAH formation are (1) incomplete combustion of
organic matter, for example, fuel and wood burning, (2) the slow maturation of sedi-
mentary organic matter to yield fossil fuels, e.g. coal and petroleum and (3) the rapid
aromatisation of organic substances in modern sediments. Several PAHs are known
to be potential human carcinogens.
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PAHs are ubiquitous and occur at low levels of contamination of environmental
media such as water, air, and soil. Their physical and chemical properties explain their
migration through food chain with hydrophobic compartments, then their accumu-
lation in lipids at the end of the chain (Fürst et al. 1990; Theelen et al. 1993; Madhavan
and Naidu 1995; Fries 1995; Edulgee and Gair 1996; McLachlan 1997; Bosset et al. 1998;
Roeder et al. 1998). Human exposure to PAHs occurs mainly by feeding except for
smokers and specifically exposed workers. The understanding of PAH transfer path-
ways through the food chain is of major concern for food safety. Thus, there is a strong
need to study the relationships between plant and food contamination and food PAHs
bioavailability for humans. In order to evaluate the risk of organic micropollutants
transfer to humans several studies have been undertaken either on dairy ruminant
exposure or on intestinal absorption of these micropollutants. Indeed, it has been
suggested that main human exposure originates from the atmosphere via the path-
way air-feed-cow-milk-man (Fürst et al. 1990; McLachlan et al. 1990; Jödicke et al. 1992;
Körner et al. 1993; McLachlan 1993; Pluim et al. 1993).

38.2
PAHs Exposure of the Dairy Ruminant

38.2.1
Influence of PAHs Emissions Sources on Milk Contamination

Since there is little data on PAHs contamination of milk (Dennis et al. 1983), our first
objective was to assess PAHs concentration in milk sampled at different farms lo-
cated near potential contaminating sources. Dairy farms were chosen in the east part
of France according to 3 parameters: type of source, distance of the fields to the source
(a perimeter of 4 km around the source) and cows fed with fodder produced in sum-
mer on the farm fields (winter ration composed with maize and grass silage, hay and
complements). Three kinds of source were selected: stationary sources (4 farms lo-
cated near a cement work), mobile sources (4 farms located by a motorway), com-
bined sources (3 farms located by stationary sources: steelworks, cement works, mu-
nicipal waste incinerator and motorway). Three control farms were chosen with fields
more than 30 km away from any major source of contamination. For each dairy farm,
a milk sample of 500 ml was collected in winter, directly in the milk tank (4 °C) and
submitted to PAHs analysis as described by Grova et al. (2000).

Figure 38.1 shows PAHs concentration profiles in milk sampled in the different farms
located by potential contaminating. Among the US-EPA list, only 8 PAHs have been
detected: naphtalene, acenaphtylene, acenaphtene, fluorene, anthracene, fluoranthene,
pyrene and benzo[a]anthracene with concentrations ranging from 0.1 to 16.2 ng g–1 milk
fat. PAHs with more than 4 aromatic cycles were not detected. Except for benzo[a]anthra-
cene, only non-mutagenic PAHs were detected (IARC 1983).

The detected PAHs present low molecular weight from 128.2 g mol–1 (naphtalene) to
278.35 g mol–1 (benzo[a]anthracene) and high volatility measured by vapour pressure from
1.04 to 2.71 10–5 Pa, compared to the less volatile compound which is 2.6 × 10–9 Pa
(indenol[1,2,3-c,d]pyrene). In the atmosphere, PAHs are mainly combined with par-
ticles. The transport of these airborne particles depends on their size, their vola-
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tilisation properties and meteorological conditions (Whitby et al. 1980). The proper-
ties of PAHs found in our study may explain their capacity to be transported over long
distances and be deposited on fields far from any contaminating sources (i.e. control
farms) and consequently on those located at less than 4 km from the source. This hy-
pothesis is confirmed by Bryselbout et al. (2000) who demonstrated that light com-
pounds with 4 or less aromatic cycles could be transported over a longer distance than
heavy compounds with more than 4 aromatic cycles deposited rapidly after emissions
and whose soil concentration massively decrease six meters away from motorway.

In our investigation (Fig. 38.1), naphtalene and fluorene show statistically higher con-
centrations (p < 0.05) than the other six PAHs. Further we observed no statistical corre-
lation between contamination sources and PAH levels in milk, except for naphatalene and
fluorene. Indeed, naphtalene is detected with a statistically higher level (15.2 ±1.3 ng g–1

milk fat) in milk sampled in farms located near combined contamination sources. Fluo-
rene is also detected with statistically higher level (16.2 ±6.8 ng g–1 milk fat) in milk sampled
in farms located by cement works. These results indicate that PAHs in milk show similar
profiles whatever the sources of emissions are, except for naphtalene and fluorene.

PAHs milk profiles can be used to assess motorway source (acenaphtylene, fluorene
and fluoranthene) and combined sources such as incinerator, cement works or steel-
works (acenaphtylene, fluorene, fluoranthene) except for compounds with more than
four aromatic cycles: chrysene, benzo[a]pyrene and indeno[1,2,3-cd]pyrene (Yang et al.
1998). Grova et al. (2000) observed that milk PAHs profiles are different in summer
and winter. Only five compounds were detected: naphtalene, phenanthrene, anthracene,
fluoranthene and pyrene. The three major PAHs were phenanthrene (10.9 ±4.5 ng g–1 milk
fat), naphtalene (8.0 ±3.0 ng g–1 milk fat) and pyrene (7.0 ±4.8 ng g–1 milk fat). Several
hypothesis could explain phenanthrene absence in winter milk and fluorene absence
in summer milk: (i) season affect PAHs concentration (with 2 or 4 times higher con-
centrations in winter (Baek et al. 1991)), (ii) different sources emissions profiles along

Fig. 38.1. Tank winter milk PAHs concentration (ng g–1 milk fat) at various location in Lorraine, France.
Except for naphtalene and fluorene, there was no statistical difference between control and exposed farms
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the year: quantities and characteristics of PAHs emitted from industrial stacks depend
on several factors: the type of input, the manufacturing process, air pollution control
devices (Yang et al. 1998), (iii) other contamination pathways like breathed air, depending
on the type of source or soil ingestion with soil PAHs profiles different from the fodder
profiles.

38.2.2
PAHs and Dioxin Feed-Milk Transfer in the Dairy Ruminant

In order to elucidate mechanisms ruling PAH transfer from feed to milk, we studied
the transfer of [9 14C] phenanthrene, [4,5,9,10 14C] pyrene, [7,10 14C] benzo[a]pyrene
and [U 14C] 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) after a single oral ingestion
of 2.6 × 106 Bq to lactating goats. 2,3,7,8-TCDD has been used as a bibliographic basis
reference for the transfer of dioxins in dairy ruminants by Fries (1995). The three
PAHs choice was made according to their different physical and chemical properties
(Table 38.1). The goats received a single oral administration of PAHs or dioxin
(2.5 × 106 Bq goat–1) directly in the mouth with a sterile syringe and have been milked
twice a day for 5 d. A blank sample was collected two hours before pollutants admin-
istration.

Figure 38.2 shows the food-milk transfer of 14C-labelled PAHs and TCDD in milk.
The data demonstrates the different behaviour of the pollutants during transfer. It should
also be mentioned that only bulk radioactivity has been measured, not molecular
compounds. Therefore, the radioactivity data shown on Fig. 38.2 refer to both pollut-
ants and their immediate degradation products. Radioactivity associated to three PAHs
and 2,3,7,8-TCDD has been detected in milk as early as the first milking, 7 h after the
molecules administration. 14C-benzo[a]pyrene was found in milk at very low concen-
tration during the whole experimental period (Fig. 38.2). 14C-pyrene and 14C-phenan-
threne concentrations in milk were quite similar with a later absorption peak for pyrene.
14C-2,3,7,8-TCDD showed a higher transfer level with a concentration peak at 22 h of
48.8 Bq ml–1. 2,3,7,8-TCDD behavior can be distinguished from that of PAHs by show-
ing higher concentration in milk (Fig. 38.2). For example, 22 h after spiking, the milk
of the goats that have ingested 14C-2,3,7,8-TCDD showed five times more radioactivity
than for 14C-pyrene. At this stage, behaviour differences can not easily be related to
their chemical and physical properties. The fast and high appearance of 2,3,7,8-TCDD
in milk is in agreement with the work of Jones et al. (1989), showing that the incorpo-
ration of 2,3,7,8-TCDD in the secretary mammary gland was effective very quickly.

Table 38.1. Physical and chemical properties of the studied organic micropollutants (Mackay et al. 1991)
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Cumulated parts of ingested radioactivity recovered in milk after five days are pre-

sented in Table 38.2. 14C-phenanthrene and 14C-pyrene have reached a similar level
after 103 h (1.5% and 1.9% respectively). 14C-benzo[a]pyrene did not appear signifi-
cantly in milk (0.2% of ingested radioactivity). This behaviour could be explained by
the size of benzo[a]pyrene (5 rings) compared to phenanthrene (3 rings) and pyrene
(4 rings). The higher number of rings could indeed limit the transfer through rumi-
nal, intestinal or mammary epithelial walls. This low transfer of benzo[a]pyrene has
also been shown by West and Horton (1976) after a single oral administration of the
14C-3-methylcholanthrene and the 14C-benzo[a]pyrene blended with food in lactat-
ing ewes. An another explanation is that benzo[a]pyrene could be metabolised (Vetter
et al. 1985). Further, transfer of 2,3,7,8-TCDD from oil to milk is much higher than for
PAHs reaching 7.8% ingested radioactivity (Table 38.2). This could be explained by a
higher lipophilicity of TCDD (KOW 6.80) according to McLachlan’s (1995) and by very
low degradation of 2,3,7,8-TCDD (Wroblewski and Olson 1985).

Fig. 38.2. Radioactivity in goat milk following a single oral ingestion of 2.5 × 106 Bq 14C-phenanthrene,
14C-pyrene, 14C-benzo[a]pyrene or 14C-2,3,7,8-TCDD

Table 38.2. Cumulated part of ingested radioactivity recovered in milk after a single oral ingestion
of 2.6 × 106 Bq 14C-compounds in lactating goats
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38.3
Bioavailability of PAHs and Dioxins

38.3.1
Introduction

It is now well established that milk can be polluted by PAHs and dioxins via the ru-
minant feed. The next issue is to better understand the transfer processes from milk
to humans. To this end, we have conducted several experiments regarding the trans-
fer of dioxins and polycyclic aromatic hydrocarbons to blood through the intestinal
barrier. Two animal models have been selected to carry out these studies. On one
hand we have used human cells cultivated on permeable filters to assess the in-vitro
transfer of PAHs and dioxins through intestinal barrier and on the other hand we
have investigated the pollutant transfer from milk to pig blood because pigs are model
animal for humans (Rowan et al. 1994; Pointillard et al. 1986).

38.3.2
Transfer of PAHs and Dioxins Through Intestinal Barrier Using Caco-2 Cell Line

Little is known about the factors governing intestinal absorption of these molecules
in humans or animals (Vetter et al. 1985; Rahman and Barrowman 1986; Kadry et al.
1995; Van Schooten et al. 1997; Laurent et al. 2001). In recent studies, cultures of Caco-
2 cell monolayers, isolated from a human colon carcinoma, have been used as a model
system to study the intestinal uptake and transport processes of hydrophobic
xenobiotics such as polychlorinated biphenyls (Dulfer et al. 1996; Dulfer et al. 1998).
Differentiated post-confluent Caco-2 cells exhibit well-developed microvilli and, grown
on semi-permeable supports, form tight monolayers with a polarised distribution of
brush border enzymes (Trotter and Storch 1991). Thus, we used the Caco-2 cell line to
study the uptake and transport of 14C-labelled organic micropollutants: one dioxin
(2,3,7,8-TCDD) and three PAHs (phenanthrene, pyrene and benzo[a]pyrene). Cell
culture was accomplished as described by Cavret et al. (2003).

The percentage of radioactivity found in basal medium was considered as the
absorbed part of the radioactivity brought on the other side of the cells (apical me-
dium). As radioactivity was significantly observed in basal medium (Fig. 38.3), the
studied micropollutants were able to cross the intestinal barrier.

Despite of this, transfer of the four molecules showed large differences. Apparition of
radioactivity due to benzo[a]pyrene in the basal medium seemed initially very low (only
0.0 to 1% between 15 and 180 min). However, radioactivity detected increased significantly
after 180 min and reached 5% at 360 min (P < 0.001). Pyrene showed a similar behaviour
with a radioactivity detected that remained quite low between 15 and 180 min (0.2 to 2.6
between 15 and 180 min), and increased dramatically to 8.5% of apical radioactivity which
crossed intestinal barrier (P < 0.001) (Fig. 38.3). 14C-phenanthrene was significantly more
present as soon as 90 min (P < 0.001). Finally, pyrene and phenanthrene appeared the
most and the fastest absorbed compounds after a 6 h exposure. Radioactivity associated
to 14C-phenanthrene was transported into basal side 1.1-, 1.8- and 6.7-folds more than
respectively 14C-pyrene, 14C-benzo[a]pyrene and 14C-2,3,7,8-TCDD (P < 0.001).
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Among the studied pollutants, the quantity of radioactivity measured in basal
medium were inversely reliable to their lipophilicity and molecular weight. Phenan-
threne, the less lipophilic (logKOW = 4.5) and the lightest molecule, had the highest
transfer; whereas the other compounds saw their passage decreasing in rapidity and
quantity as their lipophilicity and molecular weight increased.

To conclude, size and lipophilicity could explain the different transfer observed
but not the delay needed. Previous works supported a PAHs metabolisation, particu-
larly in liver, but also in intestinal cells (Bock et al. 1979; Vetter et al. 1985). Further
work should be carried out to determine if transferred molecules are native mol-
ecules or their metabolites.

38.3.3
Milk-Arterial Transfer of PCDDs/Fs and PAHs

Since we demonstrated that organic micropollutants could be transferred through
intestinal barrier using Caco-2 cell line, the next step was to characterise their specific
apparition and delivery in arterial blood, which provides the different tissues and organs
with nutrients. Thus, organic micropollutants bioavailability is linked to subsequent
postprandial delivery in arterial blood. Pigs provide a valid model for studying diges-
tion and absorption in humans (Pointillard et al. 1986; Rowan et al. 1994).

Two experiments were carried out in order to study the milk-arterial transfer of
either a solution of native 12C-PCDDs and PCDFs or 14C-2,3,7,8-TCDD, 14C-benzo-
[a]pyrene and 14C-phenanthrene. The animal protocol as well as the experimental design
and the analysis of PCDD/Fs or PAHs in arterial blood have been described by Rychen
et al. (2002) and Laurent et al. (2002).

Figures 38.4 and 38.5 indicate the specific milk-arterial transfer profile of PCDD/Fs
and PAHs. At time point 0 h, no traces of dioxins were detected. All studied PCDD/Fs
were detected in arterial blood and presented a similar kinetic behaviour: arterial

Fig. 38.3. Transfer of PAHs and dioxin through human cells. 14C-radioactivity measured in basal me-
dium (internal compartment) expressed as percentage of total radioactivity brought in apical medium
vs. time of incubation (15–360 min) columns with a same letter do not differ significantly (P > 0.05)
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concentrations of congeners increased from 3 h to 5 h after spiked milk ingestion and
then decreased between 5 h and 7 h (Fig. 38.4). It is the same case for the labelled
organic micropollutants: the radioactivity increased rapidly to a maximum about 4–6 h
and decreased to reach background levels after 24 h (Fig. 38.5). These results suggest
that dioxins and PAHs absorptions are connected with milk fat behaviour (Thomson
et al. 1992; Dubois et al. 1996), and differ notably from absorption of glucose and of
protein (Mahe et al. 1994; Rychen et al. 2002). Moreover, the organic micropollutants
seemed to be rapidly absorbed by the tissues.

However, dioxins and HAPs absorptions appeared different. At time point 5 h, the
transfer ratio “plasma fat/milk fat” of PCDD/Fs was usually found between 0.7 and 3%
(16 dioxins) and appeared higher for 1,2,3,4,6,7,8-HpCDF (nearly 6%) (Table 38.3). These
results indicate that all dioxins are transferred from milk fat to plasma fat at a similar
level as 2,3,7,8-TCDD except for one furan “1,2,3,4,6,7,8-HpCDF” which appears in blood

Fig. 38.4.
PCDD/FFs plasma-fat concen-
trations following ingestion
of 900 ml spiked milk with
17 dioxins by growing pigs

Fig. 38.5. Arterial kinetics of [14C] after ingestion by the growing pig of 1 000 ml milk spiked with
14C-phenanthrene, 14C-benzo[a]pyrene or 14C-2,3,7,8-TCDD (mean value, n = 2)
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fat in higher concentration than 2,3,7,8-TCDD. Thus, the level of dioxins in arterial
plasma seems not related to solubility or lipophilicity properties of the molecules.
Regarding 14C-labelled 2,3,7,8-TCDD, benzo[a]pyrene and phenanthrene arterial ki-
netics, 14C plasma level from 14C-phenanthrene was about 3 and 10 times more elevated
than 14C level from 14C-benzo[a]pyrene and from 14C-2,3,7,8-TCDD, respectively
(Fig. 38.5). These results can be related to the intestinal barrier transfer profile of the
same molecules described in Section 38.3.2 (Fig. 38.3) and demonstrate that contrary
to PCDD/Fs absorption, the PAHs transfer from milk to blood seems to be controlled
by the chemical and physical properties of molecules (Table 38.1). At last, the PAHs
transfer from milk to blood appears more elevated than the dioxins transfer.

To our knowledge, these studies present for the first time the apparition profile of
ingested milk dioxins or PAHs in arterial blood. The measure of these events is of
great physiological importance since it allows to precise the bioavailability of organic
micropollutants and its transfer level from food to the organism. For all studied
molecules highest concentration were found around 5 h after ingestion of spiked milk.
These results suggest that PCDD/Fs and PAHs absorption is connected with milk fat
absorption. But the dioxins and PAHs absorption was governed by different param-
eters: for PAHs, the chemical and physical properties (lipophilicity and solubility)
seem to explain the blood transfer, whereas for dioxins, these parameters do not allow
to predict the blood transfer. Finally, it is important to notice that the PAH transfer is
higher than the PCDD/Fs one.

Table 38.3.
PCDD/Fs transfer ratio from
milk fat to plasma fat 5 h in-
gestion of 900 ml spiked milk
by growing pigs
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38.4
Conclusion

We have studied here the transfer of PAHs and dioxins through the food chain using
three complementary approaches: (1) the study of PAH levels in milk at various farms,
(2) the study of feed-milk transfer of 14C-labelled pollutants, and (3) the study of milk-
blood transfer of pollutants. Our investigation of PAH levels in milk at various loca-
tions shows that light molecules are present and ubiquitous although the heaviest
(5 rings and more) are not detected in milk. Our experiments using 14C-labelled com-
pounds to transfer from milk to pig blood show that all studied molecules can be
transferred to milk and to organism during digestion and absorption.

Further research work is now planned to precise and better characterize

■ the different “feed-milk” transfer coefficients in ruminant and the part of metabo-
lites or native molecules in milk;

■ the transfer coefficient “milk-rat tissues” using a continuous exposure of contami-
nated feed;

■ the selectivity of intestinal epithelial barrier focusing on PAH interaction with cyto-
chrome P450.
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Polycyclic Aromatic Hydrocarbons (PAHs) Removal
during Anaerobic and Aerobic Sludge Treatments

E. Trably  ·  D. Patureau  ·  J.-P. Delgenes

Abstract

Polycyclic aromatic hydrocarbons (PAHs) are of particular interest because of their potential toxic
and carcinogenic properties. Due to their low water solubility and their high affinity for organic
matter, PAHs are easily concentrated in sewage sludge and may contribute to the contamination of
agricultural soils by spreading. In this study, the behavior of 13 PAHs was assessed during anaerobic
and aerobic mesophilic treatments of naturally PAH-contaminated sewage sludge. It was shown
that abiotic losses were strictly limited to the light PAHs, e.g. fluorene, phenanthrene and anthracene.
Under methanogenic conditions, PAH removal was about 50% whatever PAH molecular weight. More
specifically, PAH removal was closely linked to solids reduction implying limitation by bioavailability.
Under aerobic conditions, the aerated process enhanced PAH removal up to 90%. In contrast, the
aerobic treatment is more efficient than the anaerobic treatment to remove PAHs from contami-
nated sludge by favoring the PAH diffusion. Moreover, the aerobic process was successful for sludge
decontamination because outlet concentrations in dry weight were lower than actual French re-
quired values, for fluoranthene and benzo[b]fluoranthene.

Key words: adapted methanogenic ecosystems, continuous bioreactor, methanogenic and aerobic
conditions, PAHs, sewage sludge

39.1
Introduction

39.1.1
Sewage Sludge Management and Treatment Processes

There is a growing concern about the management of sewage sludge, because environ-
mental regulations have recently induced a fast growth of sludge production reaching
more than 7.5 millions of tons of dry solids in 1998 in Europe. Sewage sludge management
is henceforth a critical problem for the protection of the environment and for the admin-
istration of local communities, due to their huge volumes and their harmful composition.

Stabilization processes such as composting, anaerobic/aerobic digestion or lime
stabilization can be used in order to reduce the volume, the fermentable power and
the organic pollutant contents of sludge. Whatever treatment conditions, the final com-
position of stabilized sludge still presents high amounts of organic matter and nutri-
tive elements such as total organic carbon, total nitrogen and total phosphorus com-
pounds. Therefore, one of the best options to recycle sludge consists of their spread-
ing on agricultural soils, to improve nutrient contents and to promote biological ac-
tivity. Alternative options of treatment such as incineration and landfill disposal are
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more expensive and less sustainable. Moreover, if all produced sewage sludge were
used on land, the total treated surface would represent only few percents (2–3%) of
total agricultural soil area in Europe. However, due to their high organic content, sewage
sludge concentrates many forms of recalcitrant pollutants such as heavy metals, patho-
gens and organic pollutants and sludge spreading may contribute to the contamina-
tion of agricultural soils.

39.1.2
Polycyclic Aromatic Hydrocarbons Persistence and Biodegradation

Polycyclic aromatic hydrocarbons are widely distributed in the environment and are
known for their potential toxic and carcinogenic properties even at trace levels
(Partanen and Boffetta 1994). Due to their high-hydrophobic properties, PAHs are easily
adsorbed on hydrophobic organic surfaces such as particles in air, soil and sewage
sludge. Three of the most suspected carcinogenic PAHs are the subject of concern for
the French legislative procedure concerning sludge used on land: fluoranthene,
benzo[b]fluoranthene and benzo[a]pyrene with level limits of 5 mg kg–

d
1
.w. (d.w.: dry

weight), 2.5 mg kg–
d
1
.w. and 2 mg kg–

d
1
.w. respectively. Lower levels are anticipated in the

frame of current European policies. Indeed, the European Commission has recently
proposed a limit value of 6 mg kg–

d
1
.w. for the sum of 11 PAHs from acenaphthene to

indeno[123cd]pyrene. In this context, the fate of the PAHs during anaerobic and aero-
bic treatments of naturally contaminated sludge is little known.

PAH biodegradation has been already widely studied under aerobic conditions in
case of highly contaminated soils and sediments (g kg–

d
1
.w.), but not yet, to our knowl-

edge, in sewage sludge (Bouwer et al. 1997; Leduc et al. 1992; Mihelcic and Luthy 1988;
Wild and Jones 1993). Many microorganisms are implicated in PAH biodegradation
under aerobic conditions. The most common are: Aeromonas sp., Micrococcus sp. and
Pseudomonas sp. (Wilson and Jones 1993). Some fungi can also participate in PAH
biodegradation, especially the white rot fungi Phanerochaete sp. and Bjerkandera sp.
(Kotterman et al. 1998). Aerobic PAH biodegradation follows two main mechanisms
in complex media: the first involves the use of PAH as sole carbon and energy source
for the growth of the microorganisms and for cellular maintenance. The second in-
volves a co-metabolism with other carbon sources, meaning that PAHs are degraded
but not used for cellular growth. This second mechanism is mainly occurring for the
heaviest PAHs (four and five membered rings) (Wilson and Jones 1993).

By comparison, only little is known about PAHs biodegradation under strict anaerobic
conditions. Mihelcic and Luthy (1988) reported, for the first time, the biodegradation of
light-PAHs under denitrifying conditions. However, denitrifying anaerobic conditions
remain less favorable for PAHs degradation than aerobic conditions (Wilson and Bouwer
1997). Recently, some studies reported PAHs degradation under sulfate-reducing condi-
tions in the case of high contaminated marine sediments (Coates et al. 1996; Rockne and
Strand 1998; Chang et al. 2001). Under methanogenic conditions, PAH biodegradation was
recently described by Chang et al (2002) for light PAHs by addition to a synthetic PAH-
contaminated soil of an enriched adapted culture coming from a long term highly pol-
luted sediment. Trably et al (2003) also demonstrated significant methanogenic PAHs
removal under continuous bireactors. In methanogenic batch reactors, PAH removal re-
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mained non significant (Kirk and Lester 1990). In all cases, PAHs biodegradation under
anaerobic conditions seems more unfavorable than under aerobic conditions.

In this study, the behavior of 13 PAHs was determined under mesophilic anaerobic
and aerobic digestion of naturally contaminated sewage sludge. Naturally PAH-con-
taminated sludge was used to represent the complex interactions between PAH and
sludge matrix. Indeed, the added PAHs in already contaminated spiked soils are more
rapidly degraded than the “older” PAHs, probably hardly linked to the matrix (Eggen
and Majcherczyk 1998). The comparison of anaerobic and aerobic conditions was re-
alized by calculation of PAH removal efficiencies into anaerobic (A series) and aerobic
(B series) biological reactors, called RA and RB respectively. Sterilized control reactors
were used to estimate abiotic losses during the process (volatilization, photolysis).

39.2
Experimental

39.2.1
Biological and Control Reactors

Four laboratory-scale continuous stirred tank reactors were realized to determine
the behavior of 13 PAHs under mesophilic conditions. On one hand, two “control” re-
actors, respectively anaerobic (CRA) and aerobic (CRB) reactors, were chemically ster-
ilized by addition of 6.6 g l–1 sodium azid (NaN3, Riedel de Haën) to inhibit bacterial
activity. These control reactors were operated to assess PAH abiotic losses during the
processes. On the other hand, two “biological” reactors were operated to assess the
biologically-mediated removal of PAHs under anaerobic (RA) and aerobic (RB) con-
ditions. The anaerobic reactors (RA and CRA) were initially inoculated with 5 liters
each of anaerobic digested sludge. This sludge was sampled in the outlet of an indus-
trial anaerobic digester located on a urban wastewater treatment plant (WWTP) con-
taminated by PAHs for more than 10 years. The aerobic reactors (RB and CRB) were
initially inoculated with 5 liters of activated sludge sampled in the same PAHs-con-
taminated WWTP. In both cases, the starting inoculii corresponded to methanogenic
or aerobic PAH-adapted ecosystems.

39.2.2
Operating Conditions

All reactors were well-mixed with a hydraulic retention time of about 20 ±1 d, a regu-
lated mesophilic temperature of 35 ±1 °C, a daily organic load about 1.2 kgCOD m–3 d–1

(COD: Chemical Oxygen Demand) and a reactional volume of 5 liters. The biogas
outlets were cooled to avoid water losses during the process. The substrate feeding
tank was changed once a week and was cooled to limit initial biodegradation. Mag-
netic stirring was used to agitate anaerobic reactors (250 ±2 rpm). Mechanic stirring
at 250 ±2 rpm was used to mix aerobic reactors. The pH was not regulated but did not
change significantly: 7.5 ±0.1 for anaerobic treatments and 7.1 ±0.1 for aerobic treat-
ments. The reactors were fed with a mixture of primary and secondary sludge sampled
in the PAH-contaminated WWTP mentioned above. The ranges of PAH concentrations
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in feeding sludge were (minimum, maximum in mg kg–
d
1
.w.): fluorene (0.45, 0.59), phen-

anthrene (3.41, 4.49), anthracene (0.98, 1.1), fluoranthene (8.08, 11.25), pyrene (8.65, 11.22),
benzo[a]anthracene (3.41, 3.66), chrysene (1.23, 1.54), benzo[b]fluoranthene (4.2, 4.63),
benzo[k]fluoranthene (2.11, 2.43), benzo[a]pyrene (4.04, 4.08), dibenzo[ah]anthracene
(0.66, 0.74), benzo[ghi]perylene (2.47, 2.73) and indeno[123cd]pyrene (3.38, 3.85). PAH levels
were two times above the French maximum allowed concentrations for spreading on
agricultural soils. The sum of the 13 studied PAHs reached more than 45 mg kg–

d
1
.w..

39.2.3
PAH Analysis – Sample Preparation

PAH analysis of sludge sample was conducted in three steps after centrifugation: (1) ex-
traction from the liquid phase by solid phase extraction or SPE, (2) extraction from
the solid phase by accelerated solvent extraction or ASE and (3) analysis of the extracts
by reverse phase-high performance liquid chromatography with fluorimetric detec-
tion. All steps of the analytical method were previously tested and validated in the
laboratory to obtain repeatability and reproducibility errors lower than 2% (two rep-
licates of the same sludge sample). This internally validated method allowed to moni-
tor PAH concentrations in laboratory-scale experimental reactors (Trably et al. 2004).
The sludge samples corresponded to 2 d outlet collecting of each reactor (≥350 ml).
The substrate feeding tank was changed once a week and an aliquot of 350 ml was
taken. 300 ml of sludge sample (substrate or reactor outlet) were centrifuged 25 min at
20 000 g. Aqueous phases were stored in cool chamber (–20 °C) for further SPE. Solid
pellets were ground with glass beads (diameter 4 mm) then dried 60 h at 40 °C in a
ventilated oven. Dried samples were 2 mm-sieved and then stored at –20 °C.

39.2.4
PAHs Extraction from the Liquid Phase by SPE

PAHs extraction from the liquid phase was performed by SPE on PAH-affinity col-
umn (Supelco ENVI-18, 6 ml). The column was conditioned with 6 ml toluene/metha-
nol (50/50, v/v), 6 ml methanol and 6 ml water successively. 200 ml of aqueous sample
were first eluted 3 times under vacuum. Then PAHs were eluted with 2 ml toluene/
methanol (50/50, v/v). The extract was then concentrated to dryness under nitrogen
flow. Residues were dissolved in 2 ml of acetonitrile for further HPLC analysis.

39.2.5
PAHs Extraction from the Solid Phase by ASE

PAHs were extracted from dried sieved samples using the ASE-200 system (DIONEX).
The extracting solvent was hexane/acetone (50/50, v/v). The conditions were: 120 °C, 100 bar,
2 extraction cycles, 5 min static time, 60% cell flush and 120 s purge time. The extracting
cells were filled with 0.5 g dried sieved sample, 0.5 g alumina (SIGMA A-1522) and 1.5 g
hydromatrix-celite (VARIAN). The 20 ml extract was then concentrated under nitrogen
flow to dryness. Residues were dissolved in 5 ml of acetonitrile for further HPLC analysis.
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39.2.6
Extracts Analysis by RP-HPLC-Fluorimetric Detection

The extracts analysis chain was composed of a multi-sample injector (WATERS-717-
Plus), a solvent degasser (Waters inline Degasser), a peristaltic pump system (WATERS-
600 controller) and a fluorimetric detector JASCO FP-1520. PAH separation was per-
formed by reversed phase high performance liquid chromatography (RP-HPLC) on
PAH column (BAKERBOND PAH16-Plus). The flow rate was fixed at 0.3 ml min–1 and
elution temperature at 25 °C. The linear gradient elution (35 min) started after 5 min of
elution with solvent mixture from 40% acetonitrile – 60% water to 100% acetonitrile.
After 70 min, the column was rinsed with 40% acetonitrile – 60% water. Total analysis
time was about 95 min. The fluorimetric PAH detecting program was optimized for
each PAH and for each λ excitation wavelength and λemission wavelength, respectively: fluorene
(266/312), phenanthrene (250/370), anthracene (250/400), fluoranthene (280/430),
pyrene (320/404), benzo[a]anthracene (280/430), chrysene (268/384), benzo[b]fluor-
anthene (234/420), benzo[k]fluoranthene – benzo[a]pyrène (270/400), dibenzo-
[ah]anthracene – benzo[ghi]perylene (300/407) and indeno[123cd]pyrene (300/500).

39.2.7
Calculation Method of PAH Removal

The calculation of PAH removal was done by PAH mass balance between the inlet
(substrate) and the outlet of each reactor at steady state (after 60–80 d of digestion).
Mass balance losses corresponded to abiotic losses for the control reactors (CRA and
CRB) and to abiotic and biological PAH removal for the biologic reactors (RA and RB).
The total PAH concentration per volume of sludge (µg l–1) was used for the calculation
of the mass balance. As the PAH concentration in the liquid phase was non significant,
it was neglected for the calculation of total PAH concentration. This one corresponds
then to the product of the solid phase PAH concentration (mg kg–

d
1
.w.) and the solid

concentration (gd.w. l
–1).

39.3
Results and Discussion

39.3.1
Estimation of PAH Abiotic Losses in Anaerobic and Aerobic Control Reactors

In a first step, the abiotic losses due to the process, such as volatilization, photolysis
or chemical oxidation, were estimated in the cases of the chemically sterilized control
reactors. Under anaerobic conditions (CRA reactor), the abiotic losses were limited to
the PAHs with less than three aromatic rings such as fluorene, phenanthrene and
anthracene (Fig. 39.1). The light PAHs correspond to the most water soluble PAHs
with the lowest melting point. Such properties favor volatilization in main part, chemi-
cal transformation or unspecific combination with organic matter in aqueous media.
Our findings are in agreement with bioremediation experiments of contaminated soils
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(Richnow et al. 1998). For the heavy PAHs (≥4 aromatic rings), the results showed that
abiotic losses could be generally neglected under anaerobic conditions (Fig. 39.1). In
this case, all PAHs injected to the system were recovered in the outlet of the anaerobic
reactor. Wild and Jones (1993) reported also that PAH abiotic losses were not signifi-
cant for PAH with more than 4 aromatic rings in contaminated soils bioremediation
experiments thus confirming our results.

Under aerobic conditions, abiotic losses were approximately 2 times greater than
under anaerobic conditions for the light PAHs (fluorene, phenanthrene and an-
thracene) (Fig. 39.1). This finding is probably due to the aerating system which in-
duced more losses by either volatilization or oxidation with the organic matter. Con-
firming these results, Leduc et al. (1992) have already shown that abiotic losses of light
PAHs represented the main losses in soils under aerating conditions. On the other
hand, more heavy PAHs were recovered in the outlet of the aerobic reactor than in the
substrate (up to 20% represented by negative losses in Fig. 39.1). This result suggests
that, under aerobic conditions, the aerating system and the mechanical stirring in-
creased the exchanges between the sludge matrix and the aqueous media. PAH diffu-
sion was thus enhanced by inducing desorption of the heaviest PAHs from the non-
extractable compartment. Despite the use of a highly efficient extraction method under
high pressure and high temperature such as Accelerated Solvent Extraction, a signifi-
cant part (20%) of PAH content still remained and can later be desorbed from the
sludge matrix to the environment.

To resume, the aerobic process presented more abiotic losses than the anaerobic
one for the light PAHs, but enhanced greatly the PAH diffusion and may be used to
desorb the heavy PAHs from the non-extractable fraction.

39.3.2
PAH Removal by Anaerobic and Aerobic Biological Treatments

In the methanogenic anaerobic biological reactor (RA), the calculated PAH removal
efficiencies were about 50% (Fig. 39.2). The PAH removals were independent of the
PAH molecular weight and of the wide range of PAH concentration (from 10 to

Fig. 39.1.
PAH abiotic losses under an-
aerobic (CRA reactor – black
boxes) and aerobic (CRB reac-
tor – white boxes) sterile condi-
tions in function of the PAH
molecular weight. Abiotic loss-
es were calculated by using a
mass balance between the inlet
and the outlet of the control
reactors at steady state. PAH
abbreviations are explained in
appendix
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220 µg l–1). The PAH removals seemed to be closely linked to the solids reduction rate
of the process (about 53%). By comparison, the PAH removal efficiencies were signifi-
cantly higher under aerobic conditions reaching up to 90% for the light PAHs and
about 50% for the heaviest PAHs (Fig. 39.2). These findings are in agreement with
previous studies which reported lower PAH degrading rates under nitrate reducing
conditions than under aerobic conditions (Leduc et al. 1992; Mihelcic and Luthy 1988;
Wilson and Bouwer 1997). Additionally, in case of the aerobic reactor, the number of
aromatic rings and the PAH molecular weight had a significant negative influence on
PAH removal efficiency. This result can be the consequence of a biological restriction
or of a diffusion limitation. Others studies reported that PAH biological degradation
was hardly slowed down with the increase of the molecular weight because of the
high recalcitrance of the heavy PAHs to biodegradation (Sutherland et al. 1995).
Moreover, in the case of the aerobic control reactor, heavy PAH diffusion was greatly
enhanced. Thus, our results suggest that the significant decrease of PAH removal in
function of the aromatic ring number was more the result of a biological limitation
with lower efficiencies for the heavy PAHs. The aerobic conditions presented anyway
better removal efficiencies than the anaerobic process, especially for the light PAHs.

39.3.3
Influence of Operating Conditions on PAH Diffusion

Due to their high hydrophobic properties, PAHs are mainly concentrated in the solid
phase of the sludge samples (PAH concentrations in liquid phase were determined as
non-significant). But the solids reduction rate reached about 53% in the anaerobic
process vs. only 38% under aerobic conditions. In order to compare both processes
independently of the solids reduction rates, a dimensionless factor has been calcu-
lated: the efficiency factor (Fig. 39.3). This factor corresponds to the ratio of PAH re-
moval efficiency on the solid reduction rate. For instance, efficiency factors higher
than 1 represent a decrease of PAH concentration in solids in the reactor effluent. On
the opposite, efficiency factors lower than 1 represent an increase of the PAH concen-

Fig. 39.2.
PAH removal under anaerobic
(RA reactor – black boxes) and
aerobic (RB reactor – white
boxes) conditions. PAH remov-
als were calculated by using a
mass balance between the inlet
and the outlet of the biological
reactors at steady state. PAH
abbreviations are explained in
appendix
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tration in solids during the process. Under anaerobic conditions, the solids reduction
rate was about 53% and the PAH removal about 49% for all PAHs. Consequently,
the factor efficiency was about 1 for all (Fig. 39.3). Thus, PAH removal in the anaero-
bic process seemed to be closely linked to the solids reduction rate and probably
to be limited by the PAH bioavailability. Under aerobic conditions, solids reduction
rate was significantly lower than under anaerobic digestion (38%). Additionally, the
PAH removal efficiencies were higher for all PAHs in comparison with the anaerobic
system (up to 90%). Therefore, the efficiency factors were generally better under
aerobic conditions. The efficiency factors reached about 2.5 for the lightest PAHs under
aerobic conditions (Fig. 39.3). These results confirmed the enhanced PAH diffusion
conditions in the aerated system in accordance with the results obtained for the
control reactor. In addition, as PAH removals decrease with the increase of the aro-
matic ring number, it can be assumed that they were limited in this case by the bio-
logical abilities.

39.3.4
PAH Levels in Untreated and Treated Sewage Sludges

Under anaerobic conditions, PAH removals and the solids reduction rate were of the
same order of magnitude (50%). This result means that PAH concentration in solids
did not decrease significantly during the process and therefore they were similar in
the substrate (raw sewage sludge) and in the effluent of the anaerobic reactor (Table 39.1).
Moreover, only the PAH concentrations in solids are the object of concern by the French
legislation for sludge spreading on agricultural soils. Thus, the anaerobic process was
not successful considering the contamination level of the treated sludge.

By comparison, PAH concentrations in solids decreased significantly under aero-
bic conditions due to the enhancement of the PAH diffusion (Table 39.1). The PAH levels
in the aerobically treated sludge reached values close to the maximum levels required

Fig. 39.3.
PAH efficiency factor of the
anaerobic (RA reactor – black
boxes) and aerobic (RB reactor
– white boxes) reactors. The
efficiency factor corresponds
to the ratio of the PAH re-
moval and the solids reduction
rate. PAH abbreviations are
explained in appendix
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for using sludge on land. Thus, the aerobic treatment of contaminated sludge is a suc-
cessful process for the decontamination of naturally PAH-contaminated sewage sludge.

39.4
Conclusion

In this study, mesophilic anaerobic and aerobic treatments of PAH contaminated sludge
were studied with laboratory-scale continuous bioreactors. It was shown that abiotic
losses were only limited to the light PAHs under anaerobic conditions. The aerobic
conditions enhanced significantly the abiotic losses for these light PAHs and the dif-
fusion of the heavy PAHs from the non-extractable compartment. Under anaerobic
conditions, PAH removals reached about 50% for all and were mainly due to the
bacterial activity. In this case, PAH removal seemed to be hardly limited by the solids
reduction rate and therefore by the PAH bioavailability. By comparison, the aerobic
process was more efficient with PAH removals up to 90%, due to a PAH-diffusion
enhancement of the aerating system. Heavy PAH removal seemed to be limited in this
case by the bacterial degrading potential. Moreover, aerobic treatment of PAH con-
taminated sludge was successful with a significant decrease of the PAH concentration
in solids which are concerned by the French legislation.

Appendix

PAH abbreviations: Fluo: fluorene; Phe: phenanthrene; Anth: anthracene; Fluor: fluor-
anthene; Pyr: pyrene; B(a)A: Benzo[a]anthracene; Chrys: chrysene; B(b)F: Benzo[b]fluor-
anthene; B(k)F: Benzo[k]fluoranthene; B(a)P: benzo[a]pyrene; DB: Dibenzo[ah]antha-
cene; B(ghi)P: Benzo[ghi]perylene; Ind: indeno[123cd]pyrene.
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Table 39.1. PAH concentrations (mg kg–
d
1
.w.) in untreated and treated sewage sludge. Untreated sludge

corresponds to the inlet (substrate) of the reactors and the treated sludge corresponds to the outlet of
the anaerobic and aerobic biological reactors. Maximal relative error was of 6% for all results
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Photodegradation of Pyrene on Solid Phase

A. Boscher  ·  B. David  ·  S. Guittonneau

Abstract

Photodegradation of 1% weight ratio pyrene on different model supports SiO2, CaCO3 and montmo-
rillonite was investigated. The kinetic studies show that the pyrene pseudo half-lives depend on the
nature of the support, and on the presence of water: on dry support, t½ = 3 h on SiO2, 3 h on CaCO3,
and 6 h on montmorillonite whereas, in presence of water, t½ = 9.9 h, 9.9 h, and 221 h, respectively. The
irradiation of pyrene revealed degradation products such as 1-hydroxypyrene, 4,5-dihydro-4,5-
dihydroxypyrene, 1,6 and/or 1,8-dihydroxypyrene, 1,6 and/or 1,8-pyrenequinone and 1,1'-bipyrene.
Given (i) the byproducts identified, (ii) the inhibition of pyrene transfer S1 ⎯→ T1 with HgCl2 and (iii) an
oxidation non photosensitized by rose bengal, a possible degradation pathway is proposed which
involves the formation of a pyrene radical cation via the singlet state of pyrene.

Key words: pyrene, SiO2, CaCO3, montmorillonite, photodegradation, mechanism

40.1
Introduction

Pyrene and other polycyclic aromatic hydrocarbons (PAHs) are either of petrogenic
origin as constituents of coals, petroleum and kerogen, or of pyroginic origin as a
result of incomplete combustion processes (Prado et al. 1981; Wislocki et al. 1986). PAHs
released into the air may be dispersed into water by rain or gravity, and owing to their
high hydrophobicity, accumulate in soils and sediments (Liste and Alexander 1999;
Jones et al. 1989). In the environment, PAHs, like pyrene, can be degraded by bacteria
under aerobic conditions (Schneider et al. 1996). Nevertheless, this process is slow
because of the anaerobic conditions which often occur on sediments and soils (Sharak
Genthner et al. 1997). Their degradation can be achieved partially by photooxidation,
which can occur in the environment, in the water phase and on solid substrates.

The photolysis rate of PAH adsorbed on solid phase is usually slow. The pho-
tolytic half-lives of pyrene and others PAHs adsorbed on different substrates such as
alumina, silica, fly ash, and carbon black range between 17 and 1 000 h (Behimer and
Hites 1988). Chemical and physical surface properties such as carbon content, surface
area, particle porosity size and chemical functional groups have an effect on the
photodegradation rate (Korfmacher et al. 1980; Yokley et al. 1986; Cope and Kalkwarf
1987; David and Boule 1993). However, one of the most important parameter in rela-
tion with the degradation process is the color of the support (Behimer and Hites 1988).
In addition, when a photochemical reactivity is observed at the solid/air interface
of an unactivated silica gel (Reyes et al. 2000), the main oxidized products are
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1-hydroxypyrene, 1,6- and 1,8-pyrenequinone, and the formation of a pyrene radical
cation as primary species is observed.

In comparison to the photolysis of adsorbed pyrene, the direct photolysis of pyrene
dissolved in water is rapid. The half-lives of PAHs (Smith et al. 1979; Zepp and Schlotzhauer
1979) vary between several minutes for the most reactive PAH (e.g. t1/2 = 10 min for
9-methylanthracene), 41 min for pyrene t1/2, to several hours for the less reactive sub-
stances (e.g. t1/2 = 70 h for naphthalene). The main photoproducts of pyrene degrada-
tion are also 1,6- and 1,8-pyrenequinones. The first step proposed in the literature for
the photochemical oxidation of pyrene and other PAHs involves either an electron
transfer from the excited singlet state of the PAH to molecular oxygen by a charge-
transfer (Sigman et al. 1998), or the oxidation of the PAH by singlet oxygen formed
during the irradiation (Barbas et al. 1996).

In this study, we investigate the influence of the support and water on the photoreac-
tion course of pyrene sorbed on supports. Experiments were performed with the model
supports SiO2, CaCO3 and montmorillonite, which are all representative of the main con-
stituents of the soils and sediments (Sparks 1995). To complete data often given at 254 or
365 nm, we focused our attention on the photodegradation rate of pyrene under a solar-
like irradiation and tried to confirm one of the mechanisms proposed in the literature.

40.2
Experimental

40.2.1
Chemicals

Pyrene (99%, Fluka), 1-hydroxypyrene (Aldrich), rose bengal (Aldrich), mercuric
chloride (99.5%, Prolabo) and the different supports silica (SDS), calcite (Fischer
Chemicals), montmorillonite (KSF, Aldrich) were used as purchased.

40.2.2
Sample Preparation

Pyrene adsorbed on dry support were prepared as following: 10 mg of pyrene were
mixed mechanically with 1 g of various supports (SiO2, CaCO3 and montmorillonite).
The mixture of 1% weight ratio was placed on petri dishes covered with a polymer
film transparent in the close UV and visible region at λ > 240 nm. The surface of the
sample irradiated was 28 cm2. Samples were placed under the lamp at about 15 cm
from the source. For each kinetic study, a run was made with 6 to 7 samples. At a
desired time, a sample was removed from the irradiation chamber and analysed.

In presence of water, the previous pyrene preparations were put into 50 ml of deionised
water. The samples were also covered with a film and put in the dark for two hours in
order to reach the equilibrium of pyrene partition between water and solid phase. The
surface of the sample irradiated was 15.9 cm2 with a 4 cm water column above the support.

Saturated aqueous solution of pyrene was prepared in deionised water at 0.135 mg l–1

after 24 h of stirring. Prior to the usage, the solution was filtered twice on a 5 µm nitrate
of cellulose filter.
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40.2.3
Irradiation

Irradiations were performed in a solar simulator SUNTEST CPS+ Atlas equipped with a
xenon lamp containing a UV filter (λ > 290 nm). The incident irradiance was 765 Wm–2

and the temperature was maintained by air-cooling at 35 ±3 °C, inside the apparatus.

40.2.4
Extraction Procedure

After irradiation, the residual amount of pyrene and photoproducts were extracted
from the solid phase with 10 ml of acetone in an ultrasonic bath (47 kHz) during
10 min. The mixture was then centrifuged and diluted prior to analysis by gas
chromatography (GC) or liquid chromatography (LC). Under these conditions, the
extraction recovery of pyrene from the support was approximately 90 ±7%.

40.2.5
Analysis

Analyses of pyrene were performed on a Waters 486 LC system (LC: liquid chromatog-
raphy), using a C18 Nucleosil column (5 µm, 150 × 4.6 mm) with an acetonitrile/water
mixture (85/15, v/v) as mobile phase. The UV detector was fixed at 242 nm. The photo-
products were identified by an Agilent 6890 GC/MS system (GC/MS: gas chromatog-
raphy-mass spectrometry), equipped with a HP5 column (0.25 µm, 30 m × 0.32 mm)
with a constant oven temperature of 190 °C and an injector temperature fixed at 250 °C.

Fluorescence emission spectra of pyrene solution and pyrne on solid supports were
plotted at λ exc. = 336 nm, on a Perkin Elmer LS5 spectrometer.

40.3
Results and Discussion

40.3.1
Kinetics of Pyrene Photodegradation on Sorbed Phase

The kinetics and the rate constants of the photodegradation of pyrene sorbed on SiO2,
CaCO3 and montmorillonite were evaluated both with pyrene crystals and pyrene in
aqueous solution. Experiments were carried out on both dry support and in presence
of a water column above the support.

The data presented on Fig. 40.1 show an apparent zero order law for the pyrene
degradation on dry SiO2, CaCO3, montmorillonite and pyrene crystals. The kinetic
law of these photochemical reactions is in agreement with the fact that in all cases
pyrene is present under its crystalline form at the surface of the support. The emission
spectra of 1% weight ratio pyrene sorbed on SiO2, CaCO3 and montmorillonite is simi-
lar to that of pyrene crystals with a wide fluorescence band between 440–520 nm
(excimer form) whereas, pyrene in dilute aqueous solution (0.101 mg l–1) shows an emis-
sion band at 360–420 nm (molecular form).
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As compared to the photodegradation of pyrene crystals, the sorption of pyrene on
montmorillonite decreases the degradation rate constant whereas, faster rate constants
are obtained with SiO2 and CaCO3. In accordance with the literature data (Behimer and
Hites 1988), these results can be related to the color of the different supports. A rapid
pyrene degradation on SiO2 and CaCO3, two white supports, is observed while the
degradation is slower on the grey montmorillonite (Table 40.1). A relation of the light
reflectance at the solid surface and the photolytic degradation rate can be suggested.
Results of light diffusion carried out with the fluorescence spectrometer at 350 nm
support this assumption and are given in Table 40.1.

When the solid phase is in water, there is a partition of pyrene in the two phases,
solid and water. Hence, after separation, the removal of pyrene was measured in both
phases. Kinetics of pyrene still adsorbed on supports (not shown) follow a zero order
law similar to the degradation kinetics observed on dry supports. Nevertheless, the
rate constants are quite lower as mentioned in Table 40.1. The decrease of rate con-
stants of pyrene on the support in water may be attributed to lower oxygen concen-
tration in water as compared to the air, and also to a scattering of the light emitted by
the lamp by solid particles suspended in the water column.

In the aqueous phase, pyrene is first solubilized until its concentration reaches the
limit of solubility in water, about 0.10 mg l–1. As indicated on Fig. 40.2, pyrene is then
photochemically degraded in solution according to an initial first order law.

A residual concentration of pyrene still remains after 100 min of irradiation in
water at about 0.02 mg l–1. This can be interpreted as an equilibrium between the rate

Fig. 40.1.
Kinetic of pyrene conversion
on solid supports, and degra-
dation of the pyrene crystal-
line form

Table 40.1. Rate constant of pyrene photodegradation on dry supports and in presence of water, and
intensity of light diffused at the solid surface
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of pyrene desorption/solubilization from the support and the rate of photodegradation
of pyrene in water. In water alone, the kinetic rate is faster (k = 9.2 × 10–4 s–1) than it
is in water in presence of silica. This can be explained by the previous phenomenon
and partly because water is a transparent medium (transmission at 300 nm = 100%)
compared to the aqueous phase, where silica slightly decreases the transmission of
light (transmission at 300 nm = 97%).

An important parameter characterizing the environmental photostability of a com-
pound is its half-life time. Calculations from kinetic data give the following half-life
times for pyrene sorbed on dry supports with an incident irradiation of 765 Wm–2: 3 h
on SiO2, 3 h on CaCO3, and 6 h on montmorillonite whereas, on wet support t½ = 9.9 h,
9.9 h, and 221 h, respectively. In the aqueous phase and with the crystalline form, the
half-lives of pyrene are respectively 0.3 h and 2.9 h. The photochemical activity of
pyrene is enhanced in water (molecular state) in comparison to pyrene in the adsorbed
state (crystalline form). This behavior can be explained by an inner filter effect as well
as by a concentration effect.

40.3.2
Identification of Photoproducts

According to the kinetic studies and to the brown color developed at the surface of
the supports after 1 h of irradiation, pyrene is degraded into further photoproducts.
LC and GC/MS analyses revealed that the major photoproducts are more polar than
pyrene. Five photoproducts have been identified with the help of their mass spectra
in comparison with the literature data (Table 40.2). 1-Hydroxypyrene was identified
by comparison with the retention times of a standard in LC, with its UV spectrum
and its mass spectrum. In the absence of commercial compounds, the substitution
position of carbonyl and hydroxyl functions (1,6- and/or 1,8-) was deducted by com-
parison of the experimental Rf  values on TLC (cyclohexane/ethyl acetate 0.75/0.25)
to the experimental LC chromatogram (Fig. 40.3) with data presented in the litera-
ture (Launaen et al. 1995; Mao et al. 1994) (TLC: thin layer chromatography). Except
for 1,1'-bipyrene, the dimer of pyrene, all the other compounds are byproducts of pho-
tooxidation processes which involves O2.

Fig. 40.2. Kinetics of pyrene degradation in water and in water in presence of silica
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40.3.3
Mechanism of Pyrene Photolysis

In order to assess the role of the singlet molecular oxygen O2 (1∆g) in the photolytic
degradation process at the solid surface, pyrene was irradiated in presence of rose
bengal (RB), a well-known sensitizer, which leads to the formation of singlet oxygen.
The irradiation was carried out between 450 and 570 nm affected RB but not pyrene.
As described in the literature (Reyes et al. 2000), RB is coadsorbed with pyrene on
the support, and after the photolytic generation of singlet oxygen (a,b), pyrene is oxi-
dized in a final step (c).

RB + hv ⎯→ RB* (a)

RB* + O2 ⎯→ RB + O2* (b)

O2* + pyrene ⎯→ oxidized products (c)

Experiments carried out on SiO2 in presence of RB and pyrene, have shown a very
low degradation yield of pyrene, 7% after 4 h of irradiation. Therefore, singlet mo-
lecular oxygen does not play a significant role during the photodegradation.

In order to characterize the excited state of pyrene involved in the mechanism of
pyrene phototransformation, HgCl2 was used as a quencher of cross intersystem trans-

Table 40.2. Main pyrene photoproducts detected

Fig. 40.3.
Separation of photoproducts
by liquid chromatography
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fer of pyrene S1 ⎯→ T1 (Sigman et al. 1998). The increase of the photodegradation
rate of pyrene in presence of HgCl2 (91% of degraded pyrene with HgCl2 on SiO2 and
40% without HgCl2 on SiO2, after 4 h of irradiation) shows that pyrene is more easily
degraded when the singlet state S1 of pyrene is the only one state involved.

The mechanisms of pyrene photooxidation at the solid surface and in solution
which are described in the literature, show that the pyrene radical cation is the first
species formed (Sigman et al. 1998; Lawrence et al. 1995). Then, the photodegradation
of pyrene proceeds predominantly by an electron transfer mechanism between pyrene
and O2 and/or between pyrene and support (Surapol and Thomas 1991; David and
Boule 1993). Accordingly, the following oxidation pathway consistent with the photo-
products detected is suggested (Box 40.1).

40.4
Conclusion

Pyrene is phototransformed by the solar light at the surface of all the supports stud-
ied. The rate of degradation depends mainly on the intensity of light diffused at the
surface of the support. Higher rates of degradation are observed with the white sup-
ports having the highest intensity of light diffused. In presence of water, the photoly-
sis can occur in both water and solid phase but the rate of pyrene degradation is quite
slowed down. A mechanism for the photooxidation of pyrene is proposed with the
formation of a pyrene radical cation associated with an electronic transfer on the
support or with O2 molecular, which has to be confirmed by flash photolysis studies.
This study will be continued in order to improve our knowledge about the photo-
chemical behavior of pyrene on natural sediments.
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Box 40.1. Proposed mechanism of photodegradation of pyrene sorbed on SiO2
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Degradation of Polycyclic Aromatic Hydrocarbons
in Sewage Sludges by Fenton’s Reagent

V. Flotron  ·  C. Delteil  ·  A. Bermond  ·  V. Camel

Abstract

The aim of this study was to investigate the use of Fenton’s reagent for the degradation of polycyclic
aromatic hydrocarbons (PAHs) in sewage sludges. As Fenton’s reagent generates hydroxyl radicals that
further oxidise pollutants in the solution, our efforts focused on finding experimental conditions that
would ensure the stability of aqueous PAH solutions. The use of Teflon recipients along with the ad-
dition of a co-solvent were required to limit adsorption effects. A non ionic surfactant (Brij-35) was
found to be a more suitable co-solvent instead of using an organic solvent as it minimises hydroxyl
radical consumption. However it was not efficient in desorbing PAHs contained in sludge samples
after 24 h contact time, even at concentrations above its critical micellar concentration.

Key words: Fenton’s reagent; oxidation; polycyclic aromatic hydrocarbons; remediation; sewage sludges

41.1
Introduction

Polynuclear aromatic hydrocarbons (PAHs) are ubiquitous pollutants. Urban areas
are important sources of PAHs due to domestic fuel combustion, industrial emissions,
car exhausts and natural background atmospheric deposition. As a consequence, rain-
water and waste water draining from urban areas into the sewerage system contain
relatively large amounts of PAHs. Due to their hydrophobicity, PAHs are primarily
adsorbed onto biomass during activated sludge treatment of the waste waters. They
remain partly undegraded due to their biological recalcitrance (Wild et al. 1990;
Manoli and Samara 1999). When sewage sludges are used as soil amendment, the
presence of PAHs is of great concern due to their mutagenic and carcinogenic poten-
tial (Santodonato et al. 1981; Santodonato 1997). In France, recent regulation imposes
a maximum acceptable limit for three PAHs in sewage sludges: 5.0 mg kg–1 d.w. for
fluoranthene, 2.5 mg kg–1 d.w. for benzo[b]fluoranthene and 2.0 mg kg–1 d.w. for
benzo[a]pyrene (see chemical structures in Fig. 41.1). Due to the toxicity of these
compounds, a treatment capable of partially or completely detoxifying the sludges
would be of interest (Perez et al. 2001). Because of the very low biodegradability of
these organic pollutants, a chemical oxidative treatment has to be considered. It could
be included in currently used sludge treatments, preferentially before the usual dehy-
dration step. As biodegradable oxidation by-products may be generated, it could be
followed by a biological treatment for the removal of such compounds. The combina-
tion of chemical oxidation and biodegradation would offer the additional benefit of
reducing the volume of final sludges obtained.
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Fenton’s reagent (Fe(II)-H2O2) is very attractive for such treatment due to its
moderate cost, simplicity of operation, and advanced oxidation potential as hydroxyl
radicals OH• are formed according to Reaction 41.1 (Barb et al. 1951; Edwards and Curci
1992; Walling 1975; Wardman and Candeias 1996). Hydroxyl radicals are highly reac-
tive species that have been shown to degrade many organic compounds, either by
addition of an hydroxyl group (Reaction 41.2) or by hydrogen abstraction (Reac-
tion 41.3). The presence of iron minerals in sludges may allow the Fenton oxidation to
proceed without any addition of iron (Venkatadri and Peters 1993; Watts et al. 1999).

Fe2+ + H2O2 ⎯→ Fe3+ + OH– + OH• (41.1)

     R + OH• ⎯→ ROH• (41.2)

  RH + OH• ⎯→ R•+ H2O (41.3)

This study was undertaken to investigate the feasibility of using Fenton’s reagent
to degrade PAHs in sewage sludge samples. This requires the control of three succes-
sive steps: (1) PAH desorption from the sludges, (2) stability of aqueous PAH solu-
tions, (3) PAH oxidation by OH•. Due to the high sorptive capacity and very low water
solubility of PAHs, we studied the stability of PAH solutions, before investigating their
oxidation by Fenton’s reagent. An application to sludge samples was then performed.

41.2
Experimental

All experiments were conducted at room temperature and done in triplicate. The initial
pH of the solutions was adjusted to 3 with H2SO4. Recipients were always covered
with aluminium foil to avoid photolytic degradation of the PAHs. The percentage of
PAHs adsorbed onto recipient walls was estimated by rinsing the recipient with ac-
etonitrile during 2 h, and analysing this rinsing solvent.

41.2.1
Reagents and Chemicals

Stock solutions (10 mg l–1 in acetonitrile) of individual PAHs were obtained from CIL
Cluzeau (purity: 97–99.7%). Analytical-reagent grade copper metal and nitric acid solu-
tion 68% were supplied by Prolabo, as well as hydrogen peroxide 30% by weight solution
and HPLC grade methanol (MeOH), ethanol (EtOH), acetonitrile (ACN), n-hexane,

Fig. 41.1.
Chemical structure of the investi-
gated PAHs. Reported solubili-
ties: 265, 1.5 and 4 µg l–1 for fluor-
anthene, benzo[b]fluoranthene
and benzo[a]pyrene respectively
(Lopez Garcia et al. 1992; Martens
and Frankenberger 1995)
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dichloromethane and acetone. Iron(II) sulphate heptahydrate was supplied by Merck
and the non ionic surfactant Brij-35 (polyoxyethylene lauryl ether) by Fluka. Deionised
water (Milli-Q) was used. Stock solutions of Fe(II) and H2O2 were prepared daily at
0.2 mol l–1 and 0.4 mol l–1 respectively.

41.2.2
Sewage Sludge Samples

Sewage sludge samples were obtained from a municipal waste water plant near Paris.
Upon reception at the laboratory, sludges were kept frozen to avoid any modification
during storage. Before use, large aliquots (100 g) were taken, dried in an oven (40 °C, 24 h)
before being homogenised with a mortar and sieved (at 2 mm). For the analysis of the
PAH content, 1 g dried sample was extracted with 30 ml hexane-acetone (1/1, v/v) in a
focused microwave-assisted extractor (Soxwave 100, Prolabo) at 30 W for 10 min. Ex-
traction was performed in presence of 1 g activated copper bars to remove sulphur.
Extracts were further filtered, concentrated to near 5 ml with a rotary evaporator, and
finally to about 2 ml under a gentle stream of nitrogen. Clean-up was performed on
disposable solid-phase extraction silica cartridges (Supelclean LC-Si, 1 g, Supelco) using
a Visiprep vacuum manifold system (Supelco). Cartridges were conditioned with 5 ml
n-hexane. PAHs were eluted using 4 ml n-hexane and 4 ml n-hexane/dichloromethane
(1/1, v/v). After mixing both fractions, the solvent was completely evaporated under a
gentle stream of nitrogen and the residue redissolved in 2 ml acetonitrile.

41.2.3
Liquid chromatography-Fluorescence Detection

A Varian 9010 pump equipped with a 20 µl loop connected to a Rheodyne injector 7125
was used, with a Thermo Separation Science FL3000 fluorimetric detector. Detection
was performed at selected excitation and emission wavelengths: 230–410 nm for
fluoranthene, 250–420 nm for benzo[b]fluoranthene and benzo[a]pyrene. A Supelco
LC-PAH analytical column (250 × 4.6 mm i.d., 5 µm) was used with a pre-column. The
flow-rate was 1.5 ml min–1 with the following gradient: 0–5 min 60% ACN/water,
5–30 min 60% ACN/water to 100% ACN, 30–45 min 100% ACN. External calibration
was performed (in the range 25–200 µg l–1) in different aqueous media.

41.2.4
Aqueous Solution Experiments

For PAH stability experiments, solutions containing the three PAHs (80 µg l–1) were pre-
pared in the different aqueous media tested. For Fenton oxidation experiments, solu-
tions containing the three PAHs (80 µg l–1) and Fe(II) (1.6 × 10–4 mol l–1) were prepared.
Fenton’s reaction was started upon addition of H2O2 (3.2 × 10–4 mol l–1). The initial
[H2O2]/[Fe(II)] ratio was 2, with a large excess of reagents as the ratio [Fe(II)]/[Total PAHs]
was around 155. This large excess was used to simulate further experimental condi-
tions for Fenton sludge oxidation, taking into account the fact that the sludge organic
matter will probably consume large amounts of OH•. The PAH content of solutions was
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followed over time by regularly withdrawing 1 ml, which was mixed with 0.25 ml metha-
nol to quench radical reactions, before being neutralised (pH 6) with NaOH and then
analysed.

41.2.5
Sludge Experiments

For Fenton oxidation experiments, 1 g sludge samples were put in contact with 5 ml
aqueous solution (pH 3) containing Fe(II) (1.4 × 10–4 mol l–1). Fenton’s reaction was
started upon addition of H2O2 (0.2 mol l–1). The initial [H2O2]/[Fe(II)] ratio was 1 430.
Stirring was ensured during all experiments. At the end of the chosen time, methanol
(0.44 ml) was added to quench radicals. The mixture was then centrifuged, and the
supernatant further centrifuged 15 min at 6 000 rpm. The solid residue was then
analysed for its PAH content. For desorption experiments, 2 g sludge samples were
put in contact with 20 ml aqueous solution (pH 3) of Brij-35 at three different concen-
trations in Teflon vessels. The slurry was mixed by head-over-tail shaking. After the
desired time, the supernatant was centrifuged 15 min at 6 000 rpm. The solid residue
was then analysed for its PAH content.

41.3
Results and Discussion

41.3.1
Stability of PAH Aqueous Solutions

PAH concentrations in standard aqueous solutions were followed over time. As shown
in Fig. 41.2, a decrease was noted for all PAHs, especially for the more hydrophobic,
benzo[b]fluoranthene and benzo[a]pyrene. This was due to adsorption of PAHs onto
the glass walls of the recipient, as PAHs could be recovered after rinsing the recipient
with acetonitrile. With polypropylene recipients the disappearance of the PAHs was
even worse (data not shown) as already observed with polyethylene material (Lopez
Garcia et al. 1992; Pinto et al. 1994). The use of Teflon recipients resulted in a reduc-
tion in PAH adsorption. However adsorption effects were still observed for long con-
tact times (nearly 35 and 50% for benzo[a]pyrene and benzo[b]fluoranthene respec-

Fig. 41.2.
Effect of time on the PAH con-
centrations in water contained
in glass vessels. C0: initial con-
centration, C: concentration at
time t. Note that the decrease
of the PAH concentrations can
be explained by their adsorp-
tion onto glass surfaces
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tively after 180 min), in agreement with a previous study reporting such adsorption
effects in Teflon material (Lopez Garcia et al. 1992). In addition, the repeatability of
the experiments was quite poor, probably due to the formation of colloids by hydro-
phobic interactions (Li and Lee 2001).

The addition of a co-solvent has been tested as a mean of increasing PAH solubil-
ity, thereby reducing their adsorption. So, the same experiments were conducted in
aqueous solutions containing either an organic solvent (MeOH, EtOH and ACN) or a
non ionic surfactant (Brij-35). Results are presented in Table 41.1. Methanol at 20%
was insufficient to completely prevent adsorption, which is consistent with previous
results reporting that 25% methanol was not sufficient for the high molecular weight
PAHs (Brouwer et al. 1994). A higher percentage of methanol (i.e. 40%) was in fact
necessary to avoid adsorption. On the other hand, due to its longer alkyl chain, 20%
ethanol was almost sufficient. Acetonitrile, due to its π-π interactions with PAHs, was
even more efficient. This complements a previous study that recommended to use
acetonitrile-water 40:60 to avoid any adsorption effects in either borosilicate glass or
Teflon recipients (Lopez Garcia et al. 1992). With all these organic solvents, repeatabil-
ity was satisfactory as hydrophobic interactions were greatly reduced, leading to quite
homogeneous solutions. Similar results were observed upon addition of the non ionic
surfactant (Brij-35) at low concentrations (below its critical micellar concentration
which is 10–4 mol l–1), in agreement with previous studies (Brouwer et al. 1994; Lopez
Garcia et al. 1992).

41.3.2
Fenton Degradation of PAHs in Aqueous Solutions

Since a co-solvent is added for avoiding adsorption effects over time, its effect in
presence of Fenton’s reagent needs to be investigated as it may compete with the PAHs
in consuming hydroxyl radicals as indicated by Reactions 41.4 and 41.5.

PAH + OH• ⎯→ PAHoxidised (41.4)

 CoS + OH• ⎯→ CoSoxidised (41.5)

It has been reported that reaction rate constants of OH• with ethanol, methanol
and acetonitrile are respectively 2.1 × 109, 1.2 × 109 and 6 × 106 mol–1 l s–1 (Edwards and
Curci 1992). The low rate constant for acetonitrile is due to the presence of a strong
electron attracting group in the molecule. In the same way, the presence of electron
donating groups enhances reactivity. In the case of PAHs, the rate constant is assumed
to be near 1010 mol–1 l s–1 due to the high electronic density of these polyaromatic
molecules (Haag and Yao 1992). Even though the co-solvents used have lower reactivi-
ties than PAHs, they will compete for OH• as they are present in large excess, com-
pared to the very low PAH concentrations in the solutions.

The results of Fenton experiments conducted in different aqueous media are re-
ported in Table 41.2. Solubilised PAHs were directly analysed by HPLC, while adsorbed
PAHs were quantified after rinsing the recipient with acetonitrile and analysis of this
rinsing solvent. Oxidised PAHs were estimated based on difference between the ini-
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tial PAH content and the solubilised and adsorbed proportions. From these results it
appears that the addition of an organic solvent prevents PAH oxidation due to strong
competition (ACN was not studied in detail due to the production of a very odorous
product in Fenton experiments). On the contrary, the presence of the non ionic sur-
factant in the solution has little influence, with degradation rates similar to those
obtained in water. These results show that Brij-35 does not react rapidly with OH•, so
that it may be used in a PAH degradation medium to minimise adsorption effects.
Nevertheless, future experiments should be performed to investigate the possible
formation of by-products upon oxidation of the surfactant. In addition, experimental
conditions will be optimised to ensure both PAH and surfactant advanced oxidation
in order to avoid subsequent disposal of surfactant solutions, as obtained in the case
of soil samples (Saxe et al. 2000).

It is interesting to note that PAHs do not react identically with the hydroxyl radicals,
even though OH• is considered to be a non selective oxidative species. Whereas
benzo[a]pyrene is readily degraded, the oxidation of fluoranthene is limited, while
benzo[b]fluoranthene is hardly degraded. Similar discrepancies in PAH reactivity to-
wards OH• have also been reported recently, with pyrene and benzo[a]pyrene having
the highest reactivity (Kelley et al. 1991; Nam et al. 2001). The presence of a 5-carbon
ring in the structure seems to inhibit the attack of OH• radicals. This is consistent with
the mechanism of attack of OH• on aromatic compounds which is analogous to an
electrophilic substitution (Anbar et al. 1966; Edwards and Curci 1992). In the case of
the most readily oxidised compound (i.e. benzo[a]pyrene), comparison of the disap-
pearance observed in the different media shows that similar efficiencies were obtained
in pure water and Brij-35 solutions (see Fig. 41.3). An attempt was made to estimate
the corresponding kinetic rate constants. Considering Reaction 41.4, the following
equation describes the disappearance of benzo[a]pyrene:

–d[BaP] / dt = k[OH•] [BaP]

In the early stage of the experiments, a steady-state OH• concentration is assumed
(the limiting step being Reaction 41.1), so that one can express the disappearance as
a pseudo-first order reaction rate, leading to the following equation:

Ln [BaP]/[BaP]0 =–kexp t

The curves of Ln C/C0 for that pollutant vs. reaction time were plotted. In presence
of methanol or ethanol, a pseudo-first order reaction was observed during the first
10 min with a very low estimated kinetic constant (around 0.017 min–1) due to the
strong scavenging effect of the organic solvent present in the medium. In Brij-35
aqueous solution, a pseudo-first order reaction was observed during the first 10 min,
with an approximate kinetic constant of 0.144 min–1, compared with 0.185 min–1 found
in pure water solutions. This result is in agreement with a previous study reporting
a value of 0.183 min–1 in the first 30 min of Fenton’s oxidation for the same pollutant
(Lee and Hosomi 2001). The shorter pseudo-first order phase observed in our study
may be due to the low initial concentration of the benzo[a]pyrene, which results in its
rapid disappearance and in a non-steady state for OH• after a short period of time.
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41.3.3
Application to Sewage Sludge Samples

Experiments were undertaken to study the behaviour of PAHs contained in sludge
samples treated by Fenton’s reagent. For that purpose, sludge samples were put in
contact with an aqueous solution (pH 3) containing Fe(II) and H2O2, with continuous
stirring. The PAH concentration of the sludge was then analysed over time. As indi-
cated in Fig. 41.4, a decrease in PAH content of the sludge was observed in the first
6 h, which showed that partial desorption of the compounds occurred. However this
desorption was quite limited due to the low water solubility of PAHs. In addition, as
the performance of blank experiments (i.e. sludge slurry without Fenton’s reagent)
led to similar disappearance of PAHs in the sludge, we suspected that desorbed PAHs
were not affected by Fenton’s reagent under the tested conditions.

Additional experiments were conducted to enhance PAH desorption from the
sludge. For that purpose, a co-solvent was added to the aqueous solution. As Brij-35
was previously found to be a suitable medium for Fenton oxidation of dissolved PAHs,
we tested its efficiency in desorbing PAHs from sludge samples. No significant PAH
desorption could be achieved up to 24 h whatever the Brij-35 concentrations tested
(5 × 10–5, 10–4 and 10–3 mol l–1). These results were unexpected as non ionic surfac-
tants have been reported to allow desorption of organic pollutants, such as naphtha-

Fig. 41.4.
Effect of time on PAH concen-
trations of sludge samples sub-
mitted to Fenton’s reagent

Fig. 41.3.
Effect of time on the benzo-
[a]pyrene concentration in
different aqueous media con-
taining Fenton’s reagent (Teflon
vessels). C0: initial concentra-
tion, C: concentration at time t.
Note that the disappearance of
BaP can be explained by its
OH• oxidation
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lene, from soil and sediment matrices (Pramauro et al. 1998). However, in our case the
highly hydrophobic character of the sludge may have led to a much slower desorption
of the PAHs and/or to the adsorption of the surfactant on the matrix. Therefore, longer
extraction times, higher concentrations, and/or a more efficient surfactant need to be
tested. In particular, the efficiency of biosurfactants will be studied.

41.4
Conclusions

This study shows that careful optimisation of experimental conditions is required to
degrade PAH in sewage sludges with Fenton’s reagent. In particular, the use of Teflon
recipients and the addition of a co-solvent are required to limit adsorption effects.
Ethanol and a non ionic surfactant (Brij-35) should be recommended for that pur-
pose, the latter being more suitable due to a lower scavenging effect towards OH•. We
found different reactivity towards OH• for the three PAHs tested, benzo[a]pyrene being
rapidly degraded while fluoranthene, and especially benzo[b]fluoranthene, were less
degraded. Future experiments will therefore require optimisation of the Fenton con-
ditions (especially the ratio H2O2/Fe(II)) to degrade all PAHs. In addition, experi-
mental conditions should be found to enhance PAH desorption from the sludge. Fi-
nally, the effect of both the desorption and the oxidation steps on the mobility of
metals contained in the sludge will be studied.
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Pesticide Mobility Studied by Nuclear Magnetic Resonance

B. Combourieu  ·  J. Inacio  ·  C. Taviot-Guého  ·  C. Forano  ·  A. M. Delort

Abstract

The adsorption-desorption mechanisms at the interface between organic and inorganic soil colloids
influence the movement of pesticides, and in turn their bioavailability. Here we demonstrate the po-
tential of high resolution magic angle spinning nuclear magnetic resonance (1H HR-MAS) to assess in-
situ interactions of pesticides at the solid aqueous interface. We used layered double hydroxides (LDH)
also called anionic clays, due to their environmental relevance as soil models and cleaner materials for
decontamination processes. We studied the adsorption behaviour of the pesticide 4-chloro-2-
methylphenoxyacetic acid (MCPA) on anionic MgAl-clays. Our findings demonstrate that the mobile
and immobile fractions of the pesticide can be unambiguously distinguished by 1H high resolution
magical angle spinning nuclear magnetic resonance (1H-HR-MAS-NMR).

Key words: bioavailability, pesticides, MCPA, adsorption, layered double hydroxides, anionic clay, 1H HR-
MAS NMR

42.1
Introduction

The fate of pesticides in the environment depends greatly on adsorption–desorption
mechanisms that take place at the interface between organic and inorganic soil col-
loids. These processes control transport and mobility of pesticides and in turn their
bioavaibility for plant or microbial uptake and degradation.

Pesticide adsorption on cationic clays, the major mineral component in soils, has been
widely studied (Bailey et al. 1968; Hermosin et al. 1993; Laird et al. 1994; Haderlein et al.
1996; Filomena et al. 1997; Sawhney and Singh 1997; Celis et al. 1998; Aguer et al. 2000; Cox
et al. 2000). Anionic clays, on the other hand, are rare in nature but easy to prepare. The
structure of these lamellar compounds is derived from that of brucite Mg(OH)2 (Allman
1968). They are built by stacking of positive [M2

1
+
–xMx

3+(OH)2]x+ layers, separated by
interlayer domains containing exchangeable hydrated anions [X m

x/
–
m · nH2O]. These

anionic exchangers are characterized by the general formula:

[M2
1

+
–xMx

3+(OH)2]x+[X m
x/

–
m · nH2O]

abbreviated as [M2+M3+X] (de Roy 1998; Vaccari 1999) and can be considered as the
anti-type of 2:1 smectites. A wide range of composition can be obtained for these
materials by changing the nature of the metal cations, the cation MII/MIII ratios thus
the layer charge density (0.20 ≤ x ≤ 0.33) as well as the nature of the intercalated an-



464 B. Combourieu  ·  J. Inacio  ·  C. Taviot-Guého  ·  C. Forano  ·  A. M. Delort

Pa
rt

 V

ion Xm
– . Due to their high anion exchange capacities, they represent promising materials

for the removal of toxic inorganic and organic anions from waste water. Few papers have
reported the use of LDH as organic contaminant adsorbents, for instance, the adsorption
of phenolic compounds (Hermosin et al. 1993; Ulibarri et al. 1995; Hermosin et al. 1996)
or pesticides on organic modified clays (Celis et al. 1999; Villa et al. 1999). Sorption
studies recently demonstrated that pesticides of the chlorophenoxy carboxylate family
[2,4-dichlorophenoxyacetate (2.4-D), 2,4,5-trichlorophenoxyacetate (2.4.5-T), 4-chloro-
2-methylphenoxyacetic acid (MCPA)] display very strong affinities to anionic clays.
(Lakraïmi et al. 2000; Inacio et al. 2001).

Nuclear magnetic resonance (NMR) is a powerful method to assess interactions of
organic xenobiotics with soil organic matter and minerals, e.g. clays. The various fol-
lowing approaches have been developed. First, liquid state nuclear magnetic resonance
(NMR) has been used to study the interaction of pollutants with dissolved humic or
fulvic acids (Nanny 1998, 1999; Herbert and Bertsch 1998; Bortiatynsky et al. 1998;
Nanny and Maza 2001). Here, chemical shifts and longitudinal relaxation times T1 of
isotopically-tagged organic compounds (13C, 15N, 2H, 19F) were measured. Such stud-
ies yield information on non-covalent interactions, but they are limited to aqueous
solutions.

Second, the global structure of soil organic matter in the solid state has been investi-
gated by cross polarization magic angle spinning (13C CP-MAS-NMR). Here, relationships
between organic functions and adsorption values (KOC) have been assessed (Ahmad et al.
2001; Xing and Chen 1999). In principle, these correlations could be used to predict
xenobiotic sorption on different type of soils, however there are still indirect methods.

Third, direct analyses of dry parts of soils in presence of xenobiotics have been
reported using solid-state CP-MAS NMR spectroscopy. For example, it was used to
characterize the 13C-atrazine residues and to follow the binding reactivity of organic
matter (Benoit and Preston 2000). Also 15N CP-MAS NMR allowed to study bound
residues of 2,4,6-trinitrotoluene (15N-TNT) in soils (Knicker et al. 1999; Bruns-Nagel
et al. 2000). Reports on interactions of pollutants with clay fractions are scarce and
focus on clay structure using 29Si or 27Al solid state NMR (Minear and Nanny 1998).
These experiments, performed on dry samples, give an altered fingerprint because
soil samples are usually highly hydrated outdoors. In particular they give few indica-
tion on the bioavailability of the pollutant.

Finally, recent experiments were carried out on hydrated matrices of whole soil (Simpson
et al. 2001) or clay (Combourieu et al. 2001) by using liquid state 1H high-resolution (HR)
MAS NMR. Indeed, HR MAS NMR allows the characterization of inhomogeneous com-
pounds with liquid-like dynamics (Piotto et al. 2001). In such systems with restricted or
anisotropic motions, the effects of dipolar coupling, chemical shift anisotropy and inho-
mogeneous susceptibility on resonance line widths are not averaged to zero in static ex-
periments but are dramatically decreased by magic angle spinning (MAS). Moreover the
use of 1H NMR avoids the problem of xenobiotic labeling.

The aim of the present work was first to assess the sorption capacity of MgAl anionic
clays towards the pesticide 4-chloro-2-methylphenoxyacetic acid (MCPA), a phenoxy-
acetic acid widely spread for the treatment of grain, corn, sugar, cane and rice (Cluzeau
1996). The environmental relevance of this chemical is well established (Draoui et al.
1998). We looked at the influence of the chemical composition and the layer charge
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density of the adsorbents on the adsorption properties. In a second part, we present
the differentiation of mobile vs. immobile fractions of the pesticide 4-chloro-2-
methylphenoxyacetate (MCPA) using 1H HR MAS NMR (Combourieu et al. 2001).

42.2
Experimental

42.2.1
Synthesis of [MgRAlCl]

The anionic clays were prepared with various cation molar ratios MII/MIII (Mg/Al
= R = 2, 3, 4), by coprecipitation at controlled pH (Miyata 1975). Typically, the [Mg3AlCl]
phase was prepared at 65 °C, under N2 and vigorous magnetic stirring: about 50 ml of an
aqueous solution of MgCl2 · 6H2O, 0.75 mol l–1 and AlCl3 · 6H2O, 0.25 mol l–1 was added
dropwise to the reactor previously filled with 100 ml of deionized water. The pH was kept
at 10.0 ±0.1 by simultaneous addition of 2 mol l–1 NaOH. The precipitate was left for 12 h
at 65 °C in the mother solution for ageing, then separated by 3 repeated washing/centrifu-
gation cycles and dried in air at room temperature. The results of the elemental analysis
of the samples (Centre d’analyses de Vernaison CNRS, France) given in Table 42.1 are in
agreement with the desired formulae; we note a general contamination by carbonate anions
from air for all phases. The experimental Mg2+/Al3+ molar ratio is close to the theoretical
value, which will be used hereafter to identify the samples. The X-ray powder diffraction
patterns of MgRAlCl phases, recorded on Siemens D501 diffractometer with copper
Kα  radiation, are typical of pure anionic clays.

42.2.2
Adsorption of Pesticide on Clays

Adsorption isotherms and kinetic studies were carried out twice at 25 °C in open bottles.
Typically, 10 mg of clay were dispersed 24 h in 25 ml of deionized/decarbonated water
before herbicide addition. The pH was then adjusted to 7.0 using either HCl (0.1N) or
NaOH (0.1N). The initial MCPA concentrations ranged from 0.05 to 2 mmol l–1 with a
final volume of 50 ml (V). The suspensions were centrifuged. Concentrations were ana-
lyzed by ultraviolet (UV) spectroscopy using a Perkin Elmer lambda 2S spectrometer
(279 nm). The amount of clay-adsorbed MCPA (Q, mmol g–1) was calculated by differ-
ence between initial (Ci, mmol l–1) and final (or equilibrium) concentrations
(Ce, mmol l–1) of the herbicide, per gram of clay adsorbent (m, g): Q = (Ci – Ce)* V m–1.
Then, the adsorption isotherms were obtained by plotting the amount of MCPA adsorbed
(Q) vs. the adsorbate concentration (Ce) in the equilibrium solution.

Table 42.1.
Elemental analysis of [MgRAlCl]
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42.2.3
Nuclear Magnetic Resonance (NMR)

42.2.3.1
1H MAS and 13C CP-MAS Experiments

The high-resolution solid state MAS spectra were obtained on a Bruker Avance DSX-300
spectrometer with a double bearing Magic Angle Spinning (MAS) probehead. For the
high-power 1H and 13C MAS experiments, the samples were packed in 4 mm zirconia rotors
fitted with Kel-F caps, and spun at the magic angle with a speed of 10 kHz at ambient
temperature. The 1H MAS spectra were recorded at 300.13 MHz with a single pulse experi-
ment. 13C cross polarisation (CP)-MAS spectra were performed at 75.46 MHz using a stan-
dard CP sequence. Hartmann-Hahn cross polarization from protons to carbon was car-
ried out at a proton nutation frequency of 70 kHz over a contact time of 1.5 ms. The pro-
ton decoupling field strength was 68 kHz. A recycle delay of 3 s was used. Free induction
decays (FID) were digitized into 3 K data points and Fourier-transformed after applying
10 Hz exponential line-broadening. The number of transients was fitted to reach optimal
signal to noise ratios (typically 1 024 for 13C experiments). Chemical shifts were referenced
to an external reference taken from the carbonyl of glycine (176.03 ppm) (Aldrich) and
from the singlet (0 ppm) of tetradeuterated sodium trimethylsilylpropionate (TSPd4)
(Eurisotop) for 13C and 1H respectively. These references were set before each spectrum.

42.2.3.2
1H HR-MAS Experiments

To assess the mobility of adsorbed vs. intercalated MCPA in anionic clays, 40 mg
samples were swollen with 80 µl D2O. The sample volume was restricted to approx.
50 µl in the center of the rotor using a Teflon insert to increase the radio frequency
field homogeneity. The 1H HR MAS NMR spectra were acquired at 300.13 MHz with
the same 4 mm MAS probehead using a single pulse experiment (t90° = 6.2 µs) with
presaturation during relaxation delay (4 s) for water resonance suppression. The
samples were spun in a speed range of 1.33 to 1.80 kHz. Chemical shifts are reported
in ppm relative to TSPd4 as external standard. The number of transients was typi-
cally 256 to achieve good signal to noise ratio.

42.3
Results and Discussion

42.3.1
MCPA Adsorption Isotherms for [Mg3AlCl]

Preliminary adsorption experiments, reported in a previous paper (Inacio et al. 2001),
were conducted in order to determine the optimal conditions for the adsorption of
MCPA on anionic clays regarding the contact time and the pH value. The kinetic study
showed that the adsorption equilibrium state is reached after a contact time of ca.
30–45 min. Hence, the pesticide adsorption on clays is very fast as already observed
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elsewhere with hydrotalcite-like compounds (Hermosin et al. 1993; Hermosin et al.
1996) and with Montmorillonite (Sannino et al. 1997). Furthermore, the adsorption
capacity reaches a maximum in the pH range from 5.0 to 7.0, pH values commonly
encountered in natural soils. Therefore, experiments were carried out at a pH value
of 7.0 at which MCPA is in the anionic form (pKa = 2.9).

Figure 42.1 displays the pesticide MCPA adsorption isotherms on [Mg4AlCl],
[Mg3AlCl] and [Mg2AlCl] phases. Three different parts within the adsorption iso-
therms of [Mg2AlCl] and [Mg3AlCl] can be distinguished. At low adsorbed concen-
tration in the equilibrium solution Ce (below 0.5 mmol l–1), a rapid increase of the
amount of MCPA adsorbed Q is observed, then Q reaches a plateau the length of which
depends on the Mg/Al ratio. At high Ce value, the amount of MCPA adsorbed increases
again more rapidly than at low Ce value. These results suggest that the adsorption
proceeds in two steps, first the saturation of the external sites at low equilibrium con-
centration while an interlayer process would occur at a high Ce value. For [Mg2AlCl],
the internal process begins at higher Ce values. Furthermore, the adsorbate-adsor-
bent affinity, evidenced by the slope at the origin, weakens while the Mg2+/Al3+ molar
ratio increases i.e. the layer charge density decreases.

The shape of the adsorption isotherm suggests information about the adsorbate-
adsorbent interaction and Giles et al. (1960) have classified the adsorption isotherms
into four main types. Here, the shape of the isotherms makes it difficult to classify
them; they are hybrids of the L- and the S-type according to the above classification.
The L-type isotherm shows a rapid adsorption reflecting a relative high affinity be-
tween adsorbate and the adsorbent. On the other hand, the S-type characterized first
by a weak adsorption which then gradually increases suggests a weak surface inter-
action and competitive adsorbate-adsorbate interactions. Even [Mg3AlCl] cannot be
considered clearly as pure L-type because of the first part of the curve. [Mg2AlCl] is
similar to S-type but tends to L-type for Ce > 1.2 mmol l–1. More difficult is the case of
[Mg4AlCl] which only adsorbs at Ce > 1.5. The shape from this point is clearly S-type
and this isotherm assignment is supported by Freundlich 1/n values (Beck et al. 1993).
These changes from S to L within the same isotherm are likely to be due to changes
from external to interlayer adsorption process.

Fig. 42.1.
Adsorption of the pesticide
MCPA on anionic clays:
a [Mg2AlCl], b [Mg3AlCl],
c [Mg4AlCl]
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Several models have been developed to describe the adsorption phenomena. Here,
owing to the shape of the isotherms, the sorption data were analyzed according to
Freundlich equation: Q = KCe

1/n where Q is the amount of pesticides per unit weight
of clay, Ce denotes the equilibrium concentration of the adsorbate and Kf and n are
constants that give estimates of the adsorption capacity and intensity, respectively.
This equation is used in a linearized form as follows: logQ = logK + 1 / n · logCe. The
results of the fits are reported in Table 42.2. Under these conditions, n is represented
by the reciprocal of the slope of the line.

The results of Table 42.2 show that the adsorption capacity increases with the layer
charge density of the mineral support i.e. [Mg4AlCl] < [Mg3AlCl] < [Mg2AlCl]. The
pesticide adsorption maximum reached at the plateau (for Ce = 1.0 mmol l–1) is 0.05,
0.50 and 1.90 mmol g–1 for [Mg4AlCl], [Mg3AlCl] and [Mg2AlCl], respectively, which
corresponds to 2%, 15% and 47% of the anion exchange capacity value (AEC). Hence,
the adsorption must proceeds via an anion exchange mechanism.

The mechanism remains the same at high equilibrium concentration. The layer charge
decrease resulting in a reduction in affinity would explain the fact that the interlayer
adsorption is steeply delayed to higher concentrations (Cox et al. 1995). X-ray diffraction
analysis shows an enlargement of the basal spacing (d003 = 2.21 nm) for [Mg3AlCl],
indicating that part of internal chloride anions were exchanged by MCPA. This high
basal spacing results from the formation of intertwined double-layers of MCPA in the
interlayer spaces, as reported by Prevot et al. (2001), with the anions hydrogen bonded
to the hydroxylated surfaces in a perpendicular orientation (Fig. 42.2).

Table 42.2.
Freundlich parameters for the pes-
ticide MCPA adsorption on clays
(Kf: adsorption capacity; 1/n: reci-
procal of the affinity; and r corre-
lation factor) and specific surface
areas (S.A.) of original materials

Fig. 42.2.
MCPA adsorption isotherm for
[Mg3AlCl]
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42.3.2
Nuclear Magnetic Resonance (NMR)

Solid state 1H magic angle spinning (MAS) NMR experiments performed on both
adsorbed and intercalated clays showed very broad signals and thus do not allow the
differentiation of mobile vs. intercalated fractions of the pesticide MCPA. Further
13C cross polarization (CP) MAS revealed only a slight difference of signal intensities
for the two populations due to a less efficiency of cross polarization (CP) technique
at the surface (data not shown). Therefore, in order to assess the contribution of
adsorbed components, the samples (40 mg) were swollen with D2O (80 µl).

Figure 42.3 (top trace) shows the 1H spectrum of the adsorbed MCPA on clay hy-
drated with D2O. All protons of MCPA are visible and chemical shifts are identical to
those of the solution state NMR, thus indicating an efficient tumbling of the mol-
ecules at the surface. Note the presence of the 3J coupling constant (9 Hz) of H5 and
H6 aromatic protons. These sharp signals are characteristic of weakly bounded com-
pounds. The spectrum of the intercalated pesticide (Fig. 42.3, bottom trace), recorded
under the same conditions, displays only residual signals. In this sample the MCPA
anions are tightly packed either inside the structure or at the surface because of a
high packing of organic molecules which are not observed by HR MAS. These small
signals could be explained by the release of a minor fraction of MCPA due to a slight
hydrolysis of the matrix. This is confirmed by the presence of two broad peaks at 0.85
and 1.25 ppm, identified as protons of metallic hydroxides under colloidal form.

Fig. 42.3. Distinction of the adsorbed (top trace) and intercalated (bottom trace) fractions of the
pesticide 4-chloro-2-methylphenoxyacetic acid (MCPA) on clays by 1H high resolution magic angle
spinning nuclear magnetic resonance (HR MAS NMR). When MCPA is absorbed at the surface, its
mobility is high enough to give narrow and well resolved 1H NMR signals. On the contrary when the
pesticide is intercalated, very broad signals are recorded due to a restricted mobility
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42.4
Conclusion

This communication demonstrates the potential of the 1H HR MAS technique to study
in-situ interactions of pesticides at the solid-aqueous interface of a solid matrix. This
was made possible by using a well-characterized model of soil. We are now investi-
gating the quantitative aspect of this technique in order to evaluate the bioavailable
(mobile) fraction of a xenobiotic in such a solid matrix. The environmental interac-
tions in a whole soil will also be investigated in the future by this technique since,
even when a large amount of species are present, all the powerful and sensitive solu-
tion-state experiments such as total correlation spectroscopy (1D or 2D TOCSY) and
nuclear Overhauser spectroscopy (NOESY) can be used.
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Photo- and Biodegradation of Atrazine
in the Presence of Soil Constituents
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T. Alekseeva  ·  C. Taviot-Guého  ·  C. Forano  ·  A. Kersanté  ·  N. Josselin  ·  F. Binet

Abstract

The photo- and biodegradation of atrazine in the presence of several soil constituents, in particular
earthworm casts collected from agricultural soils, were investigated. Earthworm casts were found
to favour the photodegradation of atrazine but did not affect its biodegradation, as well as com-
mercially available humic acids. The organic matter content of casts, even rather poor, increased the
photodegradation rate. In contrast, the lack of effect of earthworm casts on the biodegradability
may be due to the absence of minerals with swelling layers.

Key words: atrazine, soil, earthworm casts, photodegradation, biodegradation

43.1
Introduction

The present study is part of an interdisciplinary research program, entitled Tranzat,
that addresses a major and actual environmental concern related to agriculture, that
is the diffuse contamination of soils and freshwater ecosystems by a wide range of
xenobiotic chemicals used for crop protection. This work aims to determine to what
extent and by which mechanisms both the soil biota and the soil microflora control
the fate of herbicide at various spatial scales in the soil ranging from the molecular
to the soil profile scale.

Atrazine was chosen in this program as an environmental contaminant model
of priority status. As it is still nowadays a widely used herbicide in agriculture in
Europe, it is frequently detected in freshwater ecosystems and its concentration
often exceeds 10 to 100 fold the policy level of 0.1 µg l–1 for ground and surface wa-
ters. The part of atrazine reaching the soil undergoes a series of chemical and bio-
logical transformations. The abiotic degradation through solar light absorption oc-
curs early at the soil surface. In soil, degradation of herbicide is mediated by micro-
organisms and, additionally, influenced by the interactions between herbicide and
soil components.

Here we report our investigations on the photochemical and biological transfor-
mations of atrazine in the presence of several soil components. In particular, the ef-
fect of earthworm casts on these transformations were investigated.
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43.2
Experimental

43.2.1
Sampling and Characterization of Earthworm Cast

Soil was collected in the 20 cm top of an agricultural soil located at Pleine-Fougère,
10 km south-west of the Mont Saint-Michel Bay (Britany, France) in spring 2001.
Earthworms from the same location were extracted with formaldehyde. With respect
to its great soil disturbance activity, the large anecic species Aporrectodea giardi was
reared at the laboratory under 12 °C for 4 weeks with the fresh and undisturbed col-
lected soil. The initial soil moisture was maintained and organic matter such as grass
litter was added. After one week for worm adaptation, newly deposited casts were
collected every day and then air-dried prior to be used as natural clay-humic com-
plex for comparative experiments on atrazine degradation.

Earthworm cast composition: Mineralogical composition of earthworm casts was
investigated with XRD using Philips X’Pert diffractometer with Cu-Ka radiation. The
clay fraction for analysis was separated by sedimentation in distilled water after crum-
bling sample in a wet paste and parallel-oriented slides were prepared by the sedi-
mentation from water suspension. Prior XRD examination clay was pretreated with
10% H2O2 solution on the boiling water-bath (3 times) to remove organic matter. Mg-
saturated samples were prepared using 1N solution of MgCl2. Specimens used in case
of bulk samples and silt fraction were cuvets with sample powder. 1N Ammonium
acetate extract (pH 4.8) (solid/liquid ratio 1/10) was used to determine the content of
exchangeable cations – Ca, Mg, K and Na. Concentration of cations in extracts was
determined by atomic absorption spectroscopic (AAS) techniques.

Castings are characterized by close to neutral pH value (7.55), coarse granulo-
metrical composition (11.25% of particles with size < 2 µm), low exchangeable properties
with almost similar Ca and Mg content in exchangeable complexes (3.00 and 3.70 mg-
eq 100 g–1 respectively), and a very low organic content (1.87% for the fraction < 2 µm).
Worm casts (bulk sample) is enriched in quartz. The other minerals presented were: sev-
eral varieties of feldspars (albite, anortite, orthoclase, microcline), dioctahedral mica
(muscovite), orthopyroxene, calcite, magnetite. The clay fraction (<2 µm) is enriched in
muscovite, and contains also Fe-chlorite and kaolinite. The clay fraction contains also
quartz and minor quantities of feldspars and calcite. Thus, the specific feature of the
composition of the clay fraction is the absence of minerals with swelling layers (smectite
type). The silt fraction (2–20 mm) is enriched in quartz, but contains visibly more layer
silicates (the same set as clay fraction) in comparison with bulk sample.

43.2.2
Photolytic Experiments

In aqueous medium. Atrazine was solubilized at a level of 7.4 × 10–5 mol l–1 in pure
water (Milli-Q, Millipore) or in neutral water containing humic substances (40 mg l–1)
under stirring. The solutions were exposed to solar light in capped Pyrex glass reac-
tors (14 mm internal diameter) during the period April–May 2001 at Clermont-Ferrand
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(46°N, 3°E). Aliquots of 0.5 ml were removed simultaneously from the two solutions
and analysed by HPLC. Dark control experiments showed no loss of atrazine during
the time required for the irradiations in pure water and solutions of humic substances.

On soil-sorbed phase. Atrazine was sorbed on solid supports (soil, worm casting, sand)
using the following procedure: 3 g of solid support and 3 mg of atrazine were stirred in
20 ml of diethylether until the complete evaporation of the solvent. The solid-atrazine mix-
ture was then dried in a dessicator for one hour. Two grams were sieved uniformly onto
the surface of plates (8.5 mm internal diameter) recovered with a PVDF film and exposed
to solar light. One gram was kept in the dark for control. Samples of 200 mg were taken
at selected intervals, and diluted in 20 ml of dichloromethane and centrifuged at 6 000 rpm
for 15 min to separate the solid residue and the supernatant. The organic phase was evapo-
rated and the extract residue was solubilized in a methanol/water (50/50, v/v) mixture.

Analyses. Atrazine and photoproducts were analysed by HPLC using a Gilson chro-
matograph equiped with a UV-Visible detector and a conventional reverse phase col-
umn. The eluent was a mixture of methanol-water (60/40, v/v) and the detection wave-
length was set to 263 nm. UV spectra were recorded on a Cary 3 (Varian) spectropho-
tometer. A 1 cm path quartz cell was used for all the experiments.

43.2.3
Biodegradation Experiments

Growth conditions. Several liquid growth media were tested in a first step: the “atrazine
medium” described previously by Mandelbaum et al. (1993) containing 0.1% (wt/v) sodium
citrate as the carbon source and atrazine as the only carbon source at a final concentra-
tion of 100 ppm (0.46 mM); Trypticase Soy broth (bioMérieux, Marcy l’Etoile, France);
Nutrient Agar (bioMérieux) and LB medium (Difco). For the further studies, Pseudomo-
nas sp. strain ADP was grown in 100-ml portions of Trypticase Soy broth in 500-ml Erlen-
meyer flasks incubated at 30 °C at 200 rpm. The cells were harvested after 15 h of culture.

Atrazine metabolism by resting-cell culture. Cells were centrifuged at 9 000 g for
15 min at 5 °C. The pellet was washed a first time with NaCl solution (8 g l–1) and then
with mineral water (Volvic, France). Cells (55 mg dry weight) were resuspended in
10 ml of a 0.1 mM atrazine solution prepared previously (22 mg of atrazine in 1 l of
Volvic water or phosphate buffer 50 mM, pH 6.7) and incubated in 50-ml Erlenmeyer
flasks at 30 °C under agitation (200 rpm). The controls consisted of preparations in-
cubated under the same conditions without substrate or cells. Samples (500 µl) were
taken every 30 min directly from the culture medium. They were centrifuged at 12 000 g
for 5 min and the supernatants were analysed by HPLC.

Incubation in the presence of a solid. To 10 ml of the 0.1 mM atrazine solution was
added either 1 g of earthworm casting or various quantities of humic acids (40 mg,
120 mg or 1 g l–1) (Aldrich). After 24 h of stirring, resting-cells of Pseudomonas sp.
strain ADP (55 mg dry weight), obtained as previously described, were added. Control
was obtained in the same conditions without cells.
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Analyses. HPLC analyses were performed using a Waters 600E chromatograph fitted
with a reversed-phase column (Merck C18; 5 µm, 150 × 4.6 mm). The mobile phase
was a mixture acetonitrile/acetate buffer 50 mM pH 4.6 (30/70, v/v) with a flow rate
of 1 ml min–1. Waters 486 UV detector was set at 225 nm.

43.3
Results and Discussion

The aim of our study was to determine the physico-chemical mechanisms at the
molecular scale involved in the triple interactions between the soil constituents, the
atrazine molecule (sorption process) and a model bacteria Pseudomonas ADP, a well-
known atrazine degrading bacteria (Mandelbaum et al. 1995). Therefore, we performed
comparative experiments on the abiotic and biotic degradation of atrazine with vari-
ous soil constituents and also with earthworm casts, biogenic soil structures that could
be defined as particular natural clay-humic complex.

43.3.1
Photolytic Experiments

Kinetics of disappearance of atrazine irradiated in aqueous medium are shown in
Fig. 43.1. In pure water, atrazine underwent a slow phototransformation. The decrease
of atrazine concentration was faster when humic substances were added reaching about
50% of conversion after 40 d. Deisopropyl- and deethyl-atrazine were formed along
with hydroxyatrazine. On dry solid supports, atrazine was also phototransformed (see
Fig. 43.1). The reaction was faster on soil and earthworm casts than on sand. Similar
consumption rates were obtained with these two latter supports. Again, deisopropyl-
and deethyl-atrazine were found as main photoproducts (Fig. 43.2). Formation of
hydroxyatrazine was not observed.

Fig. 43.1.
Phototransformation of atra-
zine in solar light: compared
decrease of atrazine concen-
tration in various media. The
percentage of atrazine was
obtained by dividing the con-
centration measured in the
irradiated samples by the ini-
tial concentration
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The phototransformation of atrazine has received large interest. The reaction has been
studied in various experimental conditions i.e. in pure or natural water (Torrents et al.
1997; Minero et al. 1992; Curran et al. 1992), in water containing nitrate ions (Torrents et al.
1997), acetone (Burkhard and Guth 1976), soil organic matter (Minero et al. 1992) or ribo-
flavine (Rejto et al. 1983). Studies on solid supports have been also reported (Curran et al.
1992; Konstantinou et al. 2001; Gong et al. 2001). The photolysis in pure water and in solar
light was generally shown to be slow due to the fact that the absorption spectrum of atra-
zine overlaps poorly with the solar spectrum. On the other hand, reported results on the
photosensitized reactions in homogeneous phase or on soils showed some discrepancies.

In a positive agreement with literature, we found that aqueous atrazine undergoes a
slow photolysis on solar light. Our results show that humic substances increase the photo-
transformation rate. The action of humic substances is related to photochemistry and not
to the formation of non-analysable bound residues since in the dark no or very low atrazi-
ne consumption was observed. The photoproducts observed are deisopropylatrazine, deethyl-
atrazine and hydroxyatrazine. Dealkylation is likely to involve the abstraction of H atom
from NH with the intermediary formation of an anilino radical. Dealkylation may occur
further to oxidation and rearrangement of the radical. Alternatively, the anilino radical
might add on humic substances itself yielding bound residue. Minero et al. (1992) who ir-
radiated at λ > 340 nm found also that natural organic matter had an accelerating effect on
the reaction, while Torrents et al. (1997) and Konstantinou et al. (2001) who irradiated at
shorter wavelength (λ > 290 nm) found an inhibiting influence of humic substances. These
differences show the importance of the irradiation conditions. In solar light or at
λ > 340 nm, the direct photolysis of atrazine is a negligible reaction and the photoinduc-
tive effect of humic substances is measurable. In contrast, irradiations within the wavelength
range 290–300 nm favor direct photolysis and make negligible photoinduced reactions.

We observed phototransformation on solid supports as Gong et al. (2001). Photolysis
is slower on sand than on soil or earthworm casts. It may indicate that natural organic
matter has a photoinductive effect. Alternatively minerals contained in soils may act as
photocatalysts. From the analytical point of view our results are very different from those
of Gong: we found again dealkylated products while he observed the formation of hy-
droxyatrazine.

Fig. 43.2.
HPLC chromatogram of ex-
tract obtained after irradiation
of atrazine on earthworm casts
(conversion extent = 50%) (1: de-
isopropylatrazine; 2: deethyl-
atrazine)
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43.3.2
Optimization of the Atrazine Biodegradation Conditions

In the 1990s, a number of bacterial strains, able to use atrazine as the sole source of nitro-
gen or carbon, were isolated: various Pseudomonas strains (Yanze-Kontchou and Gschwind
1994; Mandelbaum et al. 1995; Radosevich et al. 1995), Agrobacterium radiobacter J14a
(Struthers et al. 1998), Nocardioides sp. (Topp et al. 2000), etc. Some of these strains are
able to mineralise atrazine others catalyze an hydrolitic dechlorination reaction, produc-
ing hydroxyatrazine, or N-dealkylation reactions (Wackett et al. 2002). The bacterium,
Pseudomonas sp. strain ADP was chosen as a model in this study as its atrazine metabolic
pathway, as well as the different genes involved, were well-known and identified. However,
several parameters needed to be optimised to carry out such experiments:

i. High biomass quantities were required to be able to monitor several assays in
parallel. So it was not possible to use the “atrazine medium” described previously
by Mandelbaum et al. (1993). Different growth media were tested: Trypcase soy broth
(TS), Nutrient Broth (NB) and LB medium. The comparison of the OD575 (after
dilution by ten: TS: 1.07; NB: 0.45; LB: 0.91) and the dry weight of cells obtained
after 16 h of culture in a 100-ml portions of the different media (TS: 264 mg;
NB: 105 mg; LB: 209 mg) showed that TS medium was the most appropriate for our
further studies. The biodegradation of atrazine (0.1 mM) in 10 ml of 50 mM phos-
phate buffer (pH 6.7) was then carried out with cells grown on TS-medium (150 mg
dry weight) in order to check if they still have their biodegradative abilities. Atra-
zine was completely degraded within 30 min and the only metabolite detected by
HPLC was hydroxyatrazine as previously described (Mandelbaum et al. 1995; Bichat
et al. 1999; Katz et al. 2001; Wackett et al. 2002).

ii. The medium in which the atrazine biodegradation was carried out, had to be neu-
tral regarding the solid matrixes, the biodegradation or the interactions. Two in-
cubations were made in parallel with a 0.1 mM atrazine solution prepared either
in phosphate buffer 50 mM, pH 6.7 or in mineral water (Volvic, France, pH 7.1). In
both cases, atrazine has completely disappeared within 30 min and the biode-
gradative pathway was not modified.

iii.The last point concerned the best conditions for the correct and accurate analysis
of the potential effect of the solid on the biodegradation, that should be neither too
rapid, nor too slow. Different cell concentrations were tested: 10, 30, 55 and 110 mg
dry-weight cells in 10 ml of a 0.1 mm atrazine solution. The lower the concentra-
tion in cells is, the slower the biodegradation of atrazine gets. 23 h for complete
degradation of atrazine seems to be a reasonable time to follow precisely the kinet-
ics, so the cell concentration of 55 mg dry-weight cells was chosen.

43.3.3
Atrazine Biodegradation in the Presence of Humic Acids

As humic acids play an important role of photoinducer in the biotic process as pre-
viously shown, their effect was also tested on the atrazine biodegradation. After equili-
bration of the slurry for 24 h (10 ml of a 0.1 mM atrazine solution in the presence of
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40 mg or 120 mg l–1 of humic acids), the experiments were initiated by inoculation
with the bacterial resting-cells. Representative atrazine degradation time courses in
the presence of the different concentrations in humic acids are shown on Fig. 43.3.

No significant adsorption of atrazine was observed during 24 h of pre-incubation,
even with the highest concentration in humic acids (data not shown). No significant
decrease of atrazine concentration was observed in the controls either, i.e. incubations
carried out under the same conditions without cells (data not shown). The literature
is full of examples showing the major role of organic matter in the sorption of herbi-
cides, often directly related to their transport and dynamics in the soils (Bollag et al.
1992; Senesi 1992; Piccolo et al. 1998). Under the conditions used here, it is clear that
binding of atrazine with humic substances was very limited and should not avoid
degradation by reducing bioavailability. Meredith and Radosevich (1998) estimated that
less than 1% of atrazine was associated with humic acids under similar conditions.

If the kinetics of atrazine degradation were relatively similar whatever the humic
acid concentration, the time course evolution of the metabolite (hydroxyatrazine)
changing with the humic acid concentration. However, it is difficult to draw clear con-
clusions. Comparing results obtained with 0.40 and 120 mg l–1 of humic acids, it seems
that the higher the concentration in humic acids, the slower the rate of hydroxyatrazine

Fig. 43.3.
Concentration of atrazine (up)
and its degradation product
hydroxyatrazine (down) with
time of incubation with Pseudo-
monas ADP in the absence or
in the presence of humic acids
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degradation gets. Martin-Neto et al. (2001) studied the interaction mechanisms be-
tween hydroxyatrazine and humic substances and showed that this metabolite readily
forms electron-transfer complexes with humic substances. The existence of these
complexes may explain a strong adsorption and its low bioavailability.

43.3.4
Atrazine Biodegradation in the Presence of Earthworm Casts

During the twenty four hours of pre-incubation of 1 g earthworm casts with 10 ml of
a 0.1 mM solution of atrazine, its concentration did not show a significant decrease.
The controls, corresponding to incubation without cells in the presence or in the
absence of earthworm casts, indicated that atrazine is chemically stable in water and
that its sorption on the castings used is negligible (Fig. 43.4). Resting-cells of Pseudo-
monas sp. strain ADP were then added to the (atrazine – earthworm casts) slurry. The
kinetics were compared with those obtained with cells alone (Fig. 43.4).

Atrazine concentration decreased below detectable levels after 24 h of incubation.
The lower concentration observed at time zero (0.08 mM instead of theoretical 0.1 mM)
is due to the dilution corresponding to the addition of the bacterial cells suspension
but could also be explained by the biosorption of cells. This phenomenon has been
described for fungal strains (Benoit et al. 1998). The sole metabolite detected was
hydroxyatrazine, compound that was not observed in the controls. Its formation was
then only due to the biological activity. This metabolite was rapidly formed: its concen-
tration was already of 10 µM after 5 min of incubation. After 24 h of incubation,
hydroxyatrazine had almost completely disappeared. Therefore the presence of the
earthworm casts in the incubation medium had no effect neither on the biodegradative
rate of atrazine, nor on the kinetics of appearance and disappearance of its metabolite.

The absence of effect of the earthworm casts on the sorption or on the biode-
gradative kinetics of atrazine could be explained by their chemical composition
(TC = 1.16%). Their poor content in organic matter and the absence of minerals with
swelling layers (see experimental section), both considered as main actors in the
interaction processes of pesticide–soil, could explain the results obtained. The initial
low content of clays in the agricultural soil may have reduced the capability for the
worms to concentrate it in casts. These results are in agreement with those obtained
by Farenhorst and Bowman (2000), who have shown that the degree of atrazine sorp-
tion on castings increased with increasing organic carbon content.

Fig. 43.4.
Time courses of the concentra-
tion of atrazine and hydroxy-
atrazine in the absence (� for
atrazine and � for hydroxyatra-
zine) or in the presence of
earthworm casts (× for atrazi-
ne and ×+ for hydroxyatrazine).
Controls (without cells): atra-
zine (�); atrazine + casts (�)
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43.4
Conclusions

A detailed study of earthworm casts composition revealed that contents of minerals
with swelling layers and organic matter are both low. In accordance, we found a neg-
ligible sorption of atrazine on earthworm casts. Regarding transformation processes,
earthworm casts were found to favour the photodegradation of atrazine but did not
affect its biodegradation. Since humic substances photoinduce the transformation of
atrazine in homogeneous phase, the photoinductive effect of earthworm casts might
be connected to their organic matter content although rather poor. The lack of en-
hancing effect of earthworm casts on the biodegradability may be due to the poor
content in both minerals with swelling layers and organic matter. Studies on soil
samples and worm casts collected from the riparian wetland close to the river and
naturally rich in clay fraction and in organic matter are still in progress. They should
permit a better insight into the role of each soil constituent in the photo and biodeg-
radation of atrazine.
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Behaviour of Imidacloprid in Fields.
Toxicity for Honey Bees

J. M. Bonmatin  ·  I. Moineau  ·  R. Charvet  ·  M. E. Colin  ·  C. Fleche  ·  E. R. Bengsch

Abstract

Following evidence for the intoxication of bees, the systemic insecticide imidacloprid was suspected
from the mid nineties of having harmful effects. Recently, some studies have demonstrated that
imidacloprid is toxic for the bees at sub-lethal doses. These doses are evaluated in the range between
1 and 20 µg kg–1, or less. It appeared thus necessary to study the fate of imidacloprid in the environ-
ment at such low levels. Thus, we developed methods for the determination of low amounts, in
the µg kg–1 range, of the insecticide imidacloprid in soils, plants and pollens using high pressure liq-
uid chromatography – tandem mass spectrometry (LC/APCI/MS/MS). The extraction and separation
methods were performed according to quality assurance criteria, good laboratory practices and the
European Community’s criteria applicable to banned substances (directive 96/23 EC). The linear con-
centration range of application was 1–50 µg kg–1 of imidacloprid, with a relative standard deviation of
2.9% at 1 µg kg–1. The limit of detection and quantification are respectively LOD = 0.1 µg kg–1 and
LOQ = 1 µg kg–1 and are suited to the sub-lethal dose range. This technique allows the unambiguous
identification and quantification of imidacloprid. The results show the remanence of the insecticide in
soils, its ascent into plants during flowering and its bioavailability in pollens.

Key words: imidacloprid, insecticide, Gaucho®, analysis, soils, plants, pollens, bees

44.1
Introduction

Various insecticides to protect crops against insects have been used over the last 40 years.
Most insecticides were applied by spraying in large quantities, thus inducing pollution
of air, soils and waters. In the 1990s, new insecticides were sold and announced as being
efficient. Their implementation allowed the reduction in use of large quantities of
pesticides and thus, to reduce pollution. Gaucho® is one of these new insecticides of-
ten used as a seed-dressing and imidacloprid is its active compound.

Imidacloprid is a systemic chloro-nicotinyl insecticide (Placke and Weber 1993).
This propriety allows pesticide to rise into the sap and its distribution in the plant. It
is used for soils, seeds and foliar applications for the control of sucking insects, in-
cluding rice hoppers, aphids, thrips, whiteflies, termites, turf insects, soil insects and
some beetles. It is most commonly used on rice, cereal, maize, sunflowers, potatoes
and vegetables. It is especially systemic when used as a seed or soil treatment (Nauen
et al. 1998). The active chemical works by interfering with the transmission of stimuli
in the insect’s nervous system. Specifically, it causes a blockage in the nicotinergic
neuronal pathway that is more abundant in insects than in warm-blooded animals,
making the chemical much more toxic to insects than to warm-blooded animals. This
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binding on the nicotinic acetylcholine receptor (nAChR) leads to the accumulation of
the acetylcholine neurotransmitter, resulting in the paralysis and death of the insect
(Okazawa et al. 1998).

The seed-dressing for sunflowers was launched on the French market in 1994 with
the name of Gaucho®. From 1995, beekeepers have observed the death of numerous
bees and the decrease in honey production (Fig. 44.1). This problem has worsened
with the increasing use of Gaucho® on sunflower and on maize. As a result, imida-
cloprid has been suspected as having harmful effects on honeybees in fields.

Imidacloprid exhibits a high oral toxicity to honeybees. The oral lethal dose 50%
(LD50) is observed between 49 and 102 ng per bee (Nauen et al. 2001), 3.7 and 40.9 ng
per bee (Schmuck et al. 2001), 5 ng per bee (Suchail et al. 2001) or 40 and 60 ng per
bee (Suchail et al. 2001). These values correspond to a lethal food concentration rang-
ing between 0.1 and 1.6 mg kg–1 (Schmuck et al. 2001). The contact LD50 is about 24 ng/
bee at 24 and 48 h (Suchail et al. 2001). The sub-lethal effect of imidacloprid on bees
has not been investigated until recently. New studies have shown that the crucial
functions of bees such as foraging are affected by sub-lethal doses of imidacloprid in
the range from 1 to 20 µg kg–1 and from 0.1 to 2 ng / bee (Pham-Delegue and Cluzeau
1999; Colin and Bonmatin 2000). A dose of 0.1 ng per bee can also induce a decrease
of habituation (Guez et al. 2001). Today, the action of imidacloprid on bees is not yet
fully understood. There are at least two levels of toxicity, one centred at about 5 ng /
bee and the other one at around 40 ng / bee. Moreover, imidacloprid and its metabo-
lites would still be very toxic at much lower doses due to chronic intoxication. Briefly,
studies converge and show a complex mechanism with an important toxicity at doses
of imidacloprid in the µg kg–1 range, and even for lower amounts (Colin and Bonmatin
2000; Colin 2001; Guez et al. 2001; Belzunces 2001).

Nevertheless, data from Bayer AG indicated the absence of imidacloprid and its
metabolite residues in the flowering of sunflowers raised from Gaucho® dressed seeds.
This resulted from a sharp decrease of the imidacloprid content during the growth of
treated plants. However, this data came from analysis using high performance liquid
chromatography coupled with UV detection (HPLC/UV), which only allows quanti-
fication from 20–50 µg kg–1 (Placke and Weber 1993).

Based on the fact that harmful effects on bees appear in the µg kg–1 concentration
range, a more sensitive methodology was clearly needed to precisely determine the

Fig. 44.1.
Production of honey in west
France. Note the decrease of
after 1994, which could be ex-
plained partly by the use of the
insecticide on sunflower. The
vertical axis is graduated in %
and 100% corresponds to the
mean production between 1988
and 1994
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insecticide content of flowers and pollens. Thus, new studies were launched in France
by government agencies from 1998 (AFSSA, CNRS, INRA). One of the aims was to
develop modern analytical methods allowing a limit of quantification (LOQ) near
1 µg kg–1. For a comprehensive approach of the imidacloprid behaviour in fields,
methods had to be efficient for soils, plants, flowers and pollens from field samplings.

Several methods have been reported for the analysis of imidacloprid. Although
imidacloprid residues can be analysed by derivatization and gas chromatography
methods (Macdonald and Meyer 1998; Uroz et al. 2001), HPLC appears to be a good
alternative because of the thermolability and polarity of imidacloprid (Baskaran
1997; Yih-Fen and Powley 2000; Pous et al. 2001). HPLC gave sensitive results for
imidacloprid in groundwater (Martinez-Galera et al. 1998), but the limit of detection
(LOD) had to be lowered for the present study. Here, we developed analysis by
high performance liquid chromatography coupled with mass spectrometry in tan-
dem (HPLC/MS/MS) to detect and quantify imidacloprid in soils, plants, flowers and
pollens with a LOD of 0.1 µg kg–1 and a LOQ of 1 µg kg–1 (Bonmatin et al. 2000a,c;
Bonmatin et al. 2001).

44.2
Experimental

44.2.1
Samples and Extraction

Soils, plants and pollens, were sampled throughout France and were analysed to fol-
low the fate of imidacloprid in the environment. The chemical composition of soils,
plants and pollens is very heterogeneous. Each material contains organic compounds
which can induce perturbations for the analysis. Thus, efficient extraction was needed
to detect imidacloprid with a very low limit of detection. That is why three specific
extraction methods were applied. Supplementary samples of soils, plants and pollens,
which were totally free of imidacloprid, were spiked with known amounts of imida-
cloprid for calibration and assessment of the quality of our experiments. To identify
the presence of imidacloprid, the treated samples were also compared with organi-
cally-farmed samples. The extraction schemes are shown for soils, plants and pollens
in Fig. 44.2.

44.2.2
Analysis by Liquid Chromatography-Mass Spectrometry

Although the extraction steps are efficient and selective, it is necessary to perform a
separation by high performance liquid chromatography. Imidacloprid is thermo-la-
bile, thus HPLC allows direct injection of the extract, whereas gas chromatography
(GC) requires derivatization. The detection by mass spectrometry coupled to LC al-
lows clear identification of the parent ion at m/z = 256, a very high specificity using
two or more ions products (m/z = 209 and m/z = 175), and a very low limit of detec-
tion as detailed in the next section.
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Antipyrine was systematically used as an external standard between 10 injections
of unknown samples. Unknown samples were also injected between series of stan-
dards and quality control samples. The retention time was constant with a deviation
never exceeding 2.5%. The retention time was typically 2.4 min for the plants and
2.8 min for the pollen and soils samples depending on the chosen chromatographic
flow. Calibration graphs were plotted for six standard solutions between 0.5 and
20 µg kg–1 of imidacloprid added in extracted materials (blanks). For each calibration
point, three injections into the liquid chromatograph were performed. Linearity was
found in the range between 0.5 and 20 µg kg–1. The correlation coefficients were bet-
ter than 0.99.

Fig. 44.2. Extraction schemes applied to soils, plants and pollens prior the separation and detection
processes. Schemes were suited to obtain high recovery levels of imidacloprid at the level of the limit
of quantification (1 µg kg–1)
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The specificity was performed by following two fragmentations of imidacloprid.
The first fragment at m/z = 209 is due to the loss of NO2. The second fragment at m/
z = 175 is due to the losses of both NO2 and Cl (Fig. 44.3). The chromatograms of
product ions are clearly defined and are specific for imidacloprid. From multiple
reaction monitoring (MRM) experiments, the ratio of the two product ion signals
(175/209) gives an averaged value near 0.4. The latter value comes from the analysis
of standards. Such an average value differs slightly depending on the starting material
(soils, plants, pollens). However, when performing analysis of unknown samples, it
did not vary by more than 20%, thus satisfying the corresponding quality criteria.
Additionally, the ratio of 35Cl/37Cl imidacloprid signals was checked as a supplemen-
tary criteria of specificity.

The limit of detection was determined according to the signal of the less intense
product ion. This limit was 0.1 µg kg–1 for soils and plants and 0.3 µg kg–1 for pollens.
The limit of quantification was 1 µg kg–1 for each material type, with a S / N = 10, the
latter being averaged from 10 injections. Reproducibility was tested six times for three
concentrations of imidacloprid (1, 10, 18 µg kg–1). The relative standard deviation val-
ues were lower than 18% for the plants and lower than 15% for pollens and soils. These
values are in accordance with the quality criteria. The recovering rates (i.e. quantified
quantity/theoretic quantity) are (i) in the 85–86% range for soils, (ii) in the 78–82%
range for plants and (iii) in the 78–85% range for pollens. Note that relative concen-
trations of imidacloprid in the present paper were not recalculated to take account of
the recovering rates, so these concentrations can be considered as being minimised
by near 20%. As a matter of fact, the method respects the criteria (retention time,
ratio between the products ions, signal-to-noise ratio…) of the directive 96/23 EC
which is designed for banned substances. It is thus not surprising that manufacturers
including Bayer AG, nowadays adopt such methods for a better characterisation of
their products (Yih-Fen and Powley 2000; Schmuck et al. 2001).

Fig. 44.3.
Scheme of the selected frag-
mentations and the mass spec-
tra corresponding to the prod-
uct ions of imidacloprid
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44.3
Results and Discussion

44.3.1
Soil Analysis

French soils from numerous areas with varying climates, soil compositions and rain
exposures were sampled. This approach gives our results a statistical dimension, al-
lowing a general extrapolation in France (see Fig. 44.4). Among 74 samples of soils,
7 came from organic farming areas and did not reveal any signal of imidacloprid.
These organically-farmed samples can be considered as control samples and demon-
strate that the sampling procedure was performed without any external contamina-
tion. A total of 67 unknown samples were analysed. They are classified according to
their imidacloprid content in Fig. 44.4 and we observed that 62 samples (91%) con-
tain imidacloprid unambiguously (LOD of 0.1 µg kg–1). In 65% of the cases, imida-
cloprid was quantified at more than 1 µg kg–1. Interestingly, only 10 samples came from
areas where seeds were treated the year of sampling. Such a difference (between 15%
of treated area and 91% of positive soils) is not surprising and originates clearly from
the long lifetime of imidacloprid in soils as outlined below.

To study the situation of areas with treated seed at the year of sampling, 10 soils
were sampled after the cultivation of treated plants (seed treatment). Here, the plants
were maize, wheat and barley. Among these 10 soils, 9 contained imidacloprid be-
tween 2 and 22 µg kg–1 with an average value of 12 µg kg–1. Only 1 sample contained a
concentration lower than 1 µg kg–1. Thus, if the sampling is performed in the year of
treatment, imidacloprid is always present in the soils and easily detectable after cul-
tivation. For comparison, the amount of imidacloprid in soils can reach several hun-
dred of µg kg–1 during the cultivation, depending on the passed time between sowing
and sampling.

Soils were also analysed when they were exposed to imidacloprid one or two years
before the sampling year. Although 11 soils were not exposed to imidacloprid during
the two years preceding sampling, 7 soils contained imidacloprid between 0.1 (LOD)
and 1 µg kg–1 (LOQ) and one sample contained 1.5 µg kg–1. Subsequently, we consid-
ered soils for which no treated plants were cultivated the year of sampling (n) but
which had received treated seeds one or two years before (n – 1 and/or n – 2). A set of
33 samples corresponds to such cases. Imidacloprid is present in 97% of these soils.

Fig. 44.4.
Sampled soils (%) as a function
of the relative concentration of
imidacloprid. Note that only
15% of these soils came from
areas where seeds were treated
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Moreover, its concentration ranges from 1.2 to 22 µg kg–1 in 78% of the samples and
the mean value is 6 µg kg–1 in untreated soils (year n) which received treated seeds
one year before sampling (n – 1). The mean value reaches 8 µg kg–1 in untreated soils
which received treated seeds at years n – 1 and n – 2. This shows that a slight accumu-
lation phenomenon in soils cannot be excluded.

Our data illustrates and confirms the strong retention of imidacloprid in soils. Note
that the half life of imidacloprid in soils was already characterised from DT50 = 188
to 249 d by laboratory experiments (Belzunces anf Tasei 1997) while the DT50 of
metabolites are still unknown.

44.3.2
Sunflower and Maize

A first set of 17 samples contained mature sunflowers coming from organically-farmed
crops. These samples were analysed and no trace of imidacloprid was detected. Thus,
these samples can be considered as control samples and demonstrate again that there
was no external contamination during sampling.

Concerning untreated plants, sunflowers appear to be particularly capable of re-
covering the residual imidacloprid still present in soils from previous cultivation.
Actually, with an average value of imidacloprid of about 6 µg kg–1 in soils at year n + 1,
untreated sunflowers recover an average content of 1–2 µg kg–1 in flowering capitules.
Imidacloprid is still detectable (LOD = 0.1 µg kg–1) in untreated sunflowers even after
two years of consecutive treated cultivation.

A second set of samples came from treated Gaucho® areas. The authorised dose for
a Gaucho® treatment was 0.7 mg seed–1 for sunflowers. Despite the fact that the con-
centration of imidacloprid in growing plants sharply decreases with the time due to
the increasing of biomass, a new phenomenon in sunflower capitulums was observed
from all areas and for all studied sunflower varieties. Note that the part of sunflower
named capitule is defined as a thick head of flowers on a very short axis, as a clover
top, or a dandelion; a composite flower. Actually, from the appearance of the capitulums
(about 40–50 d after sowing), the concentration of imidacloprid stops decreasing and,
on the contrary, starts to increase. This increase of the imidacloprid concentration in
capitulums is observed for 5 varieties of sunflowers. It is illustrated in Fig. 44.5 for one

Fig. 44.5.
Relative concentration (µg kg–1) of
imidacloprid in sunflowers capi-
tutules as a function of the stages
of growth. Codification of stages
is defined according to Lancashire
and Bleiholder 1991. Data are shown
for 3 doses of seed-dressing: N, 1.5N
and 2N (N: authorised dose on sun-
flowers). The sunflower variety is
Rigasol. From the capitule forma-
tion (stage 59), the ascent of imida-
cloprid concentration is observed
for the 3 doses of seed-dressing
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variety, at 3 stages (59, 61, 65) of growth during the capitulum formation and for 3 doses
of dressing: the authorised dose N, 1.5N and 2N. First, whatever the dose, the imidacloprid
content significantly increases during flowering. Secondly, the concentration of
imidacloprid in the capitulums, especially at full flowering, depends on the dose used
for the seed-dressing, the contamination being greater when the dose is increased.

With regards to the behaviour of sunflowers depending on the variety, five variet-
ies were treated with the authorised dose (N) and cultivated in the same area. The
varieties were Pharaon, Rigasol, DK3790, Albena and Natil. Some varieties are rarely
used in France (ex: Pharaon), while others are quite widely cultivated (ex: DK3790).
Clearly, the decrease of imidacloprid quantities in sunflowers then followed by its
ascent in the capitulum during flowering, were confirmed for all varieties of sunflow-
ers, as seen in Fig. 44.6. The graph shows that values of imidacloprid in the capitulum
during flowering, range from 2.5 µg kg–1 (Pharaon) to 9 µg kg–1 (Albena). Finally, the
ascent of imidacloprid into the capitulums is a general phenomenon, leading to a
final amount in the range of 1 to 10 µg kg–1 of the toxin in the flowering heads acces-
sible to bees.

This new phenomenon is demonstrated in all sampled areas, varieties of sunflowers
and doses of seed-dressing. Obviously, the ascent of imidacloprid during flowering is
more pronounced when the doses of the seed dressing are high. With the authorised
dose, the mean content of imidacloprid in sunflowers capitulums is 8 µg kg–1 during
flowering. These results do not conflict with those from the manufacturer, which re-
ported the absence of imidacloprid in flowers, since the limit of detection was unfor-
tunately set at 20 µg kg–1 using HPLC/UV (Placke and Weber 1993). Our results are
consistent with data from 14C imidacloprid quantification in the head part of sunflow-
ers. Here imidacloprid residues were found in the range from 5 to 30 µg kg–1 (Laurent

Fig. 44.6.
Relative concentration (µg kg–1)
of imidacloprid in sunflower
capitules as a function of the
stages of growth (Lancashire
and Bleiholder 1991). Data are
shown for 5 treated sunflow-
ers varieties. Note that from
stage 59, imidacloprid level
increases until the full flower-
ing (stage 65) for all varieties
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and Scalla 2000). Note that 14C methods are suited to laboratory or semi-laboratory
investigations and cannot be used for investigations of a global and statistical descrip-
tion of the behaviour in fields.

44.3.3
Pollens

The study of pollens was performed on a set of sixty four sunflower pollen samples. A
first set of eleven pollens came from organic farming crops and do not reveal the pres-
ence of imidacloprid. A second set of twenty nine pollens came from untreated Gau-
cho® crops in the year of sampling (n). Two of them showed a clearly positive result
(LOD = 0.3 µg kg–1) but concentrations were less than the LOQ = 1 µg kg–1. As a matter
of fact, the latter two pollens came from areas where Gaucho® crops were sowed the
year before sampling (n – 1). This demonstrates that the persistence of imidacloprid in
soils can sometimes lead to its recovery by untreated sunflowers sowed one year later.
Thus, the toxin can reach the highest parts of the plant and can contaminate pollens.
A third set of 24 samples of pollens from treated sunflowers were analysed. In only
17% of pollens, imidacloprid was not detected (LOD = 0.3 µg kg–1). 25% of samples were
positive with the amount of imidacloprid not exceeding 1 µg kg–1. Other pollens (58%)
contained imidacloprid at concentrations from 1 to 11 µg kg–1 and the mean value is
centred at 3 µg kg–1.

The mean value found in pollens from treated sunflowers corresponds to the quan-
tity of imidacloprid inducing sub-lethal effects on foraging bees (Colin and Bonmatin
2000; Colin 2001). This means that the toxic is bioavailable during flowering and that
foraging bees are first exposed to such doses by contact. Moreover, this means that
pollens represent a way for the toxin to contaminate the beehive. Since pollens
are stocked in the beehive and constitute a main source of nutriments (oral expo-
sure). Our results on pollens are in agreement with the 14C experiments from which
the toxic content (imidacloprid and metabolites) was estimated at 13 µg kg–1. Fur-
thermore, our results are confirmed by Bayer AG (Schmuck et al. 2001). These authors
recently used a similar LC/MS/MS technique to the one we developed, but with a
15-fold higher limit of detection at 1.5 µg kg–1. They reported 3.3 µg kg–1 in pollens
and 1.9 µg kg–1 in nectars.

44.4
Conclusion

We developed three extraction schemes followed by LC/MS/MS method to detect
imidacloprid from field samples. These analytical methods are designed to reveal (limit
of detection of 0.1 µg kg–1) and quantify (limit of quantification of 1 µg kg–1) very low
concentrations of imidacloprid in soils, plants and pollens. To date, these methods
are the most sensitive methods available to analyse such materials according to good
laboratory practice and quality criteria from the directive 96/23/EC (Bonmatin 2002).

The long persistence, after one and two years, of imidacloprid in soils has been
demonstrated in this study. Retention of imidacloprid in soils, coupled with the abil-
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ity of sunflowers to recover the insecticide during the next cultivation, clearly ex-
plains the presence of imidacloprid in untreated plants. This situation is also observed
for maize and several weeds or adventitious plants (plants which grow in fields but
which have not been sown). For untreated wheat, rape and barley, imidacloprid is also
recovered to a lesser extent from contaminated soils (Bonmatin et al. 2000b).

Seed treatment using imidacloprid protects plants against insects and is supposed
to vanish before the arrival of pollinator insects. However, a new phenomenon has
been demonstrated. We have shown that the relative amount of imidacloprid reaches
a minimum, then increases in sunflowers from the time of the capitulum formation. As
a consequence, relatively high levels are observed during flowering in the flowering
heads. At this time, the capitulums of sunflowers contain a mean value of 8 µg kg–1 of
imidacloprid. Another study on maize indicates a similar situation. The ascent of imida-
cloprid during flowering appears to be general behaviour, due to both enhanced
metabolism and the strong mobilisation of resources for plants producing large
amounts of grains such as sunflowers and maize.

Our data reveals the presence of imidacloprid in pollens with average values of
3 µg kg–1 (sunflowers and maize). Thus, imidacloprid appears to be bioavailable for
bees in fields, in a range of concentrations corresponding to that of sub-lethal effects
on bees and especially concerning the foraging activity (Colin and Bonmatin 2000;
Colin 2001). This risk situation with respect to sunflowers and maize is worsened when
considering (i) the additional toxic action of several imidacloprid metabolites (Nauen
et al. 1998; Oliveira et al. 2000) as well as (ii) the very low concentrations inducing
chronic mortality of bees which are in the 0.1–1 µg kg–1 range (Suchail et al. 2001;
Belzunces 2001).

The commercialisation and the use of Gaucho® on sunflowers have been suspended
in France since 1999 (J.O.R.F. 1999).
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Impact of a Sulfonylureic Herbicide on Growth of
Photosynthetic and Non-Photosynthetic Protozoa

T. Kawano  ·  T. Kosaka  ·  H. Hosoya

Abstract

We studied the impact of a sulfonylurea-based herbicide on the growth of aquatic microbes including
photosynthetic and non-photosynthetic protozoa, and ex-symbiotic and non-symbiotic free living algae.
This herbicide is designed to block the biosynthesis of branched amino acids in plants. A commercial sul-
fonylurea-based herbicide containing methyl 3-[[(4-methoxy-6-methyl-1,3,5-triazin-2-yl)carbamoyl]-
sulfamoyl]-2-thiophenecarboxylate was added to the culture of Paramecium trichium, P. caudatum,
P. bursaria (green paramecia), and Euglena gracilis, an ex-symbiotic algae isolated from green paramecia
and free-living Chlorella, at various concentrations ranging from 0.01 to 1000 mg l–1. The viability of proto-
zoa and algae was examined under microscopy, 1 week after addition of the herbicide. High concentra-
tions of herbicide (100–300 mg l–1) were shown to be inhibitory to the growth of symbiotic algae and free
living Chlorella. The same range of herbicide concentrations was shown to be at lethal level for green para-
mecia and other non-photosynthetic paramecia. The herbicide showed no lethal effect in Euglena gracilis.
Instead, the growth in Euglena gracilis was markedly enhanced. In addition, treatment with the herbicide
resulted in marked changes in size and shape of the Euglena cells seriously affecting the euglenoid move-
ment. Lastly we conclude that the sulfonylureic herbicides may not be harmless to aqueous environment.

Key words: algae, Euglena, herbicide, Paramecium bursaria, protozoa, sulfonylurea

45.1
Introduction

Protozoan cells are often used as bioindicators for chemical pollution, especially in the
aqueous environment (Apostol 1973). Among protozoa, Tetrahymena pyriformis is the
most commonly used ciliated model for laboratory research (Sauvant et al. 1999). Para-
mecia are also used to study the effect of water pollution by monitoring the cell mo-
tility and also by examining the frequency of the emergence of abnormal strains
(Komala 1995). Cells of ciliates including Paramecium species and T. pyriformis are
reportedly useful in the ciliate mobility test carried out in the presence and absence of
various components determined as air pollutants (Komala 1995; Graf et al. 1999). In
addition to the ciliate mobility test, Sauvant et al. (1999) described the methodological
features of recently developed toxicological and eco-toxicological bioassays performed
with ciliates, based on cell growth rate, biochemical markers and behavioural changes.

However, the data obtained for aqueous protozoa may not be applicable for other
aqueous microorganisms such as algae. To survey the toxic chemicals targeting both
or either of animals (protozoa) and plants (algae) in aqueous environment, we are
now developing a sensitive biomonitoring system for the detection of toxic compounds
using green paramecia and other photosynthetic protozoa.
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In this study, we used the photosynthetic protozoa and ex-symbiotic and free living
algae for assessing the impact of a sulfonylurea-based herbicide, which is designed to
block the biosynthesis of branched amino acids in plants, on aqueous environment. It
has been suggested that sulfonylureic herbicides mimic the endogenous amino acids
and bind to acetolactate synthase (ALS), the key enzyme involved in biosynthesis of branch-
chain amino acids (valine, leucine, and isoleucine) in plants (Stetter 1994; Whitcomb
1999). Since ALS is regulated through feed back control by valine and leucine, binding
of the ALS inhibitors including sulfonylureas at the regulatory site on ALS results in
inhibition of biosynthesis of branch-chain amino acids (Durner et al. 1991).

The sulfonylureic herbicides are known as growth inhibitors of many species of
higher plants (Grossmann et al. 1992) as well as bacteria, fungi, yeast, and algae (Pe-
terson et al. 1994; Wei et al. 1998; Whitcomb 1999). However, the impact of sulfonylureic
herbicides on aqueous protozoa has not been reported to date. Here, a commercial
sulfonylureic herbicide containing methyl 3-[[(4-methoxy-6-methyl-1,3,5-triazin-2-
yl)carbamoyl]sulfamoyl]-2-thiophenecarboxylate (known as thifensulfuron methyl; 75%
purity, w/w) was added to the culture of photosynthetic protozoa including Euglena
gracilis and Paramecium bursaria (green paramecia), ex-symbiotic algae isolated from
green paramecia and free-living Chlorella, at various concentrations ranging from
0.01 to 1 000 mg l–1. We present the data as a groundwork for providing useful pre-
liminary knowledge for assessing the impact of a widely used herbicide to the aque-
ous microecosystem.

45.2
Experimental

45.2.1
Food Organism for Ciliates

Klebsiella pneumoniae was cultured on agar medium containing polypepton (10 g l–1),
meat extracts (2 g l–1), NaCl (5 g l–1) and glucose (1 g l–1). Colonies of E. aerogenes grow-
ing on agar medium were picked with the tip of a platinum loop and dipped into
1 000 ml of lettuce infusion and incubated statically for 3 h at ambient temperature
(23 °C). This liquid culture of E. aerogenes was used as a food organism for paramecia.

45.2.2
Ciliates, Flagellate and Algae

Three Paramecium species, Paramecium bursaria (strains, MB-1, MBw-1 and EZ-22),
P. trichium (strains, BD-2 and NJ-1) and P. caudatum (strain, KY-1) were used.
P. bursaria is a photosynthetic species that harbours endosymbiotic green algae
morphologically similar to Chlorella in its cytosolic space. P. trichium and P. caudatum
are non-photosynthetic species harbouring no endosymbiotic algae. MBw-1 is an alga-
free strain of P. bursaria screened from the paraquate-treated MB-1 strain (Nishihara
et al. 1998; Hosoya et al. 1995). This alga-free strain of P. bursaria is morphologically
similar to P. trichium strains. The paramecia were cultured in lettuce infusion con-
taining 10% volumes of food organism culture (E. aerogenes) under a 12 h light/12 h
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dark regimen (ca. 2 000 lux) at 23 °C. Paramecia were occasionally subcultured by
inoculating the fresh lettuce infusion mixed with the food organism culture (100 ml),
with 5 ml of confluent Paramecium cultures. Euglena gracilis was cultured in the fresh
lettuce infusion without addition of food organism. The culture of Euglena was kept
under the light/dark light regimen (ca. 2 000 lux) at 23 °C.

The free-living Chlorella kessleri (C-531) was obtained in 1998 from the Institute of
Applied Microbiology (IAM) culture collection at the University of Tokyo, and ex-
symbiotic algal clone (SA-1) was isolated from P. bursaria (Nishihara et al. 1998). The
algae were cultured in liquid CA medium as described (Nishihara et al. 1996, 1998).
The algal cultures were kept under the light/dark light regimen (ca. 2 000 lux) at 23 °C.

45.2.3
Herbicide

Figure 45.1 shows the structure of a sulfonylurea-based herbicide, methyl 3-[[(4-
methoxy-6-methyl-1,3,5-triazin-2-yl)carbamoyl]sulfamoyl]-2-thiophenecarboxylate,
known as thifensulfuron methyl. Harmony 75, a commercially available herbicide con-
taining 75% (w/w) thifensulfulon methyl, was purchased from DuPont agricultural
Caribe Industries Ltd. (Caribe, Puerto Rico). Harmony 75 was first dissolved in water
and added to the culture of protozoa or algae at various concentrations ranging from
0.01 to 1 000 mg l–1, covering the recommended concentrations (0.01–0.1 mg l–1) used for
killing the sulfonylurea-sensitive plants (Gerwick et al. 1993). In addition, the experiments
are designed to cover the higher doses used in the agricultural fields. According to the
user’s guideline supplemented with Harmony 75, plant surface and soil surface are
likely exposed to high concentration of the herbicide. The herbicide manufacturer
suggested the direct spraying of 1 m3 of herbicide solution (30–50 mg l–1) onto the
leaves and seedlings of weeds growing in 1 ha of corn field (3–5 g ha–1). Slightly higher
doses (5–10 g ha–1) are recommended for the weed control in wheat fields.

45.2.4
Herbicide and Growth of Algae and Protozoa

Paramecia were cultured on 24-well microplates. Each well was filled with 500 µl of
fresh lettuce infusion without food organisms. The culture was initiated by addition
of 200 cells of Paramecia to each well. Then cells were incubated in the presence and
absence of various concentrations of the herbicide in microplates for seven days at
23 °C. After seven days of culture, the number of cells was counted under microscope
using depletion slides.

Fig. 45.1.
Structure of a sulfonylurea-
based herbicide, methyl
3-[[(4-methoxy-6-methyl-
1,3,5-triazin-2-yl)carbamoyl]-
sulfamoyl]-2-thiophene-car-
boxylate, known as thifen-
sulfuron methyl
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Algal cells (ex-synbiotic and free-living Chlorella) and Euglena cells were also
incubated in the fresh lettuce infusion without food organisms, containing various
concentration of the herbicide. Initially, numbers of algal and Euglena cells were
adjusted to be ca. 107 cells ml–1 and 3 × 103 cells ml–1, respectively. Numbers of cells
survived for seven days in the presence and absence of the herbicide were counted
under microscopes using a hemocytometer. The number of the cells in the controls
(without herbicide treatment) was expressed as 100% of cells, and the relative changes
in cell numbers due to the action of herbicide was analysed.

45.2.5
Optical Measurements

Populational changes in morphology of Euglena cells were analysed on a FACSCalibur
flow cytometer (Becton-Dickinson Immunocytometry Sytems, San Jose, CA) equipped
with a 15 mW argon-ion laser (488 nm) as described previously (Gerashchenko et al.
2000, 2001). The fluorescence of endogenous chlorophyll was measured in the red
fluorescence channel (FL-3) through a 650 nm long pass filter with logarithmic am-
plification. The forward (FSC) and 90° side scatter (SSC) signals were collected in
linear mode. Approximately 1 × 104 events were measured. Analysis of the data was
performed with CELLQuest software (Becton Dickinson). Cells were gated on the
chlorophyll fluorescence signals to eliminate debris from the analysis. In addition,
Euglena cells were morphologically characterised by bright field light microscopy (BH-
2 microscope, Olympus, Japan). For detection of nuclei in the cells, the cells were
stained with a fluorescent reagent, 4,6-diamino-2-phenylindole (DAPI) and localisation
of the nuclei was determined (Gerashchenko et al. 2000, 2001).

45.3
Results and Discussion

45.3.1
Effect of the Herbicide on the Viability of Algae

As shown in Fig. 45.2, the effect of Harmony 75 treatment on the growth of free-living
Chlorella (C-531) and ex-symbiotic algal clone (SA-1) isolated from Paramecium

Fig. 45.2.
Effect of Harmony 75 treatment
on the growth of free-living
Chlorella and exsymbiotic algae
isolated from Paramecium bur-
saria. Algal cells were counted
under microscopes using a he-
mocytometer. Number of cells
cultured in the absence of the
herbicide is expressed as 100%.
Number of cells in control cul-
ture is expressed as 100%
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bursaria was examined. At lower concentration of Harmony 75, the growth of algae
was not affected. In the presence of 300 mg l–1 of Harmony 75, the algal growth was
slightly inhibited and in the presence of 1 000 mg l–1 of Harmony 75 growth of algae
was completely inhibited. Since thifensulfulon methyl is reported as an inhibitory agent
of the growth of plants and algae (Nystrom et al. 1999), we have expected that popu-
lation of SA-1 and C-531 effectively decreases with increasing concentration of Har-
mony 75. However, unexpectedly, the toxic effect of Harmony 75 was observed only at
very high concentrations between 300–1 000 mg l–1.

45.3.2
Effect of the Herbicide on the Viability of Green Paramecia

Figure 45.3 shows the effect of Harmony 75 treatment on the growth of P. bursaria.
Several strains of P. bursaria isolated in Japan were used and typical results from two
green strains (MB-1 and EZ-22) are shown. An alga-free strain of P. bursaria, MBw-1,
prepared from MB-1 by paraquat treatment was also used. In MB-1 and MBw-1, treat-
ment with 30–100 mg l–1 of Harmony 75 enhanced the growth by 65–125%. By treat-
ment with 300 mg l–1 of Harmony 75, growth of both MB-1 and MBw-1 were signifi-
cantly inhibited and in the presence of 1 000 mg l–1 of Harmony 75, no living Parame-
cium was observed.

Growth in EZ-22 cells was not affected by treatment with 0.03–30 mg l–1 of Har-
mony 75. By 100 mg l–1 of Harmony 75, number of the live cells was lowered to 25% of
controls. In the presence of 300 mg l–1 and higher concentrations of Harmony 75, no
live cell was observed.

The behaviour of MB-1 and MBw-1, the two strains with and without endosymbi-
otic algae originally derived from the same clone, in the presence of the herbicide was
almost identical. Therefore it has to be concluded that target of this sulfonylurea-
based herbicide is not the endosymbiotic algae.

Fig. 45.3. Effect of Harmony 75 treatment on the growth of Paramecium bursaria. Several strains of
P. bursaria isolated in Japan were used and typical results from two green strains (MB-1 and EZ-22)
are shown. Alga-free sub-strain (MBw-1) prepared from MB-1 by paraquat treatment was also used.
Paramecia sampled onto depletion slides were counted under microscopes. Number of cells cultured
in the absence of the herbicide is expressed as 100%
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45.3.3
Effect of the Herbicide on the Viability of Non-Photosynthetic Paramecia

Since the target of the Harmony 75 action in the green paramecia was shown to be
the host Paramecium, the inhibitory effect of Harmony 75 on the growth of non-pho-
tosynthetic paramecia was also examined. Here, two species of paramecia, P. caudatum
(KY-1) and P. trichium (BD-2, NJ-1) were used. Figure 45.4 shows the effect of Har-
mony 75 treatment on the growth of P. caudatum and P. trichium. The culture of
P. caudatum KY-1 cells behaved similarly to P. bursaria MB-1 and MBw-1, in the pres-
ence of the herbicide. The growth of P. caudatum KY-1 was stimulated (by ca. 50–100%)
by treatment with 1.0–100 mg l–1 of the herbicide. The growth of P. trichium BD-2
strain was also stimulated (to a minor extent) by the herbicide (1.0–100 mg l–1). The
impact of the herbicide treatment was much smaller in P. trichium NJ-1 strain. Up to
100 mg l–1 of Harmony 75 showed no significant effect on growth of the NJ-1 culture.
The herbicide concentrations higher than 100 mg l–1 were shown to be toxic to all
paramecia tested and 1 000 mg l–1 of Harmony 75 was shown to be absolutely lethal.
Thus, live cells of P. caudatum and P. trichium were no longer observed in the pres-
ence of 1 000 mg l–1 of Harmony 75.

45.3.4
Effects of the Herbicide on Growth and Morphology of Euglena gracilis

A photosynthetic flagellate, Euglena gracilis was also cultured in the presence and
absence of Harmony 75 for 7 d. Treatment of Euglena gracilis cells with the herbicide
resulted in marked stimulation of growth (Fig. 45.5). In the presence of high concen-
trations of the herbicide (30–1 000 mg l–1), the number of the cells were 2.5-fold greater
than that in the control. At any concentration examined, no lethal effect of the herbi-
cide was observed in Euglena.

Figure 45.6 shows the results from the flow cytometric analysis of the Harmony 75-
induced cytological changes in Euglena gracilis. The cells of Euglena gracilis were
incubated for 1 week in the presence and absence of the herbicide. Approximately
104 cells were analysed on a FACSCalibur flow cytometer (Becton-Dickinson Immuno-
cytometry systems, San Jose, CA. USA). While the chlorophyll content in the cells
(determined as changes in intensity of the chlorophyll-specific red fluorescence;
Fig. 45.6, vertical scale) was not affected by any concentration of the herbicide, the

Fig. 45.4.
Effect of Harmony 75 treatment
on the growth of Paramecium
caudatum and Paramecium
trichium. Paramecia sampled
onto depletion slides were
counted under microscopes.
Number of cells in the control
culture is expressed as 100%
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Fig. 45.5.
Effect of Harmony 75 treat-
ment on the growth of Eu-
glena gracilis. Cells were
counted under microscopes
using a hemocytometer. Num-
ber of cells in the control cul-
ture is expressed as 100%

Fig. 45.6.
Flow cytometric analysis of the
Harmony 75-induced cytologi-
cal changes in Euglena gracilis.
The cells of Euglena gracilis
were incubated for 1 week in
the presence and absence of
the herbicide. Approximately
10000 cells were analysed on a
FACSCalibur flow cytometer
(Becton-Dickinson Immuno-
cytometry systems, San Jose,
CA. USA). Two-parameter light
scatter plots, forward scatters
(indicating the cell size, horizon-
tal scale) were plotted against
chlorophyll fluorescence (FL-3,
vertical scale). The herbicide-
induced changes in cell size
were clearly shown. Chlorophyll
content in the cells was not af-
fected by the herbicide
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size of cells (determined as the forward scatter; Fig. 45.6, horizontal scale) was mark-
edly altered by high concentration of the herbicide.

As shown in Fig. 45.7, microscopic analysis revealed the Harmony 75 induced change
in cell shape. Treatment with Harmony 75 (30–1 000 mg l–1) of Euglena cells resulted
in extreme elongation of cells: typical results in the presence of 300 mg l–1 Harmony 75
is shown in Fig. 45.7. Thus it has to be concluded that the Harmony 75-induced in-
crease in the forward scatter value (cell size) obtained on flow cytometeric analysis
must be due to the induced elongation of the cells. In addition, it has been clearly
shown that cell elongation is not due to inhibition of cell division since the Harmony 75-
treated elongating cell has single nucleus (Fig. 45.7) and the number of cells were
increased by 2.5-fold (Fig. 45.5).

Fig. 45.7. Microscopic analysis of the cytological changes in Euglena cells. Harmony 75-treated resulted in
irreversible elongation of cells. Nomarski differential interference contrast (left) and the fluorescence im-
ages (right) are shown. Localisation of the nuclei was determined by fluorescent staining with DAPI
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The euglenoid flagellates are able to change their shape rapidly in response to a
variety of stimuli such as strong light. In this phenomenon called “euglenoid move-
ment” or “metaboly”, two extremes of shape can be identified: the “relaxed” form is
cylindrical; the contracted form is round (Murray 1981). This type of movement can
be observed in Euglena gracilis and E. ehrenbergii. It has been reported that contrac-
tion movement requires cytosolic increase in Ca2+ concentration and ATP (Murray
1981). The ionic requirement and involvement of ATP in the contraction movement
has been confirmed by in-vitro experiments using detergent-extracted cells of eugle-
noid flagellates, Astasia longa (Suzaki and Williamson 1986) and Euglena gracilis
(Murata and Suzaki 1998). It has been suggested that the mechanism for euglenoid
movement is different from other known mechanisms of cellular movement such
as flagellar movement (Suzaki and Williamson 1986). Surface of euglenozoan cells
is covered by unique skeletal structure called pellicular strips that are tightly asso-
ciated with plasma membrane and microtubules (Angeler et al. 1999). During the eu-
glenoid movement (both contraction and relaxation), the pellicular strips dynami-
cally interact with each other and generate the force required for rapid changes in
cell shape (Suzaki and Williamson 1986). In this step, a plasma membrane integrated
protein called crystallin may actively involved in cell shape change (Murata et al. 2000).
The ultrastructure of the pellicle is currently considered as a valuable tool for sys-
tematic assessments within euglenoids and interspecific variations in pellicular
strip construction may explain differences in form and degree of “metaboly” (Angeler
et al. 1999).

45.4
Conclusion

The effect of a commercially available sulfonylureic herbicide, Harmony 75 which
contains a sulfonylureic ALS inhibitor as the major component, on the growth of
photosynthetic and non-photosynthetic protozoa, and ex-symbiotic and non-symbi-
otic free living algae was examined. The culture of Paramecium trichium, P. caudatum,
P. bursaria (green Paramecium), Euglena gracilis, green Paramecium ex-symbiotic
algae and free-living Chlorella were treated with various concentration of the herbi-
cide. The growth of ex-symbiotic and free living algae was inhibited only when the
concentration of added herbicide was higher than 300 mg l–1. The same range of her-
bicide concentration was also lethal to the green paramecia and non-photosynthetic
paramecia.

The growth of Euglena gracilis was stimulated by high concentrations of the her-
bicide (30–1 000 mg l–1). In addition, the herbicide induced marked changes in size
and shape of the Euglena cells seriously affecting the euglenoid movement. Thus,
sulfonylureic herbicides may not be harmless to Euglena cells.
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Abiotic Degradation of the Herbicide Rimsulfuron
on Minerals and Soil

L. Scrano  ·  S. A. Bufo  ·  C. Emmelin  ·  P. Meallier

Abstract

The photochemical behaviour of the sulfonylurea herbicide rimsulfuron, N-[[(4,6-dimethoxy-2-
pyrimidinyl)amino]carbonyl]-3-(ethylsulfonyl)-2-pyridinesulfon amide, on silica and clay minerals,
used as soil surrogates, was investigated and compared to a natural soil sample. The antagonistic
behaviour of adsorption process and chemical degradation with respect to photodegradation was
assessed and the formation of photoproducts was also determined. Results showed that all chemi-
cal and photochemical processes responsible for the disappearance of the herbicide follow a sec-
ond order kinetic. The photochemical degradation of rimsulfuron was strongly affected by reten-
tion phenomena: with increasing of the adsorption capability of supports the photoreactivity of
the herbicide decreased. The extraction rate of the herbicide covered the following values: soil 59.5%,
illite 48.5%, aerosil 22.2%, montmorillonite 21.0%, showing that silica and clay minerals can retain
and protect rimsulfuron from photodegradation much more than soil. Though, adsorption of the
herbicide was always accomplished to a chemical reactivity of solid substrates. N-[(3-ethylsulfonyl)-
2-pyridinyl]-4,6-dimethoxy-2-pyridineamine and N-(4,6-dimethoxy-2-pyrimidinyl)-N-[(3-(ethylsul-
fonyl)-2-pyridinyl)]urea were found both as photochemical and chemical metabolites.

Key words: rimsulfuron, soil adsorption, silica, clay minerals, chemical degradation, photodegradation

46.1
Introduction

Photochemical reactions contribute to abiotic degradation of pesticides in the envi-
ronment (Scheunert 1992). The study of photodegradation processes is on different
levels of development. The progress is highest for studies in the atmosphere, lower
for surface water studies and lowest for investigations on soil compartment (Scheunert
1993). The main reason for the unsatisfactory status of development in the soil com-
partment is the inherent difficulty involved in working on non-homogeneous sur-
faces (Mingelgrin and Prost 1989). Therefore, it is recommended to simplify the in-
vestigation by using models which behaviour can be transferred to the natural envi-
ronment (Klöpffer 1992). In the soil and colloidal fractions of soil, only surfaces ex-
posed to solar irradiation can contribute to photodegradation (Albanis et al. 2002;
Klöpffer 1992; Konstantinou et al. 2000). Considering the limitations and having in
mind that adsorption is the most important reaction in soil, different surrogates can
be used to simulate soil and soil component influences on pesticide fate (Jones 1991).

Generally, photolysis in soil will occur within a shallow surface zone, the depth of
which depends on soil characteristics and photochemical properties of the target
reactant. Direct absorption of light and photolysis of organic contaminants may be
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influenced by soil surface adsorption that is related to the content of colloidal mate-
rials. Indirect process could also be occurring depending on the presence of sensitising
substances and singlet oxygen formation. Vertical depth for direct photolysis is gen-
erally restricted to 0.2–0.3 mm, indirect photolysis also below a layer of 0.7 mm
(Herbert and Miller 1990). Humic substances in soil often act as sensitizers produc-
ing reactive intermediates such as singlet oxygen, hydroxyl radicals, superoxide an-
ions, hydrogen peroxides and peroxy radicals. Such reactive species can potentially
diffuse to a depth of 1 mm depending on soil moisture, porosity, and thermal gradient
in sunlight exposed soil surface. Moreover, electronic structures, absorption spectra,
and excited state lifetimes of soil adsorbed compounds are generally different from
their solution properties, making it very difficult to predict what effects may result
from soil-contaminant interactions (Albanis et al. 2002).

With respect to pesticide application on soil, a new class of agrochemicals named
sulfonylureas has been developed in the last decade and offered on the market. The
acceptance of sulfonylureas is mainly based on their low application rate (10–80 g ha–1)
and favourable environmental and toxicological properties (Beyer et al. 1988). Rim-
sulfuron is a selective sulfonylurea herbicide (compound 1 in Fig. 46.1) for the post-
emergence control of many crops. It was commercialised in Europe in 1992 by Du
Pont de Nemours & Co. The pure active ingredient (a.i.) is a white odourless solid; its
solubility is <10 mg l–1 in distilled water and 7 300 mg l–1 in buffer solution at pH 7
(25 °C); pKa = 4.1; KOW= 0.034 at pH 7; vapour pressure = 1.1 × 10–8 Torr at 25 °C. This prod-
uct has little or no toxicological effects on mammals with oral LD50 > 5 000 mg kg–1 in rats
and with dermal LD50 > 2 000 mg kg–1 in rabbits (Schneider et al. 1993). Using 14C-labelled
rimsulfuron Schneider et al. (1993) showed that degradation in aqueous solutions and
soil environment does not depend on irradiation under natural sunlight, though it
undergoes hydrolysis reactions. Besides, the same authors observed some effects of
the natural light at pH 5. Neither rimsulfuron nor its metabolites were detected at soil
depths lower than 8 cm in experimental fields under different crop management, in
which manure treatments prolonged the herbicide half-life in the 0–8 cm surface soil

Fig. 46.1. Chemical structure and degradation pathways of rimsulfuron
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layer from a minimum of 14 d (control) to a maximum of 46 d (Rouchaud et al. 1997).
Scrano et al. (1999) showed that, under simulated sunlight in water, the half-life of
photolysis reaction ranged from 1 to 9 d at pH 5 and 9, respectively. The hydrolysis
rate was as high as the photolysis rate, and decreased on increasing pH values of the
solution. The main metabolite identified in neutral and alkaline conditions as well as
in acetonitrile was #3, N-[(3-ethylsulfonyl)-2-pyridinyl]-4,6-dimethoxy-2-pyridine-
amine, while #2, N-(4,6-dimethoxy-2-pyrimidinyl)-N-[(3-(ethylsulfonyl)-2-pyridi-
nyl)]urea, and minor metabolites prevailed in acidic conditions (Fig. 46.1). Pantani
et al. (1996) stated that rimsulfuron can be adsorbed on Al-hectorite (a smectite clay
mineral), and decomposes on clay surfaces into two main metabolites.

The aim of the presented investigation was to study and compare the photochemi-
cal degradation of rimsulfuron adsorbed on a siliceous material and two clay miner-
als, used as soil surrogates, and a natural soil. The antagonistic behaviour of adsorp-
tion and other chemical processes with respect to photodegradation and the forma-
tion of photoproducts have been also considered.

46.2
Experimental

46.2.1
Materials

Solvent (pesticide grade), reagents (analytical grade) and filters (disposable sterilised
packet) were purchased from Fluka and Sigma-Aldrich (Milan, Italy), aerosil 200 from
Degussa (Dusseldorf, Germany), illite and montmorillonite from Ward’s N.S.E.
(Monterey, CA-USA). Ultrapure water was obtained with a Milli-Q system (Millipore,
Bedford, MA-USA). Soil (Typic Rhodoxeralf) was sampled from Sellata area in
Basilicata region, Southern Italy.

To avoid hydrolysis of rimsulfuron (Schneider et al. 1993), a stock solution
(100 mg l–1) of pure standard a.i. (98% – Dr. Ehrenstorfer GmbH, Augsburg, Germany)
was prepared using anhydrous acetonitrile as solvent. This solution was maintained
in the darkness at +4 °C and used to prepare working solutions (10 mg l–1). Com-
pounds #2 and #3 (Fig. 46.1) were prepared according to literature methods
(Marucchini and Luigetti 1997; Rouchaud et al. 1997). All glass apparatus were heat
sterilised by autoclaving for 60 min at 121 °C before use. Aseptic handling materials
and laboratory facilities were used throughout the study to maintain sterility.

46.2.2
Adsorbed Phase Preparation

Physical and chemical properties of selected substrates are shown in Table 46.1. The
soil was sieved (1 mm) and sterilised before use in order to avoid microbiological
degradation (Cambon et al. 1998). Three replicates of each substrate were weighed
and spiked drop by drop (with gentle stirring) with 0.2897 mmol kg–1 of rimsulfuron
in acetonitrile (0.0232 mM). The paste thus prepared was spread on a glass plate in
order to obtain 1 mm thick substrate layer. The plates were air dried in the darkness
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at room temperature for one day. Adsorption supports were divided into two sub-
sample groups. One group of sub-samples was used for irradiation experiments, and
the other (control sub-samples) was kept in the dark at the same temperature.

46.2.3
Irradiation Experiments

Photochemical reactions were performed using a solar simulator (Suntest CPS+,
Heraeus Industrietechnik GmbH, Hanau, Germany) equipped with a xenon lamp
(1.1 kW), protected with a quartz plate (total passing wavelength: 280 nm < λ < 800 nm).
The irradiation chamber was maintained at 20 °C by both circulating water from a
thermostatic bath and through a conditioned airflow. Before the beginning of the ex-
perimental work the light emission effectiveness of the irradiation system was tested
by using the uranyl oxalate method (Volman and Seed 1964; Murov et al. 1993). The
disappearance of oxalate was 7.2 × 10–4 mol s–1.

Table 46.1. Composition of solid substrates. SS = specific surface; CEC = cationic exchange capacity;
pH(H2O) = 6.50; pH(KCl 1N) = 5.63
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46.2.4
Extraction and Analysis

At the same prefixed times 1 × 1-cm width strips of the solid layers were scraped off
from glass plates both irradiated and kept in the dark and rimsulfuron was extracted
and detected. Extraction was carried out adding acetonitrile to solid materials at a
ratio of 50/1 (v/w) and shaking for 30 min. After centrifugation at 5 000 rpm for 15 min
the liquid phase was decanted. A second extraction was performed with another ali-
quot of acetonitrile (50/1, v/w), and the two liquid phases were combined and con-
centrated by fluxing nitrogen in a rotary evaporator; the final sample volume was
adjusted to 5 ml with acetonitrile. The disappearance of rimsulfuron at various ex-
perimental times was determined by liquid chromatography after filtration over a
0.2 µm membrane. Analyses were performed on a HP 1090 (Hewlett Packard) liquid
chromatograph equipped with a diode array detector (fixed at 230 nm), and a Dionex
Omnipac PCX-500 5 µm packed column (18 cm long, 3.2 mm i.d.) + pre-column. The
mobile phase used for all experiences was a acetonitrile-water mixture (1+1 by vol-
ume), containing a H3PO4 buffer (pH 3), at a flow rate of 1 ml min–1. The retention
time of rimsulfuron was 8.4 min. The calibration plot was performed in the concen-
tration range 0.015–30 mg l–1 giving a linear correlation coefficient r > 0.99. At a sig-
nal-to-noise ratio of three, the limit of quantitation in the acetonitrile standard solu-
tions was 0.011 mg l–1. Metabolites #2 and #3 (Fig. 46.1) were also determined and
confirmed by ion spray LC/MS/MS technique on a Perkin Elmer API 300 (coupled
with a Waters 600 pump) using literature criteria (Li et al. 1996; Scrano et al. 1999).

46.3
Results and Discussion

46.3.1
Adsorption of Rimsulfuron on Soil and Soil Surrogates

To quantify and evaluate the influence of adsorption process, all supports were treated in
triplicate with 0.2897 mmol kg–1 of rimsulfuron; but with the first extraction (t = 0) a large
part of spiked herbicide was not recovered (C0 values in Table 46.2). In order to improve
the extraction efficiency, numerous solvents were furthermore applied: ethyl acetate; ac-
etone; 1/1 (v/v) mixture of acetone/water; 2/1 (v/v) mixture of acetonitrile/water. But no
significant increases of the herbicide recoveries were obtained. Such a disappearance of
the herbicide can be slightly due to volatilisation and/or hydrolysis of rimsulfuron during
the preparation of adsorption substrate layers on glass plates and 1-day air drying. In fact,
vapour pressure of rimsulfuron is not very high (1.1 10–8 Torr at 25 °C), as compared to
mostly used herbicides (Beyer et al. 1988), and hydrolysis is limited in our experimental
conditions, being important in acidic aqueous solutions (Scrano et al. 1999). Though, the
formation of bond residues reasonably plays a most important role in the limiting the
extractability of rimsulfuron from our sorbent materials, as was previously ascertained
for other sulfonylurea herbicides in soil (Albanis et al. 2002). The extraction rate covered
the following values: soil 59.5%, illite 48.5%, aerosil 22.2%, montmorillonite 21.0%. The
extraction efficiency for the herbicide was higher from soil sample as compared to the
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clay minerals and the siliceous material. The adsorption behaviour, and consequently the
amount of the non-extractable herbicide are influenced by chemical and physico-chemi-
cal properties of the solid. With respect to aerosil and montmorillonite, they can be cor-
related to the high values of cationic exchange capacity (CEC) and specific surfaces (SS)
shown in Table 46.1. Illite and the soil sample also retained the herbicide but at minor
level. Illite is a clay mineral of the “smectites” family; it is a swelling material and can
adsorb interlayer inorganic and organic molecules by means of cation or H+ bridges as
well as montmorillonite. The selected soil is a forestry soil rich in organic matter, which
capability to retain organic chemicals is well known. Aerosil is a synthetic amorphous
flame silica material used for its high retention properties.

Observing the behaviour of the herbicide kept in the dark, we note that it is characterised
by a lasting reactivity (Figs. 46.2–46.5), since its extractability was going diminishing in
the time. The interaction between rimsulfuron and sorbing materials does not occur very
immediately, but shows varying durations depending on the chemical properties of the
adsorbents. Kinetic parameters of this time dependent process were calculated using zero,
first and second (Langmuir-Hinshelwood) order equations. The best fit was checked by
statistical analysis using the determination coefficient (r2) values. Apparently, all measured
depletion rates of the extracted herbicide in the darkness were better described by a sec-
ond order equation (Table 46.2). The rationale behind such a finding may be found con-
sidering that the amount of the xenobiotic disappeared at each time “t” is affected by its
concentration in soil and also by the number of molecules which have reached the most
effective steric arrangement on sorption sites (Mingelgrin and Prost 1989; Jones 1991); in
turn this number depends again by the herbicide concentration in soil.

Table 46.2. Kinetic parameters of time dependent rimsulfuron depletion on adsorbed phase: n: reaction
order; r2: determination coefficient; C0: extractable quantity at initial time (t = 0); Qmax: maximum
amount of the adsorbed herbicide; τ: half-life; k: kinetic constant. Reported values are the mean of
three replicate experiments
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46.3.2
Photochemical Degradation versus Adsorption

Kinetic parameters (Table 46.2) of rimsulfuron disappearance under irradiation con-
ditions (Figs. 46.2–46.5) were calculated as mentioned above for samples kept in the
dark. From r2 values we stated that all measured reaction rates of adsorbed herbicide
can be better described also in this case by a second order degradation equation:

–dCt / dt = kCt
2 (46.1)

where Ct is the amount (mmol) of the herbicide extracted at time t per kilogram of
adsorbing phase, and k is the rate (or kinetic) constant.

The extent of Eq. 46.1 can be written as:

dQt / dt = k(Qmax – Qt)
2 (46.2)

were Qt is the quantity of disappeared (retained and/or degraded) herbicide per ki-
logram of adsorbent substrate, and Qmax is the maximum amount of the herbicide
that disappears at the end of the process, i.e. if the reaction would be carried to comple-
tion. Integrating Eq. 46.2 and solving for Qt it yields:

Qt = Qmaxt / (t + τ ) (46.3)

where τ = half-life = 1 / Qmaxk.

Fig. 46.2.
Rimsulfuron extracted from
aerosil: (�) in the dark; (�) un-
der light irradiation; (�) con-
tribution to herbicide disap-
pearance due to photolysis

Fig. 46.3.
Rimsulfuron extracted from
illite: (�) in the dark; (�) un-
der light irradiation; (�) con-
tribution to herbicide disap-
pearance due to photolysis



512 L. Scrano  ·  S. A. Bufo  ·  C. Emmelin  ·  P. Meallier

Pa
rt

 V

Owing to the coexistence of adsorption (and other chemical reactions) and pho-
tolysis during the irradiation experiments, the contribution of the photolysis reaction
to the disappearance of the herbicide was obtained adding the quantity (C0 – Ct)dark,
which disappeared at each experimental time “t” in the darkness (adsorption), to the
remaining (Ct)light concentration detected in the irradiated sub-sample at the same
time (total reaction i.e. photolysis and adsorption); C0 is the initial concentration
(mmol kg–1) of the herbicide extracted at beginning of the experiment (t = 0). This
procedure is not fully rigorous since cannot take into account the synergistic effect
between photolysis and adsorption during irradiation experiments. In fact, the her-
bicide adsorption continuously reduces the effective concentration of organic mol-
ecules, which can be photodegraded (see above); though, degraded rimsulfuron can-
not be rapidly replaced by retained molecules. However, both processes occurring in
the dark (adsorption) and under light irradiation (photolysis and adsorption) are of
the same kinetic order and start from the same initial concentration (C0). In these
conditions calculations can meet theoretically a good approximation.

In all performed experiments the evolution of photodegradation processes, calcu-
lated as above, can be described by a second order kinetic. In this case the quantity
Qt in the Eq. 46.2 assumes the significance of “amount of photodegraded herbicide
per kilogram of solid substrate at time t”, and Qmax is the maximum degradable quan-
tity. The photodegradation of rimsulfuron is strongly affected by retention phenom-
ena. Generally, with increasing of the adsorption capability of supports the photo-

Fig. 46.4.
Rimsulfuron extracted from
montmorillonite: (�) in the
dark; (�) under light irradia-
tion; (�) contribution to herbi-
cide disappearance due to pho-
tolysis

Fig. 46.5.
Rimsulfuron extracted from
soil: (�) in the dark; (�) under
light irradiation; (�) contri-
bution to herbicide disappear-
ance due to photolysis
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reactivity of the herbicide decreases. Contribution of photodegradation to the disap-
pearance of rimsulfuron adsorbed on aerosil seems to have the same importance as
compared to the adsorption reaction (Fig. 46.2). The value of Qmax-photolysis is very
close to Qmax-adsorption (darkness) in Table 46.2. But the photolytic reaction is slower
than the adsorption (τ = 12.0 and 1.55 h, respectively). The photoreaction is very evi-
dent in the case of illite (Fig. 46.3), on which rimsulfuron shows a value of Qmax-photoly-
sis much more higher than Qmax-adsorption. Also the photolysis half-life is more
important with respect to adsorption half-life (τ = 1.55 and 4.30 h, respectively). The
contribution of photolysis is almost negligible in the case of montmorillonite, on which
adsorption is mostly responsible of the disappearance of rimsulfuron (Fig. 46.4). Soil
shows a Qmax-photolysis value close to Qmax-adsorption as well as aerosil (Table 46.2).
The contribution of photodegradation is almost equal to adsorption (Fig. 46.5), but
the first reaction in soil is more important from a kinetic point of view (τ = 1.52 and
5.35 h, respectively). Moreover, soil represents the unique case in which the sum of the
maximum amount of rimsulfuron extracted, C0-light, and the maximum amount of
herbicide disappeared, Qmax-light, is very close to the value of spiked rimsulfuron
(0.2792 and 0.2897 mmol kg–1, respectively). For the other substrates this sum ranged
from 0.1040 to 0.1501 mmol kg–1.

The differences between the spiked quantity and the values of the sum C0-
light + Qmax-light are due to the fact that Eq. 46.2 cannot consider the fraction of her-
bicide disappeared by volatilisation, hydrolysis and adsorption occurring between
the preparation of spiked samples and the first extraction. In the case of soil, Eq. 46.2
can work better than other supports because of the presence of organic colloids. In
fact, soil organic matter can adsorb the herbicide with a mechanism of solubilization/
repartition, after that it becomes a sort of reservoir that supplies herbicide reactions
(desorption, hydrolysis, photolysis) with “served” molecules.

46.3.3
Degradation Products

Metabolites #2 and #3 (Fig. 46.1) were extracted from adsorbing substrates and sub-
sequently identified. They were also found as main hydrolysis products in soil by
Shalaby et al. (1992) and Schneiders et al. (1993), and on Al-hectorite by Pantani et al.
(1998). Table 46.3 shows the metabolite concentrations obtained at half-life time by
LC/MS/MS technique. Compound #2, previously identified in acidic conditions (Scrano
et al. 1999), was extracted from treated aerosil. This compound can derive from hy-
drolysis as well as photolysis reaction of rimsulfuron because it was also found in the
sub-sample kept in the dark. The presence of such a product on aerosil is justified
with the acidic value of measured pH for this substrate (Table 46.1). Compound #3,
previously identified in neutral and alkaline conditions (Scrano et al. 1999), was found
on the other treated substrates, which measured pH were neutral or sub-alkaline
(Table 46.1). Also compound #3 can derive from both hydrolytic and photolytic reac-
tions. Finally, from calculated mass balance we ascertained that a large molar frac-
tion of metabolites formed during experiment time was not extracted because ad-
sorption affected also the retention of these substances.
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46.4
Conclusion

On the basis of our findings and literature data, we realised that photolysis can be a
way of degradation of rimsulfuron and similar pesticides as important as hydrolysis.
This result is more important in the case of post-emergence herbicides because they
are usually sprayed on soil surfaces and plant leaves. A variable fraction of herbicide
could be retained by adsorbing surfaces, which can protect chemicals with respect to
further degradation reactions because of their steric rearrangement into the adsorp-
tion sites. This process does not occur very immediately, but can have varying dura-
tions depending on the chemical properties of the xenobiotic substances and adsorbents.
Moreover, adsorption process can be accomplished by other chemical reactions, which
contribute in different extent to the degradation of the pesticide on solid surfaces. The
antagonistic behaviour of adsorption, photolysis and other chemical degradation path-
ways is proven by the presence of metabolites both in dark conditions and under light
irradiation. Obviously, the amount of each metabolite and the quantity and rate of
degraded herbicide depend by the chemical and physico-chemical properties of
adsorbing materials. The soil experimented in this investigation shows the most equili-
brate situation with respect to soil surrogates.
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Binding of Endocrine Disrupters and Herbicide
Metabolites to Soil Humic Substances

A. Höllrigl-Rosta  ·  R. Vinken  ·  A. Schäffer

Abstract

The interactions of the two phenolic endocrine disrupters nonylphenol and bisphenol A and of two
herbicide metabolites (hydroxydesethyl terbuthylazine and desethyl terbuthylazine) with dissolved
humic and fulvic acids were investigated by means of dialysis, using 14C-labeled compounds. Ex-
periments were carried out at different pH values. The strength of xenobiotic-organic matter inter-
actions was quantified by calculating organic carbon-normalised distribution coefficients KDOC. The
results show that pH changes in the range of 3 to 10 had little or no impact on the association of
both phenols and desethyl terbuthylazine to humic acids. In contrast, the KDOC values for hydroxy-
desethyl terbuthylazine association to humic acids at pH 3 and 4.5 were nearly one order of mag-
nitude higher than those at neutral and basic pH. Association of the xenobiotics to fulvic acids was
only observed at low pH and about one order of magnitude weaker than to humic acids under
identical conditions. We conclude that the binding of the investigated xenobiotics occurs mainly
via hydrophobic interactions. Results from additional soil sorption experiments indicated similar
binding mechanisms to soil organic matter and dissolved humic acids for nonylphenol and
bisphenol A. Due to strong interactions between dissolved humic acids and soil, the xenobiotic-
organic matter interactions did not affect the sorption of the investigated compounds to soil.

Key words: dissolved humic substances, soil, phenols, triazines, association, dialysis, sorption

47.1
Introduction

47.1.1
Dissolved Humic and Fulvic Acids

The fate of xenobiotics in soil is basically determined by their interactions with matrix
components. Degradability as well as leachability of organic compounds are strongly
influenced by type and strength of their binding to natural organic matter (Kördel
1997). Besides the mineral-bound or solid soil organic matter, the dissolved organic
matter (DOM) in the soil solution can interact with xenobiotics as well (Mingelgrin
2001). Furthermore, sorptive interactions between DOM and the solid soil matrix have
to be considered as possible relevant parameters for the environmental assessment
of chemicals (Rav-Acha and Rebhun 1992; Lee and Kuo 1999).

Humic substances are the major components of soil organic matter and by far the
most abundant organic materials in the environment (Hayes and Clapp 2001). They
originate from degradation and transformation reactions of organic material in soil
and are generally accepted to be primarily responsible for the binding of organic xeno-
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biotics (Bollag and Loll 1983; Bollag et al. 1992; Mingelgrin 2001). As polyelectrolytes
containing carboxylic and phenolic functional groups, they can, on the one hand,
interact with polar centres of xenobiotic molecules (Bollag et al. 1992; Senesi and
Loffredo 2001). On the other hand, humic substances also contain lipophilic regions
that enable sorption of nonpolar chemicals (Ragle et al. 1997; Senesi and Loffredo
2001). This means that humic substances are able to bind organic xenobiotics by a
number of different mechanisms, ranging from strong chemical bonds (ionic, hydro-
gen, and covalent bonding), and charge transfer mechanisms to weaker interactions
like van der Waals forces, ligand exchange, and hydrophobic bonding (Senesi and
Miano 1995). Based on their solubility in different aqueous solutions, humic substances
are operatively distinguished into insoluble humin, alkaline-soluble humic acids, and
acid-soluble fulvic acids (Stevenson 1994; Piccolo et al. 2000). In general, humic acids
are considered to contain higher amounts of aromatic structures as compared to the
more acidic fulvic acids with more carboxylic and carbohydrate and fewer phenolic
moieties (Liu and Ryan 1997; Christl et al. 2000; Ussiri and Johnson 2003).

47.1.2
Dialysis

Equilibrium dialysis is a convenient method for studying binding interactions between
dissolved organic matter and organic xenobiotics. Separation of organic matter-con-
taining and organic matter-free solutions by a semipermeable membrane allows easy
quantification of free and bound analyte molecules. This avoids the need of additional
phase separation steps that might disturb the equilibria between dissolved organic
matter and organic chemicals. The relatively simple experimental design of dialysis
experiments facilitates studies on the impact of various parameters like organic mat-
ter or analyte concentration, pH, and salinity on the association of various xenobiotics
to dissolved organic matter (Lee and Farmer 1989; Clapp et al. 1997; De Paolis and
Kukkonen 1997). Sample volumes can be significantly reduced and sampling improved
by replacing dialysis bags with smaller dialysis chambers (Celis et al. 1998; Arnold et al.
1998; Williams et al. 1999). By combining dialysis and sorption experiments, comple-
mental information on the complex interactions in the three-phase system of organic
xenobiotics, soil, and dissolved organic matter can be obtained (Celis et al. 1998).

47.1.3
Aims and Scope

In our study, we investigated the association of two phenols used as industrial chemi-
cals and of two triazine herbicide metabolites with peat- and soil-derived humic and
fulvic acids. The strength of the respective interactions was quantified by calculating
distribution coefficients (KDOC) between aqueous phase and dissolved humic sub-
stances (normalised to their organic carbon content). By comparing KDOC values for
the different chemicals to humic or fulvic acids obtained at different pH values, con-
clusions can be drawn on the underlying binding mechanisms and possible implica-
tions for the fate of the investigated compounds in soil. Likewise, distribution coeffi-
cients to dissolved humic compounds can also be related to soil sorption coefficients.
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The phenols used in the study, nonylphenol and bisphenol A, were chosen because
of their endocrine disrupting properties. Nonylphenol ethoxylates that are used as
surfactants and are degraded by microbial deethoxylation under aerobic conditions
(Maguire 1999) are the main source of nonylphenol in the environment. Bisphenol A
is used, among other applications, in coatings of thermoprint paper from which it can
be released into the environment during paper recycling (Staples et al. 1998). Due to
their lipophilicity, both compounds accumulate in the sludge fraction during sewage
treatment and are introduced into soil by the agricultural use of sewage sludge.

Besides the two phenols, desethyl terbuthylazine and hydroxydesethyl terbuthylazine
were tested. Terbuthylazine is a widely used herbicide in maize cultivation. Desethyl
terbuthylazine and hydroxydesethyl terbuthylazine represent the important group of
pesticide metabolites in this study. The concentrations of metabolites in soil often exceed
those of the parent compounds. For an assessment of a pesticide, it is thus necessary
to obtain data also on the environmental fate of its metabolites.

47.2
Experimental

47.2.1
Preparation of Humic Substances

To obtain fulvic acids from soil and humic acids from peat, standard extraction proce-
dures from soil science (Swift 1996) were applied with minor modifications. Extraction
was carried out with diluted sodium hydroxide (0.2 M). Humic acids were precipitated by
acidification of the peat extract to pH 1 with hydrochloric acid (5 M), washed, and lyo-
philised. For the dialysis experiments, they were redissolved in diluted sodium hydroxide
and the solution neutralised with sulphuric acid. After precipitating the humic acids from
the soil extract, fulvic acids were obtained by concentration on DAX-8 adsorbent (Supelco,
Bellefonte, USA). Both humic acid and fulvic acid solutions were dialysed against water
through a membrane with a molecular weight cut-off of 1 kDa (Roth, Karlsruhe, Germany)
before use in experiments, in order to remove salts and low-molecular fragments.

47.2.2
Xenobiotic Compounds

The structural formula of the 14C-labelled chemicals used in the experiments are de-
picted in Fig. 47.1. Stock solutions of all compounds were prepared in methanol. Aque-
ous solutions were prepared from the stock solutions by removing the solvent in a
stream of nitrogen and redissolving the chemicals in water.

47.2.3
Dialysis Experiments

The formation of organic matter adducts was studied in a specially constructed di-
alysis apparatus (Fig. 47.2). Dialysis takes place in polytetrafluorethene cells with an
inner volume of approximately 18 ml. These consist of two cylindrical half cells which
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are separated by a dialysis membrane (5 × 5 cm, molecular weight cut-off 1 kDa)
clamped between tongue and groove. In each half cell, one hole covered with a poly-
tetrafluorethene plug allows easy sampling by means of a pipette. Five to six complete
cells are put into a holding device that is rotated around its cylindrical axis. Rotation
ensures permanent wetting of the dialysis membrane for sample volumes down to
5 ml per half cell and also supports diffusion through the membrane.

Per single experiment, two corresponding half cells were filled with a solution of
humic substances and water, respectively (7 ml each). Both solutions were stabilised with
sodium azide (0.05%) and the water was spiked with an aqueous solution of the radio-

Fig. 47.1.
Structural formula of the chemi-
cals used in the experiments.
The asterisk indicates the posi-
tion of the 14C-label (uniform
labelling, i.e. statistical distribu-
tion of number and position of
carbon atoms within the ring
system)

Fig. 47.2. Schematic representation of the dialysis cells used in the experiments. In the top view a, the half
cell is depicted with the open side up, showing the positions of the outer wall, the groove (for a left half
cell) or tongue (for a left half cell), and the inner void as well as of the plug hole. Cross section b shows a
right half cell with tongue. Cross section c demonstrates the final assembly of one dialysis cell with plugs
and the dialysis membrane clamped between groove and tongue of a left and right half cell, respectively
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labelled analyte. Rotation speed was about 10 to 12 rpm. In defined time intervals, samples
from both half cells were taken for determination of radioactivity via LSC. Equilibration
times in organic matter-free systems had been determined previously and were below
24 h for all analytes. Experiments were typically carried out in duplicates.

47.2.4
Sorption to Soil

Soil sorption coefficients were determined according to a modified OECD standard
method 106. Pre-soaked soil (25 g dry matter, moistened to maximum water holding
capacity) was mixed with humic acid solution or 0.01 M calcium chloride (27 ml) and
spiked with the radiolabelled compound (1 µg g–1 soil). Batches were shaken 24 h before
phase separation by centrifugation. Radioactivity was determined in both phases for
calculation of distribution coefficients.

47.3
Results and Discussion

47.3.1
Xenobiotic Interactions with Dissolved Humic and Fulvic Acids at Neutral pH

Aqueous solutions of nonylphenol, bisphenol A, desethyl terbuthylazine, and hydroxy-
desethyl terbuthylazine were dialysed against solutions of humic or fulvic acids, in
order to obtain information on their respective binding interactions with the dissolved
humic substances. The concentrations of the xenobiotics in these dialysis experiments
ranged from 3.4 to 21.7 µg l–1, while the humic and fulvic acid solutions both had a
dissolved organic carbon concentration of 190 mg l–1.

The strength of interactions between xenobiotics and dissolved humic substances
can be expressed as the compounds’ distribution coefficients KDOC between the aque-
ous phase and the organic carbon of the humic substances phase. The concentration
cDOC of bound molecules is calculated by subtracting the concentration of free analyte
molecules in the water half cell (cw) from the total concentration of free and humic
substance-bound molecules in the humic substance half cell (cHA). This value is di-
vided by the concentration of free analyte (cw). To normalise the result to the organic
carbon content of the sorbent, it is divided by the dissolved organic carbon-concen-
tration (DOC) of the humic substances solution.

Since the KDOC values of the different compounds spread over several orders of
magnitude, the logarithmic values logKDOC are used in the further discussion.

In the experiments with fulvic acids at neutral pH, equilibria were reached that
were characterised by identical analyte concentrations on both sides of the dialysis
membrane. In contrast, dialysis of the compounds against a humic acid solution at
neutral pH resulted in a surplus of radioactivity in the half cells containing the dis-
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solved humic acids. Concentration curves for the dialysis of the four xenobiotics against
humic acids at neutral pH are displayed in Fig. 47.3. They show an increase in radio-
activity in the humic acid solution above the concentration in the water half cell for
all compounds.

It can be concluded that no association of either compound with the fulvic acids had
occurred. In the experiments with dissolved humic acids, associates between humic acid
molecules and the chemicals had been formed, which, due to their size, could not pass the
membrane pores. A loss in total dissolved radioactivity was observed in the case of
nonylphenol. This could be attributed to strong sorption of the chemical to the cell walls
and the dialysis membrane. It did, however, not affect the distribution between free and
humic acid-bound nonylphenol molecules in the aqueous phase at equilibrium.

Mean logKDOC values from duplicate experiments for the association to dissolved
humic acids ranged from 2.56 and 2.60 for the triazine derivatives desethyl terbuthyl-
azine and hydroxydesethyl terbuthylazine, respectively, over 2.94 for bisphenol A up
to 3.96 for nonylphenol. The extent of association to dissolved humic acids is obviously
related to the lipophilicity of the the xenobiotic compounds, indicating that binding is
primarily due to hydrophobic interactions. This is in line with the observations of
numerous other authors. Dialysis experiments conducted with pentachlorophenol re-
vealed stronger binding to humic acids with a higher aromatic content than to fulvic
acids (De Paolis and Kukkonen 1997). Similarly, Chen et al. (1992) observed higher equi-
librium constants for the association of 1-naphthol to humic as compared to fulvic acids
at neutral pH. In another study on the sorption of some chlorinated and/or alkylated
phenols to various types of natural organic matter, binding was ascribed to the capa-
bility of the organic sorbent to form hydrophobic cavities, but also, depending on the
chemical nature of the sorbent, on specific interactions with functional groups

Fig. 47.3.
Concentration curves for the
dialysis of nonylphenol (NP),
bisphenol A (BPA), desethyl ter-
buthylazine (DT), and hydroxy-
desethyl terbuthylazine (HDT)
against dissolved humic acids at
neutral pH. Experiments were
carried out in duplicates. Error
bars are smaller than symbols
and therefore not shown. The
dashed lines show the decreas-
ing radioactivity concentrations
over time in the half cells with
water and spiked analyte, while
the straight lines depict their
increase in the half cells con-
taining dissolved humic acids.
Higher concentrations of radio-
activity in the humic acid solu-
tions at the end of the experi-
ment indicate the formation of
xenobiotic-humic acid associates
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(Ohlenbusch et al. 2000). However, such specific interactions with polar functional
groups of analytes were not observed for the soil fulvic acids used in our experiments
at pH 7. The key role of hydrophobic interactions in binding of organic xenobiotics to
humic acids was confirmed also for various triazine herbicides and related compounds
(Schmitt et al. 1997; Kulikova and Perminova 2002). Such kind of mechanism can thus
explain the increasing strength of binding to dissolved humic acids from the more
polar triazine derivatives to the lipophilic nonylphenol, as well as the observed absence
of binding to dissolved fulvic acids for all investigated compounds at neutral pH.

47.3.2
Impact of pH on the Interactions of Xenobiotics with dissolved Humic
and Fulvic Acids

To assess the impact of environmental conditions on the interactions between xeno-
biotics and dissolved humic acids, dialysis experiments were carried out at different
pH values in the range of pH 3 to 12. Adjustment of pH was achieved by adding hy-
drochloric acid or sodium hydroxide to the respective test solutions.

The impact of the pH value on the association of the compounds with dissolved
humic acids varied between the tested chemicals. An overview over the KDOC values
obtained for pH 3 to 10 with dissolved humic acids is given in Table 47.1. Virtually no
pH dependency of binding interaction strength was observed for bisphenol A in this
pH range, as shown by a mean logKDOC of 2.94 ±0.11. In the case of nonylphenol, a
mean logKDOC of 3.85 ±0.12 was calculated for the pH values between 3 and 7, while the
respective value at pH 10 was slightly decreased by about 0.3 units. A general tendency
to weaker binding interactions at higher pH was confirmed by additional dialysis ex-
periments with humic acids at pH 12 (data not included in Table 47.1), where no asso-
ciates were found for any of the tested compounds. The two triazine herbicide metabo-
lites desethyl terbuthylazine and hydroxydesethyl terbuthylazine showed association
to humic acids only up to pH 7. While the logKDOC values for desethyl terbuthylazine
did not change significantly from pH 7 to pH 3, a remarkably stronger association to
dissolved humic acids was observed for hydroxydesethyl terbuthylazine at acidic
pH values (Fig. 47.4). From pH 7 to pH 4.5, mean logKDOC values rose by about 0.8 units
which is equivalent to a 6-fold increase in binding interactions.

Table 47.1. Binding coefficients log KDOC for the binding of nonylphenol (NP), bisphenol A (BPA),
desethyl terbuthylazine (DT), and hydroxydesethyl terbuthylazine (HDT) to dissolved humic acids
vs. pH. Dialysis experiments lasted for 41 to 49 h, except for nonylphenol at pH 7 (90 h). All experi-
ments were carried out in duplicates and both single values of log KDOC are given. A significant in-
crease of log KDOC is visible for hydroxydesethyl terbuthylazine between pH 7 and pH 4.5
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The effect of acidification was also investigated for the interactions of nonylphenol
and hydroxydesethyl terbuthylazine with fulvic acids. At pH 3, the mean logKDOC values
at equilibrium amounted to 3.17 and 2.71 for nonylphenol and hydroxydesethyl terbuthyl-
azine, respectively. In both cases, these values are about 0.7 units smaller than the corre-
sponding values for the humic acids. Thus, the xenobiotic-DOM interactions at pH 3 are
about five times weaker with fulvic than with humic acids for both tested compounds.

The increase or decrease of binding interactions depending on the solution pH can
be attributed to molecular structure changes of either the humic acid sorbent or the
xenobiotic sorbates. On the one hand, the negative charge of humic acids increases
with pH as a consequence of deprotonation of first carboxylic and then phenolic
moieties, and their conformation is changed due to disruption of intramolecular hydro-
gen bonds and electrostatic repulsion effects (Senesi and Loffredo 2001). We assume that
such conformational changes of the dissolved humic acids are responsible for the absence
of triazine-humic acid interactions at pH > 7. On the other hand, phenols as well as
triazines contain functional groups that are protonated or deprotonated according to
pH. It has been stated for pentachlorophenol that only the non-ionised form of the
molecule is able to bind to dissolved humic acids (De Paolis and Kukkonen 1997). This
effect can also explain the observed decrease in KDOC for nonylphenol and bisphenol A
at pH values of 10 and above. In the acidic pH range, hydroxydesethyl terbuthylazine
displayed a markedly different behaviour than the other chemicals. The increase in
binding interactions at pH 4.5 by nearly one order of magnitude is attributed to the
high basicity of hydroxy triazines. With pKa values around 5 (Schmitt et al. 1996), these
compounds are protonated at lower pH, resulting in cationic species that can interact
with electronegative functional groups of the dissolved humic or fulvic acids. The ability
of hydroxy triazines to interact with humic substances on the basis of polar interac-
tions like cation exchange or electron transfer has been emphasised by other authors,
too (Lerch et al. 1997; Martin-Neto et al. 2001). In contrast, chlorinated triazines like

Fig. 47.4. Concentration curves for the dialysis of hydroxydesethyl terbuthylazine against dissolved
humic acids at neutral (pH 7) and acidic pH (pH 3). Experiments were carried out in duplicates. Er-
ror bars are smaller than symbols and therefore not shown. The dashed lines show the decreasing
radioactivity concentrations over time in the half cells with water and spiked analyte, while the straight
lines depict their increase in the half cells containing dissolved humic acids. The greater difference
between the two curves at equilibrium at pH 3 than at pH 7 corresponds to stronger binding interac-
tions between hydroxydesethyl terbuthylazine and humic acids under acidic conditions
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desethyl terbuthylazine exhibit pKa values around 2 and are thus not affected in their
binding to humic substances by pH values down to 3. The results show that additional
interaction mechanisms between xenobiotics and dissolved humic substances can
become operative besides hydrophobic interactions at acidic or alkaline conditions and
may substantially change the association behaviour of these compounds.

47.3.3
Soil Sorption Experiments

Complemental information to the picture on the interactions of xenobiotics with
organic material in soil was added by carrying out sorption experiments with a loamy
silt soil of low organic carbon content (1%) at the soil-inherent pH of 5.14 (KCl). Soil
sorption coefficients normalised to the organic carbon content were determined with
(logKOC-HA) and without (logKOC-Ref) addition of humic acids to the sorption so-
lutions. The results are listed in Table 47.2. Most remarkably, nearly identical numeri-
cal values were observed for the logKDOC and logKOC-Ref values of the two phenols.
Such close conformity of distribution coefficients possibly indicates that similar bind-
ing mechanisms were operative in both, soil sorption and dialysis experiments (Arnold
et al. 1998). It can thus be concluded that nonylphenol and bisphenol A are complexed
through hydrophobic interactions in a similar way by solid or mineral-bound as well
as by dissolved humic acids. No such relationship was found for hydroxydesethyl
terbuthylazine and desethyl terbuthylazine. Soil sorption coefficients (log KOC-Ref)
for these triazine derivatives were about 0.6 to 0.7 units lower than the respective dis-
tribution coefficients to dissolved humic acids. This unexpected behaviour might be
explained by sorption sites that are only accessible in the dissolved state of the humic
acids and are blocked in the solid organic matter.

Sorption experiments with humic acids added to the aqueous phase were conducted
with nonylphenol and hydroxydesethyl terbuthylazine. For both chemicals, the addi-
tional dissolved organic sorbent had no impact on soil sorption coefficients. This agrees
well with data from the literature, stating that natural dissolved organic matter had
virtually no impact on the mobility of different phenols in soil (Lafrance et al. 1994;
Busche and Hirner 1997). Complementary sorption experiments with pure humic acid

Table 47.2. Comparison of organic carbon-normalised binding coefficients for the association of
nonylphenol (NP), bisphenol A (BPA), desethyl terbuthylazine (DT), and hydroxydesethyl terbuthyl-
azine (HDT) to dissolved humic acids at pH 7 (log KDOC) and for the sorption of the compounds to
loamy silt soil with (log KOC-HA) and without (log KOC-Ref) addition of dissolved humic acids. Good
agreement is found between log KDOC and logKOC-Ref values of both phenols and between logKOC-Ref
and logKOC-HA values for nonylphenol and hydroxydesethyl terbuthylazine
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solutions confirmed strong interactions between the dissolved humic acids and the
loamy silt soil. Within few hours, the dark brown peat humic acids were removed
from solution and replaced by light yellow water-soluble organic material from soil.
However, the peat humic acids adsorbed by the soil did neither increase nor decrease
its binding capacity for the xenobiotic chemicals.

47.4
Conclusions

Dialysis experiments with two phenols (nonylphenol and bisphenol A) and two her-
bicide metabolites (desethyl terbuthylazine and hydroxydesethyl terbuthylazine)
against solutions of humic and fulvic acids at different pH values yielded an array of
data on xenobiotic-DOM associates that allow to draw conclusions on type and mecha-
nism of the binding interactions. At neutral pH, the association of the investigated
chemicals to dissolved humic substances is primarily determined by hydrophobic
interactions. As a consequence, no binding to fulvic acids occurs, whereas normalised
association coefficients KDOC to dissolved humic acids rise in the order desethyl
terbuthylazine ≈ hydroxydesethyl terbuthylazine < bisphenol A < nonylphenol. In the
acidic or alkaline pH range, the molecular structure of both xenobiotics and dissolved
humic substances is changed due to protonation or deprotonation. Generally, binding
interactions are decreased at higher pH, due to conformational changes of the humic
substances, or to the formation of negatively charged, more hydrophilic and thus non-
binding phenolate ions from nonylphenol and bisphenol A. In contrast, KDOC values
for hydroxydesethyl terbuthylazin increase markedly at pH values near the compound’s
pKa of approximately 5, indicating strong additional polar binding interactions. How-
ever, the possible formation of associates with dissolved humic acids had no impact
on the fate of the compounds in soil sorption experiments with added peat humic
acids, because these were virtually completely sorbed and replaced by water-soluble
organic material from soil during equilibration. Since the sorption of the humic acids
to the soil matrix does not interfere with the sorption of the xenobiotics and no bind-
ing of the chemicals occurs with the newly released organic matter in the aqueous
phase, their soil sorption coefficients KOC are not affected.
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Potential Exposure to Pesticides during Amateur
Applications of Home and Garden Products

P. Harrington  ·  J. Mathers  ·  R. Lewis  ·  S. Perez Duran  ·  R. Glass

Abstract

Volunteer “amateur” gardeners were observed, but not supervised, while they mixed, then applied
carbendazim, and decontaminated their equipment. A whole body dosimetry method was used,
including dosimeters on hands, feet and face. Personal air samplers collected airborne pesticide in
the breathing zone. Analysis of the tank mixes prepared by volunteers indicated that the final con-
centration ranged from 55 to 177% of the intended concentration. Areas of body most heavily
contaminated during mixing were the hands, with levels of up to 25 mg of active substance (a.s.)
found due to spillages during measurement. Residues of pesticide within the measuring cap were
up to 31 mg of a.s. During application the arms, hands, front torso and feet were most contami-
nated. Typical contamination rates during application were 20 ml h–1 of the diluted tank mix: up to
10 mg h–1 of active substance, with typical applications in these scenarios lasting 5 to 15 min.

48.1
Introduction

Studies to evaluate the exposure of operators during pesticide handling and applica-
tion tend to concentrate on large scale commercial use (Glass et al. 2002; Wild et al.
2000). Recent studies have generated data that identify potential dermal and inhala-
tion exposure during the application of amateur pesticides, specifically marketed for
home and garden use in the UK. Volunteer “amateur” gardeners were observed, but
not supervised, while they mixed, then applied a pesticide, and decontaminated their
equipment. A whole body dosimetry method was used, including dosimeters on hands,
feet and face. Personal air samplers collected airborne pesticide in the breathing zone
while ground level collection media were used to measure ground contamination from
run-off and spray drift.

Residues were extracted, using methanol, from a sectioned absorbent suit, boot
covers and gloves worn by the operator over Personal Protective Equipment (PPE).
The concentration of pesticide in the extracts was determined by HPLC with fluores-
cence detection. Spiked recovery samples of the clothing materials were analysed
concurrently with the samples. The potential exposure to pesticides, for amateur users
of home and garden products, is greatest during mixing and loading and is exacer-
bated by the use of the container cap as a measuring device. This method of concen-
trate measurement was found to be inaccurate when used by all but one of the volun-
teers, with the tank mix concentrations falling between 55 and 177% of that recom-
mended.
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Levels on the gloves of up to 25 mg of active substance were found, due to spillages
and contamination during measurement, and residues of up to 31 mg were found within
the measuring cap, representing a potential source of operator exposure. Potential
dermal exposure during application is closely linked to the duration of application,
with a maximum whole body contamination level of approximately 25 ml per hour
being measured in three of the six test scenarios. In none of the six scenarios ob-
served, were levels of carbendazim measured on the clothing worn by the operator
considered to be sufficient to give rise to health concerns, even in situations where
multiple applications might be used.

48.2
Experimental

Amateur gardener “volunteers” were asked to read the instructions set out by the
manufacturer on the product label of a commercially available garden protection
product, then prepare and apply the pesticide to suitable target plants. The pesticide
used was a commercial formulation, marketed for amateur use, and bought from a
local retail outlet.

The product used was: Doff “Plant Disease Control” containing 50 g l–1 carbendazim,
recommended to be used at a dilution of 5 ml l–1: equivalent to an active substance
concentration of 250 µg ml–1. The volunteers were supplied with a Tyvek® coverall,
protective gloves and a face shield. Over the top of this Personal Protective Equip-
ment they were dressed in a second, absorbent, coverall (Sontara®), cotton gloves and
Tyvek® boot covers. Personal air samplers were attached to the outer suit in the breath-
ing area, with a further air sampler placed approximately 5 m downwind of target
plants, at a height of roughly 1.5 m to measure the potential air-borne exposure expe-
rienced by an observer. In all but the first two trials, Petri dishes, containing filter
papers were placed under the target plants, in the areas that the operator, or other
garden users, would walk through, to assess the ground deposition which would be an
indication of pesticide deposits available to contaminate shoes.

The volunteers were asked to perform three tasks:

1. “Mix and Load” – Prepare an appropriate volume of pesticide formulation in the
spraying equipment at a suitable concentration for the target plants.

2. “Application” – Apply the pesticide.
3. “Clean and decontaminate” – Complete the operation by cleaning the equipment

used, ready for future applications.

At the end of the “mix and load” and “application” operations, samples were bagged
and labelled and brought back to the laboratory for analysis together with field spikes.
The suit was sectioned as indicated in the appendices and the pesticide extracted
in methanol. Gloves, boots, filter papers from ground level, air sampler media and
tissues from wiping the visor or spillages during mixing, were treated in a similar
manner.

Carbendazim analysis used reverse-phase HPLC with isocratic elution with ammo-
nium acetate/acetonitrile (pH 8) and fluorescence determination. The level of deter-
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mination was 0.01 µg ml–1, which would allow 5 µl of the formulation at the application
concentration to be detected on the large sections of the suit and 1 µl elsewhere. Brack-
eted calibrations at a minimum of 4 levels were placed between a maximum of
10 samples. Results outside the calibration range were diluted and re-run.

48.3
Results

The contamination levels discussed refer to the total amount of active substance ex-
tracted from the personal protective equipment (PPE) and therefore can be regarded
as potential dermal exposure of the operator to the pesticide.

48.3.1
Individual Results

Each scenario is represented diagrammatically (Fig. 48.1–48.6) in the Appendix.

Scenario 1

■ One apple tree, in full leaf, approximately 5 m (h) by 6 m (w)
■ Tank concentration: 138 µg ml–1 = 55% of recommended
■ Application rate: 2.3 l in 17 min
■ Comments:

– Mix and Load: Significant spillage on cap, observed whilst measuring concen-
trate. One and a half capfuls were required to be measured, exacerbating inac-
curacies in concentrate measurement. The drips around the cap gave 31 mg of
active substance (a.s.) recovered from this area, none on gloves.

– Application: Upward application gave the highest levels of exposure on head,
upper torso and right (application) arm. Higher than anticipated levels of ac-
tive substance were measured on feet. The highest residue of a.s. found from the
application was 0.16 mg on the front torso. The contamination rate from this
application was 22.3 ml h–1, or 3.1 mg a.s. h–1. The combined mix and load and
application operations gave a total body exposure to the active substance of
0.87 mg per spraying operation.

– Decontamination left less than 0.2 mg a.s. on clothing, but over 1 mg was left as
a residue on the sprayer dip-tube.

Scenario2

■ One apple tree, in full leaf, approximately 3 m (h) by 2 m (w)
■ Tank concentration: 245 µg ml–1 = 97% of recommended
■ Application rate: 0.25 l in 2.4 min
■ Comments:

– Mix and Load: Measurement of concentrate required exactly one full cap, there-
fore the final mix was more accurate. A total of 35 mg a.s. was recovered from
gloves after mixing.
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– Application: High levels on feet were observed, again. Separation of upper, from
sole of the foot covers indicated that contamination was higher on the uppers.
This suggests that drift/run-off from the target plants, makes a larger contribu-
tion than the pesticide on the ground. The highest residue of a.s. found from the
application was 0.056 mg on the front torso. The contamination rate from this
application was 15.4 ml h–1, or 3.8 mg a.s. h–1. The combined mix and load and
application operations gave a total body exposure to the active substance of 35.5 mg
per spraying operation, of which 35 mg was due to the mix and load stage.

– Decontamination/cleaning of equipment left residues of less than 0.2 mg in total.

Scenario 3

■ Three apple trees, approximately 5 m (h) by 2 m (w), each, plus a currant bush
■ Tank concentration: 170 µg ml–1 = 68% of recommended
■ Application rate: 2.75 l in 15.4 min
■ Comments:

– Mix and Load: Contamination during mixing and loading was 13.5 mg of a.s. on
the gloves, but with a further potential source of exposure of 25.5 mg a.s. recov-
ered from the cap swab.

– Application: Filter papers were placed out in the areas where the operator was walk-
ing, but not directly under the target plants. Access for the operator to get directly
under the trees was difficult, so less exposure to head and visor. Although the feet
show similar dosimetry to scenario 2, the carbendazim levels on the ground height
filter papers were less than the detection limit. These observations suggest that the
high levels found on the upper foot are directly from run-off, i.e. placing the lead
foot under the target plant foliage, not from wind-borne drift. The highest residue
of a.s. found from the application was 0.22 mg on the right glove. The contamina-
tion rate from this application was 25.0 ml h–1, or 4.3 mg a.s. h–1. The combined mix
and load and application operations gave a total body exposure to the active sub-
stance of 14.6 mg per spraying operation, of which 1.1 mg was from spraying drift.

– Decontamination/cleaning left combined residues on clothing and equipment
of less than 0.15 mg a.s.

Scenario 4

■ Five fruit trees, 2 m (h) by 2 m (w), each, plus rose bush 1.5 m (h) by 1 m (w)
■ Tank concentration: 167 µg ml–1 = 67% of recommended
■ Application rate: 4.1 l in 8.2 min
■ Comments:

– Mix and Load: Mixing and loading were performed with great care; less than
0.3 ml of concentrate was recovered from the left glove, but this still gives expo-
sure levels during mixing and loading to 15 mg a.s.

– Application: Spray was applied horizontally for these low level trees and shrubs, so
levels on the subjects’ head and shoulders were negligible. Nozzle adjustments were
made with left hand, while spraying, hence high contamination levels to left arm.
The operator walked close to bushes, leading with left foot, leading to high conta-



533Chapter 48  ·  Potential Exposure to Pesticides during Amateur Applications

Pa
rt

 V

mination levels on the soles of the feet, particularly the left. The ground level filter
papers, positioned near the bushes also received measurable dosages, in 4 out of 5
instances. The highest residue of a.s. found from the application was 0.050 mg on the
sole of the left foot. The contamination rate from this application was 5.3 ml h–1, or
0.9 mg a.s. h–1. The combined mix and load and application operations gave a total
body exposure to the active substance of 15.1 mg per spraying operation.

– Decontamination/cleaning left combined residues on clothing and equipment
of 0.05 mg a.s.

Scenario 5

■ Cucumber and tomato plants in conservatory/greenhouse. Plants 1.5 m high
■ Tank concentration: 443 µg ml–1 = 177% of recommended
■ Application rate: 0.57 l in 2.5 m
■ Comments:

– Mix and Load: Measurement of concentrate used a calibrated jug, but the op-
erator inadvertently measured 1 pint instead of 1 l into the sprayer. A total of
34.5 mg of a.s. was recovered from mixing and loading, of which 18 mg was from
the cap swab as potential exposure.

– Application: Ten loose sheets of tissue, approximately 20 × 20 cm were used on
the conservatory floor to assess the pesticide level that would be left on the ground
in this family seating area. Five of these were in the immediate spraying area and
five spaced out at about 1 m distance from the nearest target plant. The total residue
from the 5 tissues nearest the target plants amounted to 0.3 mg of a.s. The tissues
1 m away had residue levels below the detection limit in 4 of 5 cases, the fifth
having a residue equivalent to 0.005 mg. The operator used his left hand to hold
each leaf to ensure coverage, this led to very high levels on left hand equating to
0.24 mg of a.s. over this relatively small surface area. The contamination rate from
this application was 24.6 ml h–1, or 10.9 mg a.s. h–1. The combined mix and load
and application operations gave a total body exposure to the active substance of
17 mg per spraying operation, of which 0.45 mg was from the application stage.

– Decontamination/cleaning left combined residues on clothing and equipment
of less than 0.05 mg a.s.

Scenario 6

■ Seven apple and plum trees, in full leaf, 1.5 m to 2 m tall
■ Tank concentration: 303 µg ml–1 = 121% of recommended
■ Application rate: 4.5 l in 15.3 min
■ Comments:

– Mix and Load: Subject overfilled one capful, of the 2 measured, leading to high
levels of a.s.: 21.9 mg, being found on the left glove. Only 5.5 mg a.s. was recov-
ered from within the cap.

– Application: Spray was applied horizontally, giving highest residues on arms torso
and feet. The highest residue of a.s. found from the application was 0.26 mg on
the front torso. The contamination rate from this application was 24.2 ml h–1, or
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7.3 mg a.s. h–1. The combined mix and load and application operations gave a
total body exposure to the active substance of 23.8 mg per spraying operation.
The measured exposure to the active substance generated by the application
stage of the spraying operation was 1.9 mg.

– Decontamination/cleaning left combined residues on clothing and equipment
of slightly over 0.11 mg a.s.

48.3.2
General Observations

The potential exposure due to inhalation of the pesticide appears minimal, with only
one air-borne sample (Scenario 1) registering a response on the analytical system,
but still below the limit of determination of 0.01 µg ml–1. This is likely to be due to the
short sampling period and low concentration of the a.s. in the spray mixture.

The greatest risk of potential operator exposure occurs during the handling and
measurement of the concentrate (mixing and loading). Accurate measurement of the
concentrate is difficult to achieve using the measurement equipment supplied with
the pesticide formulation. Only one test subject managed to prepare the pesticide for
application with a less than 20% margin of error. In only two of the six cases the
amount of concentrate measured exceeded the amount required, one of these was due
to a confusion of measurement units. In all other cases the use of the cap as a mea-
suring device resulted in less concentrate than intended being added to the mix.

Drips and spillages during measurement into the cap were monitored in 80% of
cases. These have been excluded from the calculation of the potential operator expo-
sure, but represent an additional contamination source. Gloves were contaminated
during the mix and load operations in all but one case.

Potential exposure during application is closely linked to the duration of applica-
tion, with a maximum whole body contamination level of approximately 25 ml per hour
being measured in three of the six scenarios, above. This would equate to 6.25 mg of
active substance per hour, at the recommended application strength. A typical appli-
cation took between 5 and 15 min.

Extracts from collection media placed at ground level had high levels of active sub-
stance in those directly under the target plants. Negligible levels were measured on those
placed more than 0.5 m from the immediate spray area. This indicates that run-off from
the plant provides the major contribution to ground level contamination. The high levels
measured on the uppers of the boot covers, confirm that drips directly from the spayed
foliage offer a significant source of potential operator exposure. Spray drift contribution
to ground level exposure levels appears minimal, or nil, in the operations observed.

Cleaning and decontamination of the equipment generally provides low exposure
levels, between 0.01 and 0.1 ml found on gloves, but residues of up to 8 ml of tank mix
were found on dip-tubes and plungers after use.

The estimated absorbed dose has been compared to the provisional Acceptable Op-
erator Exposure Levels (AOEL) for carbendazim, supplied by the UK Pesticide Safety
Directorate (PSD). For assessment of the worst case exposure levels in the scenarios,
above, it has been assumed that no PPE is worn and that all of the pesticide measured
from the whole body dosimetry is available to be absorbed. (A figure for dermal ab-
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sorption for carbendazim of 1% has been used). The contribution to exposure to the
active substance via inhalation is considered to be negligible in all of the above cases,
as the levels measured were all below the level of determination.

In reality the clothing worn, could reduce the actual dermal exposure considerably.
This would be particularly true if gloves were worn for the mix and load operations, which
provide most of the contamination. However, the chest, hips, and feet are unlikely to have
exposed skin during spray application, even in amateur pesticide application operations.

The provisional AOEL for carbendazim is 0.04 mg kg–1 per day. In the worst case
scenario observed, Scenario 2, a 60 kg operator may receive a maximum potential
dermal exposure of 35 mg during a single application cycle, of which 0.35 mg may be
adsorbed = 0.006 mg kg–1 per application. More than six similar applications could
be performed without the operator being exposed to carbendazim levels above the
AOEL.

48.4
Conclusions

The potential exposure to pesticides, for amateur users of home and garden prod-
ucts, is greatest during mixing and loading and is exacerbated by the use of the con-
tainer cap as a measuring device. This method of concentrate measurement was in-
accurate in all but one instance, with the tank mix concentrations falling between 55
and 177% of that recommended. With this formulation the observed level of potential
operator exposure during these application scenarios does not reach levels above
acceptable operator exposure levels (AOEL). The total amount of active substance
recovered from all clothing worn during a complete mix and load and application
session was in the range from 1.0 to 35.0 mg. The wide range of values reflects the
importance of avoiding contact with the concentrate during mixing and loading
operations. There is no recommendation that gloves should be worn during this
operation on the product label.

The maximum estimated exposure to carbendazim during the complete course of
a single mix, load and application sequence is less than the AOEL by a factor of 6.
Drips, spillages and residues found within the measuring cap may reduce this safety
margin on subsequent operations. Therefore the use of carbendazim in the scenarios
observed appears to give an adequate margin of safety.
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Appendix

Fig. 48.1. Diagramme of scenario 1

Fig. 48.2. Diagramme of scenario 2
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Fig. 48.3. Diagramme of scenario 3

Fig. 48.4. Diagramme of scenario 4
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Carbon Dioxide, a Solvent and Synthon
for Green Chemistry

D. Ballivet-Tkatchenko  ·  S. Camy  ·  J. S. Condoret

Abstract

Carbon dioxide is a renewable resource of carbon when we consider the reuse of existing CO2 as a
carbon source for producing chemicals. The development of new applications is of major interest
from the point of view of carbon dioxide sequestration and within the scope of green chemistry.
For example, using CO2 instead of CO or COCl2 for chemical synthesis constitutes an attractive alter-
native avoiding hazardous and toxic reactants. However, it has the lowest chemical reactivity, which
is a serious drawback for its transformation. Supercritical CO2 as a reaction medium offers the op-
portunity to replace conventional organic solvents. Its benign nature, easy handling and availabil-
ity, non volatile emitting, and the relatively low critical point (Pc = 73.8 bar, Tc = 31 °C) are particu-
larly interesting for catalytic applications in chemical synthesis, over a wide range of temperatures
and pressures. The benefits of coupling catalysis and supercritical fluids are both environmental
and commercial: less waste and less emission of volative organic compounds (VOCs), improved
separation and recycling, and enhanced productivity and selectivity.

The case study described in this paper concerns the reaction of carbon dioxide with alcohols to
afford dialkyl carbonates with special emphasis on dimethyl carbonate. It is of significant interest
because the industrial production of this class of compounds, including polycarbonates, carbam-
ates, and polyurethanes, involves phosgene with strong concerns on environmental impact, trans-
port, safety and waste elimination. The future of carbon dioxide in green chemistry, including
supercritical applications, is highly linked to the development of basic knowledge, know-how, and
tools for the design of catalyst precursors and reactors.

Key words: carbon dioxide fixation, supercritical carbon dioxide, catalysis, dialkyl carbonate, dimethyl
carbonate, phase equilibria, fractionation

49.1
Introduction

The development of environmentally-improved routes and the design of green chemi-
cals are two facets of Green Chemistry devoted to reducing the impact of chemical
processes and compounds on the environment (Anastas 2000). To reach the ultimate
goals of cleaner production and sustainable development, new and improved synthe-
ses of chemicals have to meet economics, ecological and social criteria (Vollenbroek
2002). The design of chemical reactions minimising waste, air emission, and hazard-
ous reactants is on the way to environmentally benign technologies. For the academic
chemist, minimisation of waste and emission relies on chemical yield, selectivity, and
atom utilisation (Sheldon 1994). Therefore, catalytic processes likely to provide rapid
and selective chemical transformations as well as effective recovery of both catalyst
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and product, without creating environmental problems, do have a significant impact
in the chemical industry. In most cases catalyst recovery and recycling is of para-
mount importance for the economics of the process due to multistage, sophisticated,
and costly recycling operations. The alternative of leaving-in the catalyst is accept-
able in few cases. For example, the latest generations of Ziegler-Natta and metallocene-
based catalysts are so productive that the catalyst present in concentration at the
ppm level is left in the polyolefin product (Mülhaupt 1995).

49.1.1
Carbon Dioxide as a Solvent

In organic synthesis, most reactions are performed in the liquid state by the addition
of a solvent with several beneficial purposes: (i) bringing the reactants to a single
phase for rate enhancement, (ii) decreasing the viscosity of the reacting mixture for
better diffusion of the reactive species, and (iii) providing easier mastering of heat
effects. It should be pointed out that when one of the reactants is in the gaseous state
(dihydrogen, carbon monoxide, dioxygen, …), the gas-liquid mass transfer is often
rate determining. The use of toxic solvents contributes to air emission of volatile
organic compounds (VOCs) and of chloro hydrocarbons; they are now considered as
environmentally unacceptable (Eckert and Chandler 1998). In the field of soluble
metal-based catalysts, a considerable progress has been achieved through the con-
cept of diphasic liquid-liquid catalysis: here the catalyst is recovered in one liquid
phase and the product in the other one. This has led to drastic technological improve-
ments but it has only reached single cases of industrialisation (Keim 1984; Cornils
and Kuntz 1995; Driessen-Hölscher 1998). Further possibilities deserve attention with
promising results in the use of fluorous solvents (Horvath 1998), non-aqueous ionic
liquids (Wasserscheid and Keim 2000), and supercritical media (Jessop and Leitner
1999). These systems are potentially cost-effective by combining reaction and separa-
tion into a single reactor (Freemantle 2000).

The ideal supercritical fluid (SCF) should be non-toxic for man and the environ-
ment, non-carcinogen, non-flammable, and its intrinsic chemical reactivity should
not be the source of runaway reactions. Concerning carbon dioxide, its impact on the
global warming may be a handicap, but, when CO2 applications are implemented,
carbon dioxide is never released to the environment. While commercial developments
of supercritical carbon dioxide (scCO2) technology are successful for separation and
extraction, its application as a reaction medium and as a reactant are still in its in-
fancy (Jessop and Leitner 1999; Noyori 1999). The wide range of miscibility of gaseous
reactants, e.g. dihydrogen and dioxygen, in supercritical fluids simplifies greatly the
design of reactors in comparison with conventional ones which operate under di- or
triphasic conditions. Furthermore the good transport properties of these fluids (vis-
cosity, diffusivities) allow to design small and efficient reactors, where catalysts may
have longer lifetime. The post-reacting separation is likely to be easy. Small tempera-
ture or pressure variations lead to solvent-free products. Fractionation of the effluent
is also possible without involving any further separating agent. The greatest safety
concern of supercritical fluids is the use of high pressure components in the process
equipment.
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49.1.2
Carbon Dioxide as a C1-Building Block for Chemicals

Carbon dioxide, one of the major man-made greenhouse gases, is a renewable re-
source of carbon when we consider the reuse of existing CO2 as a carbon source for
producing chemicals. The industrial syntheses of urea, cyclic carbonates, salicylic acid,
and methanol already involve carbon dioxide as a reactant. Nowadays, the develop-
ment of new applications is of major interest from the point of view of carbon diox-
ide sequestration and within the scope of green chemistry (Dinjus and Fornika 1996).
Using CO2 instead of CO or COCl2 constitutes an attractive alternative avoiding haz-
ardous and toxic components (Aresta and Quaranta 1997). However, it has the lowest
chemical reactivity which is a serious drawback for its transformation and incorpo-
ration to organic molecules. Several ways of activation are currently under investiga-
tion; among them catalysis offers a number of options, but it still is a challenge to
find activities of practical interest.

We focused our research on new syntheses for open chain organic carbonates
because their production is historically dominated by phosgene chemistry (Fig. 49.1,
route A). The unfavourable opinion on the phosgene industry concerns the environ-
mental impact, transport, safety and waste elimination. The lethal concentration
threshold for a 30 min exposure is 10 ppm, as compared to 870, 4 000, and 30 000 ppm
for dichlorine, carbon monoxide, and ammonia, respectively. In addition, the wastes
contain hydrogen chloride as well as chlorinated solvents, and they have to be treated
prior to disposal. These environmental and safety handicaps motivate the develop-
ment of new technologies for commodity chemicals (>10 000 t yr–1). Its industrial
use is likely to be confined to small groups of experts who are properly equipped
(Senet 2000). For the production of dimethyl carbonate (DMC), catalytic alternatives
via the oxidative carbonylation of methanol (Fig. 49.1, route B) have provided an answer
(Rivetti 2000). However, the use of carbon monoxide imposes safety constraints and
the use of dioxygen requires a strict control of the kinetics.

Dimethyl carbonate (DMC) is an alternative to phosgene in carbonylation reac-
tions, and a substitute for methyl halides and dimethyl sulfate in methylation reac-
tions (Tundo 2001). Its current production is estimated to be around 80 000 t yr–1

worldwide, with a growing demand for captive use by polycarbonate firms. DMC has
a low toxicity, is not corrosive, and will not produce environmentally damaging by-
products (no organics or salts). If the economics of the current technologies were
more favourable, the market potential could be an order of magnitude higher because
DMC is a good candidate for the replacement of methyl tert-butyl ether (MTBE) as a
fuel additive (Pacheco and Marshall 1997). As a consequence, alternative reactions are
under investigation. Among them, reacting methanol (or dimethyl acetals) and CO2

Fig. 49.1.
Three reaction routes to open
chain carbonates from alcohol
and C1-building blocks
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in the presence of a catalyst (Fig. 49.1, route C) leads to DMC under supercritical con-
ditions (Isaacs et al. 1999; Ballivet-Tkatchenko et al. 2000); a drastic increase in activ-
ity is found if the experiments are conducted at ca. 2 000 bar and 180 °C (Sakakura
et al. 1999). There is a real challenge from these very first results to commercial appli-
cation, because on one hand the activity is low and on the other hand the most active
systems are tin(IV) compounds which are not environmentally friendly. An impor-
tant task is the knowledge of the reaction mechanisms involved to get structure-ac-
tivity relationships. This paper addresses some issues on the chemistry and emphasises
the reactor design under supercritical conditions for route C (Fig. 49.1). It also gives
an insight to the complete process, including the post-reacting fractionation using
potentialities of supercritical state.

49.2
Experimental

49.2.1
General

All reactions were carried out under dry argon using Schlenk tube techniques. The
solvents were purified by standard methods. The organotin compounds n-Bu3SnCl,
n-Bu2SnCl2, n-BuSnCl3, (n-Bu3SnO)2, and (n-Bu2SnO)n were used as received from
Aldrich and Acros Chimica for the syntheses of the alkoxystannanes derivatives ac-
cording to already published procedures (Ballivet-Tkatchenko et al. 2000). CO2 N45
was purchased from Air Liquide. The 1H, 13C, and 119Sn nuclear magnetic resonance
(NMR) spectra were measured at 500.132, 125.770, and 186.501 MHz, respectively, on a
Bruker DRX 500 spectrometer. For a detailed description and assignment of the ex-
perimental spectra see Ballivet-Tkatchenko et al. (2000). Infrared spectra were ob-
tained with a FT-IR Bruker Vector 22 spectrometer, the sample being placed between
NaCl windows either as neat or dispersed in Nujol. Elemental analysis was performed
at the Laboratoire de Synthèse et Electrosynthèse Organométalliques, Université de
Bourgogne, Dijon.

49.2.2
Volumetry

A Schlenk tube containing 1 mmol of the tin compound in 1 ml of toluene was con-
nected to a pressure transducer and to a CO2 reservoir of known pressure and vol-
ume, maintained at 19 °C. The amount of CO2 gas absorbed by tin compound was
calibrated by reference experiments. The calculated CO2:Sn molar ratio was at ±0.05.

49.2.3
Reaction under CO2 Pressure

In a 100-ml stainless steel batch reactor, a solution (10–30 ml) of the tin compound
(4 mmol Sn) was introduced. The reactor was pressurised with CO2, heated to 145 °C,
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then the CO2 pressure was adjusted to the desired value, typically between 90 and
220 bar. After the run, the reactor was cooled to 0 °C, depressurised, and the liquid
phase was analysed by gas chromatography (Fisons 8000, FID detector, J&W Scien-
tific DB-WAX 15 m megabore column) and gas chromatography-mass spectrometry
for identification (Fisons MD 800, EI 70 eV, J&W Scientific DB-1 60 m capillary col-
umn). Evaporation of the volatiles under vacuum at room temperature allowed to
characterise the residue by NMR.

49.2.4
Experimental Set-up for the Fractionation Study

For the fractionation study, we have used an experimental process schematically shown
on Fig. 49.2, comprising a 200 ml contacting vessel C (the reactor) followed by three
cyclonic separators S1, S2, and S3 (ca. 20 ml each). As an efficient immobilised cata-
lyst has not yet been found, the reaction could not be operated experimentally. We
therefore worked with a mimicked reacting mixture in the contacting vessel where an
intimate contact between a methanol-dimethyl carbonate-water mixture and CO2
entering the process takes place. A constant feed flow rate of CO2 of ca. 4 kg h–1 is
kept. The outgoing fluid from the contactor C composed of a CO2-methanol-dimethyl
carbonate-water quaternary mixture undergoes a three successive depressurisation
stages S1, S2, and S3, in order to recover the targeted components (DMC and water),
and to recycle CO2 and methanol.

Liquid phase analyses were done by gas chromatography with a Hewlett-Packard
5890 series II chromatograph equipped with a Supel-QTM Plot capillary column (30 m,
0.53 mm ID) from Supelco (USA) and a thermal conductivity detector (TCD). Syn-
thetic mixtures were prepared from distilled water, dimethyl carbonate (Aldrich, 99%,
D15,292-7), and methanol (Prolabo Chromanorm, min. 99.8%, 20834.291).

Fig. 49.2. Pilot SF200. C: contactor; D1, D2, D3: depressurizarion valves; P: pressure pump; PI: pressure
indicators; R: back pressure regulator; S1, S2, S3: separators; V1, V2, V3, V4: sampling valves
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49.2.5
Numerical Methods for Thermodynamic Calculations

In this study, phase equilibria are calculated using the cubic equation of state proposed
by Redlich and Kwong (1949), modified by Soave (1972), and named SRK equation. To
account for interaction taking place between components in the mixture, the “MHV-
2” mixing rules, developed by Huron and Vidal (1979) and modified by Michelsen (Dahl
and Michelsen 1990), are used. This type of modelling is now commonly recognised as
a good choice for high pressure phase equilibrium calculations involving polar com-
pounds, as it is the case in this study. Equations of state such as SRK equation give
satisfying results at high pressure but have to be used only when dealing with apolar
or poorly polar compounds. Conversely, activity coefficient models (differently named
γ–φ  approach) cannot be used at high pressure but are particularly appropriate for
thermodynamic calculations involving polar compounds. The MHV-2 approach con-
ciliates these two application domains, involving an activity coefficient model into
mixing rules of an equation of state. The UNIQUAC activity coefficient model (Abrams
and Prausnitz 1975) has been chosen to determine the value of the free excess Gibbs
energy needed in the calculation of the mixture parameters.

Thermodynamic models have proved to be of great help in predicting thermodynamic
behaviour of mixtures. However, these models need specific mixture parameters, reflect-
ing interactions between the components in the mixture, that are obtained by fitting a
limited set of experimental equilibrium data. The data used to determine mixture param-
eters can be equilibrium data from the binary or ternary sub-systems constituting the
quaternary methanol-CO2-water-DMC mixture. In our case, some binary or ternary data
can be found in the existing literature. For DMC-water and DMC-CO2 mixtures, no ex-
perimental work is available, and experiments have been necessary. Such new results are
now available from our recent publication (Camy et al. 2002). Binary interaction param-
eters are calculated using the commercial software ProReg™ (PROSIM S.A., France). This
model fed by adequate binary interaction coefficients allows us to describe the thermo-
dynamic behaviour of the reacting mixture in the reactor itself and in the separation system.

49.3
Results and Discussion

49.3.1
Mechanistic Approach for Dimethyl Carbonate Formation

Our interest in the reaction of carbon dioxide with alcohols to afford dialkyl carbonates
led us to focus on the mechanistic approach with tin compounds. These compounds were
chosen because 119Sn NMR spectrocopy provides useful information on the number of
tin species and their coordination (Hani and Geanangel 1982) in addition to 1H and
13C spectra. IR spectroscopy was also used to monitor the presence of absorption bands
of the carbonate moieties. It is not intended to report here in details the synthesis and
characterisation of the compounds as preliminary results have already been published
(Ballivet-Tkatchenko et al. 2000). It is more important to summarise and emphasise some
elementary reaction steps for the purpose of reactor design.



547Chapter 49  ·  Carbon Dioxide, a Solvent and Synthon for Green Chemistry

Pa
rt

 V
I

Several tin(IV) compounds were studied, n-Bu3SnCl (Bu = butyl), (n-Bu3SnO)2,
n-Bu3SnOR (R = phenyl, methyl), n-Bu2SnCl2, (n-Bu2SnO)n, n-Bu2Sn(OR)2 (R = phenyl,
methyl, isopropyl, tert-butyl), n-BuSn(OCH3)3, Ph3SnOCH3 (Ph = phenyl), and
Ph2Sn(OCH3)2. The fixation of carbon dioxide was effective for compounds containing
OR groups, preferably methoxy and isopropoxy. The new species formed is the result
of carbon dioxide insertion in the Sn-OR bond, leading to the carbonate fragment Sn-
OC(O)OR. At room temperature and atmospheric pressure, the reaction is reversible
leading back to Sn-OR. Volumetric experiments showed that reaction stoichiometry is
CO2:Sn = 1, whatever the initial number of alkoxy fragments. Therefore, only one OR
group is reacting. This result has been assigned to the dimeric structure of the
polyalkoxystannes as shown in Fig. 49.3 for n-Bu2Sn(OCH3)2. A recent X-ray single
crystal structure determination of (CH3)2Sn(OCH3)2 and its carbonated form strength-
ens this assignment (Choi et al. 1999).

The formation of dialkyl carbonates was only found for the polyalkoxybutyl-
stannanes. For example, starting from n-Bu2Sn(OCH3)2 dimethyl carbonate is quan-
titatively produced (DMC:Sn = 1) upon heating a methanolic solution at 150 °C under
200 bar of carbon dioxide. Further experiments conducted in toluene instead of
methanol point out that methanol is not directly involved in DMC formation (Ballivet-
Tkatchenko et al. 2002). An intra-molecular rearrangement of the tin coordination
sphere is taking place, but, in the overall reaction, methanol and carbon dioxide should
be the reactants for the catalytic cycle (Fig. 49.1, route C). Under these experimental
conditions, CO2 reaches the supercritical state (Pc = 73.8 bar, Tc = 31 °C). Supercritical
CO2 as a solvent and a reactant has a great potential for optimising chemical reactions
(Jessop and Leitner 1999); however, in our case the origin of the enhanced chemical
reactivity is not clear as the phase behaviour under reaction conditions have a great
influence. It can also be expected that CO2 pressure has a beneficial effect on the
carbonation reaction, which was found to be reversible at room temperature and
atmospheric pressure.

49.3.2
Dimethyl Carbonate Synthesis Using Supercritical CO2

Operation of chemical reactions in supercritical media is regularly emphasised by ex-
perts in the domain as a very promising field of research. Nevertheless, conception of
reactors, as well as optimum choice of operating conditions, are still to be developed.

It is now well admitted in chemical engineering strategy, that conception of the
post-reacting separation as early as the conception of the reactor, leads to more effi-

Fig. 49.3.
Dimeric arrangements for
n-Bu2Sn(OCH3)2 and its car-
bonated form
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cient processes. It is particularly true for supercritical media, because their adjustable
solvation power is a very convenient way to operate the purification of products. In
the case of the carbonation reaction of methanol (Fig. 49.1, route C), there is an ad-
ditional reason, because one product of the reaction, water, has a detrimental effect
on a possible reversal of carbonation reaction, as well as on the good operation of the
catalyst. This implies that it would be preferable to eliminate reaction products as the
reaction proceeds, in order to shift the equilibrium of the reaction. As a consequence
the study of the entire process could be of a great help for optimising the reaction,
and investigation of the fractionation process implemented at the output of the reac-
tor has to be undertaken.

One first compulsory initial stage is to study the thermodynamic behaviour of the
reacting mixture, i.e. the quaternary methanol-CO2-water-DMC mixture. This knowl-
edge is essential to characterize the possible coexisting phases in the reactor and de-
fine the optimum reaction conditions, as well as to design the post-reacting fraction-
ation device.

49.3.2.1
Study of Operating Conditions in the Reactor

The main information needed is the description of phase equilibria existing in the
reactor as a function of pressure and temperature. For this, a hypothetical perfectly
mixed continuous reactor, fed with a methanol-CO2 mixture, is considered. The DMC
synthesis takes place with an arbitrarily chosen conversion, i.e. the concentrations
inside the reactor are accordingly. Then the physical state of the mixture in this hy-
pothetical reactor is calculated thanks to the thermodynamic model described above.

Figure 49.4 presents, for two different mixtures in the reactor, the coexistence zones
of monophasic and diphasic states. In each diagram, qualitative information about
the state of the mixture is marked for each domain. The letter L refers to a liquid
phase, whose density is high (ca. 800–900 kg m–3). Conversely, the vapour state, marked
with the letter V, refers to a low-density phase (<100 kg m–3). Finally, the letter F des-
ignates a fluid state whose density lies between that of a liquid and a gas. Because the
critical line of this quaternary mixture was not calculated here, these denominations
remain qualitative. Figure 49.4 shows that for a methanol rich mixture (diagram a),
no fluid phase is present and there is a large diphasic liquid-liquid (L1-L2) zone, where
a first liquid phase, mainly composed of water and methanol, is in equilibrium with
a second liquid phase containing a large proportion of CO2 and DMC. This equilib-
rium zone exists for low temperatures, at a pressure greater than about 80 bar. A sec-
ond diphasic liquid-vapour zone (L-V) is present at low pressures, consisting in the
equilibrium between a liquid phase and a CO2 rich vapour phase. The main monophasic
zone is a liquid (L); however, at high temperatures and low pressures, a restricted
monophasic vapour phase zone (V) is evidenced. For a CO2 rich feed (diagram b), the
phase diagram undergoes perceptible modifications. Indeed, the diphasic zone is here
further reduced and no liquid-liquid equilibrium is now observed. In this case, there
is no longer liquid-liquid diphasic zone and a liquid-vapour zone (L-V) transforming
into a liquid-fluid zone (L-F) is now present. At higher pressure and temperature we
now observe a plain fluid phase.
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Study on dimethyl carbonate synthesis mechanism has shown that, for the mo-
ment, the most interesting results are obtained using polyalkoxybutylstannane cata-
lysts, being active at about 150 °C. Moreover, to avoid mass transfer limitations which
are likely to occur with the low-pressure diphasic system liquid mixture-gaseous CO2
(Kizlink and Pastucha 1994, 1995), the reaction will advantageously be operated in a
monophasic reacting mixture, and preferably in a “fluid” state, or vapour state. By
comparison with the vapour state, the “fluid” state, that corresponds to higher pres-
sures, is more interesting because (i) the volume of the reactor will be smaller (ii) the
effect of pressure has been proved to be positive on the kinetics of the reaction, and
(iii) the separation of the reaction products can be made easier by using the tunable
solvent power of supercritical fluids. From Fig. 49.4 it can be concluded that, to be
sure of running the reaction in a homogeneous fluid medium, a large excess of CO2
is needed. Moreover, for such mixtures, a drop of pressure and temperature after the
reactor would easily allow a return to a diphasic state, with a view to obtaining an
efficient mixture fractionation. This last topic is the aim of the next part.

49.3.2.2
Study of the Mixture Fractionation

As previously mentioned, it is worthwhile to investigate the feasibility of the fraction-
ation of the effluent methanol-DMC-water mixture, and to test a convenient and quite

Fig. 49.4.
Coexisting zones of monopha-
sic and diphasic mixtures at
60% conversion for: a metha-
nol rich feed, b CO2 rich feed
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simple process, generally used to run post-extraction fractionation in supercritical
technology (Fig. 49.2). Due to the great number of parameters, this study of the post-
reacting fractionation cannot only lean on an experimental approach. Modelling of
the process must be developed in order to represent the dynamic behaviour of the
whole experimental process. Indeed, even if this kind of pilot is often used to operate
extraction operations, the literature proposes very few results dealing with its dynamic
modelling.

Our description of the process is based on the conventional chemical engineering
concept of theoretical stage of equilibrium. A simplified numerical approach used to
solve dynamic mass balances has been proposed and validated in comparison with a
rigorous resolution of the algebro-differential system of equations (Camy and Condoret
2001). The results of the modelling were compared to experiments and gave good re-
sults for the contactor, while it was not very satisfactory for the description of the sepa-
ration. Even if discrepancies between experimental and calculated results may prob-
ably originate from experimental procedure, and because we think that thermodynamic
modelling is correct, hydrodynamic description of the separators is here likely to be
oversimplified. The cyclonic separators cannot be regarded as simple theoretical stages
as it is often done in the literature (Cesari et al. 1989). We proposed an other descrip-
tion (Camy and Condoret 2001), that, although more suitable, needs still to be improved
by taking into account, for instance, the imperfect collection of droplets.

Our work has shown that is not realistic to envisage the separation of the resulting
methanol-dimethyl carbonate-water mixture with such a simple device because com-
ponents have too strong affinities. The use of simple separators in order to separate a
liquid mixture when volatility of components, as well as their solubility into CO2, are
comparable, is not enough efficient. Under progress is now the use of modelling to
investigate the feasibility of this separation, either using a greater number of separa-
tors, or by implementing a more complex strategy of separation. For instance a suitable
way would be to consider the operation of one or several counter current columns of
separation. Together with advances in the conception of an efficient catalyst, these
approaches will be a useful contribution to the success of a viable process from CO2.

49.4
Conclusion

Supercritical CO2 as a reaction medium offers the opportunity to replace conven-
tional organic solvents due to its adjustable solvation property as regards to both tem-
perature and pressure, either pure or through the addition of solubilizers. The rela-
tively mild critical point of CO2, its benign nature, easy handling, availability, non
volatile emitting are particularly attractive for catalytic applications in chemical syn-
thesis, over a wide range of temperatures and pressures. The benefits of coupling
catalysis and supercritical fluids are both environmental and commercial: less waste
and VOCs emission, improved separation and recycling, and enhanced productivity
and selectivity.

The case study described in this paper is of significant interest because the carbon-
ation of alcohols to dialkyl carbonates replaces phosgene by carbon dioxide. Of course,
carbon dioxide is much less reactive than phosgene, which means more energy input.
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However, Life Cycle Analysis applied to the assessment of the environmental impact of
the phosgene and carbon dioxide routes is greatly in favour of CO2 (Aresta and Galatola
1999). The future of this molecule in green chemistry, including supercritical applica-
tions, is highly linked to the development of basic knowledge, know-how, and tools for
the design of catalyst precursors as well as the technological conception of reactors
and fractionation devices. The multi-component nature of a catalytic reaction (cata-
lyst precursor, reactants, products), its changes upon time, and the pressure-tempera-
ture conditions make difficult the experimental approach. Synthetic chemistry, ana-
lytical chemistry, and chemical engineering are mandatory to cope with the above-
mentioned requirements. Indeed, chemical engineering can bring better knowledge of
the rather uncommon thermodynamics in the reactor, and has demonstrated the in-
terest of studying the coupling of the reaction and the separation.
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Mechanochemistry: An Old Technology with New
Applications to Environmental Issues. Decontamination
of Polychlorobiphenyl-Contaminated Soil by High-Energy
Milling in the Solid State with Ternary Hydrides
M. Aresta  ·  A. Dibenedetto  ·  T. Pastore

Abstract

Mechanical energy was first used for running chemical reactions three centuries before Christ, for the
preparation of mercury. The term mechanochemistry was introduced by Ostwald in 1893. The scien-
tific principles of the technology were discussed by Heinicke in 1984. In this technology, energy trans-
fer takes place through high energy milling of solids that undergo several transformations. Chemical
reactions can also take place, that avoids the use of solvents with great benefit from the environmen-
tal point of view. As a matter of fact, mechanochemistry has been used so far for the preparation of
new materials and running chemical reactions in absence of solvents. More recently, it has been used
within the new perspective of application to solving environmental problems. In this paper, the uti-
lization of mechanochemistry as a solid state technology for the dehalogenation of polychlorobi-
phenyls (PCBs) present in contaminated soil is described. The abatement of PCBs is quantitative. The
high energy milling of soil with ternary hydrides represents a valid alternative to the technology
based on the use of metal sodium and water, due to the higher safety, and more controlled reaction
conditions.

Key words: mechanochemistry, high-energy milling, polychlorobiphenyls, solid state dechlorination,
ternary hydrides

50.1
Introduction

The use of mechanical energy for driving a chemical reaction was first mentioned by
Theophrastus (371–268 bc) in his treaty “De lapidibus”, which means “about stones”.
The reaction described was the conversion of mercury sulphide into elemental mer-
cury by reaction with copper metal (Eq. 50.1).

HgS + Cu  ⎯→ Hg + CuS (50.1)

The word mechanochemistry was introduced in 1893 by Ostwald, the 1909 Nobel
Prize winner. The theoretical bases were discussed by Heinicke in 1984 (Heinicke
1984).The technology is based on the transfer of mechanical energy to reacting par-
ticles. During the collision, particles are subject to deformation, fracture, and weld-
ing. This allows reactions between solids to occur at a temperature close to room
temperature. It can be questioned whether reacting particles are really in the solid
state at the instant of collision, or if a liquid is formed. This could happen either because
the transferred energy is converted into thermal energy that may melt the solids, or
because under the action of pressure, and with the correct composition of the mix-
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ture, an eutectic mixture is formed that may melt at a lower temperature than under
ambient pressure. This point is not of secondary importance, because it raises the
issue of assessing if the reaction takes place under heterogeneous conditions in the
solid state, or if it occurs in a possibly homogeneous liquid system. These aspects, and
many others, need further investigation in order to complete the understanding of
the scientific basis of the technology and master its use. Mechanochemistry has been
used for several applications since long time (Benjamin 1970) and has found an in-
dustrial utilization in the second half of the last century (Benjamin and Volin 1974).
A summary of most common applications is given in Table 50.1.

Mechanochemical applications are known under several names: mechanical
alloying (MA), high energy milling (HEM), and reactive milling (RM). Different bod-
ies can be used for energy transfer, like spheres or rings. Recent applications of mecha-
nochemistry occur in quite different areas (see Table 50.1). The most recent applica-
tion is the field of contaminated soil treatment. We have applied mechanochemistry
to the dechlorination of polychlorobiphenyls present in landfill soils (Aresta et al. 2001,
2003). Polychlorobiphenyls (PCBs) are among the most ubiquitous and persistent
pollutants (Hutzinger et al. 1974; Lang 1992). Because of their inertness, such com-
pounds are difficult to convert into less toxic species by using chemical processes or
biological systems. The commonly adopted technologies for their disposal are incin-
eration, that produces toxic compounds like dioxin, and land filling, that produces
leacheates that can pollute water and soil. Therefore, “innovative technologies” for
their inertization are needed. In the literature, only another application of mecha-
nochemistry in the treatment of soil polluted with chlorinated compounds by react-
ing with metal sodium and hydrogen donor species (water) can be found (Birke 2001).
In the present study we have used ternary hydrides and show that such species are
able to convert quantitatively PCBs into biphenyl. NaBH4 (Aresta et al. 2003) or LiAlH4

Table 50.1. Applications of mechanochemistry
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(this study) contribute a metal ion that is used to fix the chloride eliminated from the
organic substrate and provide the hydride ion that substitutes the chloride into the
organic molecule. Solids like NaBH4 and LiAlH4 were separately mixed with a sample
of soil and different weight ratios were used. Milling provides the energy necessary
for the chemical reaction and induces an intimate contact between the reagents in the
solid mixture, due to the resulting great specific surface. The products of the reduc-
tive process are inorganic chloride and biphenyl. The efficiency of the dechlorina-
tion/hydrogenation reaction was studied as a function of the milling time (up to 30 h).
At fixed intervals of time, the total PCBs content and the inorganic chloride produced
were measured. A different efficiency of abatement was observed per each hydride,
starting from a total PCBs concentration of about 2 600 mg kg–1. In this paper we report
on the results of a laboratory scale experiment using a bench ring mill and compare
NaBH4 and LiAlH4 as dehalogenation agents.

50.2
Experimental

50.2.1
Laboratory Technique and Equipment

The laboratory scale experiments were performed with a Fritsch (mod. Pulverisette 9)
vibrating cup mill. The grinding set consists of two chrome steel rings. The mill has
the following characteristics: variable rotational rings velocity (750/1 000 rpm), total
mass of two rings 3 637 g, volumetric capacity 350 ml. The granulometry and compo-
sition of the soil sample, taken from a controlled landfill classified for toxic-harmful
waste, show a typical sandy soil with more than 90% fine sand. Table 50.2 shows that
the total PCBs concentration ranges around 2 600 mg kg–1.

50.2.2
Analytical Techniques and Methods

The determination of chloride ions was carried out by using the method IV-2 (Soil
Science 2000). The extraction of PCBs was carried out according to the EPA-3540
methodology (EPA 1995). The extracted solution was cleaned up following the EPA-
3620-3630-3665 methodologies (EPA 1995). The determination of extracted PCBs was
made according to EPA-8082 method by GC-MS (EPA 1995).

Table 50.2.
Some analytical parameters of
the used soil
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50.2.3
Pre-Conditioning of the Soil Sample

The contaminated soil sample was homogenized and dried at 323 K for 20 h in order
to produce the optimal mechano-chemical conditions for the reductive dechlorina-
tion reaction to occur. It was then milled for about 3 h in order to convert it into small
particles for both a more efficient performance of the solvent extraction and a more
intimate contact with the reagent. We have found that the amount of extracted PCBs
strongly depends on the soil particle size and three hours of preliminary milling are
necessary for the correct quantification of PCBs in the sample (Table 50.2). Without
the preliminary milling, the amount of extracted PCBs at t = 0 resulted to be lower
than after a few hours of milling. The preliminary milling also reduces the induction
time. Drying of the sample is necessary as humidity reduces the efficiency of milling
due to the packing of the material on the mill surface and destroys the hydrides. The
ternary hydrides are stored out of the contact with humidity and are handled with
caution as they are flammable. During the reaction the added hydride was totally
converted into inert species.

50.2.4
Test Parameters

In each run, samples were withdrawn at various times and PCBs and chloride were
determined. The amount of soil used in each laboratory scale test (100 g) represents
about 1/36 of the total weight of the mill rings and occupies about 2/3 of the total mill
volume. Solid, pure hydrides were added to the soil at different weight ratios, namely
5%, 3%, 2.5% and 1%, w/w of hydride, respectively. The mixtures were homogenized
by hand and introduced into the ring mill. Samples were monitored at different times:
3.5, 11, 18, 23, 30 h.

50.2.5
Extraction and Determination of PCBs

Ground samples were subjected to Soxhlet extraction (EPA Method 3540, 1995) for
about 16 h with 200 ml of hexane/acetone mixture (1/1, v/v), then the extract
was purified by absorption on dry Florisil and Silica gel columns followed by treat-
ment with concentrate sulphuric acid. Analysis of samples was performed with a
HP 6890 gas-chromatograph/electron capture detector GC/ECD with DB-5 capillary
column (30 m × 0.2 mm id. and 0.33 µm film thickness). The gas-chromatograph was
equipped with an auto-sampler and automatic integrator. The same samples were
also analysed on GC/ECD Varian 3600 with IEC (International Electrotechnic Com-
mittee) method for the determination of every single PCB congener and verify
their progressive degradation during the treatment. The PCBs content in the soil
sample was quantitatively expressed by comparison with a standard mixture of
Aroclor® 1254-1260 (1/1).
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50.3
Results and Discussion

The general reaction of hydrogenation/dechlorination that occurs during the
mechano-chemical treatment is represented in Eq. 50.2. It is a nucleo-philic substitu-
tion in which the chloride is replaced by the hydride with salt formation:

C12HxCly + MH ⎯Eum→ C12 H10 + MCl (50.2)

where C12HxCly represents the polychlorobiphenyls (with 0 < x < 8 and 2 < y < 10);
MH is the hydride donor compound (NaBH4, LiAlH4); Eum is the energy given by
milling; C12H10 is biphenyl and MCl is the chloride salt formed in the reaction.

An example of the abatement of total PCBs in the contaminated soil mixed with the
hydride is shown in Fig. 50.1, where the chromatograms of the extract from soil after
three hours of milling and at the end for the case of LiAlH4 (5%, w/w) are reported.
Monitoring the reaction during the milling time, shows that a greater abatement effi-
ciency is observed for high chlorinated congeners during the first few hours of milling.

The trend of total PCBs concentration and that of inorganic-water soluble chloride
with milling time is presented in Fig. 50.2. It is clear from Fig. 50.1a,b that LiAlH4 is
more efficient than NaBH4 in the short time. In fact, with LiAlH4 more than 90% of he
total PCBs are dehalogenated within the first three hours. This is very important as a short
milling time means a low energy input.

In general, the PCBs degradation trend is parallel to the free chloride ions produc-
tion. For milling times around 18–23 h, the total PCBs concentration decreases from
about 2 600 mg kg–1 to zero and the inorganic chloride concentration increases to the
value expected for the total dechlorination of PCBs. With LiAlH4 the dehalogenation
is completed in 18 h, with respect to 23 h required by NaBH4. We have tested LiAlH4
at lower amounts and found hat it is very active also at a rate of 1:100 with respect to
contaminated soil. Such amount is still above the stoichiometric mass and can be
further reduced in order to minimize residual hydrides.

Fig. 50.1. Chromatograms of the initial and final sample. Note the total disappearance of the peaks
due to the various PCBs congeners
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50.4
Conclusion

High Energy Milling (HEM) systems can be, thus, utilized as high efficiency chemical
reactors for degrading contaminants as polychlorobiphenyls in complex matrices by
adding the proper reducing agents. Both NaBH4 and LiAlH4 are effective for the total
dehalogenation of PCBs. LiAlH4 is more effective than NaBH4, as it is able to reduce
90% of PCBs in three hours. The residual concentration of PCBs in the treated soil is
in all cases below the limit stated by the Italian law (Gazzetta Ufficiale 1999) that fixes
at 5 mg kg–1 the maximum PCBs concentration in industrial soil for reuse.

It should also be mentioned that non-toxic compounds are formed and residual salts
can be washed out with water. For a number of factors such as confined reacting system
and controlled conditions, low cost, clean process with no emissions, total abatement of
PCBs, and non-toxic compounds formed this treatment appears a very attractive remedial
technology.
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NaBH4 (a 5%, w/w) or LiAlH4 (b 5%, w/w) produces the formation of inorganic chloride with con-
comitant disappearance of PCBs
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Development of a Bioreactor for Cometabolic
Biodegradation of Gas-Phase Trichloroethylene

E. Y. Lee

Abstract

Novel biofilm reactor systems, a parallel trickling biofilter (TBF) system and a two-stage continuous
stirred tank reactor (CSTR)/trickling biofilter system, were developed and operated for long-term
continuous treatment of gas-phase trichloroethylene (TCE) by the bacterium Burkholderia cepacia
G4. The effects of trichloroethylene concentrations on reactor performances were analyzed. The
critical trichloroethylene elimination capacities were determined to be 8.6 and 25.3 mg trichloro-
ethylene l–1 d–1, respectively.

Key words: biofilter, Burkholderia cepacia G4, cometabolism, monooxygenase, trichloroethylene

51.1
Introduction

Trichloroethylene (TCE) has been widely used as industrial solvent and degreasing
agent. Because of extensive use and improper disposal, it has become a widespread
contaminant in soil and underground water (Fan 1988). One of the most promising
treatment methods for trichloroethylene is microbial degradation in a trickling
biofilter (TBF) (Chang and Alvarez-Cohen 1995; Sipkema et al. 1999; Sun and Wood
1997). Since trichloroethylene itself is not a growth substrate, it can be degraded via
cometabolism, in which mono-oxygenase, the corresponding enzyme for initiating
growth substrate oxidation, fortuitously transforms trichloroethylene (Ensley 1991;
Kang et al. 2001). Trichloroethylene, however, is not easily treated by the simple trick-
ling biofilter. This is mainly due to the toxicity of trichloroethylene and its degrada-
tion products to microbial cells, together with the competitive inhibition between
primary substrate and trichloroethylene (Folsom et al. 1990; Oldenhuis et al. 1991).
Therefore, thr removal efficiency of trichloroethylene in the simple trickling biofilter
normally decreases with time. In this paper, we developed and operated a novel parallel
trickling biofilter system consisting of two units of trickling biofilters in a parallel
mode, one for trichloroethylene biodegradation and the other for biofilm reactiva-
tion for long-term stable treatment of trichloroethylene by the bacterium Burkholderia
cepacia G4. A two-stage reactor system where a continuous stirred tank reactor (CSTR)
with cell recycle from/to trickling biofilter was coupled to the trickling biofilter for
the reactivation of the biofilms deactivated during trichloroethylene degradation was
also developed. The effects of inlet trichloroethylene concentrations on trichloroet-
hylene conversion and degradation rate were studied and reactor performances were
evaluated for long-term stable continuous treatment of gas-phase trichloroethylene.
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51.2
Experimental

51.2.1
Microorganism and Culture Conditions

B. cepacia G4 was employed in this study and M9 medium supplemented with phenol
as a sole carbon source was used to culture the cells and develop biofilm in a trickling
biofilter (Ye et al. 2000).

51.2.2
Analysis

Trichloroethylene concentrations were determined by analysis of 30 µl of inlet and
outlet gas-phase samples on a gas chromatography (Hewlett Packard 5890 II plus, USA)
equipped with an electron capture detector (ECD) and HP-5 capillary column (Alltech
Inc., USA). Phenol concentrations were determined using the modified colorimetric
assay, and the activity of toluene monooxygenase (TMO) was analyzed by modified
naphthalene oxidation assay as described in the reference (Nelson et al. 1987).

Fig. 51.1. Schematics of the parallel trickling biofilter system used for the continuous degradation of
gas-phase trichloroethylene (1. Trichloroethylene supply unit; 2. Parallel trickling biofilter; 3. Medium
supply unit)
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51.2.3
Parallel Trickling Biofilter System

A schematic diagram of the parallel trickling biofilter system is shown in Fig. 51.1. The
trickling biofilter unit consists of a 1.4-l glass cylinder (diameter: 5 cm, height: 39 cm)
and ceramics as supporter matrix packed to a depth of 25 cm. Gas-phase trichloroet-
hylene was introduced to the bottom of trickling biofilter by a syringe pump. All fit-
tings and connectors were gas-tight and the temperature of trickling biofilter was
controlled using a water circulator.

51.2.4
Two-Stage Continuous Stirred Tank Reactor/Trickling Biofilter System

A schematic diagram of the two-stage reactor system is shown in Fig. 51.2. B. cepacia G4
was cultured in a continuous stirred tank reactor at 300 rpm, 30 °C and a dilution rate of
0.02 h–1. The operation condition of continuous stirred tank reactor was previously ex-
amined and optimized to achieve maximal levels of toluene monooxygenase activity (Lee
and Park 2001). Culture broth containing B. cepacia G4 was pumped from the continuous
stirred tank reactor to the trickling biofilter, and then the broth was circulated back to the
continuous stirred tank reactor. Contaminated gas with given trichloroethylene concen-
trations was introduced to the bottom of trickling biofilter by a syringe pump.

Fig. 51.2. Schematics of the two-stage continuous stirred tank reactor/trickling biofilter system for
the continuous degradation of gas-phase trichloroethylene. 1. Continuous stirred tank reactor; 2. trick-
ling biofilter; 3. trichloroethylene supply unit; 4. medium; 5. stripping unit; 6. trap; 7. air pump
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51.3
Results and Discussion

51.3.1
Trichloroethylene Biodegradation in a Simple Trickling Biofilter

Simple one-stage trickling biofilter has received much attention for treatment of gas-
phase trichloroethylene, but treatment efficiency can be significantly reduced during
long-term reactor operation mainly due to the deactivation of biofilm. The objective
of this study is to develop a bioreactor system for the long-term stable treatment of
gas-phase trichloroethylene.

In the operation of a simple one-stage trickling biofilter, the biofilm can be easily
deactivated during the biodegradation of trichloroethylene due to the toxicity of
trichloroethylene, and this deactivation results in the failure of long-term operation.
As shown in Fig. 51.3, the toluene mono-oxygenase activity of B. cepacia G4 biofilm in
a simple trickling biofilter clearly deactivated during the time course of trichloroet-
hylene degradation. The relative toluene mono-oxygenase activity of the biofilm de-
creased down to 20% of initial value within 30 h. The toluene mono-oxygenase activ-
ity loss resulted in a marked decrease in the removal efficiency of trichloroethylene
biodegradation from 70 to 20% with inlet trichloroethylene concentration of 12 ppmv.
These phenomena may limit the practical application of a simple trickling biofilter
system for long-term treatment of industrial waste gas containing trichloroethylene.

Fig. 51.3.
Trichloroethylene biodegrada-
tion in the single-stage trick-
ling biofilter system. The rela-
tive toluene monooxygenase
activity of the biofilm and tri-
chloroethylene removal effi-
ciency continuously decreased,
which clearly represented that
simple trickling biofilter could
not be applied for long-term
treatment of trichloroethylene
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51.3.2
Development and Operation of the Parallel Trickling Biofilter System

In order to overcome the decrease in the removal efficiency observed in the simple
trickling -filter, a parallel trickling biofilter system consisting of two trickling-filters in
a parallel mode was developed (Fig. 51.1). One trickling biofilter unit was used for
trichloroethylene degradation and the other trickling biofilter unit for reactivation of
the deactivated biofilm. When the biofilm activity in the trichloroethylene degrada-
tion trickling biofilter unit is deactivated down to a certain level, the reactor operation
mode of the degradation unit is switched to a reactivation mode and the correspond-
ing reactivation unit to reactor operation mode for trichloroethylene degradation, and
vice versa. To determine the optimal switching time, the patterns of film deactivation
in a trichloroethylene degradation operation mode and biofilm reactivation in a reac-
tivation operation mode were analyzed. The toluene mono-oxygenase activity in the
trichloro-ethylene degradation mode decreased down to about 30% of the initial level
after 24 h operation. When the trickling biofilter operation mode was switched to a
reactivation mode by supplying the growth medium, the toluene mono-oxygenase
activity increased up to the initial level of activity within 12 h (data not shown). These
results represented that long-term stable operation of trickling biofilter could be
achieved by the parallel trickling biofilter system with switching time of 12 h.

The effects of inlet trichloroethylene concentrations on trichloroethylene conver-
sion and degradation rate were investigated at concentrations ranging from 3 to

Fig. 51.4. Long-term continuous treatment of gas-phase trichloroethylene by the parallel trickling
biofilter system. Trichloroethylene could be degraded with the removal efficiency above 50% by par-
allel operational mode for more than 3 months
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15 ppmv. The flow rate of buffer containing 1 mg l–1 phenol, empty bed retention time,
and the temperature of trickling biofilter were 0.86 ml min–1, 4.9 min, and 30 °C, re-
spectively. As shown in Fig. 51.4, more than 50% of trichloroethylene was degraded
for feed concentrations ranging from 5 to 15 ppmv and almost 100% removal was
achieved when trichloroethylene was introduced at concentration of less than 5 ppmv.
Trichloroethylene could be degraded with the removal efficiency above 50% by the
parallel operational mode with switching period of 12 h for more than 3 months.

51.3.3
Development and Operation of Two-Stage Continuous Stirred Tank
Reactor/Trickling Biofilter System

For long-term stable operation of trickling biofilter, the microbial growth reactor of
continuous stirred tank reactor with cell recycle from/to trickling biofilter was coupled
for the reactivation of biofilm deactivated during trichloroethylene degradation in
trickling biofilter (Fig. 51.2). It was prerequisite to achieve maximum expression of
toluene monooxygenase in continuous stirred tank reactor, and operation conditions
were previously optimized using batch culture results (Ye et al. 2000). Cell concentra-
tions of optical density 0.8 (at 600 nm) were maintained in the continuous stirred
tank reactor with a dilution of rate of 0.02 h–1, temperature of 30 °C, phenol concen-
tration of 5 mM, and oxygen flow rate of 0.33 vvm.

The effects of inlet trichloroethylene concentrations on trichloroethylene conver-
sion and degradation rate were investigated at concentrations ranging from 7 to
15 ppmv. As shown in Fig. 51.5, trichloroethylene conversion and degradation rate in-
creased with increase in inlet trichloroethylene concentration up to 15 ppmv. Almost
100% removal was achieved when trichloroethylene was introduced at concentration
of less than15 ppmv. In terms of trichloroethylene degradation rate, the critical elimi-
nation capacity of up to 25.3 mg trichloroethylene l–1 d–1 could be achieved and the
reactor system was stably operated more than 2 months.

After long-term operation period of 2–3 months, the contaminations of the biofilm
in the parallel and the two-stage systems were checked by counting the amounts of
colonies on mineral salts medium agar plates to which phenol was supplemented as

Fig. 51.5.
Long-term continuous treat-
ment of gas-phase trichloroeth-
ylene by the two-stage continu-
ous stirred tank reactor/trick-
ling biofilter system. Almost
100% removal was achieved
and reactor system was stably
operated more than 2 months
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a sole carbon source. Although these systems were not operated aseptically, relative
populations of contaminants were not exceeded more than 10% and contamination
did not seem to affect significantly on trichloroethylene treatment. When these reac-
tor systems were operated for the long-term treatment of trichloroethylene, semi-
continuous or continuous supply of growth substrate led to the increase of large
quantities of biomass, which clogged the system. Therefore, the method for the bio-
mass reactivation under non- or limited-growth condition needs to be investigated.

51.4
Conclusion

In this study, novel bioreactor systems, parallel trickling biofilter and two-stage con-
tinuous stirred tank reactor/trickling biofilter, were developed and successfully oper-
ated for 2–3 months for trichloroethylene treatment. The critical elimination capaci-
ties of 8.6 and 25.3 mg trichloroethylene l–1 d–1 could be obtained, respectively. These
reactor systems could be applied for long-term continuous treatment of industrial
waste gas containing trichloroethylene.
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Enhanced Solubilization of Organic Pollutants
through Complexation by Cyclodextrins

S. Shirin  ·  E. Buncel  ·  G. W. vanLoon

Abstract

The cyclic glucose oligosaccharides known as cyclodextrins (CDs) are able to form host-guest in-
clusion complexes with a variety of organic compounds including a number of pollutants. Substi-
tuted cyclodextrins in which one or more hydroxyl groups have been modified with, e.g. -CH3,
-CH2CH(OH)CH3, -CH2COO–, -COO– and -SO3

–, have many desirable properties compared with un-
modified cyclodextrins, including greater aqueous solubility and binding ability. As part of studies
on the abiotic degradation and soil-water interactions of pesticides and other hydrophobic organic
compounds, in this work we have examined a number of substituted β -cyclodextrins for use as
complexing agents for the enhancement of aqueous solubility of the organic pollutants trichlo-
roethylene (TCE) and perchloroethylene (PCE). Solubility enhancement factors (Pt / P0) up to 5.5
and 14 were determined for trichloroethyelene and perchloroethyelene respectively. Binding
constants for trichloroehylene with the substituted cyclodextrins, evaluated using 1H nuclear mag-
netic resonance (NMR), ranged from 3 M–1 to 120 M–1. In experiments with soil-derived peat con-
taminated by perchloroethylene and trichloroethylene, it was shown that selected cyclodextrins
are capable of effective removal of the contaminants, suggesting that a suitably substituted
β -cyclodextrin may be a valuable additive in pump-and-treat protocols for site remediation of poly-
chlorinated organics.

Key words: cyclodextrin, trichloroethylene, perchloroethylene, binding constant, solubility enhance-
ment, soil/water remediation

52.1
Introduction

Contamination of soil and groundwater by organic pollutants such as trichloroethyl-
ene (TCE) and perchloroethylene (PCE) is widespread in industrial societies. Both
trichloroethyelene and perchloroethyelene are understood to be potentially carcino-
genic and mutagenic, and compounding the problem is the environmental resistance
of these compounds to abiotic and biotic degradation. As a consequence of their se-
rious hazard to health and environmental persistence, extending to decades or longer,
removal of the two compounds from the subsurface has received urgency and nu-
merous studies have focused on their environmental remediation. The overall goal of
the present research has been to examine the possibility of using a variety of substi-
tuted β-cyclodextrins (βCDs) for enhancing the solubility of trichloroethylene and
perchloroethylene with a view to developing methodologies that could maximize their
removal from subsurface soils.
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52.2
Review

52.2.1
Remediation Technologies

In order to remediate contaminated subsurfaces, several different technologies are
currently in operation and others are in the developmental stage. The most impor-
tant are pump-and-treat processes, soil vapour extraction, biodegradation, reactive
barrier walls and in-situ oxidation methods. Pump-and-treat is the most widely used
but as is true of all the methods, it has limitations which have led to ongoing research.

The pump-and-treat method involves pumping the groundwater from the subsur-
face soil, treating it to remove the chemicals and then returning the remediated ground-
water to the soil (Fig. 52.1). The low aqueous solubility of trichloroethylene and
perchloroethylene and other dense non-aqueous phase liquids, however, limits the
effectiveness of the method because a large volume of water has to be pumped through
the subsurface to remove the contaminant from a polluted site (Macky and Cherry
1989; National Academy of Science Report 1994). Current methods used to increase
the aqueous solubility of hydrophobic pollutants involve employing surfactants or
alcohols. Surfactants function to increase solubilities through formation of micelles
in which the hydrophobic interior is compatible with many low-polarity organics.
However, use of surfactants is limited by their tendency to sorb onto porous media
(Pankow and Cherry 1996; Kan and Thomson 1990) and, moreover, surfactants usu-
ally lower the organic-water interfacial tension causing the contaminant material to

Fig. 52.1. The pump-and-treat method for subsurface soil/water remediation
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disperse vertically in the soil column. Similar problems occur when using aqueous
alcohol solutions.

52.2.2
Cyclodextrins as Solubilizing Agents

Current research aimed towards realizing alternative solubilizing agents has led to
investigations of cyclodextrins as a possible viable alternative. Cyclodextrins are cy-
clic glucose oligosaccharides formed by action of Bacillus macerans on starch. The
most common cyclodextrins are those containing 6, 7 or 8 glucose units and are termed
α-, β- and γ-cyclodextrins. The illustration in Fig. 52.2 shows the toroidal shape and
size of the three types of cyclodextrins. In these molecules, the secondary hydroxyls
are directed outward from the narrow end while the primary hydroxyls also point
outward from the wider opening. The exterior of the molecule is thus hydrophilic in
nature due to its ability to form hydrogen bonds with the aqueous solvent while the
interior of the cavity provides a hydrophobic environment. The internal diameter of
β-cyclodextrin renders it highly suitable for inclusion of a large number of organic
molecules of interest and, as well, β-cyclodextrin is the least expensive of the three.
However, β-cyclodextrin has by far the lowest solubility, which will limit its ability to
solubilize target contaminant organics.

Substitution of cyclodextrins through derivatization of the hydroxyl groups has
provided a host of molecules of interest in different domains, including enhanced
ability to interact with organic pollutants. At the same time, the derivatized species
are generally significantly more soluble than β-cyclodextrin itself. Substituents that
have been introduced include: -CH3, -CH2CH(OH)CH3, -COCH3, CH2COO–, -SO3

– Na+,
and -NH2. In principle, any or all of the three -OH groups in each glucose unit of the
cyclodextrin molecule can be functionalized with these substituents. Hence, there can
be 0 to 21 degrees of substitution in each β-cyclodextrin molecule (three -OH groups
per glucose unit and seven glucose units in each molecule).

Fig. 52.2. Dimensions and shape of α -, β -, and γ -cyclodextrins
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52.2.3
Substituted Cyclodextrins for Soil/Water Remediation of Organic Pollutants

A number of studies have described laboratory and field experiments that demon-
strate the application of substituted cyclodextrins in environmental remediation strat-
egies (Wang and Brusseau 1993; Brusseau et al. 1994; Wang and Brusseau 1995; Brusseau
et al. 1997; McCray and Brusseau 1998; Boving et al. 1999). Using laboratory batch
experiments, Wang and Brusseau (1993) showed that the aqueous solubility of several
low-polarity compounds increased substantially upon addition of hydroxypropyl
β-cyclodextrin (HPβ-CD) and that the increase is linear with respect to cyclodextrin
concentration. Solubility enhancement is measured as the ratio of solubility in the
presence of cyclodextrin: aqueous solubility in the absence of cyclodextrin. Using 5%
HPβ-CD solubility enhancement ranges from ca. 3 (for TCE) to 147 (for anthracene)
depending on the size and other properties of the guest molecule.

Brusseau et al. (1994) carried out a laboratory column study in which they mea-
sured the retardation factor (RF) for passage of trichloroethylene through a column
of Mt. Lemmon soil, whose organic matter content is 12.6%. Using water as the ‘elu-
ent’, the RF value (equal to the ratio of mobility of the mobile phase to mobility of the
compound) was 8.0, but with a 1% (w/v) HPβ-CD solution, the value was reduced
to 5.2, indicating enhanced mobility. The mobility of other organic compounds was
also augmented when using an aqueous solution containing HPβ-CD. At the same
time, quantitative recovery of the cyclodextrin from the column was achieved, indi-
cating that the cyclodextrin itself was not sorbed by the soil media.

52.2.4
Field Studies Using Cyclodextrins

Based on information from the laboratory experiments, a field study was conducted
at a waste disposal site located at Hill Air Force Base, Layton, Utah, where the soil had
been contaminated with trichloroethylene and other light and dense non-aqueous
phase liquid compounds (McCray and Brusseau 1998). Using four injection wells, a
contaminated aquifer having 3 × 5 m surface area and 9 m depth was flushed with
10% aqueous HPβ -CD at a rate of 4.54 l min–1 over a 10-day period. The aqueous
solubility of all the targeted compounds was significantly increased in the total 65 400 l
of cyclodextrin solution, resulting in an average 41% concentration reduction in the
contaminated zone.

In another laboratory study, Boving et al. (1999) employed HPβ-CD and Mβ-CD in
a column system using subsoil from the Canadian Air Force Base, Borden, Ontario
(organic carbon content = 0.29%) containing residual phase trichloroethylene and per-
chloroethylene to determine the effect on solubilization of chlorinated compounds.
The resultant increases of their apparent aqueous solubility using 5% and 10% (w/v)
of both HPβ-CD and Mβ-CD, were in good agreement with data obtained from sepa-
rate batch experiments where the equilibrium solubility enhancement of trichloroet-
hylene and perchloroethylene was determined using the same amounts of the
cyclodextrins. None of the cyclodextrins showed any tendency to be sorbed by po-
rous media. However, the trichloroethylene/perchloroethylene – water interfacial ten-
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sion was found to decrease in the presence of 5% and 10% of both HPβ-CD and Mβ-
CD, although the decrease was less than half of that observed when using surfactants.

As many contaminated sites contain mixed waste, it is of interest to ascertain
whether cyclodextrin is able to extract metal ions while, at the same time, enhancing
solubility of hydrophobic organic compounds. Using CMβ-CD, this has been shown
to be a possibility in the case the simultaneous extraction of Cd2+ along with an-
thracene, trichlorobenzene, biphenyl and DDT (Wang and Brusseau 1995). There was
no interference between these two processes, as metal ion complexation occurred via
the substituted -CH2COO– groups, while that of the organic compound by host-guest
complexation. Similar experiments were performed in column systems using three
different soils and the results showed that CMβ-CD can effectively desorb both Cd2+

and a non-polar organic compound (phenanthrene) from soils in a flow-through
system (Brusseau et al. 1997).

Ko et al. (1999) have compared HPβ-CD with two surfactants (Tween 80 and so-
dium dodecyl sulfate) in evaluating the ability to extract naphthalene and phenan-
threne from kaolinite. Laboratory batch experiments as well as one-dimensional
numerical model calculations in most cases showed higher extraction efficiency when
using the surfactants compared with HPβ -CD; however, whereas both surfactants
showed significant sorption, there was no tendency for the cyclodextrin to be sorbed
by the clay mineral.

While the research described above has made use of different substituted β-cyclo-
dextrins for enhancing removal of trichloroethylene and perchloroethylene from soil,
there has been little attempt to relate performance to fundamental properties of the
compounds. In the present work we examine, in a systematic manner, the ability of
different β-cyclodextrins to solubilize these polychlorinated ethylenes and relate this
ability to the binding constants of the host/guest complexes that are formed. This
research is a part of ongoing studies in our laboratory concerned with the abiotic
degradation and soil-water interactions of pesticides and other hydrophobic organic
compounds (Annandale et al. 1998; Sha’ato et al. 2000; Omakor et al. 2001; Balakrishnan
et al. 2001; Onyido et al. 2001).

52.3
Experimental

52.3.1
Materials

The following substituted β -cyclodextrins were used as received: hydroxypropyl-
(HPβ-CD) (Aldrich), sulfated-(Sβ-CD1), sulfated-(Sβ-CD2), methyl-(Mβ-CD), and car-
boxymethyl-(CMβ-CD1) (Cerester). In addition, we used carboxymethyl-(CMβ-CD2)
which had been synthesized in the laboratory of Professor G. R. Thatcher at Queen’s
University. The aqueous solubility of each of the substituted CDs was found to be >50%
(w/v). Some properties of the selected cyclodextrins are given in Table 52.1.

Analytical grade trichloroethylene and perchloroethylene, with the reported pu-
rity of 99.5+% and 99+% respectively, were obtained from Aldrich. HPLC grade ac-
etonitrile was purchased from Fisher. The D2O (purity 99.9%) used in NMR experi-
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ments was obtained from Cambridge Isotopic Laboratories. International Humic
Substance Society Peat had elemental composition as follows: C, 57.1%; H, 4.49%; O,
33.9%; N, 3.60%; S, 0.65%.

52.3.2
High Performance Liquid Chromatography

HPLC analysis was performed using a Varian 9002 series solvent delivery system fit-
ted with a Varian 9050 variable wavelength UV-Visible detector and Varian Star Chro-
matographic Workstation Version 4.5 for peak integration. For separation, a C18 APEX
ODS 5 µ particle size column (Chromatographic Specialties, 4.6 × 250 mm) protected
by a guard column was employed. The mobile phase was 70:30 acetonitrile:water that
had been filtered through a Millipore system. For both PCE and TCE, the detector
was set to a wavelength of 210 nm and the flow rate was 1.0 ml min–1. Under these
conditions, the TCE peak appeared at a retention time of ca. 6.5 min while PCE was
detected at ca. 9.5 min. A large, irregular peak ascribed to CD also appeared between
ca. 2 to 3 min; therefore, elution of the CDs did not interfere with the peak of interest.

52.3.3
Solubility Enhancement

To distilled de-ionized water (25 ml) containing 1% to 5% concentrations of cyclo-
dextrin in a 100-ml volumetric flask was added a large excess (above the solubility
limit) of trichloroethylene or perchloroethylene. A control flask that contained only
water and the substrate was also prepared. Trichloroethylene- or perchloroethylene-
aqueous mixtures containing cyclodextrin were then equilibrated by shaking on a
wrist action shaker for 48 h at room temperature. Samples were transferred into capped
glass centrifuge tubes and centrifuged at 3 500 rpm for 20 min. A 100 or 500 µl por-
tion of the aqueous supernatant was withdrawn using a micropipette and diluted with
water in a 10-ml volumetric flask. Samples of the diluted solution were then injected
into the HPLC and both peak height and area of the substrate peak were recorded.

Table 52.1. Substituted β-cyclodextrins used in this work: molar mass and degree of substitution
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52.3.4
Binding Constant

The binding constant (K11) was determined using a 1H NMR titration method in which
a 2 × 10–3 M trichloroethylene solution in D2O and ca. 0.4 M cyclodextrin stock solu-
tions in D2O were initially prepared. A 2.00 ml portion of the trichloroethylene solu-
tion was placed in an NMR tube and the 1H spectrum was recorded using a Bruker
AM-400 spectrophotometer operating at 400.1 MHz. Different amounts of cyclodextrin
stock solution were then added successively into the NMR tube containing trichloro-
ethylene solution, using a graduated gas-tight Hamilton syringe. After each addition,
the solution was thoroughly mixed before the spectrum was acquired. The chemical
shift of the 1H peak of trichloroethylene was monitored after each addition of
cyclodextrin solution, using the residual solvent proton signal HDO peak (at 4.6 ppm
relative to internal tetramethylsilane) as the reference. The final ratio of cyclodextrin
to trichloroethylene was such that the cyclodextrin concentration was present in a
10:1 to 20:1 excess compared to the trichloroethylene concentration depending on the
cyclodextrin being used.

52.3.5
Uptake and Release in Soil Organic Matter

A 50 to 100 mg portion of peat was placed in a 8-ml vial and the aqueous trichloro-
ethylene (200 ppm) or perchloroethylene (165 ppm) solution was added without leav-
ing any headspace. Each sample vial was prepared in duplicate along with one control
omitting the peat, and these were allowed to equilibrate on the shaker for periods of
either 1 or 7 d. After equilibration, the sample vials were centrifuged and the super-
natant was withdrawn for HPLC analysis without any further dilution. A 5%
cyclodextrin (w/v) solution was then added to the sample vials, which were again
equilibrated for 18 h overnight before analysis. The sample vials were centrifuged and
supernatant was withdrawn for analysis by HPLC.

52.4
Results and Discussion

52.4.1
Determination of Binding Constants from Solubility Measurements

By measuring the solubility of trichloroethylene and perchloroethylene in the pres-
ence of varying amounts of different cyclodextrins it is possible to measure the de-
gree of solubility enhancement and to calculate the binding constant for the pollut-
ant. Under equilibrium conditions and assuming the formation of a 1:1 complex be-
tween pollutant (P) and cyclodextrin (CD), one can write

P + CD
·
!
!
¸ P : CD (52.1)

and define the binding constant for this reaction as
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(52.2)

For an aqueous cyclodextrin solution, on addition of excess pollutant, both
free pollutant, [P]o, and complexed pollutant, [P : CD], will exist in the solution.
[P]o represents the aqueous solubility of the uncomplexed material, which remains
constant upon addition of increasing amounts of cyclodextrin. The total aqueous
solubility of pollutant at any cyclodextrin concentration, [P]t, can then be ex-
pressed as

[P]t = [P : CD] + [P]0 (52.3)

Combining this equation with the expression for the binding constant, one obtains

[P]t = [P]0{K11[CD] + 1} (52.4)

Therefore

[P]t / [P]0 = K11[CD] + 1 (52.5)

where [P]t is the aqueous concentration of the pollutant in presence of cyclodextrin
and [P]o is the aqueous solubility, i.e. aqueous concentration of substrate in absence
of cyclodextrin. The ratio of [P]t / [P]0 represents the ‘aqueous solubility enhancement’
of the compound for a given concentration of cyclodextrin. The 1:1 binding constant
for the complex (K11) can be obtained from the slope of plots of the equation.

In the present study, when increasing amounts of cyclodextrin were added to so-
lutions containing excess trichloroethylene or perchloroethylene (i.e. amounts that
exceeded the aqueous solubility), it was found that their solubility increased in a lin-
ear fashion (Fig. 52.3). In each experiment, the intercept of the linear regression line
was found to be unity, within experimental error, in accord with Eq. 52.4. The solubil-

Fig. 52.3.
Enhanced solubilization of
trichloroethylene (TCE) by
methyl cyclodextrin (MCD)
and hydroxypropyl cyclodex-
trin (HPCD). Note that solubil-
ity enhancement increases in
linear fashion with increasing
concentration of each cyclo-
dextrin. Methyl cyclodextrin
achieves greater enhancement
than hydroxypropyl cyclodextrin
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ity enhancement factors, defined as [P]t / [P]0, calculated at 5% cyclodextrin concen-
tration, and the binding constants, are listed in Table 52.2.

The K11 value depends on several factors, including size, structure, polarity and
hydrophobicity of the guest molecule (Wang and Brusseau 1993) as well as size of the
cavity. For complexation to occur, the entropy gain in the process by release of ‘strained’
(high energy, desolvated) water molecules from the cyclodextrin cavity upon inclu-
sion of the hydrophobic molecule would have to be sufficient to overcome the hydro-
phobic interactions that operate between soil organic matter and low-polarity species
like trichloroethylene and perchloroethylene. As perchloroethylene differs from
trichloroethylene only by having one additional chlorine atom, size and structure may
not be the major factor in this case. However, perchloroethylene is less polar and more
hydrophobic than trichloroethylene, which would favour inclusion for the former. The
binding constants and solubility enhancement factors for perchloroethylene were
found to be larger than for trichloroethylene (Table 52.2). Similarly, Boving et al. (1999)
showed that enhancement was greater for perchloroethylene than trichloroethylene
with both 5% and 10% Hβ-CD and Mβ-CD. Factors determining binding constant
values with different cyclodextrins will include the presence and nature of the sub-
stituent groups on the β-cyclodextrin molecule. Among the cyclodextrins used, Sβ-
CD1, Sβ-CD2, CMβ-CD1 and CMβ-CD2 are modified by negatively charged substi-
tutents groups.

The degree of substitution in the cyclodextrin molecule is another factor that may
affect K11 values. A higher degree of substitution could provide steric inhibition for
an incoming guest molecule. CMβ-CD2, which showed smaller aqueous solubility en-
hancement for both compounds, has higher degree of substitution than CMβ-CD1.
Moreover, there was again only a small solubility increase in the presence of the highly
substituted Sβ-CD2.

The presence of neutral substituent groups in cyclodextrin increases the hydro-
phobicity of the molecule as a whole, which leads to increased interaction with a
hydrophobic guest molecule (Suzuki et al. 1996). With trichloroethylene, the enhance-

Table 52.2. Solubility enhancement factors and associated K11 values for trichloroethylene and per-
chloroethylene in the presence of 5% substituted cyclodextrins (bracketed values are standard errors).
For calculation of K11, see Determination of binding constants. HPβ-CD = hydroxypropyl cyclodextrin;
Mβ-CD = methyl cyclodextrin; CMβ-CD1 = carboxymethyl cyclodextrin 1; CMβ-CD2 = carboxymethyl
cyclodextrin 2; Sβ -CD1 = sulfated cyclodextrin 1; Sβ -CD2 = sulfated cyclodextrin 2
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ment factor was found to be largest for methylated-β -cyclodextrin. The hydroxypropyl
group is also neutral but is larger in size compared to the methyl group, so steric
interference may again be of importance here (Wilson and Verral 1998). In accord
with this argument, trichloroethylene showed higher enhancement with Mβ-CD com-
pared to HPβ-CD. Interestingly, perchloroethylene showed similar enhancement fac-
tors with both HPβ-CD and Mβ-CD.

52.4.2
Binding Constants from Proton NMR Measurements

As a consequence of the process of inclusion of the guest molecule inside the
cyclodextrin cavity, both guest and host species experience an altered magnetic envi-
ronment. This leads to changes in NMR chemical shifts of protons in the guest mol-
ecule and also in the H-3 and H-5 protons of the glucose sub-units that are projected
inwards towards the cavity. Protons on the outer face of the cyclodextrin molecule are
removed from binding and their chemical shift remains unaltered (Demarco and
Thakker 1970). Inhomogeneity in substitution of the cyclodextrins used in the present
work complicates the observed NMR spectra of the compound, causing broadening of
some peaks and rendering it difficult to make assignments for individual protons. On
the other hand, the guest trichloroethylene methine proton gave a sharp peak at 6.6 ppm
and it was possible to follow the change in the chemical shift upon addition of cyclo-
dextrin. The presence of a singlet can be attributed to a fast equilibrium between free
and bound guest molecule as is applicable to loosely bound complexes (Connors 1987).

Therefore, in the NMR experiments, the concentration of cyclodextrin was increased
stepwise and the position of the 1H peak for trichloroethylene was measured relative
to the HDO peak, itself referenced against an internal tetramethylsilane standard. With
increasing cyclodextrin concentration, the 1H peak for trichlrorethylene shifted
downfield. The magnitude of chemical shift changes for both guest and host depends
on various factors, especially the anisotropic effect, altered solvation, and the confor-
mation of guest molecule inside the cavity; the total shift is usually found to be less
than 0.3 ppm (Bergeron 1984). The maximum chemical shift changes observed in
experiments carried out here are ca. 0.2 ppm.

Fig. 52.4.
Plot showing change in chemi-
cal shift of trichloroethylene
upon addition of increasing
concentrations of Mβ-CD
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The observed chemical shift (δ ) is the average of the chemical shifts of the nuclei
in TCE and the TCE-cyclodextrin complex, weighted by the fractional occupancy of
these states, i.e.

δ = f10δTCE + f11δTCE-CD (52.6)

where f10 = fraction of free trichloroethylene and f11 = fraction of complexed trichlo-
roethylene. The chemical shift difference (∆) between free and complexed trichloro-
ethylene is given by ∆ = δ – δTCE while at saturation, the maximum change in chemi-
cal shift (∆11) is described by ∆11 = δTCE-CD – δTCE (Connors 1987).

Combining these equations yields ∆ = f11∆11 which, when combined with the equa-
tion for the binding constant gives

(52.7)

A representative plot of this equation for the trichloroethylene-Mβ -CD system is
shown in Fig. 52.4. Values of individual analysis of each cyclodextrin are HPβ-CD (60),
Mβ-CD (120), Sβ-CD1 (44), Sβ-CD2 (3.0), CMβ-CD (31), and CMβ-CD2 (21).

52.4.3
Stoichiometry of Complexes between Substituted Cyclodextrins
and Trichloroethylene

The possibility of there being two guest molecules in each host cyclodextrin (i.e. a
2:1 complex) must be considered since trichloroethylene is a considerably smaller
molecule (0.155 nm3) compared to the size of the cyclodextrin cavity (0.346 nm3). This
was tested by attempting to fit the experimental data to equations for both 1:1 and
2:1 complexation (Connors 1987). Using the Graph Pad Prism program, converging
fits could be obtained for both cases, but the 2:1 situation gave values with extremely
large uncertainties, and in some cases K21 results were negative. On the other hand
using the relation,

(52.8)

which is based on a 1:1 model, the same data sets converged to consistent values for K11
with relatively small uncertainties. Based on duplicate measurements, K11 values (and
average deviation) were for HPβ-CD, 60 (8); Mβ-CD, 120 (1); Sβ-CD1, 44 (3); Sβ-CD2,
3.0 (single measurement); CMβ-CD1, 31 (1); CMβ-CD2, 20 (3). The predicted 1:1 bind-
ing is supported in the hyperbolic curves generated, with correlation coefficients
ranging from 0.98 to 0.99. We also used a different non-linear least squares program
involving simplex optimization as a comparative method for obtaining binding con-
stants (Lyon et al. 1998). When the 1:1 model was employed, results converged to give
values similar to those obtained above using Graph Pad Prism. For the 2:1 case, con-
vergence could not be achieved even after many iterations.
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A similar situation was encountered in an investigation (Rekharsky et al. 1997) of the
binding of both α- and β-cyclodextrins with a large range of small aliphatic and aromatic
molecules. Using both calorimetric and 1H NMR measurements, attempts to fit the data
sets into a 2:1 model were unsuccessful as the generated parameters were associated with
very large errors. Based on the poor curve fitting, the possibility of 2:1 binding was ex-
cluded. Because of the relatively small size of trichloroethylene compared to the host
molecules, positioning of the trichloroethylene inside the cavity may not be specific and
loose binding is expected. Notably, the magnitudes of the binding constant values found
in this work are small compared to systems where a complementary fit between guest and
host was postulated (Bender and Komiyama 1978; Bergeron 1984; Schneider et al. 1998).

52.4.4
Relation between Binding Constant and Solubility Enhancement

For any organic pollutant, it is expected that the degree of solubility enhancement
would be correlated with the magnitude of the binding constant and this was found
to be the case for both trichloroethylene and perchloroethylene, using the entire range
of substituted cyclodextrins (Fig. 52.5).

As noted above for trichloroethylene, plots of Pt / P0 against concentration of
cyclodextrin were linear, with intercepts near unity, and slopes with values of K11. An
alternative method of treating the equation [P]t / [P]0 = K11[CD] + 1 is to plot Pt against
concentration of cyclodextrin. For such plots it has been shown (Connors 1987) that
the slope (= K11P0) is always less than or equal to 1 if only 1:1 complexation occurs. In the
present situation, slopes range from 0.2 to 0.8 depending on the cyclodextrin, again
consistent with a 1:1 binding model. In most cases for trichloroethylene binding with
various cyclodextrins, we found good agreement between the K11 values obtained from
solubility and NMR experiments. For perchloroethylene, however, the NMR method
could not be used because of the lack of a proton as a probe for binding. Theoretically,
K11 could be measured using 13C NMR, but the low aqueous solubility of perchloroet-
hylene precluded such experiments. The good agreement between the K11 values for
trichloroethylene using the two methods gives some confidence regarding the corre-

Fig. 52.5. Plot of aqueous solubility enhancement of trichloroethylene (left plot) and perchloroethyl-
ene (right plot) with various cyclodextrins vs. their respective K11 values obtained from the 1H NMR
experiment. The solubility enhancement, Pt/ Po is the ratio of aqueous solubility in the presence of
5% cyclodextrin to the solubility in the absence of cyclodextrin
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sponding values obtained for perchloroethylene by the single applicable procedure.
The plot of Pt/ P0 for perchloroethylene against K11 according to [P]t/ [P]0 = K11[CD] + 1
was linear with a correlation coefficient of 0.981 (Fig. 52.5) and an intercept close to unity.

We conclude that aqueous solubility enhancement occurs due to formation of a
host-guest complex between a cyclodextrin and trichloroethylene or perchloroethyl-
ene, and is driven primarily by hydrophobic forces. A high degree of substitution results
in steric congestion for cavity opening and, consequently, leads to diminished inclu-
sion of the polychloroethylenes examined. Non-polar substituents in the cyclodextrin
host enhance binding by creating a more hydrophobic cavity. The interplay of these
opposing influences gives rise to the magnitude of binding constants (K11) and solubil-
ity enhancements [P]t / [P]0 found in the present work.

52.4.5
Soil Measurements

At the outset, we stated that the requirements for remediation reagents for subsurface
soil and water include an ability to significantly enhance aqueous solubility of the
target compound. In soil, however, increasing solubility also involves releasing the
compound from its association with the soil materials and it is widely recognized
that it is the organic fraction of the soil that plays a dominant role in retention of
hydrophobic organic species such as the polychlorinated hydrocarbons. A major com-
ponent of soil organic matter is termed humic material, which encompasses a class of
polydisperse polymers composed of a three-dimensional aromatic and alkyl chain
framework, modified by a variety of mostly oxygen-containing functional groups. The
substantially hydrophobic nature of these materials contributes to their ability to sorb
non-polar and low polarity organic compounds (Schwarzenbach et al. 1993). Peat,
obtained from the International Humic Substances Society is a soil-derived substance
having substantial humic and humic-like structure (vanLoon and Duffy 2000).

In the present study, removal of trichloroethylene or perchloroethylene from soil organic
matter was determined by spiking slurries of IHSS peat in water with the two compounds
and then measuring the amounts retained by the solid material after 24 h of equilibration
(IHSS: International Humic Substances Society). Following this, cyclodextrins were added
to the solution to give a concentration of 5%, and the aqueous concentrations of the
polychloroethylene compounds were measured after a further 18 h equilibration. From this
it was possible to determine the percentage of sorbed compound that had been extracted by
the cyclodextrin. Experiments were done using the three cyclodextrins that exhibited the
largest binding constants with trichloroethylene and perchloroethylene. The addition of 5%
cyclodextrin (HPβ-CD or Sβ-CD1 or Mβ-CD) was able to effect efficient desorption of both
trichloroethylene and perchloroethylene. Beginning with peat containing 2 200 µg g–1 of
sorbed trichloroethylene, the percentage removal (and average deviation) using a single
extraction was 73 (7) for HPβ-CD, 78 (7) for Mβ-CD and 93 (3) for Sβ-CD1. Corresponding
percent removal efficiency for peat containing 6 600 µg g–1 of perchloroethyelene were 90 (2)
using HPβ-CD, 98 (1) using Mβ-CD, and 93 (1) using Sβ-CD1. The more efficient extrac-
tion of perchloroethyelene is expected, based on the established K11 values. Thus a suit-
ably substituted β-cyclodextrin may be a valuable additive for extracting and solubilizing
polychlorinated organics during site remediation using pump-and-treat methods.
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52.5
Conclusions

Enhancement of the solubility of trichloroethylene and perchloroethylene could be
achieved through the formation of host – guest inclusion complexes between substi-
tuted cyclodextrins (host) and the polychloroethylene (guest), and is driven prima-
rily by hydrophobic forces. Solubility enhancement factors up to 5.5 and 14 were de-
termined for trichloroethylene and perchloroethylene, respectively. Binding constants
(K11) for complexes involving trichloroethylene were evaluated using a 1H NMR tech-
nique; these range from 3 to 120 M–1. Both solubility enhancement and the binding
constant are dependent on the type and degree of substitution of the β-cycloextrin
molecule. The cyclodextrins were found to be capable of effective removal of trichlo-
roethylene and trichloroethylene retained by soil organic matter. Thus a suitably
substituted β-cyclodextrin may be a valuable additive in pump-and-treat protocols
for site remediation of polychlorinated organics.
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Chemical Samples Recycling:
The MDPI Samples Preservation and Exchange Project

S.-K. Lin

Abstract

Over the years, chemists have been known to make a significant contribution to science, and
to generate new chemical substances as a result of their professional activities. Over 20 million
compounds have been recorded in the literature, however, because of their use in chemical
processes and their disposal in waste products, only a smaller number of these compounds are
available for furture use. Therefore, there is a tremendous loss of molecular diversity and chemi-
cal heritage. Reproduction of samples, if successful, is expensive and time-consuming. It may
also contribute to a substantial damage to the environment. Chemical sample archives are price-
less resources that can tremendously facilitate and speed-up discovery of new drugs, and new
compounds, as well as the development of many other chemical products, with industrial, phar-
maceutical, agricultural, educational, and research applications. The Molecular Diversity Preser-
vation International (MDPI) project has been successful in carrying out worldwide collections/de-
posits, exchanges, and “recycling” of a significant number of chemical samples.

53.1
Introduction

Since 1995, the collection and high throughput production of chemicals of high
molecular diversity have been significantly increased, to cope with the crucial prob-
lem associated with chemical synthesis of new drugs and other chemical products
needed in research and development. The related topic of molecular diversity has
been so important that a journal Molecular Diversity (www.mdpi.org/modi) was
launched (Lin 2003). In 1995, a nonprofit international organization, Molecular Diver-
sity Preservation International (MDPI, www.mdpi.org) was founded in Switzerland,
and started a worldwide repository and exchange of chemical samples as well as
experimental data related to samples preparation and characterization. A chemistry
journal, Molecules (www.mdpi.org/molecules) was launched by MDPI in 1996, with a
unique editorial policy regarding the promotion these sample collection activities
(Lin 1996a).

So far, we have already accepted for storage and registered more than 20 000 avail-
able chemical compound samples. Molecules is publishing its 8th volume in 2003. Many
samples are supplied by the authors of Molecules and deposited as authentic refer-
ence samples.



586 S.-K. Lin

Pa
rt

 V
I

53.2
Strategies and Activities of MDPI

53.2.1
Preserving Chemical Samples

The disposal of old chemical samples can be very expensive, and can also cause en-
vironmental damage. Recent studies have also demonstrated that environmental con-
tamination by these chemicals can lead to a significant number of adverse health effects
including various types of cancer in humans (Tchounwou 2003). For this and several
other reasons, a new online periodical, International Journal of Environmental Re-
search and Public Health (ISSN 1660-4601), has been launched (www.mdpi.net/ijerph).

Preservation of certain rare samples and their recycling is not only possible but
also practically necessary. Similar to biospecies (WIPO 1994), samples of chemical
species should be properly preserved due to many unique reasons. Chemical samples
may decay. For this concern some scientists may not support the preservation of
chemical samples. The preservation of biospecies also faced the sample stability prob-
lems. However, if some necessary measures are taken, the preservation of microor-
ganisms (WIPO 1994) and chemical samples can be achieved. Regarding chemical
samples, of course we do not collect the known unstable samples and known hazard-
ous samples. Only adequately purified samples and carefully bottled samples are
collected (e.g. if a compound is sensitive to light but otherwise very stable, this sample
can be collected if it has been in a dark bottle). All sample vials should be properly
sealed to prevent possible reaction with oxygen and moisture in the air. Stable samples,
if carefully stored, can be preserved for many years. In pharmaceutical companies,
almost all those properly archived organic samples prepared more than fifty years
ago and stored even at room temperature so far have been found to be applicable and
all can be used for such purposes as high throughput screening and useful for many

Box 53.1. Some statistics (some of this data is the present author’s estimation)

� The average cost per sample of ordinary structural complexity prepared was estimated at
around 7 500 USD (Xu and Hagler 2002).

� About 1/4 to 1/3 of a synthetic organic chemist’s time is spent for preparing compounds ac-
cording to literature. Samples are expensive, even prepared according to the literature, given
that only 50 compounds are synthesized per chemist per year.

� In principle, the samples of published molecules can be reproduced. However, it is certain
that many samples will never be reproduced if doing so is too expensive (e.g. it takes more
than 30 steps), or may never be reproduced because of the incomplete record of experimental
data (see Sect. 53.3).

� So far, more than 200 000 000 chemicals have been recorded according to Chemical Abstracts
(see: www.cas.org/substance.html). There are 8 000 000 organic compounds recorded in
Beilstein database (http://www.beilstein.com/products/xfire/). However, the number of chemi-
cals commercially/readily available is much less than 100 000 before 1995, according to ACD
(Available Chemicals Directory) database release. More than 99% of compounds recorded in
literature exist only on paper; chemists discarded them.
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other purposes. It is certain that most chemical samples, particularly organic com-
pound samples can be stored for many years.

Many chemists, even many synthetic organic chemists, may insist that the publi-
cation of research papers is all they wanted. Traditionally a chemical synthesis is carried
out for a target compound. Consequently no precursors prepared as intermediates
are regarded as worthy to be preserved. Sometimes a compound is prepared for very
specific academic and industrial purposes such as spectroscopic measurements or
enzyme-ligand binding tests. Afterwards the samples may be regarded as useless and
have to be discarded. In many cases such as the termination of a research project,
graduation of a student, and retirement of a chemist or a professor, all the pertinent
compounds accumulated may have to be discarded (Box 53.1 and 53.2). This is the loss
of precious molecular diversity.

Molecular diversity has been a topic of increasing interest since 1995 (Waller 2002;
Xu and Hagler 2002). Techniques of combinatorial chemical libraries have been de-
veloped to provide millions of compounds for pharmaceutical studies. The similarity
and the gradual variation in the structures of chemical species in combinatorial chemi-
cal libraries permit adjustments designed to optimize structure-activity relationships.
However, the high quality of a chemical library relies on the distinct differences of
both the structures and properties of the collected samples (Lin 1996b,c). These high
diversity compounds are isolated from natural sources, and/or traditionally or rou-
tinely prepared in the laboratories (Lin 1996a,b, 1997a,b, 1998).

Now, a rare sample as little as 1 mg can be used for dozens or even hundreds of
bioactivity tests. Particularly in recent years, with the development of high through-
put screening technology, the acquisition of chemical samples, even though the amount
might be small, has become a bottleneck in the discovery process of new drugs and
other chemical products. Absorption, distribution, metabolism, excretion, and toxic-
ity (ADMET) studies of drugs in animal models can be performed before the active
compound can be identified (Xu and Hagler 2002). Such studies may need large
amounts of chemical samples. Many rare samples of smaller amounts should also be
preserved for the purpose of pharmaceutical research.

Box 53.2. Several cases of samples loss

� Case 1. Summer 1994. The final work of a retired chemist in a pharmaceutical company (Ciba-
Geigy) is to dissolve all of his 2 000 samples into acetone, which took him and his assistant
for one week.

� Case 2. October 1995. A recently retired professor called the present author from Denmark
and told him that he just threw away more than 2 000 samples because his successor needs
the laboratory space and his wife did not permit him to move the sample home and place in
the basement.

� Case 3. April 1997. One third of the samples had structural lists destroyed and ready to be
trashed when we arrived in the chemistry department storage room. We were able to register
2/3 of all the 3 000 old samples properly. MDPI still accepted the rest 1/3 samples and gave
separate registration numbers (they will be distributed for random screenings. Active hits
will be analyzed and the structures will be elucidated afterwards).
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Fortunately most synthetic organic chemists and natural product chemists have
a tradition to store their chemical samples. They would like to preserve them for
other people to use in future. However, there is usually no room for them to store
their samples, after retirement. MDPI has provided the service to store these sam-
ples, as well as to develop and maintain a database. Therefore the collection of
isolated natural products and individual rare samples of synthetic source have
been MDPI’s main service. Box 53.3 lists the criteria for sample registration and
deposition.

In order to encourage chemists to deposit their rare samples, the MDPI services
are free of charge to its contributors. In addition, MDPI pays postage for delivery by
express carrier (TNT, Federal Express, UPS, etc.) of the compounds to MDPI. Con-
tributors are rewarded 50% of the net profit of sample distribution services. Samples
are usually divided into at least 5 unit amounts. The last remaining part is further
divided into several parts. A typical unit price per unit amount is 100 USD/100 mg,
and may vary based on user’s recommendation. MDPI distributes compound samples
worldwide. Chemists may also store compounds themselves for the registered samples,
also free of charge, provided that they send the unit amount of the ordered compound
promptly. They may distribute directly their compounds by citing MDPI registration
number.

In order to provide services fare to contributors and to customers, and insure that
the samples are correctly characterized, we publish unit amount and the unit price
and preferably contributor’s name and address in our database release. If the con-
tributors agree, other chemists may obtain samples free of charge for academic re-
search. Now all the samples can be searchable on the www.molmall.org server. Most
of the structures of MDPI samples not published in the literature are given CAS Reg.
numbers and the MDPI collection is included in CHEMCATS – Online Chemical
Catalogs (www.cas.org/CASFILES/chemcats.html).

Many samples have historical significance and related to chemical heritage. For
example samples prepared by Nobel laureates can be preserved forever. A chemical
museum will be built for this purpose.

Unlike handling of bulk chemical storage and transportation, the storage, package
and transportation of chemical samples in small amount are easier. However, because
of their large number and diversity, we will face other problems. The management of
chemical sample archives itself has been an important topic of research. MDPI plans
to carry out more studies on this topic.

Box 53.3. Samples criteria

� All compounds, whether they are new or old, synthetic or natural products, published or
unpublished.

� Authentic supporting samples for papers published in chemistry journals.
� Samples should be reasonably stable at room temperature, as pure as specified, not hazard-

ous and preferably in solid (crystal) form.
� Catalysts and enzymes, macromolecules and polymers as well as other samples are also ac-

ceptable.
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53.2.2
Preserving Experimental Data

In a published paper, the “experimental design and methods” section is the part of
great interest to synthetic chemists. Traditionally, our contribution of chemical infor-
mation has relied on the full description of chemical preparation and compound
characterization. However, more and more chemistry journals ask authors to shorten
their papers, mainly the experimental part, or include the research data in the “so-
called “supplementary material”. This makes the record of the knowledge incomplete
and the reproduction of chemical preparation and characterization inconvenient. For
example, experimental details of R. B. Woodward’s several most important synthetic
works have never been properly published (Cornforth 1993). In such cases, if a syn-
thesis is very difficult and if there is no one else as resourceful as the original author,
it is almost impossible to prepare the reported samples again.

Generally an ordinary and average synthetic chemist working in industry will
prepare and fully characterize about 1 000 samples in his whole carrier (Box 53.2). On
average, only a small part of this precious data of chemical synthesis is ever recorded
in chemistry journals and patents. Thus, the precious expertise of experienced chem-
ists can seldom be fully recognized, appreciated and benefited by others (Lin 1996a,
1997a,b, 1998). Another urgent task of our organization MDPI is to record all the
experimental data as a complementary measure of the normal publication of the
existing journals. Any scattered unassembled experimental data for individual com-
pounds, which are conventionally not publishable, are particularly welcomed; to be
published in a special form of one molecule per short note and given special page
numbers (M1, M2, etc.). A large volume of (to say 1 million) structures will be easily
published in this way (see: www.molbank.org). If every synthetic chemist contributes
100 such posters, this number will be easily reached within several years. Afterwards,
an online-searchable database constructed from this data will be open to the public
free of charge and it will be a very useful treasure to all chemists and other related
scientists (Lin and Patiny 2000). The detailed procedure of the chemical reactions can
make the reproduction of chemicals easier.

The structures of MDPI samples not published in the literature are given CAS Reg.
The publication of the samples database at www.molmall.org is also a pertinent way
of recognizing sample contributor’s synthetic works, if they were never published
before. The information regarding the sample availability becomes an important part
of Chemical Abstracts Service (www.cas.org).

53.3
Conclusion

Compared to scientists of other fields of study, chemists have created a vast volume
of chemical samples and experimental data, which are definitely unique. We should
take care of our complete intellectual properties and act properly to preserve world-
wide high-quality molecular diversity of both chemical information and chemical
samples generated by us. It is never too late to act. To support the MDPI activities, the
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recommendation is proposed: it should be an obligatory part of his/her final duty
that a chemist finishing his/her works, and leaving the university or the company,
deposits or registers all of his/her samples. He/she should also publish all his/her
synthesis and structural characterization data. MDPI has been modifying both pro-
cedures for samples and data base development, to make it more and more conve-
nient for chemists to make a significant contribution to chemical preservation, and
scientific advancement.
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Photodecomposition of Organic Compounds
in Aqueous Solution in the Presence of Titania Catalysts

B. Malinowska  ·  J. Walendziewski  ·  D. Robert  ·  J. V. Weber  ·  M. Stolarski

Abstract

Materials prepared by sol-gel method combined with drying under supercritical conditions are called
aerogels. Titania aerogels appear to be promising photocatalysts. In this study the aerogels were syn-
thesized from tetraisopropyl orthotitanate (IZPT) diluted in anhydrous methanol or isopropanol. The
properties of titania aerogels were changed by applying various preparation ways. The adsorption
capability of the aerogels (kinetics and isotherms of adsorption) was checked. They revealed a multi-
step adsorption, characteristic for mesoporous solids. The physicochemical properties of the catalysts
were determined using X-ray Photoelectron Spectroscopy (XPS) and Scanning Electron Microscopy
(SEM). The photocatalytic tests of the aerogels were conducted using aqueous solutions of 4-hydroxy-
benzoic acid and p-chlorophenol. The results prove that photocatalytic properties of the aerogels
strictly depend on adsorption capacity.

Key words: aerogel, adsorption, 4-hydroxybenzoic acid, p-chlorophenol, photocatalysis

54.1
Introduction

The industrial era has brought about appalling conditions to the environment. Already
existing contamination and prevention of new pollution are urgent problems that should
be resolved and considered when new chemicals are being designed (Sedykh et al. 2001).
Thus, extensive researches have been drawn up to find some effective methods for hazard-
ous chemical compounds elimination from air, water (Kang et al. 2001) and soil. Among
manifold possibilities the advanced oxidation processes (AOPs) appear to be highly effi-
cient (Ilisz and Dombi 1999). In particular the heterogeneous photocatalysis has been exten-
sively investigated for environment cleanup (Chun et al. 2001; Banhemann et al. 1999; Ollis
and Al-Ekabi 1993; Pichat et al. 1997; Robert et al. 2000; Schiavello 1997). Photocatalytic oxi-
dation provides a unique opportunity for the purification of environment. Commonly used
photocatalysts are semiconductors. Among them titanium dioxide reveals the best photo-
catalytic properties (Axelsson and Dunne 2001; Fujishima et al. 2000). The first literature
data concerning photocatalytic activity of TiO2 date back to 1977, when Frank and Bard
examined the possibilities of using TiO2 to decompose cyanide in water (Frank and Bart
1977). Illumination of TiO2 surfaces at energies above the band gap produces charge car-
ries (electron and holes) which are the primary cause of the photochemical events (Mills
and Hunte 1997; Hoffman et al. 1995). However, the attempts at preparing new photocatalysts
have been realized. Sen and Vannice prepared titania aerogels and made use of them to
degrade paraffins, olefins and alcohols by means of UV irradiation (Sen and Vannice 1988).
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Sol-gel chemistry combining with supercritical drying is very powerful means of syn-
thesizing catalytic materials (Pajonk 1997). Catalysts obtained this way are called aerogels.
They are powders of very low densities, high porosity and large surface area (Walendziewski
et al. 1999). One assumes that those kinds of catalysts are recent products of modern tech-
nology. In fact, the first aerogels were prepared in 1931 (Hunt and Ayers 2000). Steven
S. Kristler set out to prove that “a ‘gel’ contained a continuous solid network of the same
size and shape as the wet gel” (Kistler 1932). The preparation of aerogels can be divided
into two steps: the formation of a wet gel and the drying of the wet gel to form an aerogel.
An appropriate drying procedure is to evacuate the liquid phase under appropriate super-
critical conditions (Pajonk 1999). Sol-gel chemistry either by itself or in combination with
supercritical drying is a suitable means for the preparation of solids with novel structural
and chemical properties (Schneider and Baiker 1997). The advantages of the sol-gel tech-
nology encompass: the usage of various wet-chemical tools for working out synthesis,
flexibility of tailoring the physicochemical properties (density, surface area, pore volume)
of aerogels. However, the technical application of the sol-gel catalyst is hampered by the
costs, as to the aerogels in particular, by the manifold difficulties encountered in transfer-
ring them into an applicable form (Schneider and Baiker 1997).

In the present work preparation ways of titania aerogels and their application in
photodecomposition processes are proposed. The model compound examined in this
study was 4-hydroxy benzoic acid. Finally tests using p-chlorophenol were conducted
since as a large amount of chlorinated compounds are currently produced and reach
the environment (Ormand et al. 2001). Contamination by chlorinated compounds is
one of the most serious environmental problems since they are toxic, non-biodegrad-
able (Roques 1996) and found in natural water bodies (Bandara et al. 2001; Serpone
et al. 2000). The aim of the research is to find optimal preparation way to obtain
catalysts of better photocatalytic activities.

54.2
Experimental

54.2.1
Preparation of Titania Aerogels

In this study titania aerogels were prepared using a combination of sol-gel chemistry
and supercritical drying of wet gel. First of all a precursor (IZPT – tetraisopropyl
orthotitanate, Fluka) and an appropriate solvent (anhydrous methanol, isopropanol,
Aldrich) were homogenized for 30 min at ambient temperature with stirring. The next
step was hydrolysis for 2 h. The stoechiometric mole ratio H2O: precursor with alco-
hol amounted to 4:1.

The obtained gels were aged 24 h at ambient temperature. The solvent was removed
from the porous structure of the gel using supercritical drying. Figure 54.1 shows the
equipment used for drying under supercritical conditions. Temperature and pressure
cycles vs. time during supercritical drying are shown in the Fig. 54.2.

In order to prevent the gels from collapse at the heating-up stages, the initial step was
to saturate the reactor with nitrogen to a pressure of about 80 atm (close to the critical
parameters of the alcohol). The prepared aerogels were calcinated at 400 °C for 5 h.
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54.2.2
Adsorption Studies

The kinetics of adsorption of aerogels were determined using 100 ppm water solu-
tion of 4-hydroxybenzoic acid (4HBz acid, Aldrich). 100 ml of the solution and 0.1 g
of aerogel were magnetically stirred during 60 min. Sampling was made in the equal
time intervals. After filtration using Millipore 0.45 µm type HVLP filters the samples
were analyzed by High Performance Liquid Chromatography (HPLC Waters 600 pump
and 996 photodiode array detector).

Isotherms of adsorption were determined using different water solutions of
4HBz acid. 40 ml of each solution and 0.04 g of the aerogel (1 g l–1) were magnetically

Fig. 54.1.
Scheme of the equipment for
aerogel drying under super-
critical conditions

Fig. 54.2.
Temperature and pressure
cycles vs. time during super-
critical drying
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stirred for 30 min as the equilibrium state was achieved. The samples were taken, fil-
trated (0.45 µm filters) and analyzed by HPLC. In the next step the aerogels were drained
off, dried in a vacuum dryer at 110 °C and analyzed by Infrared Spectroscopy with Fourier
Transformation (DRIFT technique) to confirm the adsorption phenomena. Diffuse
reflectance spectra of aerogels were recorded on the BIO-RAD FTS-185 spectrometer
equipped with a MCT detector and a Graseby-Specac “selector” optical accessory. The
kinetic and isotherm studies were conducted in the dark to avoid random radiation.

54.2.3
Physicochemical Properties

The surfaces of aerogels were tested by X-ray photoelectron spectroscopy (XPS). XPS
analyses were performed on RIBER MAC 2 spectrometer Al K α-radiation (12 kV and
25 mA). The spectra of C1s, O1s, Ti2s, Ti2p core levels were recorded. The surface of
the aerogel was placed in a vacuum environment and then irradiated with photons in
the X-ray energy range. The atoms comprising the surface emit electrons after direct
transfer of energy from the photon to the core-level electron. These emitted electrons
are subsequently separated according to energy and counted. The energy of the pho-
toelectrons is related to the atomic and molecular environment from which they origi-
nated. The number of electrons emitted is related to the concentration of the emit-
ting atom in the sample (Ratner and Castner 1997). XPS analyses give information
about the quantitative and qualitative composition of elements on the surface of the
catalyst. The size of particles and morphology of the aerogels were determined using
Scanning Electron Microscopy (SEM). The apparatus used to determine these data
was HITACHI S2500, 20 keV with secondary electron.

54.2.4
Photodegradation of 4HBz Acid and p-Chlorophenol Using Titania Catalyst

100 ppm water solution of 4HBz acid and 60 ppm water solution of p-chlorophenol
were prepared. 500 ml each of the solution and 0.5 g of aerogel were homogenized
using magnetic stirring for 30 min as equilibrium state was achieved. The photocata-
lytic processes were conducted in the Solar box ATLAS SUNTEST CPS+ simulating
natural radiation (light source vapour Xenon lamp, 300 nm < α < 800 nm) and lasted
4 h. The mixtures of the contaminants and the catalysts were continuously magneti-
cally stirred during photocatalytic tests. Sampling was in the equal intervals and fil-
trated (0.45 µm filters). In the case of 4HBz acid the samples were analyzed by HPLC
and in the case of p-chlorophenol by UV-Vis spectroscopy (Shimadzu spectrometer,
200 nm < α < 500 nm).

54.3
Results and Discussion

The prepared aerogels are white powders of very low densities. Table 54.1. presents
the prepared aerogels and their bulk densities. For comparison the bulk density of
P25 TiO2 Degussa was measured. It amounts to 4.38 g cm–3.
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54.3.1
Adsorption Studies

In the case of adsorption kinetics the concentration of 4HBz acid in the aqueous
solution after adsorption was measured (Fig. 54.3). The adsorption of 4HBz acid on
the aerogel particles occurs very fast (considerable decrease of acid concentration in
the solution after 15 min of stirring). The aerogel prepared from 60% of IZPT in metha-
nol (Z516) indicates the best capability of adsorption. After 15 min of stirring an al-
most 50%-decrease of 4HBz acid concentration is observed. In turn the aerogel syn-
thesized from 30% of IZPT in isopropanol (Z513) and the one synthesized from 30% of
IZPT in methanol (Z516) indicate an almost equal capability of adsorption (30%-de-
crease of 4HBz acid) in the initial phase of the experiment. However, further results
show that after 60 min of stirring the adsorption capabilities of Z516, Z514 and Z513
become equal (above 30%-decrease of 4HBz acid). These results constitute a proof of
the adsorption-desorption phenomena.

Figure 54.4 depicts the isotherms of adsorption. The number of 4HBz acid
moles (ns) adsorbed per gram of aerogel are plotted vs. the equilibrium concentra-
tion of 4HBz acid solution (Ceq). The number of 4HBz acid moles (ns) adsorbed per
gram of aerogel was determined from the adsorption-induced decrease in the
molarity (dC) and the volume (V) of 4HBz acid solution: ns = (VdC) / W, where W is
the weight of aerogel in grams (Robert and Weber 1998, 2000).

The shapes of isotherms show that multistep adsorption occurs. The isotherms ob-
served with xerogels often fall into the type-I category (Langmuir type), which is gener-
ally found with microporous solids, whereas the isotherms observed with aerogels fre-

Fig. 54.3.
Kinetics of adsorption

Table 54.1. Prepared aerogels
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quently fall into the type-IV category (Fig. 54.4, the shapes of isotherms), which is very
common among mesoporous solids. Thus, aerogels are usually meso- to macroporous
(Schneider and Baiker 1997). Considering aerogels in this study the measurement of the size
of the porous is in the progress now. The capability of adsorption follows the order: 60% of
IZPT in methanol (Z516) > 30% of IZPT in methanol (Z514) > 30% of IZPT in isopropa-
nol (Z513) whereas number of occupied adsorption sites per gram, on this level of exami-
nation, amounts to 2.8 × 10–4 mol g–1; 2.3 × 10–4 mol g–1 and 1.5 × 10–4 mol g–1, respectively.

The Diffuse Reflectance Infrared Fourier Transform Spectroscopy (DRIFTS) sam-
pling technique has gained popularity for the study of powders, solids, and species
adsorbed on solids (Culler 1993). In the present study DRIFT analyses were performed
to confirm the adsorption of 4HBz acid on the aerogel surfaces. The samples were not
diluted with KBr. Figure 54.5 shows obtained spectra for Z514 and Z516 catalysts.

Each spectrum in the Fig. 54.5 is obtained as a result of the difference between the
catalyst spectrum and the spectrum after adsorption of 4HBz acid. In the case of aerogels
there are absorption bands at the range of wavenumber from about 1 700 cm–1 to
1 100 cm–1. They are associated with carboxylate and aromatic absorption bands (Rob-
ert and Weber 1998, 2000; Lee et al. 2000) and they prove the adsorption phenom-
enon of 4HBz acid on the aerogel surfaces. However, the aerogel prepared from 60%
of IZPT in methanol (Z516) indicates a higher adsorption capacity than the one pre-
pared for 30% of IZPT in methanol (Z514). Presumably, it is due to presence of a higher
amount of basic sites on the surface of Z516.

Fig. 54.4.
Isotherms of adsorption

Fig. 54.5.
DRIFT spectra of 4HBz acid
adsorbed on the titania cata-
lysts
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54.3.2
XPS and SEM Analyses

The interesting peaks are in the range of binding energy 600–400 eV. There are peaks
for Ti2p and O1s core levels. Obtained spectra helped to determine stoichiometric
ratio of the elements (titanium, oxygen) on the surface of the aerogels (Table 54.2).
It appeared that the surface of aerogel prepared from 30% of IZPT in methanol (Z514)
includes the smallest amount of oxygen atoms whereas aerogel Z513 prepared from
30% of IZPT in isopropanol Z513 the biggest. The smallest amount of oxygen in the
case of Z514 can be a proof that its surface structure has lots of defects. On the con-
trary bigger amount of oxygen in the case of Z516 and Z513 can be a proof of the
orderly surface structure. Scanning electron microscopy images are shown in the
Fig. 54.6.

There is an appreciable difference between two aerogels (Fig. 54.6). The aerogel
prepared from methanol consists of smaller particles than the one prepared using of
isopropanol. In the case of Z513 bigger clusters appeared. SEM analysis of Z516 (60%
of IZPT in methanol) is in the course. Considering the obtained results for Z513 and
Z514 aerogels a conclusion can be drawn that a structure of aerogel strongly depends
on solvent used in the initial step of preparation.

Table 54.2.
Percentage composition of
aerogel surface

Fig. 54.6. SEM images of the aerogels. 6a: Z513 (30% of IZPT in isopropanol), 6b: Z514 (30% of IZPT
in methanol)
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54.3.3
Photocatalytic Tests

The activities of aerogels: Z513, Z516 in the photocatalytic processes have been checked.
4HBz acid has been chosen as a model contaminant of water solution. Figure 54.7
presents the obtained results. The first 30 min of each processes were conducted in
the dark to obtain an adsorption equilibrium state. After that period of time the pho-
tocatalytic process started. It appeared that catalyst Z516 (60% of IZPT in methanol)
indicates the best photocatalytic activity. That one reveals also the best adsorption
capacity. It is associated with great amount of active sides on the Z516 surface. For
comparison photodegradation of 4HBz acid in the presence of TiO2 P25 Degussa was
carried out. In the case of TiO2 the final results are similar to Z513 (30% of IZPT in
isopropanol).

Fig. 54.7.
Kinetics of photocatalytic deg-
radation of 4HBz acid in the
presence of titania catalysts

Fig. 54.8.
Kinetics of photocatalytic deg-
radation of p-chlorophenol
using titania catalysts
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The next series of photocatalytic tests were conducted using p-chlorophenol. Three
titania aerogels were tested: Z513 (30% of IZPT in isopropanol), Z514 (30% of IZPT in
methanol), Z516 (60% of IZPT in methanol) and TiO2 P25. In this case the best activity
indicated aerogel Z513. Figure 54.8 shows the obtained results. Although the pathways of
degradation kinetics of Z513 and TiO2 P25 Degussa are not similar, the final results are the
same. The kinetics of photocatalytic degradation for next two aerogels (Z514, Z516) indi-
cated lower photocatalytic activity in the final part of the test. In particular a low activity
was presented by Z516 aerogel, the most active catalyst in the photodegradation of
4HBz acid. One time more, the difference of the photocatalytic mechanisms is illustrated
in ths case. It seems that the surface photodegradation of adsorbed molecules governs the
overall degradation pathways (Robert and Weber 2000).

54.4
Conclusion

Prepared aerogels are powders of very low densities. Their structure depends on fac-
tors, percentage of precursor in solvent as well as kind of the solvent (differences in
morphology and surface construction between aerogels). The aerogel prepared using
of 60% of tetraisopropyl orthotitanate (IZPT) in methanol indicated the best
4-hydroxybenzoic acid (4HBz) adsorption capability. Thus it indicated the best pho-
tocatalytic activity in the case of 4HBz acid. However, while p-chlorophenol was used
in the photocatalytic tests the best activity indicated aerogel prepared from 30% of
IZPT in isopropanol. The final results for that aerogel are similar to the results ob-
tained for TiO2 P25 in both cases. The conclusion can be drawn that photocatalytic
activities of aerogels to a large extend depend on the kind of pollutant. The aim of the
research is to find optimal preparation conditions that finally will give aerogels of
photocatalytic activity for broad list of contaminants and commercial applying.
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thank: dr inz· . Andrzej Krztoń, from Polish Academy of Sciences in Gliwice, for DRIFT
analyses and helpful hits; Dr. Olivier Heintz, from the Université de Bourgogne
(France), for XPS analyses and reports preparation; Dr. Nouari Chaoui from LCA Saint-
Avold Metz University, for SEM analyses.

References

Axelsson A-K, Dunne LJ (2001) Mechanizm of photocatalytic oxidation of 3,4-dichlorophenol on TiO2
semiconductor surfaces. J Photochem A Chem 144:205–213

Bandara J, Mielczarski JA, Kiwi J (2001) I. Adsorption mechanism of chlorophenos on iron oxides, tita-
nium oxide and aluminum oxide as detected by infrared spectroscopy. Appl Cat B Environ 34:307–320

Bahnemann D (1999) In: Boule P (ed) Handbook of environmental photochemistry. Springer-Verlag,
Heidelberg, p 285

Chun H, Yizhong W, Hongxiao T (2001) Influence of adsorption on the photodegradation of various
dyes using surface bond-conjugated TiO2/SiO2 photocatalyst. Appl Cat B Environ 35:95–105



600 B. Malinowska  ·  J. Walendziewski  ·  D. Robert  ·  J. V. Weber  ·  M. Stolarski

Pa
rt

 V
I

Culler SR (1993) Diffuse reflectance infrared spectroscopy: sampling techniques for qualitative, quan-
titative analysis of solids. In: Coleman PB (ed) Practical sampling techniques for infrared analy-
sis. USA, pp 93–106

Frank SN, Bard AJ (1977) Heterogeneous photocatalytic oxidation of cyanide ion in aqueous solution
at TiO2 powder. J Am Chem Soc 99:303–304

Fujishima A, Rao TN, Tryk DA (2000) Titanium dioxide photocatalysis. J Photochem C Photochem
Rev 1:1–21

Hoffman MR, Scot TM, Wonyong C, Bahneman DW (1995) Environmental application of semicon-
ductor photocatalysis. Chem Rev 93(1):69–96

Hunt A, Ayers M (2000) A brief history of silica aerogels. Berkeley National Laboratory
Ilisz I, Dombi A (1999) Investigation of the photodecomposition of phenol in near-UV-irradiated

aqueous TiO2 suspensions. II. Effect of charge-trapping species on product distribution. Appl Cat
A General 180:35–45

Kang M, Lee S-Y, Chung Ch-H, et al. (2001) Characterisation of a TiO2 photocatalyst synthesised by
the solvothermal method and its catalytic performance for CHCl3 decomposition. J Photochem
Photobiol A Chem 144:185–191

Kistler SS (1932) In: J Phys Chem 34:52
Lee SJ, Han SW, Yoon M, Kim K (2000) Adsorption characteristics of 4-dimethylaminobenzoic acid

on silver and titania: diffuse reflectance infrared Fourier transform spectroscopy study. Vib Spec-
troscopy 24:265–275

Mills A, Hunte S (1997) An overview of semiconductor photocatalysis. J Photochem A Chem 108:1–35
Ollis DF, Al-Ekabi H (eds) (1993) Photocatalytic purification and treatment of water and air. Elsevier,

Amsterdam
Ormad MP, Ovelleiro JL, Kiwi J (2001) Photocatalytic degradation of concentrated solutions of 2,4-

chlorophenol using low energy light. Identification of intermediates. Appl Cat B Environ 32:157–166
Pajonk GM (1997) Catalytic aerogels. Catal Today 35:319–337
Pajonk GM (1999) Some catalytic applications of aerogels for environmental purposes. Catal Today

52:3–13
Pichat P (1997) In: Ert G, Knözinger H, Weitkamp J (eds) Handbook of heterogeneous photocatalysis.

VCH-Wiley, Weiheim, p 2111
Ratner BR, Castner DG (1997) Electron spectroscopy for chemical analysis. In: Vickerman JC (ed)

Surface analysis – the principal techniques, Wiley & Sons, Chichester, pp 43–93
Robert D, Weber JV (1998) Photocatalytic degradation of methylbutandioic acid (MBA) in aqueous

TiO2 suspension: influences of MBA adsorption on the solid semi-conductor. J Clean Prod 6:335–338
Robert D, Weber JV (2000) Study of adsorption of dicarboxylic acids on titanium dioxide in aqueous

solution. Adsorption 6:175–178
Robert D, Parra S, Pulgarin C, Krzton A, Weber JV (2000a) Chemisorption of phenols and acids on

TiO2 surface. Applied Surf Scien 167(1–2):51–58
Robert D, Lede J, Weber JV (eds) (2000b) Chimie, soleil, energie environnement. Special issue in

Entropie, No. 228
Roques H (1996) Chemical water treatment. VCH Verlag, Weinheim, Germany
Schiavello M (ed) (1997) Heterogeneous photocatalysis. Wiley & Sons, New York
Schneider M, Baiker A (1997) Titania-based aerogels. Catal Today 35:339–365
Sedykh A, Saiakhov R, Klopman G (2001) META V. A model of photodegradation for the prediction

of photoproducts of chemicals under natural-like conditions. Chemosphere 45:971–981
Sen B, Vannice MA (1988) J Catal 113:52
Serpone N, Texier I, Emeline AV, Pichat P, Hidaka H, Zhao J (2000) Post-irradiation effect and reduc-

tive dechlorination of chlorophenols at oxygen-free TiO2/water interfaces in the presence of promi-
nent hole scavengers. J Photochem A Chem 136:145–155

Walendziewski J, Stolarski M, Steininger M, Pniak B (1999) Synthesis and properties of aluminia
aeogels. React Kinet Catal Lett 66(1):71–77



Chapter 55

Pa
rt

 V
I

Depollution of Waters Contaminated by Phenols
and Chlorophenols Using Catalytic Hydrogenation

D. Richard  ·  L. D. Núñez  ·  C. de Bellefon  ·  D. Schweich

Abstract

A new process for the detoxification of phenol-containing waste waters based on catalytic hydro-
genation suitable for a wide range of compounds is proposed. After an introduction pointing out
the advantages of this approach, the principle of the multifunctional process is presented. Then
two examples of application of this process for the treatment of polluted waste waters are reported;
one containing chlorophenols and the other containing mixture of phenols of olive oil waste water.
Using 4-chlorophenol as a model molecule of monoaromatic chlorophenols and tyrosol of phenols
encountered in olive oil waste waters, the kinetics of catalytic hydrogenation was studied. In both
cases, a scheme of the reaction was elucidated, different kinetics models were established and a
dynamic simulation software was used for helping in their discrimination and for parameter esti-
mation. In both cases, total conversion was achieved. The global rate of 4-chlorophenol conversion
into cyclohexanol at 0.4 MPa and 353 K was 3.43 g h–1 g–

c
1
atalyst while the rate of tyrosol conversion

at 1 MPa and 353 K was 1.42 g h–1 g–
c

1
atalyst.

Key words: catalytic hydrogenation, phenol degradation, chlorophenol, olive oil waste water, tyrosol

55.1
Introduction

Phenols constitute a widespread important class of water pollutants. They are indeed
discharged in the liquid effluents from various factories: chemical, petrochemical,
paper, wood, metallurgy and cocking plants (Ramade 2000). They can also be origi-
nated from diffuse emissions, e.g. roads and pipes tar coatings and from the use of
pesticides including their transformation products e.g. herbicides, fungicides like
dinitroorthocresol (DNOC), and pentachlorophenol (PCP). Phenolic compounds are
also found in the waste waters of agro-industrial processes like the olive oil mills,
tomato processing and wine distilleries (Achilli et al. 1993; Hunt and Baker 1980).

Amongst numerous publications dedicated to the disposal of waste waters con-
taining hazardous organic pollutants, catalytic processes have, so far, not been devel-
oped extensively. Furthermore most catalytic abatement research has been devoted
to oxidation processes. On the contrary, there exists a wide perspective for the devel-
opment of hydrogenation processes as they could avoid the drawbacks of oxidative
treatments of water dispersed pollutants.

Matatov-Meytal and Sheintuch (1998) review catalytic oxidation methods includ-
ing wet air oxidation (WAO) and super critical water oxidation (SCWO). They men-
tion their high cost due to high-pressure equipment and high cost of running the
reaction at high pressures and temperatures. The oxidation methods along with oth-
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ers including electrochemical and photochemical treatments have also been reviewed
(Meunier and Sorokin 1997).

Anaerobic microbial decomposition of organic matter offers significant advantages
over other biologic processes in lowering energy consumption and sludge produc-
tion, but bacterial inhibition produced by polyphenols limits their application. Con-
ventional aerobic treatment is not sufficient if the concentration of organic pollutants
is too high (Pintar 1994) and most microbes are unable to degrade complex phenolic
compounds (Capasso et al. 1992).

The usefulness of reductive processes in waste waters treatment was first reported
by Kalnes and James (1988) who demonstrated for halogenated organic wastes, such
as polychlorinated benzenes, that reductive treatment (especially hydrodechlorination)
is economically more attractive than direct incineration. Catalytic hydrogenation us-
ing hydroprocessing catalysts, e.g. Ni-Mo/γ-Al2O3, was also proposed (Gioia 1991) as
a possible alternative to thermal incineration for the disposal of hazardous organic
waste liquids.

In contrast to the oxidative processes, catalytic hydrogenation cannot lead to ulti-
mate harmless products like water and carbon dioxide. However, when a suitable
catalyst is used, chlorophenols and phenols can be transformed into cyclohexanol.
Depending on its concentration, cyclohexanol may then be either degraded by stan-
dard biological processes or recovered as valuable product. Two companies already
propose processes based on catalytic hydrogenation, though they operate at very high
conditions of temperature, up to 727 K, and pressure up to 7 MPa (Johnson 1988; Van
Der Osterkamp 1987).

Catalytic hydrogenation of phenolic compounds has been studied in our laboratory
in the last years. A specific ruthenium/charcoal catalyst and a three-step catalytic detoxi-
fication process were developed (Fouilloux et al. 1996). Ruthenium was chosen as a
catalyst since it is a dechlorination catalyst and is also well known for its ring hydro-
genation properties (Augustine 1995). This process is suitable for a wide range of phe-
nolic compounds concentration, works under mild conditions: temperatures below
360 K and pressure less than 3 MPa, leads to a fairly concentrated solution of non toxic
compound, can be eventually implemented on a polluted site, and can be adapted to
different aromatic compounds.

This paper summarize some aspects about catalytic hydrogenation process and its
application, performed by our research group, with the aim to show that this process
could be an efficient and versatile method to deal with the depollution of different
kind of phenolic compound-containing waste waters. Thus, first the principle of a
proposed catalytic hydrogenation process is presented. Then, the kinetic studies of
catalytic hydrogenation of water containing chlorinated phenolic compounds and olive
oil mills waste waters (OMW) are reported.

55.2
Three Step Catalytic Depollution Process

The main drawback of catalytic depollution is the slow reaction rate due to the low
pollutant concentration level of waste waters. This is easily overcome if the pollutant
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has been first concentrated by adsorption prior to hydrogenation. A convenient way
is to trap the harmful compounds on the catalyst support itself (Félis et al. 1999b).
The depollution process is performed in a single fixed bed using a periodic sequence
of three steps: adsorption, catalytic hydrogenation and thermal regeneration. The solid
in the fixed bed is 3% ruthenium loading activated carbon. This material is suitable
for both liquid-solid adsorption (first step) and gas-liquid-solid catalytic hydrogena-
tion (second step). Figure 55.1 illustrates the laboratory-scale process.

55.2.1
Adsorption-Concentration Step

Waste water is continuously fed (pump P) to a fixed bed of pollutant free activated
carbon at ambient temperature and close to atmospheric pressure. As long as the outlet
concentration is below the upper limit, a depolluted effluent is obtained. When the
upper limit is reached, purification stops and two three-way valves (V1 and V2) allow
recycling of the polluted solution through the fixed bed, condenser, gas-liquid sepa-
rator, and liquid tank.

55.2.2
Hydrogenation Step

The activated carbon used for the adsorption step is also the catalyst support. When
the reaction temperature is reached (353 K), hydrogen is fed to the fixed bed which is
operated in a co-current upflow mode under mild pressure conditions (less than
3 MPa). In the case of chlorophenol hydrogenation, sodium hydroxide is added to the
recycled solution since it promotes chlorophenol desorption as chlorophenolate ions.
Sodium hydroxide is also used to neutralize the hydrochloric acid produced during
the reaction.

Fig. 55.1. Apparatus used for the decontamination of phenol-polluted waters by catalytic dehydro-
genation. Schematic of the pilot-scale process, a flow during the adsorption-concentration step, b flow
during the hydrogenation reaction
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55.2.3
Regeneration Step

Once the reaction is complete, the reaction products solution is discharged and the fixed
bed is thermally regenerated to recover the initial state of the adsorbent and catalyst, and a
new cycle is initiated.

Chaining the adsorption and reaction steps, this procedure has several decisive advantages
which make the process original: first, the adsorption of aromatic compounds on activated
carbon is efficient, even at ambient temperature. This ensures low energy costs. Second, prior
to the reaction step, partial desorption by a base leads to a concentrated solution of pollutant.
The reaction rates are thus much higher as compared to the treatment of the raw polluted
effluent. Alternatively, the required amount of catalyst is much lower. Third, the reaction
products are concentrated in a small volume of residual liquid. The lower the concentration
of pollutant in the feed stream, the smaller the fraction of residual liquid, and the longer the
adsorption step under ambient conditions. Conversely, the reaction step is independent of
the concentration level of the polluted water. Fourth, using a single vessel and catalytic ad-
sorbent for both steps ensures pollutant confinement. An appropriate fluid distribution to
several fixed beds at various stages of the cycle would make the process quasi-continuous.

For the up-scale adsorption step, it is necessary to know the relation between the pollut-
ant concentration in waste water, the flow rate of polluted water, and the critical time in
which the critical concentration of pollutant is reached at the outlet of the adsorption fixed
bed. Experimental breakthrough curves have been recorded under various conditions and
a model has been built, based on the adsorption isotherm of the pollutant on the activated
carbon, and of the kinetics of adsorption. This model relies upon the following assumptions:
(i) one dimensional plug-flow prevails; (ii) the particles behave as a pseudo-homogeneous
medium where the pollutant diffuses; (iii) external mass-transfer limitation is accounted
for; (iv) adsorption equilibrium prevails at the fluid-solid external surface and gives global
breakthrough curves in good agreement with experimental ones, however it tends to under-
estimate the critical time. The limitations of this model and the ways to overcome them in
order to extrapolate the process are discussed in detail in a previous paper (Félis et al. 1999b).

In order to model reaction steps, it is necessary to know the kinetic of hydrogenation
of specific penolic compound. In the sections below, 4-chlorophenol and tyrosol were
taken as model molecules to the kinetic study of hydrogenation of monoaromatic
chlorophenols and phenols of olive mill waste water, respectively.

55.3
Experimental

55.3.1
Chemicals

Chlorophenols, tyrosol, catechol and phenolic acids were purchased from Acros and used
as received. A 30 g kg–1 Ru/C catalyst was prepared by incipient wetness impregnation of
the activated charcoal by a RuCl3 solution followed by drying and reduction by hydrogen
at 573 K. Further detail can be found in previously published document (Félis et al. 1999a).
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55.3.2
Catalytic Batch Test

The reaction was carried out in a stainless steel semi-batch, isothermal reactor of 0.15 l
capacity. The temperature was controlled to ±1 K; baffles and magnetically coupled
stirrer provided a good gas-liquid mass-transfer; a finely powdered catalyst (particle
diameter ≈1 µm) was employed. The reactor was charged with 0.07 l of distilled water
and a known quantity (0.1 to 1.0 g) of catalyst. When the temperature and pressure of
the reactor were steady, the reaction was started by injection of the substrate into the
reactor. The hydrogen consumption was evaluated by the decrease of pressure of an
isothermal supply. The initial hydrogen consumption rate was calculated from the slope
of the hydrogen consumption curve at the initial reaction time. Samples of the reac-
tion medium were taken periodically for analysis by gas chromatography.

55.3.3
Analysis

Samples of reaction mixture were analyzed on a HP 5890 Series II gas chromatograph
(Hewlett-Packard, Waldbronn, Germany) fitted with a FID detector and temperature
programming (313 K to 523 K at 4 K min–1) using a HP1-SE30 capillary column (10 m,
0.53 mm et 2.65 µm) and He (0.72 l h–1) as carrier gas.

55.4
Results and Discussion

55.4.1
Chlorophenols Hydrogenation

Chlorophenols are chiefly used in agriculture as herbicides and pesticides, and for wood
protection as bactericides and germicides. These compounds are very resistant to biodeg-
radation and in addition they are subject to bioaccumulation in aquatic organisms.

The detoxification of water-containing monoaromatic chlorophenols bearing from
1 to 5 chlorine atoms in the aromatic ring has been studied. Out of the 19 possible chloro-
phenols, only 13 were commercially availables and were tested with Ru/C catalyst. Fig-
ure 55.2 shows the relative reactivity of the water soluble chlorophenols. 2-chlophenol
and 4-chlorophenol are the most reactive; 2,3-dichloro-, 2,4-dichloro-, 2,6-dichloro- and
2,4,5-trichlorophenol require more time, while the others show intermediate reactivity.
Studies carried out at lower temperature showed a change in the hierarchy of activities
which is likely to be due to the difference between the activation energies of the dehydro-
chlorination and the hydrodearomatisation steps in the reaction mechanism.

Another set of experiments undertaken on the non-soluble chlorophenols (2,4,6-
trichlorophenol, 2,3,4,6-tetrachlorophenol and pentaphenol) under the same condi-
tions (298 K and 0.35 MPa H2) demonstrated that the hydrogenation was also carried
out with these compounds. Other pollutants, chloroaniline and dichlorodiphenyl were
also tested and proved to give a mixture of cyclohexylamine and cyclohexanol for the
first reaction and dicyclohexyl for the second.
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55.4.1.1
4-Chlorophenol Hydrogenation

The hydrogenation mechanism and kinetics were studied in detail for 4-chlorophe-
nol (4CPOL). Analysis of reaction mixtures sampled during the reaction and the iden-
tification solely of phenol as intermediate species indicates a consecutive reaction as
shown in Fig. 55.3.

The experiments were carried out under three different types conditions:

■ Constant hydrogen partial pressure and initial 4-chlorophenol concentration
(0.4 MPa and 100 mmol kg–1) at three different temperatures: 313, 333 and 353 K which
gives an apparent activation energy of 41 ±4 kJ mol–1 from the Arrhenius plot of the
initial activity Ai.

■ Constant hydrogen partial pressure and temperature (0.4 MPa and 353 K) but ini-
tial 4-chlorophenol concentration amounting to 101, 201 and 311 mmol kg–1 with
initial hydrogen consumption fluxes of 296, 207, 137 mmol s–1 kg–1. This suggests
for Reaction (1) an order between –1 and 0 with respect to 4-chlorophenol.

■ Constant initial 4-chlorophenol concentration and temperature (100 mmol kg–1 and
353 K) but hydrogen partial pressure of 0.40, 0.60, 0.89 and 1.08 MPa with initial hy-
drogen consumption fluxes of 262, 353, 569, 696 mmol s–1 kg–1. Since the data (initial
activity vs. hydrogen partial pressure) fall on a straight line passing through the origin,
this suggests that Reaction (1) is in positive order, close to one, with respect to hydrogen.

It was assumed that Reactions (1) and (2) follow a Langmuir-Hinshelwood mecha-
nism. This mechanism consists of three steps: adsorption of reactants on the catalytic
surface, surface reaction between adsorbed species, desorption of products. Depend-
ing on the rate limiting step and the adsorption model (see Table 55.1), there are 12 rate
equations for Reaction (1) and 24 for Reaction (2). Among the 288 possible couples of
equations, the sets of experiments described above enabled us to eliminate the mod-
els which lead to a positive order with respect to 4-chlorophenol and cannot account
for a positive order with respect to hydrogen. This leaves only 3 rate equations for

Fig. 55.2. Reactivity of chlorophenols for hydrogenation at 298 K under 0.35 MPa H2 with 0.5 g of
catalyst. 2-chlorophenol (2); 3-chlorophenol (3); 4-chlorophenol (4); 2,3-chlorophenol (2,3); 2,4-chlo-
rophenol (2,4); 2,5-chlorophenol (2,5); 2,6-chlorophenol (2,6); 3,4-chlorophenol (3,4); 3,5-chlorophe-
nol (3,5); 2,4,5-chlorophenol (2,4,5) and phenol
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Reaction (1) and 17 for Reaction (2). The Reactop computer program (Cheminform,
St Petersbourg, Russia) described elsewhere (Bergault et al. 1998) was used to dis-
criminate between the rival models. It allows to solve the mass balance equations and
to adjust kinetic parameters to their optimum values.

The model which gave the smallest residual sum of squares was finally chosen. It
assumes that adsorption is nondissociative and that 4-chlorophenol and hydrogen
are competing for the same sites. The limiting step for Reaction (1) is the reaction of
the two adsorbed species. For Reaction (2), the slow step is the reaction of an adsorbed
hydrogen molecule with the intermediate complex result of the phenol and the H2
molecule reaction. The optimal rate equations and parameters are:

with
  lnk10

= 17.5 ±0.5  lnk20
= 12.7 ±0.3

      E1 = 45.0 ±2.7       E2 = 33.2 ±2.4
    KH2

= 162 ±26  KPHEN = 16.4 ±2.5
K4CPOL = 4.0 ±1.8  KCyOH = 7.4 ±1.9

Table 55.1. Plausible limiting steps and adsorption hypothesis for the kinetics of Reaction (1)

Fig. 55.3. The two successive reactions involved in 4-chlorophenol destruction by catalytic hydroge-
nation using Ru/C catalyst
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where ki = ki0 exp(–Ei /R·T); ki0 being expressed in mol kg–1 min–1, Ei in kJ mol–1 and
Ki in kg mol–1.

The satisfactory agreement between experimental and calculated curves (Fig. 55.4) and
the plausible range of activation energies, give support to the model which is very well
adapted for the design of a three-phase fixed bed reactor. Total conversion of 4-chloro-
phenol into cyclohexanol in 0.1 mol kg–1 aqueous solution was achieved after 1.5 h at
353 K and 0.4 MPa with a global rate of 3.43 g h–1 g–

c
1
atalyst.

55.4.2
Olive Oil Mill Waste Waters

In this study the catalytic hydrogenation technique was applied to another kind of
phenols, those contained in the olive oil mill waste waters (OMW). This waste water
also called alpechin in Spain, contains very high amounts of organic mater (up to 15%
by weight), is resistant to degradation and constitutes an important environmental
problem due to the content of phenolic compounds, which are antimicrobial and phy-
totoxic. These characteristics make them resistant to biological treatment (Hamdi 1992;
Paixão et al. 1999; Ramos Comenzana et al. 1996). The multifunctional process, based
in the catalytic hydrogenation of the phenolic compounds of alpechin, is proposed as
a pretreatment of these waste waters, that according to Hamdi (1992) is indispensable
to facilitate anaerobic digestion of OMW. The small size of the installations and simple
operation required by this technology have suitable characteristics for the applica-
tion in the olive oil industry, that is a seasonal activity and generally, many small
factories are wide spread over the production area.

Amongst the phenolic compounds that have been identified in alpechin are: hy-
droxytyrosol, tyrosol, cathecol, resorcinol, o-vanillin, caffeic acid, elenolic acid, coumeric
acid, gallic acid, vanillic acid, ferulic acid, syringic acid, 4-hydroxy-phenylacetic acid,
4-hydroxybenzoic acid, demethyl-oleuropeine, oleuropein, rutin, verbascoside and
luteolin-7-glycosid acid (Catalano et al. 1999; Montedoro et al. 1992; Paredes et al. 1999;
Perez et al. 1992; Servili et al. 1999). Some of these compounds are represented in Fig. 55.5.
The phenolic compounds concentration depends on the kind of oil extraction technol-
ogy and on the variety of olives used.

Since the olive oil mill waste waters are very complex mixtures, the kinetic study
of its catalytic hydrogenation is a complex task that has to be based on model mol-

Fig. 55.4.
Agreement between experi-
mental points (� 4-chloro-
phenol, � phenol and � cyclo-
hexanol) and the model esti-
mate (continued lines)
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ecules. Figure 55.6 shows the reactivity of different phenolic compounds encountered
in olive mill waste water. Catechol (Cat), methylcatechol (MCat), veratric acid (Ver)
and vanillic acid (Van) were tested in similar conditions (temperature: 353 K, Pres-
sure: 1 MPa and initial phenolic concentration: 25 mmol kg–1). This shows that tyrosol
degradation by hydrogenation proceeds more slowly than these of a simple phenol
like catechol and that the compounds which are more resistants to degradation are
mainly the acidic-phenolic compounds. The hydrogenation of these acidic compounds
is more difficult and will be addressed in another study.

55.4.2.1
Tyrosol Hydrogenation

Tyrosol (4-hydroxyphenethyl alcohol) was taken as representative of the phenolic com-
pounds present in olive mill wastewater. Indeed it is one of the main phenol identi-
fied in vegetation waters (Capasso et al. 1992) and thus a valuable example of the simple
phenolic compounds which according to Hamdi (1992) are responsible of the OMW

Fig. 55.5. Some of the phenolic compound encountered in olive oil mill waste water

Fig. 55.6.
Reactivity of the different phe-
nols for hydrogenation at 353 K,
1 MPa and 25 mmol kg–1 initial
phenol concentration. Catechol
(Cat), methylcatechol (MCat),
veratric acid (Ver) and vanillic
acid (Van)



610 D. Richard  ·  L. D. Núñez  ·  C. de Bellefon  ·  D. Schweich

Pa
rt

 V
I

toxicity for methanogenic bacteria. Moreover, since it may undergo many reactions
in the presence of hydrogen, namely aromatic ring hydrogenation, aromatic hydroxyl
group hydrogenolysis and aliphatic hydroxyl group hydrogenolysis it is a good model
molecule for the kinetic study.

The reaction products of tyrosol hydrogenation were identified by gas chromatog-
raphy-mass spectroscopy technique. Since it was not commercially available product,
the formation of hydrogenotyrosol was confirmed by 13C and 1H NMR (nuclear mag-
netic resonance). The reaction products identified were: ethylphenol (EPh), ethylcyclo-
hexanol (ECy), phenylethanol (PhE), cyclohexylethanol (CyE), 4-(2-hydroxy-ethyl)-cyclo-
hexanol or hexahydrogenotyrosol (HTyr), ethylbenzene (EB) and ethylcyclohexane (EC).

The general hydrogenation network for tyrosol is showed in Fig. 55.7. The hydro-
genation experiences of EPh, PhE and HTyr carried out under the same conditions
that the hydrogenation of tyrosol exhibited a reaction rate negligible, consequently
the paths EPh ⎯→ ECy, PhE ⎯→ CyE, HTyr ⎯→ CyE and HTyr ⎯→ ECy were rejected.
This fact in addition with the very small concentration levels (less than 2% of reac-
tion products) of EPh, PhE, EB and EC, allowed to describe tyrosol hydrogenation by
a simplified network consisting in the three reaction outlined in Fig. 55.7:

Tyr ⎯→ HTyr (1)

Tyr ⎯→ ECy (2)

Tyr ⎯→ CyE (3)

The kinetic experiments were carried out under the following conditions: Con-
stant hydrogen pressure and temperature (1 MPa and 353 K) and tyrosol initial con-

Fig. 55.7. General reaction scheme and actual reaction path for tyrosol catalytic hydrogenation
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centration amounting to 20, 40 and 65 mmol kg–1. Constant initial tyrosol concentra-
tion and temperature (40 mmol kg–1 and 353 K) with hydrogen pressure of 0.4, 1, 2, 3
and 4 MPa. Constant hydrogen pressure and initial tyrosol concentration (1 MPa,
40 mmol kg–1) at three different temperatures: 313, 333 and 353 K.

Using the same methodology described for 4-chlorophenol, a Langmuir-Hinshel-
wood kinetic formalism was assumed, the kinetic equations relatives to the different
models (rate limiting step, mode of adsorption) were build and the composition of
the reaction media computed vs. time for each experiment. The Reactop computer
program was also used to discriminate between rival models.

The model which gave the smallest residual sum of squares was finally chosen. It
assumes that adsorption of hydrogen is non-dissociative; tyrosol and hydrogen are
not competing for the same sites but hydrogen competes with non-aromatic products
(HTyr, ECy and CyE). For the three reactions, the limiting step is the surface reaction
between adsorbed species. The optimal rate equations and parameters are:

with
lnk10

= 17.5 ±1.6  lnk20
= 26.9 ±1.8 lnk30

= 22.6 ±2.1
    E1 = 43.3 ±4.3      E2 = 77.9 ±5.0     E3 = 67.8 ±6.0
 KTyr = 246.0 ±3.5  KHTyr = 50.0 ±1.0  KECy = 90.0 ±1.5
 KCyE = 1285 ±15    KH2

= 52.7 ±16.7

where ki = ki0 exp(–Ei /R·T); ki0 being expressed in mol kg–1 min–1, Ei in kJ mol–1 and
Ki in kg mol–1.

Figure 55.8 shows the satisfactory agreement between experimental and calculated
curves. Total conversion of tyrosol in 0.042 mol kg–1 aqueous solution was achieved
after 3.3 h at 353 K and 1 MPa with a global rate of 1.42 g h–1 g–

c
1
atalyst. These results

demonstrated that total conversion of tyrosol into nonphenolic compounds by cata-
lytic hydrogenation is possible; the reaction mechanism and rate laws obtained al-
lows for reactor design. This study is being completed by adsorption measurement
in order to achieve the extrapolation of the adsorbent catalytic fixed bed. The cata-
lytic hydrogenation of other phenolic compounds: veratric, caffeic and vanillic acids
is being investigated and their reaction rates will be compared to the one of tyrosol
hydrogenation. Hydrogenation of real OMW samples will have to be undertaken to
valid the process.
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Fig. 55.8.
Agreement between experi-
mental points (� tyrosol, � hy-
drogenotyrosol, � ethylcyclo-
hexanol and � cyclohexyl-
ethanol) and the model esti-
mate (continued lines)

55.5
Conclusion

We have shown that combining adsorption and catalytic hydrogenation leads to an
original and efficient detoxification process which work under mild conditions. It
involves a “dual-purpose” catalyst which take parts in both adsorption and catalytic
processes. Although some other points have to be investigated such as the poisoning
of the catalyst and its deactivation, the regeneration of the adsorbent catalyst or the
cost of the required infrastructure, the depollution of phenol-containing waste wa-
ters by catalytic hydrogenation is a process that should not be discarded and may
compare favorably with the oxidative ones. Catalytic hydrogenation could be used in
combination with biological depollution treatments to overcome their limitations i.e.
when the pollutant concentration is too high or when the treated compounds are toxic
for the microorganisms.
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Treatment of Wastewater
Containing Dimethyl Sulfoxide (DMSO)

P. Baldoni-Andrey  ·  A. Commarieu  ·  S. Plisson-Saune

Abstract

The increasing use of aprotic solvents in the industry leads to the set up of new wastewater treat-
ment technologies adapted to the specificity of these compounds. The case of dimethyl sulfoxide
(DMSO) is particularly interesting due to the specific properties of this component. Depending on
concentration and the presence of other compounds in the effluent, several technologies can be
chosen: concentration with reverse osmosis, biodegradation with specific process to avoid dimethyl
sulfide (DMS) odours, oxidation in dimethyl sulfone (DMSO2) by various oxidants. The choice has to
be made according to economical and technical considerations. In this paper, different options are
detailed with advantages and drawbacks.

Key words: DMSO, wastewater treatment, biodegradation, reverse osmosis, oxidation

56.1
Introduction

Dimethyl sulfoxide (Fig. 56.1) is a polar aprotic solvent which is very stable and has
a low toxicity. This chemical has been produced by ATOFINA in Lacq since 1963. DMSO
is mainly used as a reaction medium for organic synthesis, as a stripper for photore-
sists and as a mild oxidizing agent.

Figure 56.2 summarizes the reactivity of DMSO: Using chemical oxidation, such as
AOPs (Advanced Oxidation Processes), dimethyl sulfoxide will be oxidised in dim-
ethyl sulfone (Davies 1961; Reddy et al. 1992) before further oxidation or even
mineralisation (formation of carbon dioxide).

The biological oxidation of DMSO leads to the formation of biomass, sulfuric acid
and carbon dioxide. But, under reductive conditions, DMSO can be reduced in dim-
ethyl sulfide (DMS) which induces odour nuisances (Sklorz and Binert 1994; Zinder
and Brock 1978). That is particularly what happens if a classical biological treatment
reaches anaerobic conditions. Therefore, DMS formation is the problem we want to
avoid in biological wastewater treatment.

DMSO has a low toxicity with an IC50 on Daphnia of 16.3 g l–1, when compared to toxic
compounds which show an IC50 at the mg l–1 or even below (IC50: inhibitory concentra-
tion 50% – the concentration required for 50% inhibition). DMSO is known to be readily
biodegradable. Even if dimethyl sulfoxide induces no major impact on the natural envi-
ronment, industrial wastewaters containing DMSO must be treated before its release in
the natural medium. The objectives of the treatment are to remove the DMSO (like the
other organic compounds) in the effluent or to recycle this compound because of its value.
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For solutions containing more than 15% of DMSO, distillation is considered as the most
economical process to recycle this compound. For solutions containing less than 15% of
DMSO we have studied biological treatment, reverse osmosis and chemical oxidation be-
cause these technologies are commonly used for industrial wastewater treatment.

56.2
Experimental

56.2.1
Biological Treatment

A pilot-scale activated sludge plant (2-m3 activated sludge tank and 1-m3 settlement tank)
was employed to establish the operating conditions leading to satisfactory performance
in terms of DMSO removal. Parameters such as pH, ORP (oxidation reduction potential)
and temperature are measured continuously and pH values are maintained between 6.5
and 8.0. This pilot-scale reactor can be operated in nitrification/denitrification mode (se-
quenced reactor) and is equipped with a sludge recirculation device.

56.2.2
Reverse Osmosis

Reverse osmosis experiments have been carried out with a pilot-scale plant which is
able to treat up to 250 l h–1, equipped with a 4 inch spiral-wound reverse osmosis el-
ement (DESAL3 from SDI). For those trials, the influent is a 2.2% solution of DMSO
in pure water.

Fig. 56.1.
Structure of dimethyl sulf-
oxide (DMSO)

Fig. 56.2.
Main reactions of transforma-
tion of DMSO
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56.2.3
Oxidation Processes

Several oxidation processes have been experimented on DMSO solutions in pure wa-
ter. Ozonization (O3) was run in a specific column on DMSO and DMS solutions. So-
lutions of DMSO and DMS were treated with sodium hypochlorite (bleach), using a
molar ratio up to 1 (NaOCl/DMSO). Experiments were carried out using hydrogen
peroxide (H2O2) activated by UV radiation (UV: ultraviolet). The photoreactor (vol-
ume 4.5 l) was equipped with a high pressure mercury vapour lamp (150 W) and a
recirculation pump. The influent water solution contains 2 g l–1 DMSO and 1.2 g l–1 NaCl.
For those experiments the molar ratio (H2O2/DMSO) ranged between 0 and 4.

56.3
Results and Discussion

56.3.1
Biological Treatment

DMSO represents 20% of the influent COD concentration (COD: chemical oxygen
demand). The flow which is treated is equal to 40 l d–1 with a concentration of
1.5 g COD l–1. The loading rate is maintained around 0.08 kg COD / kg TVSS / day (Total
Volatil Suspended Solid).

In those operating conditions, DMSO is totally oxidised by the process (100% re-
moval). However, these results bring two comments. First of all, we observed an acidi-
fication of the activated sludge tank; consequently, a pH control is necessary. Sec-
ondly, each time we had trouble with oxygen supply, we detected dimethyl sulfide
(DMS) which induces odour nuisances. That means that DMSO was used as an elec-
tron acceptor (Zinder and Brock 1978).

The aim of the following experiments was to use nitrate as an electron acceptor
in order to replace the DMSO in anoxic conditions. The DMS odour nuisance thresh-

Fig. 56.3. DMS concentration (g) as a function of NO3
– concentration (l)
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old is very low (2.5 µg l–1). Using the equation of HENRY, we determined the vapour/
liquid equilibrium of DMS in water at 20 °C and 1 atm. Then, we expressed the DMS
concentration in the effluent as gas phase concentrations. Figure 56.3, representing
DMS concentration as a function of the nitrate concentration, shows a large decrease
of DMS formation as the nitrate concentration increases.

Figure 56.4 is an enlargement of Fig. 56.3 to focus on the odour nuisance thres-
hold (2.5 µg l–1). Experimental plots demonstrate that for nitrate concentration higher
than 3 mg l–1 the DMS concentration is under the odour nuisance threshold. It has
to be noted that 3 mg l–1 of nitrate represents a low concentration of nitrogen, only
750 µg l–1.

As a conclusion, a technical solution in the presence of DMSO, to avoid the forma-
tion of DMS in case of oxygenation troubles is to maintain a concentration of nitrate
around 5 mg l–1. This concentration is completely compatible with the European En-
vironmental regulations.

Cost estimation: For such an effluent and a flow equal to 2 m3/d, the estimated
operational cost is equal to 2 C=  per day and the capital cost is around 3 000 C= .

56.3.2
Reverse Osmosis

The objective of this treatment is the containment of DMSO for recycling or concen-
tration before distillation. The reverse osmosis (Fig. 56.5) treatment of a DMSO solu-
tion with an entering flow of 6 m3 d–1 enables a concentration of the DMSO from 2.2%
to 13.3%. No higher retentate concentrations were observed in our conditions. From
this retentate concentration, it will be necessary to use distillation to recycle DMSO.
The rejection rate is equal to 80% with a Volumetric Concentration Factor of 7.3. The
permeate flow still contains 0.4% of DMSO.

Cost estimation: The operated cost is around 30 C=  per day, due to the cartridge
replacement once a year and especially due to the energy consumption (90%). The
capital cost is around 30 000 C= .

Fig. 56.4. DMS concentration (g) as a function of NO3
– concentration (l)
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Table 56.1. Economical aspects of different technical processes for DMSO removal from waste water

Fig. 56.5.
Reverse osmosis experiments

56.3.3
Oxidation Processes

The objective of those treatments is the oxidation of dimethyl sulfoxide (DMSO) into
dimethyl sulfone (DMSO2), and maybe further into carbon dioxide and sulfate (minera-
lisation). Once DMSO2 is generated, the formation of DMS becomes very difficult.
Ozonization of DMSO solutions does not lead to the formation of dimethyl sulfone
even if DMS is totally oxidised in DMSO by this process. The use of bleach leads to
the formation of biocides (organonochlorinated species). The direct UV photolysis
of hydrogen peroxide provides good results. With a DMSO solution of 0.1% and a
flow of 2 m3 d–1, a conversion rate of 100% was obtained.

Cost estimation: the operational cost of this process is equal to 70 C=  per day in-
cluding power, UV lamps and reagent (hydrogen peroxide). A rough estimation of the
price of such a photoreactor is around 30 000 C= .

56.4
Conclusion

Table 56.1 presents the treatment costs for each process, with the treated flow and
the concentration of DMSO. Biological treatment is the most efficient and cheapest
process for the treatment of solutions containing DMSO (small concentrations).
However, the formation of DMS is possible in reducing conditions due to oxygen-
ation troubles. Different technical solutions can be implemented to avoid the forma-
tion of DMS:

■ to prevent anaerobic conditions
■ to maintain concentration of nitrate above 3 mg l–1

For solutions containing high concentrations of DMSO (1%–5%), reverse osmosis
is efficient for DMSO containment. Then, the retentate may be distillated in order to
recycle this chemical.
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Productive Use of Agricultural Residues:
Cements Obtained from Rice Hull Ash

L. B. de Paiva  ·  F. A. Rodrigues

Abstract

This work discusses the use of rice hull ash as raw material to prepare cements, similar to Portland
cement. Rice hull is an agricultural by-product containing about 20% of silica. Usually, this material
is burned at the rice fields generating small silica particles, which may cause respiratory and envi-
ronmental damage. We describe here the use of rice hull ash as a raw material to prepare β -Ca2SiO4,
which is a component of commercial Portland cement. Heating rice hull at 600 °C gave silica with
a surface area of 21 m2 g–1. Rice hull ash was mixed with CaO and BaCl2 · 2H2O in several propor-
tions, added stoichiometricaly in order to keep a ratio (Ca + Ba) / Si = 2 or 1.95. The solids were mixed
with water 1/20 (w/w) and sonicated for 60 min. The suspensions were dried, grounded and heated.
Cements with structure similar to that of β -Ca2SiO4 were obtained at temperatures as low as 700 °C.

Key words: biomass, remediation, rice hull, cement

57.1
Introduction

There is a continuous interest in the use of biomass in productive processes with special
emphasis on energy generation. Although there is still many different and sometimes
controversial opinions about the issue, it seems clear that at some point in the future,
the depletion of petroleum and natural gas will demand the use of alternative energy
sources. As alternative energy we refer only to those renewable sources with potential
for large-scale use, although at this moment, not fully exploited.

On the other hand, it is unquestionable that energy requirements will be higher in
the forthcoming years due to continuous growing of world population and the need
for achieving better living standards, especially in underdeveloped countries. Indeed
it is well known that energy per capita consume is directly related to the quality of
living standards. Rich and more industrialized countries consume much more energy
than their counterparts, in the so-called “third world”. In fact, although the United
States account for only 5% of world population, they are responsible for about 25% of
total energy consumption. Also, it is worthwhile to mention that in industrialized
regions, the use of fossil fuels is much higher than all the other sources. The differ-
ence becomes much clearer if we compare the sources of energy among different
regions, as presented in Table 57.1 (Klass 1995). Of course, in Africa the term biomass
is predominantly related to the burning of wood while in North America and Europe
much of fossil fuel is used in automotive vehicles.
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There are many arguments in favor of reducing the use of fossil fuels. From the
environmental viewpoint, concerns about greenhouse effect and air quality are very
often cited. Once again emissions of carbon dioxide are quite different among re-
gions. While North America is responsible for about 30% of total CO2 emissions, Africa
contributes with only 3.5% (Klass 1995).

A recent paper (Cooney 1999) discusses the issues of clean and renewable energy
taking in account economic considerations. It is clear that energy from biomass, solar,
wind and geothermal sources still needs technological improvements in order to be-
come economically viable.

This work presents specifically the utilization of rice hull, although it may be easily
extended to some other biomass and/or agricultural residues. Rice hull is an abundant
material, produced in many countries around the world and it contains approximately
20–30% of silica in its composition. In most underdeveloped countries, rice hull is usually
discarded and burned at the fields. This common practice can lead to serious environ-
mental damage, since silica particles remain suspended in the air, thus being a potential
cause for respiratory diseases and soil impoverishment. In Brazil, for example, about
12 × 106 t of rice hulls are generated yearly. This amount is much higher in many southwest
Asian countries. It seems a reasonable assumption that this agricultural waste presents a
very high potential to be used in large scale. Probably the most successful use of rice hull
is in thermoelectric plants. In fact there are some experiences already in progress. The
main limitations are still the high costs and the presence of solid residues, the rice hull
ash. Our work involves the recycling of silica derived from the burning of rice hull. The
ideal scenario is the complete integration of rice hull ash into productive processes such
as agricultural practices, e.g. production of rice; energetic process such as the use of rice
hull to generate electric power and environmental process such as the use of rice hull ash
for the production of Portland cement. Other possible applications of rice hull ash are
described in literature (Proctor and Palaniappan 1990; Singh et al. 1993). Following, a
short review of cement Chemistry is presented in order to clarify the goals of this work.

57.1.1
The Chemistry of Portland Cements

Portland cement is one of the most consumed materials; world per capita consume is esti-
mated to be about 200 kg person–1 yr–1 or the equivalent to 1 t of concrete person–1 yr–1

Table 57.1. Contribution of main sources of energy in different areas around the world (1990)
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(Mehta 1985). The traditional method used for the production of cement is based on
solid-state reactions, carried out at temperatures around 1 450 °C (Young and Mindess
1981). Portland cement is a complex material, composed basically by calcium silicates,
calcium aluminates and calcium aluminoferrites, among others. The calcium silicates,
Ca3SiO5 and β-Ca2SiO4, determine most of the adhesive properties of concrete as well
as its strength and durability (Taylor 1990). These silicates account for nearly 75% of
ordinary cement. Both silicates show about the same characteristics after complete
hydration, such as physical and mechanical properties, although Ca3SiO5 hydrates
much faster (Lea 1970).

Cements composed exclusively by β-Ca2SiO4 present great economic and environ-
mental interest because they can be prepared at lower temperatures and consume
less CaO. In conventional cement manufacture, CaCO3 is the main source of CaO and
during the burning of raw materials great amounts of CO2 are released (Chatterjee
1996a,b). It is worth to mention that cement industry generates about 6% of total CO2
emissions. Similarly, a decrease in the temperature needed to obtain the cement is
very important since it will reduce the energy and fuels consumption. Many attempts
have been made in order to synthesize β-Ca2SiO4 cement (Rodrigues and Monteiro
1999; Ishida et al. 1992; Jiang and Roy 1992). Those works have used hydrothermal
treatment as synthetic method, since silica shows higher solubility under these con-
ditions (Iler 1979).

Finally, Ca2SiO4 has five crystalline phases, and in general, the β-phase is the pre-
dominant one, although other phases are usually present. Also, between them, the
β-phase shows the better hydraulic activity. Many studies have shown that addition of
Ba in the crystalline structure acts as phase stabilizer for the β-Ca2SiO4. It was estab-
lished that the partial replacement of Ca by Ba atoms was necessary in order to stabi-
lize the formation of β-Ca2SiO4.

57.2
Experimental

Rice hull ash was obtained by heating the rice hull at 600 °C, in an open furnace to
avoid the formation of CSi. The resulting material is a white-gray powder with sur-
face area of 21 m2 g–1 (BET method) and identified as cristobalite.

CaO (Mallinckrodt, analytical grade reagent) was heated to 1 000 °C prior the
use. In some preparations, CaO was obtained by thermal decomposition of CaCO3,
at 900 °C. BaCl2 · 2H2O (Synth), analytical grade reagent was used without further
purification. Two types of cements are presented here: the first cement type is similar
to the conventional cement and has a (Ca + Ba) / Si ratio of 2.0. The second cement
type has a (Ca + Ba) / Si ratio of 1.95. Table 57.2 and 57.3 list the nominal chemical
composition for each cement type. It is appropriate to observe that in the final
composition, Ba concentration varies from 0 to 10% (in relation to total number of
alkaline metals).

After the mixture, water was added to the solids to make a suspension that was
sonicated for 60 min in an ultrasonic cleaner (Thornton GA, 25 kHz), at room tem-
perature. The ratio water/solids in the suspension was kept at approximately 20:1. After
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this treatment, an intermediate silicate was obtained, with a Ca/Si ratio of about 1.6,
along with the corresponding hydroxides. The suspension was dried and grounded.
The solid mixtures were heated from 400 to 1 100 °C. The process was followed by
Fourier transform infrared spectroscopy (FTIR, Perkin-Elmer 16 PC). Spectra were
recorded using 32 accumulations. Samples were pressed in KBr discs and the spectra
were obtained in the range of 400–4 000 cm–1. The crystalline structure of each sili-
cate was studied by X-ray diffraction (Shimadzu). The analysis were performed using
the powder method (CuKα-radiation, 40 kV, 40 mA), in the 2θ  range from 5 to 50°.

57.3
Results and Discussion

57.3.1
Thermal Decomposition of Rice Hull

The first step in the synthesis is the separation between silica and the organic mate-
rial present in the rice hull. It can be done in several ways. However since we are
interested in the utilization of silica derived from thermoelectric plants, we have
prepared this material by thermal degradation of rice hull. Samples were heated up
to 800 °C then cooled at room temperature. The process was followed by FTIR spec-
troscopy (Fourier transform infrared). Results are shown in Fig. 57.1.

For convenience, only two spectra are presented here. After heating rice hull at 200 °C
we still observe the presence of organic material in the region around 1 640 cm–1 that
may be assigned to C-O-C bending absorption band, present in crude fibers and cel-
lulose. It may be noted that even after heating at 600 °C, an organic fraction still re-
mains in the sample. However, further experimental development shows that it does
not affect the overall synthesis, since this organic fraction is very small.

A relevant point to be added is that silica obtained from rice hull is a mixture
between amorphous and cristobalite phase, although the most stable phase at this
temperature range is quartz. Other authors corroborated these findings (Proctor 1990).
Silica has three major peaks as can be observed in the spectrum after heating rice hull
at 600 °C: at 1 100 and 800 cm–1 relative to stretching modes of Si-O and the peak
located at 480 cm–1 associated to Si-O bending mode.

Table 57.3.
Nominal chemical composition
of cements prepared with ratio
Ca/ Si or (Ca + Ba)/ Si = 1.95

Table 57.2.
Nominal chemical composition
of cements prepared with ratio
Ca/ Si or (Ca + Ba)/ Si = 2.0
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57.3.2
Preparation of the Intermediate Silicates

After mixing the solids in the proportions mentioned in Table 57.1 and 57.2, water was
added and the suspensions were sonicated for one hour. After this procedure, in all
cases, an intermediate silicate, with a (Ca + Ba)/Si ratio of about 1.6 was obtained,
whose heating may lead to the cements. Some FTIR spectra are presented for the
cement type with (Ca + Ba)/Si ratio of 2.0 in Fig. 57.2. Very similar results were ob-
tained for cement type with (Ca + Ba)/Si ratio of 1.95. The % Ba displayed is equiva-
lent to the chemical compositions presented in Table 57.1.

It is well known that silica solubility is strongly dependent on the pH. The mecha-
nism of dissolution is very complex and many factors influence it, such as ionic strength
and the nature of salts present, among others (Iler 1979). In this particular case, from
the chemical viewpoint, no relevant difference is observed among the intermediate sili-
cate, in respect to the barium chloride concentration. On the other hand, literature indi-
cates that Ba+2 ions and silica (quartz) interact in a specific way (Rodrigues et al. 2001).

Apparently in the case presented here, this preferential pH-controlled adsorption
does not interfere with the overall process. In fact, microscopic evaluation of interme-
diate silicate shows that particles are about one hundred times smaller than the start-
ing silica particles. Probably, the utilization of ultrasonic cleaner improves the disso-
lution-precipitation process. Finally the strong band located at 1 450 cm–1 is due to
Ca-O stretching mode caused by the presence of calcium oxide.

Fig. 57.1.
FTIR spectra of rice hull after
heating at 200 and 600 °C

Fig. 57.2.
FTIR spectra for the interme-
diate silicates with increasing
amounts of barium replace-
ment, for the cement type with
ratio (Ca + Ba) / Si = 2.0



626 L. B. de Paiva  ·  F. A. Rodrigues

Pa
rt

 V
I

57.3.3
The Temperature Effect on the Synthesis of Cement

The intermediate silicates were heated from 500 to 1 100 °C. Once again, FTIR spec-
troscopy has been used to monitor the progress of the synthesis as temperature is
raised. The heating effect on the sample (Ca1.92 + Ba0.08)SiO4 is presented in Fig. 57.3.
The observed results are very similar for most of the remaining samples.

Two relevant points are observed in the spectra as temperature is raised: the dis-
appearance of the band located at 1 450 cm–1 and the better definition of three peaks
at 520, 900 and 1 000 cm–1. As pointed out in the preceding section, calcium hydroxide
is present in the mixture of solids, along with the intermediate silicate. As tempera-
ture is raised CaO enters into the structure of the calcium silicate. That is visualized
by the disappearance of the peak at 1 450 cm–1 (Ca-O stretching) after heating at 700 °C.

Simultaneously, we observe the formation of the peaks attributed to calcium sili-
cates: at 900 and 1 000 cm–1 (Si-O asymmetric stretching) and 520 cm–1 (Si-O out of
plane bending vibration) which are in reasonable agreement with literature (Mollah
1998; Mollah 2000; Eitel 1964). Considering the intermediate silicate has an initial
ratio Ca/Si ≈ 1.6, it may be assumed that CaO enters into the structure of the silicate,
as a result of heating, rendering, in many cases, the desired calcium silicate with a
(Ca + Ba)/Si ratio of 2 or 1.95. The synthesis is complete at 700 °C. Higher tempera-
tures cause no relevant effect.

57.3.4
The Crystalline Structure

In order to confirm the formation of Ca2SiO4 it is important to know the crystalline
structure of the synthesized silicate and the samples were analyzed by X-ray diffrac-
tion. Figure 57.4 shows selected results from silicates having a (Ca + Ba)/Si ratio of 1.95.

Ca2SiO4 has 5 different possible crystalline structures, some of which are undesir-
able in cement industry (Nettleship et al. 1993; Fukuda et al. 1994). The X-ray diffrac-
tion patterns obtained for the samples containing 2 and 4% of Ba correspond to that
of β-Ca2SiO4 (according to JCPDS file 9-351, I-33-B3). The nominal chemical composi-
tion of these materials are respectively β-(Ca1.91 + Ba0.04)SiO4 and β-(Ca1.87 + Ba0.08)SiO4.
Cements having a (Ca + Ba)/Si ratio of 2.0 were also synthesized in the same way as
described for samples presented here.

On the other hand, samples without the addition of barium chloride give a mixture
of products, probably β-Ca2SiO4 and a different calcium silicate. These results show
the importance of adding phase stabilizers during the synthesis (Fukuda et al. 1992;
Xin et al. 2000).

57.4
Conclusions

This work describes the synthesis of two kinds of cements obtained from rice hull
ash. Their chemical properties and structure are very close to β -Ca2SiO4 that is
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Fig. 57.3.
Effect of heating on the in-
termediate silicate. Spectra
obtained for the sample
(Ca1.92 + Ba0.08)SiO4

Fig. 57.4.
X-ray diffraction for samples
with (Ca + Ba) / Si ratio of 1.95
after heating at 700 °C

present in commercial portland cement. It was verified that small amounts of barium
were introduced during the synthesis in order to obtain the desired crystalline struc-
ture. The method presented here allows the synthesis of β-Ca2SiO4 at temperatures
as low as 700 °C, while in commercial production temperatures around 1 450 °C
are needed.

The utilization of rice hull to produce cement could avoid the burning and wast-
ing of this renewable material. It could also avoid the release of silica particles
into the atmosphere whose consequences are the soil impoverishment, health prob-
lems and environmental damage. Finally the integration of productive processes
is proposed: rice production, energy generation and cement manufacture. This is a
complete cycle with no waste and directed towards the concept of sustainable devel-
opment.
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Environmental Metal Cation Stress
and Oxidative Burst in Plants. A Review

N. Kawano  ·  T. Kawano  ·  F. Lapeyrie

Abstract

Many reports suggest the involvement of reactive oxygen species (ROS) in salt stress in plants. To
date, it has not been well documented how rapidly plant cells respond to the salt stress by produc-
ing reactive oxygen species. Under salt stress, plants are exposed to both the hyperosmotic shock
and cation shock. Recently we have shown that treatment with metal cations such as Li+, Na+, K+,
Ca2+, Mg2+, La3+, Gd3+ and Al3+ induces burst of •O2

– production in tobacco cells; whereas hyperosmotic
treatments do not induce •O2

– production. Therefore, the salt-induced damages to plant cells medi-
ated by reactive oxygen species may be due to cation shock. This chapter reviews the recent achieve-
ments in our understanding of plant response to salt stress. Lastly, we discuss the use of transition
metal ions in mitigation of salt-induced reactive oxygen species.

Key words: aluminum, lanthanide, manganese, metal cation, Nicotiana tabacum, reactive oxygen
species, salt stress, tobacco, zinc

58.1
Introduction

Recently, we have studied extracellular and intracellular oxidative burst associated with
the production of reactive oxygen species (ROS) such as superoxide anion (•O2

–), hy-
drogen peroxide (H2O2) and hydroxy radicals (HO•) in plants. Such oxidative bursts
are known to be induced by various biotic chemical stimuli such as indole-3-acetic
acid (Kawano et al. 2001a), salicylates (Kawano et al. 1998; Kawano and Muto 2000),
aromatic monoamines (Kawano et al. 2000a,b) and fungal chito- and N-acetylchito-
oligosaccharides (Kawano et al. 2000c). We have proposed that the generation of re-
active oxygen species is a rapid biochemical signal transduction event in plants. Cur-
rently, numerous studies on oxidative burst in plants has been focussed on plant-
microbe interactions (Yoshioka et al. 2001). A dual function of reactive oxygen spe-
cies, in which they behave as a signaling molecule at low level, and as a factor dam-
aging the cells at high level, was first described in pathogenesis (Doke et al. 1996; Ryals
et al. 1995; Chen et al. 1993).

In addition to plant responses to biotic stimuli, responses of plant cells to various
abiotic environmental stresses including physical stresses such as exposure to strong
light, and inorganic chemical stresses such as salt stress, also lead to oxidative bursts
in plants. Although adaptation to such abiotic environmental stresses is crucial for
plant growth and survival, the biochemical mechanisms of adaptation are still poorly
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understood and the signaling pathways involved remain elusive (Dat et al. 2000).
Recently, reactive oxygen species have been proposed as a central component of plant
adaptation to both biotic and abiotic stresses. There have been numerous reports
indicating the production and involvement of reactive oxygen species in salt- and
cation-induced injuries and growth inhibition in various plants.

According to Hernandez et al. (1993, 1995), the subcellular toxicity of salt stress
added as NaCl in pea plants, at the level of the organelles such as mitochondria and
chloroplasts, is linked to an oxidative stress mediated by production of •O2

–. In salt-
tolerant plants, enzyme activities involved in detoxification of reactive oxygen species,
such as superoxide dismutase, catalase, glutathione reductase, and monodehydroas-
corbate reductase, are potentially high and easily inducible by treatments with salts,
compared to salt-sensitive plants (Hernandez et al. 1993; Shalata and Tal 1998). In many
plant systems, treatment with low concentrations of NaCl results in increases in reac-
tive oxygen species-scavenging enzyme activities, whereas lethal and sub-lethal con-
centrations of NaCl induces loss or a marked decrease in such enzyme activities (Gueta-
Dahan et al. 1997, Lechno et al. 1997; Comba et al. 1998).

Tsugane et al. (1999) have analysed the pst1 Arabidopsis mutant which grows un-
der intensive light in the presence of high concentrations of NaCl. It was shown
that the salt tolerance was conferred in pst1 plants by the loss of a genetic factor that
blocks the light-dependent induction of superoxide dismutase and ascorbate per-
oxidase. Thus salt tolerance in pst1 plants is due to the increased activities of super-
oxide dismutase and ascorbate peroxidase. According to Tanaka et al. (1999) over-
expression of superoxide dismutase in rice confers salt tolerance to seedlings, further
confirming that •O2

– and derived reactive oxygen species are involved in salt-induced
damages.

On the other hand, a positive role of the members of reactive oxygen species as key
factors involved in plant adaptation to salt stress was also reported. Since salt damage
to plants has been attributed not only to the accumulation of toxic ions but also to
several other factors, mainly osmotic stress (Gueta-Dahan et al. 1997), adaptation to
osmotic stress is also necessary for survival in the salt-stressed plants. Treatment of
Nicotiana plumbaginifolia plants with CuSO4, a compound used as a Fenton-type
reagent which produces HO•, prior to addition of NaCl leads to accumulation of an
osmolyte proline, indicating that sublethal reactive oxygen species (in this case HO•)
mediates the induction of osmolyte production in plants, thus improving tolerance to
osmotic stress (Savoure et al. 1999).

In support of many reports indicating the involvement of •O2
– and derived reactive

oxygen species in salt stress, we have shown the first direct evidence for cellular pro-
duction of •O2

– induced by treatments with various salts (Kawano et al. 2001b, 2002).
In a series of experiments, we used an •O2

–-specific chemiluminescence method to
obtain direct evidence that treatments with various salts of alkali metals, alkali earth
metals and lanthanides stimulate the immediate production of •O2

– in tobacco cell
suspension culture. In the following sections, we would like to describe the background
of experiments in details and propose a mechanism for induction of reactive oxygen
species. Furthermore, novel approaches to prevent the salt-induced reactive oxygen
species production are also reported.
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58.2
Roles and Sources of Reactive Oxygen Species

Members of reactive oxygen species including •O2
–, H2O2 and HO• are known to be

highly reactive causing oxidative damages to proteins, membrane lipids, and other
cellular components (Asada 1994). On the other hand, plants are known to use oxy-
gen species as defense-mediating agents. First, the oxygen species may directly par-
ticipate in the mechanical strengthening of cell walls (Ogawa et al. 1997). Second, a
protective mechanism that can limit the spread of pathogens depends on the produc-
tion of oxygen species to initiate the localized cell death and a hypersensitive response
to pathogen infection (Doke et al. 1996).

In plant cells, production of •O2
– is an unavoidable process that is catalyzed by a

one-electron reduction of O2 (Asada 1994). Production of •O2
– and its derivatives can

be induced when plants are exposed to various biotic and abiotic stresses. In some
occasions during plant defense induction against pathogens, plant peroxidases pro-
duce •O2

– (Kiba et al. 1996; Kawano and Muto 2000; Kawano et al. 1998; 2000a,b; Vera-
Estrella et al. 1992). However, in most other cases, induced production of •O2

– is cata-
lyzed by NAD(P)H-oxidizing enzyme systems localised in different cell compartments
such as plasma membranes (Pinton et al. 1994; Doke et al. 1996; Murphy and Auh 1996)
and peroxisomes (Del Rio et al. 1998; Lopez-Huertas et al. 1999).

In our recent studies, we have shown that the production of •O2
– is induced in cul-

tured tobacco cells, by cation-shocks (but not by the hyperosmotic shock) applied
to cells by addition of various salts of alkali metals, alkali earth metals, lanthanides
and aluminum (Kawano et al. 2001b). We also showed that the cation-induced pro-
duction of •O2

– could be inhibited in the presence of diphenyleneiodonium chloride,
an NADPH oxidase inhibitor, indicating that NADPH oxidase is involved. Those re-
sults consistently support the view that certain metal ions with multiple valence effec-
tively activate the •O2

–-generating activity of NADPH oxidase in tobacco cell suspen-
sion culture.

58.3
Plant Enzymes Involved in Production of Reactive Oxygen Species

Reactive oxygen species such as H2O2 are constitutively generated at low but signifi-
cant levels in plant cells due to electron transport in chloroplasts and mitochondria,
and enzymes involved in reduction/oxidation processes (Mehdy 1994; Wojtaszek 1997).
The production of oxygen species during oxidative burst is dominantly associated
with the extracellular compartment (extracellular matrix) and is regulated by devel-
opmental factors such as plant hormones, light, wounding and pathogen invasion
(Wojtaszek 1997). Oxidative burst is generally defined as a rapid production of high
levels of reactive oxygen species in response to external stimuli (Bolwell 1995; Mehdy
1994; Wojtaszek 1997). The first step in the pathogen-induced oxidative burst is be-
lieved to be the formation of •O2

– by one-electron reduction of molecular oxygen
(Mehdy 1994). The rapid production of reactive oxygen species, especially •O2

– in plants
was reported for the first time by Doke (1983a).
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Plants react to microbial infection with a broad range of defense responses in an
attempt to restrict or prevent pathogen growth (Bolwell and Wojtaszek 1997). The
plant defense strategies include cell wall strengthening, production of microbicidal
components and hydrolytic enzymes, and the induction of restricted cell death (Dixon
and Lamb 1990; Dixon et al. 1994). These mechanisms are induced after specific rec-
ognition of the invading pathogens. Binding of elicitors to the plasma membrane-
located receptor proteins occurs when the elicitor components are excised and re-
leased from pathogen bodies (Nürnberger et al. 1994). It has been clearly shown that
once plant cells respond to the pathogen invasion, then rapid and transient produc-
tion of reactive oxygen species occurs either in compatible and incompatible interac-
tions (Baker and Orlandi 1995). A few hours after the initial transient response, sus-
tained oxidative burst occurs in the incompatible interaction of plants and pathogens
(Doke 1996). Reactive oxygen species generated during oxidative burst may act through
microbial degradation, lignin formation and cell wall cross-linking (Bradley et al. 1992;
Brisson et al. 1994; Ogawa et al. 1997; Wojtaszek et al. 1995). They may also function as
intracellular signals, triggering two types of defense conditions known as hypersen-
sitive reaction (Tenhaken et al. 1995) and systemic acquired resistance (Chen et al.
1993; Ryals et al. 1995).

To date, four groups of enzymes are considered to be involved in oxidative burst
during the plant defense mechanism, namely NADPH oxidase, pH-dependent cell wall
peroxidase, germin-like oxalate oxidase and amine oxidases. According to Bolwell (1995)
and Bolwell and Wojtaszek (1997) NADPH oxidase and the pH-dependent cell wall bound
peroxidase are considered to be the main sources of reactive oxygen species in plants.

58.4
NADPH Oxidase

The plant NADPH oxidase system is analogous to that of mammalian phagocytic cells
catalyzing the following reaction (Eq. 58.1):

NADPH + 2O2 ⎯→ NADP+ + 2•O2
– + H+ (58.1)

The first observation that NADPH-dependent •O2
– generation occurs in plant sys-

tem was reported by Doke (1983a,b). Using the nitroblue tetrazolium-reduction assay,
NADPH-dependent •O2

– generation by potato tuber protoplasts treated with a fungal
elicitor prepared from Phytophthora infestans hyphal wall component was detected.
In TMV-infected tobacco leaves (Doke and Ohashi 1988) and in elicitor-treated to-
mato cotyledons (May et al. 1996), •O2

– generation around necrotic lesion was visualised
using nitroblue tetrazolium. Using this nitroblue tetrazolium technique, it became
clear that generation and accumulation of •O2

– are required before the onset of cell
death initiating the lesion formation and subsequent •O2

– generation for limitless spread
of cell death in Arabidopsis lsd1 mutant (Jabs et al. 1996). This process is similar to the
involvement of •O2

– in programmed cell death in animal systems (Jacobson 1996).
The •O2

– generating activity measured with nitroblue tetrazolium staining was shown
to be localized in the plasma membrane rich fraction prepared from potato tuber
tissue treated with hyphal wall component (Doke and Miura 1995). Plasma membrane
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NADPH-•O2
– synthase of French bean (Phaseolus vulgaris L.) can be solubilized and

separated from other NAD(P)H oxidoredactases through ion-exchange chromatog-
raphy to a single peak (Gestelen et al. 1997).

Recent molecular biological studies revealed that Arabidopsis thaliana contains at
least six homologs of the neutrophil NADPH oxidase gp91phox subunit, which are
mapped to different positions (Torres et al. 1998). A full-length homolog of the gp91phox

was also cloned from tomato (Amicucci et al. 1999). The N-terminal regions of the
predicted proteins contain two EF hands Ca2+ binding motifs, indicating that direct
regulation of the NADPH oxidase activity by Ca2+ may take place in plant cells (Keller
et al. 1998; Torres et al. 1998; Amicucci et al. 1999). In Arabidopsis cell suspension culture,
expression of the gp91phox subunit is up-regulated by elicitation with harpin, a pro-
teinaceous elicitor, or exposure to H2O2 (Desikan et al. 1998). Therefore the expres-
sion and activation of the plant NADPH oxidases are strikingly regulated by signal
transduction pathway initiated by biotic chemicals.

58.5
Activation of NADPH Oxidase

Since the induction of •O2
– production by treatments of tobacco cells with trivalent

and divalent cations can be inhibited in the presence of an NADPH oxidase inhibitors
(Kawano et al. 2001b, 2002), NADPH oxidase may be involved in the cation-induced
•O2

– production. It is likely that NADPH oxidase can be activated in the presence of
metal cations. A similar phenomenon has been reported for NADPH oxidase from
human neutrophils. Binding of divalent cations such as Ca2+ or Mg2+ to the mem-
brane bound human neutrophil NADPH oxidase results in spontaneous activation of
the •O2

– producing activity (Suzuki et al. 1985; Cross et al. 1999). Furthermore, com-
pared to divalent cations, monovalent cations have lesser effects on enhancement of
•O2

– producing activity of NADPH oxidase from human neutrophils (Suzuki et al. 1985).
There is a possibility that cation treatment of tobacco cells directly activates the •O2

–

producing activity of NADPH oxidase by a similar manner to that proposed for hu-
man neutrophil enzyme. Thus signal transduction pathway may not participate in
the mechanism for cation-dependent activation of •O2

– production.

58.6
Targets and Action of Trivalent Cations

Recently Komiyama and his colleagues have shown that lanthanide ions possess vari-
ous catalytic activities. For example, La3+, Pr3+ and other lanthanides catalyze the
formation of cAMP from ATP under physiological conditions (Yajima et al. 1994).
Furthermore, in cooperation with other metals, lanthanide ions efficiently and non-
enzymatically hydrolyze the phosphoester linkages in nucleic acids (Irisawa and
Komiyama 1995), thus leading to degradation of DNA (Komiyama 1995) and RNA
(Yashiro et al. 1996; Matsumura and Komiyama 1997).

However, the phenomenon observed in our system using tobacco cells may not be
attributed to the above mechanisms since extracellularly added lanthanide ions hardly
penetrate across the plasma membrane (Remedios 1977; van Steveninck et al. 1976);
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thus the lanthanide ions may stay and act extracellularly. In addition, the induction
of •O2

– by La3+ and Gd3+ that we observed was very rapid, and thus likely independent
of gene expression events. Therefore, the involvement of lanthanide action on nucleic
acids can be excluded in our experimental conditions.

It has been evidenced that lanthanides bind with high affinity to both plasma mem-
brane and intracellular vesicle (van Steveninck et al. 1976), and it has been speculated
that lanthanum regulates ABA-inducible gene expression by acting on ion channels
(Lewis and Spalding 1998; Rock and Quatrano 1996). Actually, lanthanides inhibit Ca2+

channels in plants (Knight et al. 1997) and animals (Okamoto et al. 1998). Thus we have
been employing La3+ and Gd3+ extensively as plasma membrane Ca2+ channel antago-
nists (Kawano et al. 1998, 2000a; Kawano and Muto 2000), though non specific inhibition
of ion channels by treatment of Arabidopsis cells with lanthanum has been reported (Lewis
and Spalding 1998). The action of lanthanide ions and other cations on •O2

– induction
may not be due to blockage of Ca2+ channels since even addition of Ca2+ itself, and
other cations with no inhibitory effect on Ca2+ channels, showed •O2

– inducing activity.

58.7
Action of Aluminum Ions

In addition to lanthanides, we have tested the effect of Al ions known to be toxic to
plant roots. AlCl3, optimally at 6.25 mM, induced a burst in production of •O2

– simi-
larly to that of the lanthanides and the level of •O2

– production was greater than that
induced by LaCl3 (Kawano et al. 2003), further supporting our view that trivalent cat-
ions are very active in induction of •O2

– production.

58.8
Profiles of Zn2+ and Mn2+ Actions

Zinc is usually present in plants at high concentrations (Santa Maria and Cogliatti
1988). Zinc deficiency is one of the most widespread micronutrient deficiency in plants,
causing severe reductions in crop production (Cakmak 2000). Increasing studies
indicate that oxidative damage to cellular components caused in plants by reactive
oxygen species is resulting from deficiency of zinc (Pinton et al. 1994; Cakmak 2000).
We have tested the effect of extracellular supplementation of Zn2+ on cation-induced
oxidative burst in tobacco cells. For comparison, we have also tested the activity of
Mn2+, another micronutrient reported to protect biological components and living
cells from oxidative damages (Varani et al. 1991; Ledig et al. 1991).

Plants require trace metals including Mn and Zn for essential functions ranging from
respiration to photosynthesis. Molecular biological studies on the mechanism for uptake
of these metals by plants have recently been initiated (Delhaize 1996; Rogers et al. 2000).
We have shown that extracellular supplementation of Zn2+ and Mn2+ inhibits the genera-
tion of •O2

– induced by addition of salts of non-transition metals. Although both Zn2+ and
Mn2+ inhibited the salt-induced •O2

– generation, the modes of inhibition by those ions
may be different since Mn2+ simply inhibited total •O2

– production while Zn2+ inhibited
the immediate two phases of •O2

– production (phases 1 and 2) and allowed the delayed
production of •O2

– to occur (phase 3) spending several minutes (Kawano et al. 2002).
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58.9
Role of Mn2+

The inhibitory role of Mn2+ might be related to the removal of •O2
– by oxidation of

Mn2+ to Mn3+ by •O2
–. There are some reports indicating the mechanism involved in

removal of •O2
– by Mn2+. Mn2+ is readily oxidized by •O2

– to Mn3+ (Coassin et al. 1992),
and by similar mechanism some Mn-complexes detoxify •O2

– (Archibald and Fridovich
1982). Other inorganic biochemists also reported some evidence supporting the func-
tion of Mn2+ as an efficient scavenger of •O2

– (Fong et al. 1976; Jeffry 1983; Giuffrida
et al. 1996). Thus Mn2+ is known to prevent free radical damage to living cells (Varani
et al. 1991; Ligumsky et al. 1995; Ledig et al. 1991). In addition, Mn2+ is often employed
as an •O2

– scavenger for preventing the biochemical reactions involving •O2
– (Momohara

et al. 1990). Thus, we understood that inhibition of the cation-induced •O2
– generation

is due to the action of added Mn2+ that simply removes the •O2
– produced in response

to treatments with various metal cations. Although Mn2+ at sub-millimolar levels
showed sharp inhibition of total •O2

– production, this high level of Mn2+ may be phy-
totoxic (Caldwell 1989), and it is not likely that plant cells can be exposed to such high
concentrations of Mn2+ in normal physiological and environmental conditions.

58.10
Role of Zn2+

In contrast to manganese, zinc is normally present in plants at high concentrations.
For example, in roots of wheat seedlings, the cytoplasmic concentration of total Zn
has been estimated at 0.4 mM (Santa Maria and Cogliatti 1988). According to Cakmak
(2000), Zn-deficiency-related disturbances in cellular metabolism often resulting in
inhibition of plant growth, are due to oxidative damages at membrane proteins, phos-
pholipids, chlorophyll, DNA, SH-containing enzymes and indole-3-acetic acid. Increas-
ing studies are confirming that Zn2+ acts against oxidative stress in cells, and the
oxidative damages to cellular components resulting from attacks by reactive oxygen
species are now considered to be the basis of such Zn-deficiency-related disturbances
in plant (Pinton et al. 1994).

The effect of Zn2+ on protection of cells from damages by reactive oxygen species
has also been reported in animal and human systems. According to Parat et al. (1997),
inhibitory action of Zn2+ on apoptotic cell death is tightly related to its role in pro-
tecting cell membranes and DNA from damaging attack by reactive oxygen species.
In addition, Zn2+ exerts a strong inhibitory effect on the generation of •O2

– by NADPH
oxidase (Hammermüller et al. 1987; Bray and Bettger 1990). The •O2

–-generating NADPH
oxidase in membrane fraction from human phagocytic cells that is activated in the
presence of divalent cations such as Ca2+, is sensitive to Zn2+ and its activity can be
strongly decreased by high Zn2+ concentrations (Suzuki et al. 1985).

Several reports have suggested that Zn2+ may inhibit the NADPH oxidase activity
also in plants. Cakmak and his co-workers have surveyed the effect of Zn-deficiency
on the level of NADPH dependent •O2

–-generating activity (NADPH oxidase) in grow-
ing plants, and proposed that Zn2+ may have significant roles in plant protection by
lowering the NADPH oxidase activity (Cakmak and Marschner 1993, 1988a,b; Pinton
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et al. 1994). McRae et al. (1982) also proposed that Zn2+ interferes with the •O2
–-gener-

ating activity of plant enzyme, based on the observation that Zn2+ inhibits an enzyme
activity associated with the pea microsomal membrane, responsible for the NADPH-
dependent increase in electron-paramagnetic signals for Tiron free radicals formed
from Tiron, added to the system as a scavenger of •O2

–. However, it has not been clearly
proved that the NADPH-dependent enzyme activity found in microsomal membrane
fraction is representing the •O2

–-generating activity of NADPH oxidase and that the
effect of Zn2+ is due to specific inhibition of the NADPH oxidase.

The impact of Zn2+ supplementation on NADPH oxidase-catalyzed generation of
•O2

– in living cells or plant tissue has not been reported, despite numerous studies
examining the impact of zinc-deficiency. We have shown that Zn2+ supplementation
inhibits and delays the metal cation-induced diphenyleneiodonium chloride-sensi-
tive production of •O2

– in living tobacco cells. Zn2+ may therefore protect the cells from
the cation-induced NADPH oxidase-catalyzed production of •O2

– and other reactive
oxygen species derived from •O2

–.
In protection of plant cells from reactive oxygen species, zinc may act directly as

inhibitor of reactive oxygen species production and also indirectly as a micronutrient
that is utilized as a building block for Zn-containing proteins such as Cu,Zn-superox-
ide dismutase and zinc-finger proteins. Recently, a zinc-finger protein encoded by the
Arabidopsis LSD1 gene was described as a negative regulator of •O2

–-dependent cell
death in plants (Dietrich et al. 1997). However, we have brought evidence for the direct
action of Zn2+ on reactive oxygen species production since the inhibitory effect of
Zn2+ addition on •O2

– generation was immediate.

58.11
Conclusion

We propose a model mechanism for the role of Zn2+ and Mn2+ in salt-induced and
metal cation-induced cellular damages (Fig. 58.1). Plants are exposed to both the
hyperosmotic shock (Savoure et al. 1999) and cation shock (due to Na+) under salt
stress (Kawano et al. 2001b). As illustrated in Fig. 58.1, there are two different flows of
biochemical events leading to the salt-induced damages, namely cation shock-depen-
dent and osmotic shock-dependent pathways. Since our recent works have clearly
shown that only the cation treatments but not the hyperosmotic treatments resulted
in burst of •O2

– production in tobacco cells (Kawano et al. 2001b, 2002), damages to
cells mediated by reactive oxygen species may be due to cation shock.

Similarly, metal toxicity including rhizotoxicity is brought about by the action of
metal cations such as Al3+. Low level of reactive oxygen species may contribute to
adaptation of the cells to osmotic shock by stimulating the production of so-called
compatible intracellular osmolytes such as proline and its derivatives (Savoure et al.
1999). However, excess of reactive oxygen species may lead to severe damages to cells.
Low level of reactive oxygen species can be removed by endogenous reactive oxygen
species-scavenging systems represented by Cu,Zn-superoxide dismutase and other
enzymes, but high concentration of salts accompanied by high level of reactive oxy-
gen species may inactivate the systems. Mn2+ may contribute to the removal of reac-
tive oxygen species. Production of reactive oxygen species under salt stress may be
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due to activation of NADPH oxidase by excess of cations (of alkali metals, earth metals
and lanthanides). This step may be the target of the action of Zn2+ to inhibit the salt-
induced reactive oxygen species production, thus protecting the cells from salt-in-
duced and metal cation-induced oxidative damages. Here we encourage the use of
Mn2+ and Zn2+ in mitigation of reactive oxygen species-mediated damages to plants
being exposed to salt stress.
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The LUX-FLUORO Test as a Rapid Bioassay for
Environmental Pollutants

P. Rettberg  ·  C. Baumstark-Khan  ·  E. Rabbow  ·  G. Horneck

Abstract

The bioassay LUX-FLUORO test was developed for the rapid detection and quantification of envi-
ronmental pollutants with genotoxic and/or cytotoxic effects. This bacterial test system uses two
different reporter genes whose gene products and their reactions, respectively, can be measured
easily and simultaneously by optical methods. Genotoxicity is measured by the increase of biolumi-
nescence in genetically modified bacteria which carry a plasmid with a complete lux operon for the
enzyme luciferase from the marine photobacterium P. leiognathi under the control of a DNA-dam-
age dependent so-called SOS promoter. If the desoxyribonucleic acid (DNA) in these bacteria is
damaged by a genotoxic chemical, the SOS promoter is turned on and the lux operon is expressed.
The newly synthesized luciferase reacts with its substrate thereby producing bioluminescence in a
damage-proportional manner. In the second part of the system, genetically modified bacteria carry
the gfp gene for the green fluorescent protein from the jellyfish A. victoria downstream from a
constitutively expressed promoter. These bacteria are fluorescent under normal conditions. If their
cellular metabolism is disturbed by the action of cytotoxic chemicals the fluorescence decreases in
a dose-proportional manner. The combined LUX-FLUORO test can be used for the biological assess-
ment of the geno- and cytotoxicity of a wide variety of organic and inorganic chemicals including
complex mixtures in different matrices.

Key words: bacterial bioassay, genotoxicity, cytotoxicity, gfp, lux, LUX-FLUORO test, SOS-LUX test,
whole-cell biosensor, DNA damage

59.1
Introduction

59.1.1
Genotoxicity and Cytotoxicity

Increasing levels of environmental pollution involve a risk not only for human health
but also for the sensible balance of whole ecosystems. To identify sources of po-
tential hazard, biological methods have been developed which are complementary
to chemical and physical detection methods. Genotoxicity, the induction of delete-
rious changes in the genetic material of each organism, the desoxyribonucleic acid
(DNA), as well as cytotoxicity, the break-down of the cellular metabolism, are
both the result of complex cellular reaction cascades after the primary events of
damage induction. The detection and quantification of both genotoxicity and cyto-
toxicity absolutely requires the application of biological methods, because physical
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and/or chemical methods are principally not suitable for the assessment of biological
endpoints.

Genotoxicity tests can be defined as in-vitro and in-vivo tests designed to detect
compounds which induce genetic damage directly or indirectly by various mecha-
nisms. Manifestation and fixation of damage to DNA in the form of gene mutations,
large scale chromosomal damage, recombination and numerical chromosomal changes
are generally considered to be essential for heritable effects and in the multi-step
process of malignancy, a complex process in which genetic changes may play only a
part (ICH 1997). Compounds which are positive in tests that detect such kinds of
damage have the potential to be human carcinogens and/or mutagens. In the last
decades many different biological test systems for geno- and cytotoxicity measure-
ments have been developed and used with a wide variety of test substances and
newly synthesized chemicals. Examples of assay systems for the identification of
mutagenic or carcinogenic agents are tumour induction in animals (Enzmann et al.
1998), the human somatic mutation test of the HPRT gene in peripheral blood cells
(Albertini 2001) and induction of chromosome aberrations (Natarajan et al. 1996).
Toxicity bioassays rely largely on lethality measurements. All such assays are gen-
erally time-consuming and expensive, and provide little information on the mecha-
nisms of toxicity.

59.1.2
Bacterial Short-Term Tests

These constraints have led to the development of a number of short-term tests for
detecting potential carcinogens. The most commonly used test is the Ames Salmo-
nella/microsome mutagenicity assay, a bacterial reverse mutation assay. It employs
several histidine dependent Salmonella strains each carrying different mutations in
various genes in the histidine operon. These mutations act as hot spots for mutagens
that cause DNA damage via different mechanisms and result in short frame shifts,
transitions or transversions (Ames et al. 1973; Mortelmans and Zeiger 2000). Nearly
90% of the carcinogens that were positive in this short-tem test were mutagenic in
higher animals.

In recent years genetic coupling of cellular metabolic functions to suitable reporter
molecules has led to the development of toxicity tests measuring the alteration of the
reporter by the toxic substance under examination. In the SOS chromotest a special
strain of Escherichia coli has been used in which the structural gene for β-galactosi-
dase, lacZ, is brought under control of sulA, a SOS-controlled gene involved in cell
division inhibition (Quillardet and Hofnung 1993). In response to DNA-damaging
agents, a set of functions known as SOS-response are induced which include synthe-
sis of a number of proteins such as RecA and UmuC/D proteins related to mutagen-
esis (Fig. 59.1). The SOS chromotest provides a simple and direct colorimetric assay
for β-galactosidase synthesised in response to a genotoxic agent. It also detects DNA
damages induced by ionising and UV-radiation with high sensitivity. The SOS-induc-
tion potency is closely correlated to the mutagenic potency determined in the Ames
test for most of the agents tested so far (White and Rasmussen 1996).
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59.1.3
Bioluminescence-Based Reporter Systems

In recent years, a new generation of methods, the use of living cells as luminescent
protein biosensors, has evolved (D’Souza 2001). Bioluminescence as reporter signal
offers the most advantages, because the reporter measurements are nearly instanta-
neous, they are exceptionally sensitive and quantitative, and typically there is no

Fig. 59.1. Simplified scheme of the SOS system in E. coli (modified from Friedberg 1985)
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endogenous activity in the host cells to interfere with quantification. Luciferase genes
have been cloned in between from many different species e.g. bacteria, beetles (in-
cluding firefly), Renilla and Aequorea.

Bacterial luciferase was the first enzyme to be applied as genetic reporter. It is a
dimeric protein of 80 kDa found predominantly in several marine bacteria (Baldwin
et al. 1995). The luminescence is generated from an oxidation reaction involving the
reduced flavin mononucleotide FMNH2 and a long-chain aliphatic aldehyde to yield
FMN, carboxylate and blue light of 490 nm. The genes encoding the bacterial luciferases
are called lux. The luxA and luxB genes encode the α  and β subunit of the enzyme.
The primary advantage of working with bacterial lux genes is the ability to express
the complete lux operon also in other bacteria, including the luxC, luxD and luxE
genes, which encode the three proteins of the fatty acid reductase complex needed to
recycle the reaction product back to the aldehyde substrate. Thus, autonomous ex-
pression of luminescence can be attained in bacterial cells in contrast to all other
bioluminescent reporter systems which require the exogenous addition of the sub-
strate luciferin.

59.1.4
The SOS-LUX- and LAC-FLUORO Test

Here we report on bioassays using genetically modified bacteria that have been de-
veloped by our group for rapid toxicity tests in aqueous environmental matrices
(Ptitsyn et al. 1997; Horneck et al. 1998; Rettberg et al. 1999, 2001). The SOS-LUX test
is based on the SOS induction in a similar way as compared to the SOS chromotest.
A special E. coli plasmid, pPLS-1, has been constructed in which the promoterless lux
operon (luxCDABE) of Photobacterium leiognathi is under control of the SOS-depen-
dent col promoter and its synthesis is therefore regulated by the SOS system. DNA
damage leads to an increased level of luciferase and therefore increased biolumines-
cence in presence of a variety of mutagens and also after exposure to ionising and
UV radiation. The intensity of the emitted bioluminescence light is thereby propor-
tional to the concentration of the DNA-damaging agent (Fig. 59.2a). With this system
it is not only possible to quantify a genotoxic compound, but also to follow-up the
kinetics of DNA-damage processing in the SOS system. However, if substances have
to be tested which show simultaneously geno- and cytotoxicity in the same concen-
tration range, the determination of the induction of the SOS system may be influ-
enced by cell death. In a first approach the discrimination between the genotoxic and
cytotoxic potency of the test substance was achieved by parallel measurements of the
absorbance of the bacterial suspension as a measure for cell numbers. A test sub-
stance was considered to be neither genotoxic nor cytotoxic, if bioluminescence was
not induced and the cell growth was comparable to that of the untreated control. If,
however, bioluminescence and/or absorbance decrease during incubation then the
test substance might be cytotoxic as well. In a further approach we therefore intro-
duced a second method which reflects the metabolic activity of the bacteria. We now
utilize the expression of green fluorescent protein (GFP) from the jellyfish A. victoria
as reporter for protein synthesis in metabolically active cells. Green fluorescent pro-
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tein can be quantitavely visualized by excitation with the appropriate radiation
wavelengths and measurement of the resulting fluorescence in the absence of sub-
strates and other cofactors without disturbing the cells. For our so-called LAC-FLUORO
test we use a gfp gene which has been optimised for higher expression in bacteria
and for maximal fluorescence yields using excitation wavelengths in the near UV
region (360–400 nm) (Fig. 59.2b) (Crameri et al. 1996). This GFPuv gene was inserted
in frame with the lacZ initiation codon of β-galactosidase from the lac operon of
E. coli, so that a soluble β-galactosidase-GFPuv fusion protein is expressed which can
easily be measured in a fluorometer. For the combined LUX-FLUORO test, recom-
binant S. choleraesuis subsp. choleraesuis strains carrying either the SOS-LUX plas-
mid pPLS-1 (TA1535-pPLS-1) or the lac-GFPuv plasmid (TA1535-pGFPuv) were used
simultaneously to detect and quantify in parallel agents that exhibit either genotoxic,
cytotoxic or geno- and cytotoxic effects (Baumstark-Khan et al. 2001; Rabbow et al.
2002) (Fig. 59.2).

59.2
Experimental

59.2.1
Plasmids, Bacteria and Growth Conditions

The construction of the plasmid pPLS-1 (DSMZ 10333) carrying the luxCDABFE
genes downstream of a strong SOS-dependent promoter is already described (Ptit-
syn et al. 1997; Horneck et al. 1998). This plasmid is the genotoxicity sensing reporter
component of the combined test system. The plasmid pGFPuv (Clontech Labora-
tories Inc., CA, USA, 6079-1) carrying the optimised “cycle3” variant of green fluo-
rescent protein (GFP) in frame with the lacZ initiation codon is the cytotoxicity
sensing reporter component of the combined test system. The strain S. choleraesuis
subsp. choleraesuis TA1535, one of the tester strains in the Ames test, was transformed
with either the plasmid pPLS-1 or with the plasmid pGFPuv. Transformed bacteria
were selected and cultivated at 37 °C in NB-medium supplemented with 50 µg ml–1

ampicillin.

59.2.2
Test Substances

The following compounds with differing genotoxic and cytotoxic effects were used
to evaluate the LUX-FLUORO test (Merck and Sigma, Germany): mitomycin C (MMC),
a DNA intrastrand cross-linking agent as a positive control for genotoxic com-
pounds which do not require metabolic activation, chloramphenicol (CAP) and
aureomycin (AM), both antibiotics as positive controls for cytotoxic compounds,
and 4-nitro-quinoline-1-oxide (4-NQO) and N-methyl-N'-nitro-N-nitrosoguanidine
(MNNG) as probable human carcinogens, as well as chromium(VI) (K2Cr2O7),
chromium(III) (CrCl3), Zn(II) (ZnCl2) as examples for genotoxic and/or cytotoxic
heavy metal salts.
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Fig. 59.2a. Schematic illustration of the principle of the combined LUX-FLUORO test. In the SOS-LUX
test DNA-damages induced by genotoxic substances result in damage-proportional bioluminescence
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Fig. 59.2b. Schematic illustration of the principle of the combined LUX-FLUORO test. In the LAC-
FLUORO test cytotoxic substances reduce the cellular fluorescence in a dose-proportional manner
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59.2.3
Performance of the LUX-FLUORO Test

Log phase cultures of both bacterial strains were incubated in pre-warmed NB-medium
containing 50 µg ml–1 ampicillin until the absorption at 600 nm (A600) reached 0.2. 75 µl
of TA1535-pPLS-1 or TA1535-pGFPuv cultures or a 1:1 mixture of both were added to
each well of a white microplate with a transparent bottom (Isoplates™, Wallac, Turku,
Finland) containing 75 µl of the diluted test samples or of the controls in 4 replicates
each and placed into the microplate reader (Multilabel Counter 1420 Victor2 form EG&G
Wallac, Turku, Finland) with a controlled temperature of the plate of 30 °C. The reader
was programmed to repeat the measurement cycle of 2 min orbital shaking, lumines-
cence reading without filter for 0.2 s/well, followed by absorbance measurement for
0.1 s/well at 490 nm (20 nm band width) and by fluorescence reading for 0.1 s/well at
510 nm after excitation at 405 nm, every 10 min for 50 cycles adding up to 8 h kinetics.

59.2.4
Numerical Analysis

The raw data were transferred into an Excel macro sheet and luminescence response
induction factors Fi were calculated for the genotoxic potential of the applied samples
according to Eq. 59.1 with light emission data of the untreated culture (Lux0), of the
culture treated with the test samples (Luxi) and cell growth (absorbance) of the un-
treated culture (A0) and of the treated culture (Ai).

(59.1)

The fluorescence response reduction factors Fr for cytotoxicity were calculated
according to Eq. 59.2 with fluorescence data of the untreated culture (Flu0) and of the
cultures treated with the samples (Flur).

(59.2)

The threshold for a sample to be genotoxic was defined as a twofold increase of the
luminescence response induction factor Fi, whereas a fluorescence reduction factor Fr
of less than 0.5 is determined to be a signal for cytotoxicity in this test. The concen-
trations of the tested samples are final concentrations in the LUX-FLUORO test.

59.3
Results and Discussion

59.3.1
Kinetics of the LUX-FLUORO Test

Mitomycin C (MMC), a DNA intrastrand cross-linking agent (Iyer et al. 1964), is an
example for a powerful chemical genotoxin. It is routinely used as a positive control
for genotoxic directly acting substances in the SOS-LUX test. For the LAC-FLUORO
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Fig. 59.3. Kinetics of the combined LUX-FLUORO test with control substances: a Kinetics of biolu-
minescence induction in the presence of mitomycin C, a genotoxin; b corresponding kinetics of the
absorbance in the presence of mitomycin C; c corresponding kinetics of fluorescence induction in
the presence of mitomycin C; d kinetics of bioluminescence induction in the presence of aureomycin,
an antibiotic; e corresponding kinetics of the absorbance in the presence of aureomycin;
f corresponding kinetics of fluorescence induction in the presence of aureomycin
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test the antibiotics chloramphenicol (CAP) or aureomycin (AM) are used as positive
controls for cytotoxic substances. In addition to these controls samples containing
only the solvent, in this case H2O, are always measured in parallel in each experiment.
Figure 59.3 shows the kinetics of the LUX-FLUORO response during incubation of
the cells with different concentrations of mitomycin C and aureomycin at 30 °C. In
Fig. 59.3a the bioluminescence induction in the SOS-LUX test is increasing after a lag
phase and reaches its maximum after about 5 h, whereas the bioluminescence in the
presence of water only does not increase. The corresponding absorption curves are
shown in Fig. 59.3b. The values for the samples with mitomycin C are nearly identical
to those of the water samples because mitomycin C is not toxic under these conditions.
In Fig. 59.3c the kinetics of the corresponding fluorescence in the presence of mitomy-
cin C in the LAC-FLUORO test is shown, again compared to the solvent only. With
water as well as with mitomycin C in these non-toxic concentrations the fluorescence
is constantly increasing because the cells are dividing during the incubation and the
number of fluorescent cells becomes higher. In the presence of aureomycin there is no
bioluminescence induction (Fig. 59.3d) due to the lack of genotoxicity of this com-
pound. The increase in adsorbance (Fig. 59.3e) as well as the increase in fluorescence
(Fig. 59.3f) with incubation time becomes significantly smaller with higher concentra-
tions of aureomycin. The cells grow slower or do not grow at all because of the toxicity
of aureomycin. Similar results for the kinetics of cellular responses concerning cell
number/biomass, bioluminescence and fluorescence were also obtained for other stan-
dard reagents used in geno- and cytotoxicity tests like chloramphenicol, N-methyl-N'-
nitro-N-nitrosoguanidine, and 4-nitrochinoline-1-oxide (results not shown).

59.3.2
Dose-Response Curves of the LUX-FLUORO Test

Figure 59.4 gives the dose-response curves for the bioluminescence induction of the
SOS lux reporter, the impairment of cell growth, and the expression of GFPuv after
treatment with the indicated agents. The dose-response curves illustrating the genotoxic
activities of these standard reagents are given in Fig. 59.4a. The cytotoxic potential of
the compounds was assessed from the relative absorbance Ax/A0 (Fig. 59.4b) and rela-
tive GFPuv fluorescence (Fig. 59.4c) with increasing concentrations. The simultaneous
measurements of light emission, cell number/mass and GFPuv expression allows for a
discrimination between genotoxic and cytotoxic potency of the test substances. A
decrease in fluorescence and absorbance during incubation suggests the agent in ques-
tion to be cytotoxic, as it is the case for aureomycin and N-methyl-N'-nitro-N-nitroso-
guanidine in higher concentrations. For predominantly genotoxic agents, biolumines-
cence is induced in the concentration range, where cell mass production and GFPuv
expression is barely influenced, as it is the case for mitomycin C concentrations up to
3 µM. Agents displaying a cytotoxic as well as a genotoxic capability identify them-
selves by an induced bioluminescence, and a reduction in cell mass as well as GFPuv
expression. This could clearly be demonstrated for example for 4-nitrochinoline-1-oxide
which is a potent genotoxin, having a high cytotoxic activity.

The same type of experiments was performed to investigate whether the LUX-FLUORO
test is applicable for the quantification of the geno- and/or cytotoxic effects not only
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of organic substances but also of heavy metal salts. In Fig. 59.5 the dose response curves
for salts K2Cr2O7, CrCl3 and ZnSO4 are given. From these three heavy metal salts only
K2Cr2O7 shows a clear genotoxic effect with a luminescence induction factor Fi of 8
(Fig. 59.5a) whereas CrCl3 gives a weak signal with a Fi of nearly 3 at a concentration
of 0.13 mM after 5 h of incubation, no Fi higher than 2 indicating a genotoxic effect
could be found for ZnSO4 at the examined concentrations. The lowest concentration of
K2Cr2O7 detected to be genotoxic was 0.68 mM, which was also the lowest concentra-
tion tested. All three heavy metal salts showed a decrease in fluorescence with an in-
creasing concentration, indicating their cytotoxicity. The strong cytotoxic reaction is
accompanied by a steep decrease of the luminescence below the value of the solvent
control, H2O (Fig. 59.5b), with K2Cr2O7 beeing also the most cytotoxic of the three salts.

Fig. 59.4.
Dose-response curves of the
combined LUX-FLUORO test
for mitomycin C, aureomycin,
4-nitroquinoline-N-oxid and
methyl nitro nitrosoguanidin:
a relative bioluminescence;
b relative absorbance; c rela-
tive fluorescence
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59.3.3
Advantages of the LUX-FLUORO Test

The SOS-LUX-TEST, as published Ptitsyn et al. 1997 and Horneck et al. 1998, is a re-
ceptor-reporter test, based on the plasmid pPLS-1, which combines a DNA-damage
sensing promoter and the lux operon (luxDCABE) originating from Photobacterium
leiognathi. This plasmid enables the transformed bacteria (here Salmonella chole-
raesuis TA1535) to express the luciferase and fatty acid reductase enzymes encoded by
the SOS promoter controlled lux genes, leading to the production of bioluminescence
in a dose dependent manner. In previous experiments, directly acting chemicals were
tested with different Escherichia coli strains as host bacteria for the plasmid. Since
then, the test has been improved by changing the host bacteria from Escherichia coli
to Salmonella choleraesuis TA1535, one of the usual battery of tester strains in the
Ames test, the most often used bacterial test for mutagenicity (Ames et al. 1973; Mortel-
mans and Zeiger 2000). TA1535 cells carry a rfa mutation leading to a defect in the
outer cell membrane and a uvrB mutation which eliminates the excision repair sys-
tem for DNA base damage. This host increased the sensitivity for the SOS-LUX test
significantly, especially for hydrophobic genotoxic compounds (Rettberg et al. 2001).

Fig. 59.5.
Dose-response curves of the
combined LUX-FLUORO test for
the heavy metal salts K2Cr2O7,
CrCl3 and ZnSO4: a lumines-
cence induction factors; b fluo-
rescence reduction factors
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Since some compounds exhibit a primary cytotoxic action, and since the induction
of the SOS system and the expression of the lux-encoded genes may be influenced by
cell death as a result of cytotoxicity, simultaneous measurements of cell mass produc-
tion (A490) had already been included as a parameter for testing of bacterial viability.
This correction for cell mass is necessary because inhibition of growth influences the
total light emission of the culture. As cell growth and cell mass production are not
necessarily dependent upon each other, we then introduced a third parameter within
the test, that is protein synthesis via plasmid controlled constitutive expression of
GFPuv. This parameter determines metabolic activity on the base of functional protein
synthesis. Green fluorescent protein (GFP) of the jellyfish Aequorea victoria (Chalfie
et al. 1994) is a 27 kD monomer consisting of 238 amino acids. Unlike other biolumi-
nescent reporters, the chromophore in green fluorescent protein is intrinsic to the pri-
mary structure of the protein. The fluorescence is independent of a special substrate
or any cofactor, it only requires exposure to UV or blue light for emitting green light.
Expression of green fluorescent protein is stable and species independent and can be
monitored in living cells. The additional optimisation of wildtype green fluorescent
protein for higher bacterial expression and for the maximal excitation wavelength of
395 nm renders the GFPuv variant (Crameri et al. 1996) highly favourable for the ap-
plication described here. In the LAC-FLUORO test GFPuv fluorescence is mediated by
the lac-promoter controlled plasmid pGFPuv, which is constitutively expressed in cells
which lack the chromosomal repressor lacI as it is the case in S. choleraesuis. Reduc-
tion in GFPuv expression can thus well be used as an indicator for cytotoxicity.

In agreement with other tests like the MutatoxTM test (Arfsten et al. 1994), Ames
test (Bianchi et al. 1983) and SOS-chromotest (Lantzsch and Gebel 1997), the results
obtained with the LUX-FLUORO test displayed a clear genotoxic effect with the ap-
plied concentrations and incubation times of the choosen standard test substances
with different genotoxic effects, while increasing cytotoxic effects could be shown in
parallel for nearly all investigated chemicals.

59.4
Conclusion

In the combined LUX-FLUORO test the genotoxic potential of chemicals is quanti-
tated by an increased bioluminescence and the cytotoxic potential by a decreased
fluorescence in genetically modified Salmonella typhimurium TA1535 cells. This fast,
sensitive, reproducible and inexpensive bioassay is suitable for the simultaneous de-
termination of the genotoxic and cytotoxic potential of chemicals and mixtures of
chemicals as they occur as pollutants in environmental samples, e.g. in water, air and
soil. In addition to routine environmental monitoring, it can be applied for the first
screening steps used for testing new substances during the development process in
the pharmaceutical research.
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Effects of Two Cyanotoxins, Microcystin-LR
and Cylindrospermopsin, on Euglena gracilis

E. Duval  ·  S. Coffinet  ·  C. Bernard  ·  J. Briand

Abstract

Freshwater eutrophisation causes blooms of cyanobacteria, including species that produce toxins
harmful to animals. We present here a study of the effects of two hepatotoxins: microcystin-LR
(heptapeptide) and cylindrospermopsin (alkaloid), on Euglena, a photosynthetic protist. Microcystin-
LR (0.01–10 µg ml–1) and cylindrospermopsin (0.13–12.5 µg ml–1) showed no toxic effect on growth
but significantly increased cell productivity. O2 consumption was significantly stimulated half an
hour after the toxin was added for microcystin and 48 h after for cylindrospermopsin for all the
concentrations tested. In addition, a drastic inhibition of greening and photosynthesis as well as an
80% increase of reduced glutathione were observed at the high concentrations of cylindrosper-
mopsin. Two-dimensional electrophoresis after 35S amino acid labeling showed that with
cylindrospermopsin a 23-kDa protein was induced in the first 2 h, whereas a 29-kDa protein was
overexpressed with microcystin and cylindrospermopsin.

Key words: bioassay, cyanotoxins, Euglena gracilis

60.1
Introduction

Despite an increased awareness of the need for protection of freshwater habitats,
human impacts continue to impair the services that these ecosystems provide. This
constitutes a real problem for the supply of safe drinking water and wholesome food
for human populations. Currently, in addition to chemical pollutants, drinking water
or freshwater in recreation areas are also being subject to contamination by toxic
cyanobacteria. Invasion of toxic cyanobacteria (Nodularia spumigena) was first docu-
mented by Francis in 1878 in Lake Alexandrina (Australia). Since then, they are in-
creasingly held responsible for animals and human intoxications (Dietrich 2001).

Cyanobacteria are phototrophic prokaryotes that are among the most ancient liv-
ing organisms on Earth. They exhibit a wide ecological tolerance that contributes to
their competitive success in a broad spectrum of environments, allowing them to out-
compete other phytoplankton organisms. Freshwater eutrophication causes the sur-
face proliferation of cyanobacteria, leading to blooms and scums. Therefore, they are
often considered as harmful organisms. Nearly half of the blooms are toxic, due to
about 40 species or strains of the approximately 2 000 identified so far. These species
produce toxins like neurotoxins (anatoxin-a, homoanatoxin-a, saxitoxin), skin irri-
tants and hepatotoxins (mycrocystins, nodularins, cylindrospermopsin) (Carmichael
1992; Codd 1995). The toxins are often water-soluble and exhibit high chemical stabil-
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ity. Released in water in substantial amounts when the cyanobacterial cells die, their
environmental persistence has important implications for public health.

Among these toxins, microcystins are a group of over 60 heptapeptide hepatotoxins,
including microcystin-LR (Fig. 60.1). They have been identified among several
cyanobacteria genera such as Anabaena, Microcystis, Planktothrix and Nostoc. Both
lethal and sub-lethal effects have been demonstrated for a number of vertebrates and
invertebrates (Falconer 1994). The liver is their main target in mammals. In 1996,
100 patients developed acute liver failure and 70 of them died at an hemodialysis center
in Caruaru (Brazil). This was related to microcystins in the water used for hemodialy-
sis (Carmichael 1996). Microcystins are inhibitors of serine/threonine protein phos-
phatases PP1 and 2A, leading to hyperphosphorylation of proteins (MacKintosh et al.
1990). Protein phosphorylation is the major postranslational modification performed
by eukaryotic cells and is controlled by the balance between kinases and phosphatases.
It is involved in the regulation of many cellular processes including metabolism, gene
expression, extracellular signalling, cytosqueletal changes and cell cycle. This effect
on cell division may explain the tumor-promoting activity of these toxins on the liver
reported by Falconer (1991) and Nishiwaki-Matsushima et al. (1992). For a review of
the toxic effects of microcystins see Dawson (1998).

In November 1979, an outbreak of hepatoenteritis and renal damages involved 148
people in Palm Island (Australia). A new toxin, cylindrospermopsin, was purified from
the Palm Island strains of Cylindrospermopsis raciborskii (Ohtani et al. 1992). Cylindro-
spermopsin is a powerful hepatotoxin produced by cyanobacteria such as Cylindro-
spermopsis raciborskii, Umezakia natans, Aphanizomenon ovalisporum. It is an alka-
loid with a cyclic guanidine system half bridged to a hydroxymethyluracil group
(Fig. 60.2). The toxicity seems to be due to its inhibitory effect on protein synthesis
(Terao et al. 1994) which may be the consequence of the binding of a cylindrosper-
mopsin-activated metabolite to DNA (Shaw et al. 2000). Recently, indications of
clastogenic and aneugenic action were noted (Humpage et al. 2000).

Fig. 60.1. Structure of microcystin-LR (C49H74N10O12, molecular weight = 995.2), an hepatotoxin pro-
duced by Microcystis aeruginosa
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Here, we report the effects of two hepatotoxins (microcystin-LR and cylindrosper-
mopsin) on Euglena gracilis, a flagellate protist. This eukaryotic cell can grow het-
erotrophically like animals cells, or phototrophically like vegetal cells. In the first case,
because of its similarities with the hepatocyte, it is an interesting model cell of mam-
malian hepatic metabolism previously used in our laboratory for testing drugs (Briand
et al. 1992). For example, the processes which transform lactate into polysaccharide
reserves in Euglena and in hepatocytes are almost identical. Ethanol had similar ef-
fects in both cell types on lipid composition and cytochromes P450. Immuno-blotting
analysis has demonstrated the presence of several isoenzymes of cytochromes P450
recognized by antibodies to human or rat cytochromes (Briand et al. 1993). As it plays
an important role in fresh water as a component of the natural food chain therefore,
phototrophically-grown Euglena, has also proved to be a good test organism in the
study of the role of different cytotoxic substances including heavy metals (Fasulo et al.
1982). It grows easily on low cost medium and is very sensitive to environmental changes.
For these reasons we use Euglena, in a multiparametric assay named “Euglenotox” to
detect polluted waters (Briand 2002). It is therefore of considerable interest to establish
whether Euglena reacts to cyanotoxins and specially to hepatotoxins and wether it will
constitute a sensitive bioassay for the detection of these toxins in freshwater. Moreover,
many studies have reported the effects of cyanotoxins on mammals and fish but few
studies report the effects of cyanotoxins on protists.

60.2
Experimental

60.2.1
Cells Culture

Euglena gracilis cells (strain Z) were grown at 26 °C, heterotrophically in a mineral me-
dium supplemented with lactate (33 mM) as carbon source, as well as vitamins B1 and B12
according to Calvayrac (1972). Toxins were added at different concentrations (microcystin-
LR: 0.01–10 µg ml–1 and cylindrospermopsin: 0.013–12.5 µg ml–1) after 48 h at the be-
ginning of the exponential phase of growth. The effects on growth and cell viability,
O2 evolution, chlorophyll contents, proteins and reduced glutathione were studied for
a period of seven days. Then the cultures were exposed to light for greening and pho-
tosynthesis studies. Microcystin-LR was obtained from Sigma. For cylindrospermopsin
the toxin was extracted and partially purified from a 16-liter Cylindrospermopsis
raciborskii strain AWQC CYP-026J culture. The cells were harvested by centrifugation

Fig. 60.2.
Structure of cylindrospermo-
psin (C15H21N507S, molecular
weight = 415), an hepatotoxin
produced by Cylindrosper-
mopsis raciborskii
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(20 min, 8 000 g) and lyophilized. Extraction was done in 15% methanol in Milli-Q water.
The cells are disrupted by ultrasonication (ice bath, 10 min) and 3 cycles of freezing/
thawing. The extracts were then centrifuged (10 min, 13 000 g) to remove cellular frag-
ments and stored at –20 °C before use. Cylindrospermopsin was quantified with the
HPLC system Varian 9010 constituted by an auto-sampler, a controlling unit and an
UV detector Varian 9050 (HPLC: high performance liquid chromatography, UV: ultra-
violet). The extract was eluted with a water/methanol gradient (98/2) on a C18 BDS
Hypersil 5 µm cartridge from ThermoHypersil with a precolumn of the same compo-
sition. A single wavelength UV absorption (λ = 262 nm) was used for detection and
quantification was done by comparison with a purified sample provided by Falconer.

60.2.2
Physiological Studies

Cell number was determined daily with a Malassez counting chamber after immobi-
lization of the cells with a 5% solution of IK. Cell viability was estimated after Trypan
blue coloration.

After seven days in the dark the cultures were exposed to continuous light (1 500 lux)
for 48 h. Thereafter the chlorophylls were extracted with acetone/water (90/10, v/v)
containing a small amount of CaCO3 to avoid acidification. After centrifugation, the
supernatant was collected. Total chlorophyll were determinated by measuring fluo-
rescence at 673 nm with a 428 nm excitation in a Hitachi F2000 spectrofluorometer.
O2 exchange was measured by polarography with an Hansatech oxygraph (DW2/2) at
25 °C, in the dark for O2 uptake, and in the light (60 µE m–2 s–1) for photosynthesis.
Reduced glutathione was quantified with the bioxytech GSH-400 kit (Oxis).

All experiments were repeated three times independently. Results are expressed as mean
±SD (standard deviation), with statistical evaluation by analysis of variance followed by
Fisher’s least significant difference test. Differences were considered to be statistically
significant at P < 0.05.

60.2.3
Protein Labeling and Electrophoresis

Cells were labelled with 0.37 MBq ml–1 of 35S methionine and cysteine for two hours,
added together with the toxins or 24 h later. Cells were harvested by centrifugation and
washed twice with 10 mM Tris-HCl (pH 7.4). The pellets were incubated for 2 to 12 h in
lysis buffer (5.104 cells µl–1) (9.5 M urea, 2% NP40, 5% β-mercaptoethanol, 2% ampho-
lines 5–7: 1.6% and 3–10: 0.4%). After 10 s of sonication, the lysates were centrifuged
for 5 min at 5 000 g to release paramylon. Supernatants were analyzed by mono-dimen-
sional electrophoresis in 12.5% polyacrylamide gels (Barques et al. 1983), and two-dimen-
sional electrophoresis (Barques et al. 1990) with the DUAL mini-slab kit AE6450 (ATTO
corp, Japan). For the first dimension a non-equilibrium pH gradient was used (NEPHGE)
and for the second dimension the proteins were separated on a 12.5% polyacrylamide
gel containing 0.1% SDS (sodium dodecyl sulfate). After staining (Coomassie blue R250)
and drying, gels were exposed to Kodak X-OMAT AR-5 films at –20 °C. Proteins were
quantified according to Bradford (1976) with BSA (bovine serum albumin) as standard.
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60.3
Results and Discussion

The aims of this study were to investigate whether hepatotoxins could be detected by
the bioassay “Euglenotox”, and to explore some of the physiological effects of these
toxins on Euglena.

60.3.1
Growth

The growth curve obtained with control cells presents (i) a lag phase, (ii) an expo-
nential phase, (iii) a slackening phase and (iv) a stationary phase. The cell population
density at phase iv gives the productivity of the culture. Drugs or pollutants often
modify one or other of the characteristics of these phases. Therefore growth is one of
the parameters of “Euglenotox”.

We present in Fig. 60.3 the results obtained with microcystin. The duration of the
lag phase was not modified. The generation time was decreased from 12 ±2 h for the
control to 9 ±1 h for the highest concentration of toxin. However variance analysis
indicated no significant difference from the control for all the concentrations studied.
Cell productivity increased significantly from 2.6 ±0.1 to 3.2 ±0.08 × 106 cells ml–1 . The
results were analogous for the two toxins. This increase of productivity may be due to
the organic matter of the toxin or extract for two reasons: (i) it depends on the con-
centration of the toxin, (ii) the concentration of toxin at the end of the experiment (in
the medium and the cells) is significantly diminished. Growth inhibition was found
on other protists. On Tetrahymena pyriformis, Ward and Codd (1999) found an inhibi-
tion of growth rate with an IC50 of 160 µg ml–1 and of maximum cell population den-
sity with an IC50 of 85 µg ml–1. Christoffersen (1996) found on heterotrophic nanoflagel-

Fig. 60.3.
Growth of Euglena exposed to
various concentrations of mi-
crocystin-LR during 7 d. I: lag
phase; II: exponential phase;
III: slackening phase; IV: sta-
tionary phase. Microcystin
(MC) was added at the begin-
ning of the exponential phase
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lates an average reduction in growth rates of 49% after a toxic bloom which led to a
maximum concentration in water of 141 µg l–1. Here, in Euglena, no toxic effect on growth
is shown either with Microcystin-LR or cylindrospermopsin. Microcystins are unable
to cross the plasma membrane and to penetrate directly in cells. This limits the toxic
effects to cells like hepatocytes that express a transporter. If Euglena expresses a trans-
porter, toxic effects would be expected. On the contrary, if Euglena has no transporter,
what mechanism could be responsible for the disappearance of the toxin from the
medium? This led us to hypothesize that Euglena is able to detoxify the toxins.

60.3.2
Respiration

O2 consumption was significantly stimulated in the presence of microcystin-LR (Fig. 60.4a).
A 200% increase was observed at the highest concentrations. This stimulation operates
very quickly, becoming measurable within half an hour after addition of the toxin.

For all cylindrospermopsin concentrations tested (Fig. 60.4b), a significant stimu-
lation was observed after 48 h. Thus, both toxins increase O2 consumption but not in
the same manner.

Ward and Codd (1999) noticed a significant inhibition of respiration on Tetrahymena
after 20 min exposure for all concentrations tested but they worked with much higher

Fig. 60.4.
O2 consumption of Euglena gra-
cilis exposed to various concen-
trations of microcystin-LR (a)
or cylindrospermopsin (b) dur-
ing 7 d. O2 consumption was
significantly stimulated for all
the concentrations tested half
an hour after the toxin was
added for microcystin and 48 h
after for cylindrospermopsin
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concentrations of microcystin-LR (25–500 µg ml–1). Lawton (1992) found on Paramecium
primaurelia that the respiration rate of cells exposed to 200 µg ml–1 of mycrocystin-LR
was initially stimulated but after one hour the respiration was reduced. Pollutants often
cause inhibition of sensitive steps of metabolic pathways that will result in reduced O2
consumption and ATP production. In some cases an increase in respiration may be a con-
sequence of an increased energy demand for ion uptake or export at the plasma mem-
brane level (Meharg 1993) or for detoxification reactions mediated by cytochrome P450
monooxygenases. The uptake of microcystin-LR in hepatocytes occurs through ATP-
dependent membrane transporters. As mycrocystin seems to be metabolized by Euglena,
a possibility is that the increase in respiration could be linked to an increase of ATP con-
sumption by the transporters. In the case of cylindrospermopsin, preliminary assays in-
dicate that the increase in O2 consumption seems to be correlated with an increase in KCN
resistance. Further studies will be carried out to see if an alternative respiratory pathway
is induced by the treatment, or if other reactions explain the increase in O2 consumption.

60.3.3
Chlorophylls and Photosynthesis

Many pollutants such as heavy metals and herbicides strongly inhibit photosynthesis.
These pollutants react with the photosynthetic apparatus at various levels of organi-
zation, causing alterations of the functions of chloroplast. They interact at the mo-

Fig. 60.5.
Effects of cylindrospermopsin
on greening and photosynthe-
sis after 120 h of contact with
the toxin in the dark then ex-
posure to light for 24 h or 48 h.
a Photosynthesis; b chlorophylls
content. Significant differences
(P < 0.05) were observed only
at the highest concentration
that induced a drastic inhibi-
tion of greening and photo-
synthesis
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lecular level with protein complexes PSII and PSI and with photosynthetic enzymes
of the carbon reducing cycle (Prasad and Strzalka 1999). They also act indirectly, for
example by inhibiting the biosynthesis of chlorophylls or other pigments. For these
reasons the study of chlorophylls and photosynthesis is an important part of our multi-
parametric test “Euglenotox”.

Microcystin-LR has no significant effect on chlorophyll contents or photosynthe-
sis. For cylindrospermopsin (Fig. 60.5), significant differences (P < 0.05) were observed
only at the highest concentration that induced a drastic inhibition of greening
(Fig. 60.5b) and photosynthesis (Fig. 60.5a). There is little information on the effects
of microcystins or cylindrospermopsin on plants. In 1990 Siegl et al. noticed an inhi-
bition of CO2 incorporation in spinach leaf discs. In 1996, Toshihiko et al., on bean
leaves treated with microcystin concentrations above 9 µg ml–1, observed a 50% inhi-
bition of photosynthetic rate within 8 h. At 9 µg ml–1 the inhibition was transient and
the normal photosynthesis rate was recovered after 5 d. This could explain why we
observed no effect at concentrations below 10 µg ml–1, given that our photosynthesis
measurements were performed on cells five days after addition of the toxin.

60.3.4
Reduced Glutathione

Glutathione has a key role in cellular defences against oxidative stress, and detoxifies
numerous xenobiotics. With cylindrospermopsin at 2.5 and 12.5 µg ml–1, it was pos-
sible to observe increases of reduced glutathione of 50% and 80% respectively
(Fig. 60.6). This is not in agreement with the results of Runnegar et al. (1995) on cul-
tured rat hepatocytes. They reported a decrease of reduced glutathione due to inhi-
bition of its synthesis. An inhibitor of cytochromes P450 (α-naphtoquinone 10 µM)
partially protected the cells from the fall of reduced glutathione and toxicity induced
by cylindrospermopsin. An increase of reduced glutathione was observed on fish
exposed to different pollutants. This could result from an increase of γ -glutamyl-
cysteine synthetase, as in Cat-fish exposed to chlorothalonil, or from an inhibition of
glutathione reductase (Cossu et al. 1997). In any case Euglena does not react to this
toxin like hepatocytes but these results must be confirmed with pure toxin.

Fig. 60.6.
Effect of cylindrospermopsin
on cellular content of reduced
glutathione. The concentration
of reduced glutathione is sig-
nificantly increased after 24 h
of contact with the toxin
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60.3.5
Proteins

One-dimensional electrophoresis of proteins after two hours of contact with cylindro-
spermopsin showed a drastic inhibition of 35S amino acid incorporation. Inhibition
was not as strong after 24 h (Fig. 60.7a and d). This confirms the results of Terao et al.
(1994) on mice. A new protein of 23 kDa (P23) was observed on the electrophoregrams
after two hours of contact with cylindrospermopsin (Fig. 60.7a). This protein was not
found on the auto-radiograms (Fig. 60.7b), which points to a low content in methion-
ine and cysteine. This protein is transiently induced and it disappeared completely
after 24 h of contact with the toxin (Fig. 60.7c).

Fig. 60.7. One-dimensional gel electrophoresis of total proteins of Euglena gracilis. Cells were exposed to
microcystin (MC-LR) or cylindrospermopsin (CYN) and labeled with 35S amino acids for two hours at the
same time or 24 h after. a and c: Electrophoregrams stained by Coomassie blue; a after two hours of contact
with cylindrosperrmopsin a new protein (P23) is induced; c P23 has nearly disappeared after 24 h of con-
tact with the toxin. b and d Autoradiograms of the same gels; b after two hours of contact with cylindrosper-
mopsin no 35S amino acids are incorporated in proteins; d 24 h after a weak incorporation takes place
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Two-dimensional electrophoresis (Fig. 60.8), after 35S amino acid labelling, showed
that a 29-kDa protein (P29) is over-expressed with both microcystin-LR and cylindro-
spermopsin but with different kinetics in the two cases. For microcystin-LR the over-
expression is observed at both time points. For cylindrospermopsin the over-expres-
sion is observed only after 24 h of exposure to the toxin. Compared to the control,
cylindrospermopsin exposure for 2 h caused a general decrease in the intensity and
number of spots. One exception is the 23-kDa protein previously found in the one-

Fig. 60.9. Two-dimensional gels stained by Coomassie blue showing that P23 is induced by cylindro-
spermopsin (CYN)

Fig. 60.8. Autoradiograms of two-dimensional gel electrophoresis. Cells were exposed to toxins – micro-
cystin (MC-LR) or cylindrospermopsin (CYN) – during 2 h or 24 h and labeled for two hours with 35S amino
acids. A 29-kDa protein (P29) is overexpressed after 2 h of contact with MC-LR and after 24 h with CYN



669Chapter 60  ·  Effects of Two Cyanotoxins, Microcystin-LR and Cylindrospermopsin, on Euglena gracilis

Pa
rt

 V
II

dimensional gel stained with Coomassie blue and located in the acidic part of the gel
(Fig. 60.9).

All prokaryotic and eukaryotic organisms that have been investigated respond
to environmental stress such as exposure to heat, heavy metals, organic pollutants,
and activated oxygen species (Banzet et al. 1998) by the immediate and transient syn-
thesis of several specific proteins, historically called “heat-shock proteins” (hsp)
and now more generally “stress proteins”. Cessation of synthesis of most other pro-
teins is often correlated with stress reactions. Hsp range in size from 16 kDa to 110 kDa.
Some of them play an important role in the intracellular processing of proteins.
They have been classified mainly into five families: hsp100, hsp90, hsp70, hsp60 and
small hsp. Small hsp are more abundant in plants and some are specific to the chlo-
roplast (hsp 22 and 25). Cylindrospermopsin is known to inhibit protein synthesis in
liver cells (Terao et al. 1994) but no action on stress proteins has been reported. Two
aspects of the response of Euglena to cylindrospermopsin exposure seem to point
towards a stress reaction: (i) the transient inhibition of methionine and cysteine
incorporation which indicates an inhibition of protein synthesis, and (ii) the fast
induction of a specific protein (P23). The P29 protein induced by the two toxins ap-
pears to have an iso-electric point and a molecular weight that are very similar to
those of a stress protein induced by heat shock in our strain of Euglena, although this
remains to be confirmed. Stress proteins constitute good biomarkers for detection of
polluted waters (Bonaly and Barque 1997). P23 and P29 could therefore constitute
interesting biomarkers provided that their induction occurs at lower concentrations
than those we have tested here.

60.4
Conclusions

Cylindrospermopsin and microcystin-LR show different types of effects on Euglena.
O2 consumption is increased. Greening and photosynthesis are not significantly
modified except at the highest concentration of cylindrospermopsin. An increase in
reduced glutathione and a strong transient inhibition of protein synthesis are ob-
served with cylindrospermopsin (2.5 and 12.5 µg ml–1). Two proteins are induced or
overexpressed: P23 by cylindrospermopsin and P29 by both toxins. Thus, Euglena
reacts differently to the toxins than hepatocytes or other protists such as Tetrahy-
mena. Some of these responses, such as induction of proteins, may constitute poten-
tial biomarkers.
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A New Bioassay for Toxic Chemicals
Using Green Paramecia, Paramecium bursaria
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T. Kadono  ·  T. Kawano  ·  T. Kosaka  ·  H. Hosoya

Abstract

We designed a new toxic bioassay using the green paramecia Paramecium bursaria as testing or-
ganism. P. bursaria is a unicellular organism that occurs widely in rivers and ponds. Since P. bursaria
uses metabolites of endosymbiotic green algae in the cytoplasm as a nutritive source, culturing
P. bursaria is much easier than culturing mammalian cells. The use of P. bursaria will thus make quicker
and more convenient evaluation of toxicity of various polluting chemicals. Here, we selected thirty-
two pollutants such as pesticides, toxic metals and polycyclic aromatic hydrocarbons. Those sub-
stances were added at various concentrations to the culture medium of paramecia. Then the
IC50 values, defined as the concentrations of chemicals inhibiting the growth of organisms by 50%,
obtained for both paramecia and mammalian cell cultures were compared. We found that parame-
cia were much highly sensitive to some chemicals such as methylmercury chloride and mercuric
chloride, compared to cultured mammalian cells. We conclude that P. bursaria is one of the best
organism for assessing the effect of chemical pollutants in the aqueous environment.

Key words: bioassay, endosymbiotic algae, pesticides, heavy metals, PAHs, endocrine disruptors, green
paramecia, IC50, water pollution

61.1
Introduction

Environmental pollution has recently become a very complex issue due to the pollu-
tion of natural media by multiple chemicals. Many pollutants such as endocrine
disruptors have been studied, as they are suspected of having an effect on the endo-
crine system. It has indeed been suggested that some pollutants act like a sex hor-
mone, estrogenic hormone, and alter generative functions (Colborn et al. 1993; Guillette
et al. 1994; Horiguchi et al. 1995; vom Saal et al. 1998). There are many chemical sub-
stances whose toxicity have not been detected or investigated in the environment.
The analyses of toxicity of chemical substances on cells and organisms are urgently
required. The bioassay system, a biological evaluation system, is useful to estimate
the toxicity of chemical substances in living organisms. Several analytical methods
using cultured mammalian cells have been developed (Soto et al. 1991; Shelby et al.
1996). However, the bioassay using cultured mammalian cells is inconvenient for rapid
toxicological analyses and detection of chemical pollutants.

Here, we designed a new convenient bioassay using green paramecia, Paramecium
bursaria, for rapidly assessing the toxicity of chemical pollutants. P. bursaria is a
unicellular organism, which widely occurs in rivers and ponds. The name P. bursaria
originates from the Latin word “bursa” meaning “a pocket” or “a pouch” since a single
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cell of P. bursaria packs several hundreds of green algae in its cytoplasm as endosym-
bionts. Noteworthy, P. bursaria can live on photosynthetic products supplied from the
symbiotic algae (Weis 1979). Therefore culturing P. bursaria is much easier than cul-
turing mammalian cells. Because P. bursaria is a unicellular organism, we can observe
the impact of chemical substances not only on cells but also on individual organisms.
With these advantages to the conventional methods, much quicker and more conve-
nient evaluation of toxicity of various chemical pollutants can be achieved by the use
of P. bursaria. In addition, it has been reported that endosymbiotic algae in P. bursaria
can be removed from the host cells in the presence of a herbicide, paraquat, and alga-
free “white” paramecia can be prepared (Hosoya et al. 1995; Nishihara et al. 1996). Thus,
bleaching of green colour from P. bursaria could be a novel visual indication for
monitoring of the contamination with certain herbicides.

In the present study, we selected thirty-two chemical substances as pollution indi-
cators that are considered to be toxic to cultured mammalian cells (Soto et al. 1991;
Shelby et al. 1996). The IC50 values indicating the concentration of chemicals lowering
the growth rate of the culture by 50% were compared with the data obtained from the
cultured mammalian cells. Here we found that P. bursaria is a sensitive pollution-
indicating organism, thus suitable for evaluation of the toxic effects of various water
pollutants.

61.2
Experimental

61.2.1
Chemicals

Thirty-two chemical substances including potential genotoxic carcinogens, herbicides,
insecticides, anti-microbials and organic solvents were selected from the pollution-
indicating substances listed by the National Institute for Environmental Studies, Ja-
pan. The names, formula (or abbreviations) and the range of concentrations (final
concentrations in µM, unless indicated) of the substances tested are: mercuric chlo-
ride (HgCl2, 0.02–200)*, cadmium chloride (CdCl2, 0.01–100), nickel chloride (NiCl2,
0.1–1 000), potassium dichromate (K2Cr2O7, 0.001–10), triphenyltin chloride (Ph3SnCl,
0.0001–1)*, tributyltin chloride (Bu3SnCl, 0.0002–2)*, maneb (0.005–50)*, cupric sul-
phate (CuSO4, 0.1–1 000), sodium arsenite (NaAsO2, 0.01–100), potassium cyanide (KCN,
0.5–5 000), 2,4-dichlorophenoxyacetic acid (2,4-D, 0.2–2 000)*, benthiocarb (0.2–2 000)*,
paraquat (0.1–1 000), malathion (0.2–2 000)*, thiuram (0.01–100)*, 2,4,5-trichloro-
phenol (2,4,5-TCP, 0.1–1 000)*, 2,5-dichlorophenol (2,5-DCP, 0.1–1 000)*, formaldehyde
(HCHO, 0.05–500), di-(2-ethylhexyl)phthalate (DEHP, 0.25–2 500)*, 4-nitroquinoline-
N-oxide (4NQO, 0.0005–5)*, 2-aminoanthracene (2-AA, 0.02–200)*, benzo[a]pyrene
(B[a]P, 0.02–200)*, 1-methyl-5H-pyride(4,3-b)indol-3-amine (Trp-P-2, 0.01–100)* and
dimethylsulfoxide (DMSO, 0.001–1%) were purchased from Wako Pure Chemical In-
dustries, Osaka, Japan. Methylmercury chloride (MeHgCl, 0.002–20)*, pentachlorophe-
nol (PCPhOH, 0.02–200)* and phenol (PhOH, 0.5–5 000)* were from Nakalai Tesque
Inc., Kyoto, Japan. Gamma-hexachlorocyclohexane (lindane, 0.2–2 000)* and hexachlo-



675Chapter 61  ·  A New Bioassay for Toxic Chemicals Using Green Paramecia, Paramecium bursaria

Pa
rt

 V
II

rophene (HCP, 0.02–200)* were from Sigma, St. Louis, Mo., USA. p-Nonyl-phenol
(pNPhOH, 0.02–200)* and bis-phenol-A (BisPhA, 0.1–1 000)* were from Tokyo Chemi-
cal Industry Co., Tokyo, Japan. Triclosan (0.01–100)* was obtained from Ciba-Geigy
Ltd., Basel, Switzerland. *: dissolved either in 1%, v/v DMSO or in the ultra-pure water
(DMSO: dimethylsulfoxide).

61.2.2
Culture of Ciliates

One strain of Paramecium bursaria syngen 1 (KSK-103, mating type IV) collected in
1995 from Kawasa-kyo in Fuchu City, Hiroshima, Japan, was used here. The paramecia
were propagated in lettuce infusion containing the food bacterium Klebsiella
pneumoniae, with initial Paramecium density of 20 cells ml–1. The culture was propa-
gated under a light-dark cycle (LD; L:D = 12:12 h) at 23 °C. After 7 to 10 d of pre-culture,
cells in the logarithmic growth phase were collected and used for further experiments.

61.2.3
Determination of Growth Rate and IC50 Value

For determination of growth rates, paramecia were cultured on 12-well microplates:
IWAKI flat bottom, tissue culture-treated polystyrene, Asahi Techno Glass Corp., Tokyo,
Japan. Each well on microplates was filled with 1 ml of fresh lettuce infusion contain-
ing various concentrations of environmental pollution-indicating substances and
culture was started at the initial cell density of 20 cells ml–1. After 1, 2 and 5 d of in-
cubation at 23 °C, the number of cells in each well was counted under microscopes.
The growth rates of paramecia determined for initial 1, 2 and 5 d of culture were ex-
pressed as relative increases, as compared to the initial number of cells at the begin-
ning of the culture. Changes in growth rates were examined in the presence or ab-
sence of various substances and the IC50 values defined as the concentrations of the
substances, at which proliferation of paramecia is inhibited by 50% was determined.

61.3
Results and Discussion

61.3.1
Preliminary Tests

In order to assess the effects of 23 chemicals out of 32 environmental pollution-indi-
cating substances that require trace of organic solvent such as dimethylsulfoxide
(DMSO), on the proliferation of P. bursaria, changes in growth rate of paramecia
treated with and without DMSO were examined. The number of cells at 1, 2 and 5 d
after initiation of the culture was counted and the growth rate was evaluated as the
values relative to the number of cells right after the culture started. At the concentra-
tion of 1.0%, v/v or less, DMSO had no effect on the growth rate of P. bursaria. There-
fore, we used DMSO as a solvent for some chemicals tested in the assay.
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61.3.2
Toxicity of Agricultural Chemicals and Antimicrobials

We tested the inhibitory effect of environmental pollutants on the growth rate of P. bursaria.
The results were then compared with the data obtained from the cultured mammalian
cells such as human cervix carcinoma cell (HeLa), human neuroblast (NB-1) and rat kid-
ney cell (NRK-52E). Firstly, the effect of various agrochemicals including organic herbi-
cides, insecticides, fungicides and antimicrobials, were asssessed using P. bursaria. When
P. bursaria were treated with 2,4-dichlorophenoxyacetic acid at 200 µM, benthiocarb at
200 µM, pentachlorophenol at 20 µM, lindane at 200 µM, malathion at 200 µM,
p-nonylphenol at 20 µM, hexachlorophene at 2 µM, 2,4,5-trichlorophenol at 10 µM and
2,5-dichlorophenol at 100 µM, all the cells died out within 1 to 24 h after the culture started.
Moderate concentration of 2,4-dichlorophenoxyacetic acid at 2–20 µM and malathion
at 20 µM showed slight inhibitory effect on the proliferation rates in paramecia.

Table 61.1 shows the list of IC50 values in paramecia and cultured mammalian cells
HeLa, NB-1 and NRK-52E. The IC50 values are defined as the pollutant concentrations,
at which proliferation of paramecia or cultured mammalian cells is inhibited by 50%.
As shown on Table 61.1, IC50 values of paramecia were much lower than IC50 values of
cultured mammalian cells for most pollutants, except for thiuram. IC50 value for pen-
tachlorophenol (PCPPhOH) in paramecia was notably lower than that of cultured

Table 61.1. Toxicity IC50 values in the green paramecia P. bursaria and mammalian cultured cells for agri-
cultural chemicals and antimicrobials. The IC50 values, expressed in µM, of P. bursaria were determined as
described in the experimental section, and the average values calculated from the 2–3 sets of replications
are shown (a). The values obtained from a single measurement are marked as (b). IC50 values in µM in
mammalian cell cultures such as (c) human cervix carcinoma cell (HeLa), (d) human neuroblast (NB-1)
and (e) rat kidney cell (NRK-52E) were quoted from the report on the special research project “Develop-
ment of comprehensive toxicity testing for the assessment of total risk from environmental chemicals
(2001)” conducted by the National Institute for Environmental Studies, Japan. See experimental section
for abreviations significance
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mammalian cells. Pentachlorophenol is widely used in agricultural fields for multiple
purposes such as herbicide, fungicide and insecticide. Thus novel bioassays for detec-
tion of this compound are needed. The use of P. bursaria is a possible solution to this
problem since it is conclusive that the sensitivity of P. bursaria-based assay to pen-
tachlorophenol is 10 000 times higher than that of conventional bioassays using
mammalian cell cultures. Paraquat is also widely used as a photosynthesis-related
herbicide. When the cells of P. bursaria were treated with paraquat in the 0.1–100 µM
range, the herbicide turned the cells of “green paramecia” into “white” cells within 5 d.
Indeed, the endosymbiotic green algae that normally multiply to several hundred cells
within the cytoplasm of a single host Paramecium, are highly sensitive to the herbi-
cide and were thus readily eliminated from the host cells (Fig. 61.1). In aqueous envi-
ronments surrounded by agricultural fields, contamination with various agricultural
chemicals including pentachlorophenol and paraquat may thus have a major impact
on aqueous organisms. The bleaching of green paramecia could thus be a novel vis-
ible indicator of a small amount of herbicides present in water.

Fig. 61.1. Microscopic analysis of algal damage in the herbicide-treated P. bursaria. Nomarski differ-
ential interference contrast images (left) and the red fluorescence images (right). Images were ob-
tained after 5 d of culture in the absence (top) or presence (bottom) of 1 µM paraquat. In the presence
of paraquat, endosymbiotic algae were completely eliminated so that red fluorescence due to algal
chlorophyll is no longer detectable in the treated paramecia (bottom right). Scale bar: 50 µm
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61.3.3
Toxicity of Metallic and Metal-Containing Pollutants

Table 61.2 shows the list of IC50 values in P. bursaria and cultured mammalian cells,
for metallic and metal-containing water pollutants. The data show that the sensitivi-
ties of paramecia to most chemicals, except Bu3SnCl and NaAsO2, were higher than
that of cultured mammalian cells. Unexpectedly, NaAsO2 showed a stimulatory effect
on the growth of P. bursaria between 0.01 and 10 µM, and thus IC50 value could not be
determined. When P. bursaria were treated with MeHgCl at 2 µM, HgCl2 at 20 µM,
CdCl2 at 100 µM and NiCl2 at 100 µM, all the cells acutely died out within 1 h after
starting the culture. The IC50 values for MeHgCl, HgCl2 and CdCl2 in P. bursaria were
much lower than that found in the cultured mammalian cells. These chemicals are
typical, ubiquitous water pollutants that produce major pollution-related illness. To-
day, the use of mercury and mercury-containing chemicals in both industry and
agriculture are restricted in most countries. However, it has been reported that loads
of mercury used in the past have been accumulated by biological concentration
(Zakova and Kockova 1999). Using P. bursaria for biomonitoring, it will thus be pos-
sible to detect the toxicity of such chemicals present in water at nano-molar levels.

For the cultured mammalian cells, KCN had no toxicity in the range of tested concentra-
tions and, therefore, the IC50 values could not be determined. Although KCN showed no
lethal effect for P. bursaria in the range of concentrations tested, KCN inhibited the prolif-
eration of P. bursaria in a dose-dependent manner and IC50 value was determined to be
about 340 µM, which is higher than the average KCN concentration in the environment.

61.3.4
Toxicity of Organic Solvents, Carcinogens, Mutagens and Metabolic Modulators

The IC50 values of organic solvents, carcinogens, mutagens and metabolic modulators,
were determined for P. bursaria. Table 61.3 shows IC50 values determined in P. bursaria
and cultured mammalian cells. When the cells were treated with formaldehyde at 50 µM,
bis-phenol-A at 100 µM, 4-nitroquinoline-N-oxide at 0.5 µM and 2-aminoanthracene
at 2 µM, all cells died out within 24 h after the culture started. Phenol at 5 000 µM and
benzo[a]pyrene at 200 µM inhibited the proliferation of P. bursaria only at high con-
centrations. Di-(2-ethylhexyl)phthalate at 0.25–2 500 µM did not show any notable ef-
fect on the proliferation of P. bursaria within 5 d in the range of tested concentrations.

4-Nitroquinoline-N-oxide and 2-aminoanthracene were shown to be highly toxic to
P. bursaria and therefore the IC50 values for those chemicals were found at very low levels,
e.g. nano-molar levels, which were much lower than that found for cultured mammalian
cells. 4-Nitroquinoline-N-oxide and 2-aminoanthracene are genotoxic carcinogens whose
toxic actions are mediated by generation of reactive oxygen species. It is known that geno-
toxic carcinogens release oxygen radicals such as hydroxyl radicals in vivo (Botchway et al.
1998; Weisburger et al. 2001). It is possible that the toxic actions of 4-nitroquinoline-N-
oxide and 2-aminoanthracene in P. bursaria are due to release of reactive oxygen species.

In addition to growth inhibition in the host Paramecium cells, 4-nitroquinoline-N-
oxide and triclosan showed high toxicity to the endosymbiotic green algae in P. bursaria.
When P. bursaria were treated with 4-nitroquinoline-N-oxide at 0.05 µM and triclosan at
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1 µM, the colour of the organism turned into “white” in the same manner as the case of
paraquat. Although 4-nitroquinoline-N-oxide and triclosan are not used as herbicides, it
is possible that the water contaminated with these chemicals may cause major impacts on
environment by damaging the photosynthetic microplankton acting as major primary
producer in the aqueous ecosystem. Using green paramecia as an environmental bio-in-
dicator, it will thus be possible to detect the toxic impact of small amounts of chemical
pollutants contaminating the water. In some cases, responses of the endosymbiotic green
algae, representing the responses of the photosynthetic microorganisms, to some chemi-
cals are notably high, even at low level of pollution. Unfortunately, in this study, our tests
covered only the effect of single-application of each chemical on the proliferation of para-
mecia. To establish the practical biomonitoring system using paramecia, it is necessary to
investigate the impact of multiple applications of chemical pollutants to P. bursaria.

Table 61.3.
IC50 values in P. bursaria and
mammalian cultured cells for
organic solvents, carcinogens,
mutagens and metabolic modu-
lators. For details, see Table 61.1
caption

Table 61.2.
IC50 values in P. bursaria and
mammalian cultured cells for
metallic and metal containing
water pollutants. For details,
see Table 61.1 caption
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61.4
Conclusion

The toxical effect of thirty-two pollutants on the growth of P. bursaria was studied.
The sensitivity of paramecia to chemicals was higher than that for cultured mamma-
lian cells. In particular, the notably high sensitivity to MeHgCl, HgCl2 and CdCl2 was
observed using paramecia. Furthermore, when P. bursaria were treated with paraquat
in the 0.1–100 µM range, triclosan at 1 µM and 4-nitroquinoline-N-oxide at 0.05 µM,
P. bursaria lost its green colour because the endosymbiotic green algae were dam-
aged and removed. The bleaching of green paramecia should therefore be a useful
indicator for detecting the effect of such chemicals present at low concentrations in
aqueous environments. It is suggested that P. bursaria could be a very useful organ-
ism for developing a biomonitoring system for chemical water pollution.
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Detection of Toxic Pollution in Waste Water
by Short-Term Respirometry

S. Le Bonté  ·  M. N. Pons  ·  O. Potier  ·  C. Plançon  ·  A. Alinsafi  ·  A. Benhammou

Abstract

A short-term batch respirometric test coupled with ultraviolet (UV) photometry was developed to
detect the presence in waste water of toxic substances such as heavy metals, cleaning and sanitising
agents, and textile dyes. Tests have been performed on a waste water plant containing various toxic
substances in order to assess the usefulness of this global sensor for detecting toxic events. Short-
term respirometry gives an estimation of the immediate biological activity, which is influenced by
the consumption of rapidly biodegradable pollutants and by potential inhibition. To separate both
effects, we combined short-term respirometry with a rapid estimation of pollution by UV-spectropho-
tometry.

Key words: waste water, respirometry, detection, toxics, sludge, UV

62.1
Introduction

Activated sludge systems for treatment of waste water are based on the removal of
pollution from waste streams by bacterial degradation. The main drawback of this
process is the potential inhibition of the sludge microflora by toxic chemicals. The
presence of high levels of toxic chemicals in domestic waste water is usually acciden-
tal such as the leakage from storage tanks or pipes. Nonetheless, voluntary spillage by
humans may also occur. Although most factories producing heavily polluted waters
should now have their own treatment facilities, uncontrolled release could still pol-
lute the sewer system. The following pollutants are usually found: heavy metals such
as mercury, chromium, lead, cadmium, zinc, copper and aluminium; cleaning and
sanitising agents such as acids and bases, solvents, bleaching compounds, and deter-
gents; pesticides, herbicides, and motor fuels. Hydrocarbons from pavement, metals
such as copper and zinc from roofs, aluminium from gates and window frames can
also be transferred to the waste water treatment plant after rainfalls.

Once high levels of toxic substances have been introduced into the sewer system,
a slowdown of the biological activity occurs, leading in turn to the decrease of the
treatment efficiency. Then, partly treated waste water is discharged into natural wa-
ters such as rivers, lakes, and fjords, where it can be harmful to fauna. In most pollu-
tion cases, several weeks are needed to restore an efficient treatment after a toxic
event. Furthermore, due to new regulations on water quality, bypassing the treatment
is severely restricted, which means that all incoming waste water should be treated in
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a way or another in adequate facilities. Therefore, investigations are being carried out
in order to develop sensors that are able to detect the presence of toxics.

Ideally sensors should be placed directly after the grit removal, or even further
upstream in the sewer network, in order to give enough time to plant managers to
take a decision adapted to the toxic event, e.g. diversion of waste water to storage
tanks. Although toxic substances can be potentially harmful to human beings, the
objective is to detect them before they reach and damage microorganisms at the bio-
logical treatment stage. Among the global parameters that are more or less routinely
measured in waste-water treatment plants, only few are adequate for a rapid warning.
Chemical oxygen demand (COD) requires at least a delay of two hours, whereas bio-
logical oxygen demand (BOD) requires at least five days. These measurements are
thus still time-consuming and, therefore, inadequate for the continuous monitoring
of the waste water quality. As there are many potential toxics, it is also difficult and
expensive to install specific sensors at the plant inlet.

A global but rapid detection procedure is thus needed. Respirometry is based on
the measurement and interpretation of the respiration of activated sludge. Respirom-
etry measures the amount of oxygen that is consumed by microorganisms in response
to a specially designed feeding protocol. The first investigation describing respirom-
etry for controlling a biological process has been published by Petersack and Smith
(1975). Thereafter, various studies were carried out to use respirometry in two ways:
(1) the development of biosensors and (2) the calibration of activated sludge kinetic
models such as those developed by the International Water Association (IWA) (Henze
et al. 2000). Several respirometry-based systems have been proposed such as continu-
ous vs. batch operation; fixed or suspended microorganisms; and spiking with rap-
idly biodegradable substrate such as acetate for calibration.

The development of respirometry-based biosensors for industrial effluent moni-
toring receives also a lot of interest. One of the first applications was the BASF
toxicometer (Pagga and Günthner 1981). It has been developed to monitor the toxic
properties of chemical waste water from BASF production plants involving a flow of
approximately 500 000 m3 d–1 that is feeding a central waste water treatment plant.
Since then, many other experiments have been conducted to test, for instance, acute
toxicity on nitrifying sludge (de Bel et al. 1996; Gernaey et al. 1998; Kong et al. 1996;
Grunditz and Dalhammar 2001), or to combine respirometry with other methods such
as titrimetry (Gernaey et al. 2001). Here we present a short-term batch respirometric
test aimed at rapidly detecting the presence of toxics in waste water. We also point out
the necessity to combine short-term respirometry with a rapid estimation of pollu-
tion, such as the one provided by UV-spectrophotometry.

62.2
Experimental

Field tests were conducted on the 350 000 person-equivalent waste water treatment
plant of Nancy-Maxéville, France, which receives mainly domestic effluent. At the time
of the experiments, it was composed of a series of lamellar primary settlers, 9 000 m3

biological tanks consisting of 100 m long, 4 m deep channels equipped with gas dif-
fusers and 15 000 m3 circular clarifiers.
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For respirometric tests, two in-house reactors have been built. The Plexiglas cylin-
drical vessels have working volumes of 1.7 and 2.3 l respectively. They are equipped
with air supply and mechanical stirrers. Dissolved oxygen concentration is measured
by oxygen probes (Orbisphere, Pack 02), connected to a computer for data acquisition
(Fig. 62.1). The temperature is not controlled but is measured. This set-up has been
chosen because respirometers can be continuously aerated, which avoids oxygen limi-
tation. High sludge concentrations are used (Gernaey et al. 2001).

Sludge was sampled in the recycle line of the clarifiers to minimise residual
concentrations of nitrogen-containing substances, in particular ammonium and
nitrates, and of rapidly biodegradable carbon sources. For technical reasons waste
water was sampled after the primary settler. A good compromise was found by using
a sludge to waste water volume ratio equal to four. A waste water aliquot was 7 µm-
filtrated and the UV-visible spectrum was obtained on an Anthelie Light spectro-
photometer (Secomam, France) between 200 and 800 nm. When toxic substances
were added, their concentration was always expressed in mg l–1 or ml l–1 of injected
waste water.

62.3
Results and Discussion

62.3.1
Respirometry Principles

A short-term respirometric test proceeds as follows. The vessel is filled up with fresh
sludge from the recycle line at a concentration of about 5 g suspended solids per
liter. After a short delay of about 1–2 min, waste water is injected into the respiro-
meter. Thereafter microorganisms increase their respiration due to biodegradation,
which, in tun, decreases the dissolved oxygen concentration in the reactor (Fig. 62.2).
When the rapidly biodegradable substrate is completely consumed, the dissolved
oxygen concentration should increase up to about its initial value due to the con-
stant aeration. The corresponding curve of oxygen utilisation rate (OUR) is pre-
sented in Fig. 62.3.

Fig. 62.1.
Experimental set-up of respi-
rometric tests. The 2 l-reactor
is equipped with air supply,
mechanical stirrer and oxygen
probe connected to a computer
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The presence of a toxic component should thus be detected by a change of micro-
bial behaviour, such as a decrease of oxygen utilisation rate of microorganisms. In
case of complete poisoning leading to microbial death, no dissolved oxygen consump-
tion should be observed. The respiration rate is calculated using a general mass bal-
ance for oxygen over the liquid phase (Eq. 62.1):

(62.1)

where c refers to the dissolved oxygen concentration in the vessel (mg l–1), cs denotes
the dissolved oxygen concentration at saturation, and kLa is the oxygen mass transfer
coefficient (s–1).

The oxygen utilisation rate (OUR) (mg l–1 s–1) is separated into two parts: the
exogenous rate (OURexo) that results from the consumption of oxygen needed to
degrade rapidly biodegradable substrates, and the endogenous rate (OURend) due
both to the more slowly biodegradable substrates and to the maintenance of the
microorganisms (Grady and Lim 1980; Spanjers et al. 1994; Gujer et al. 1996). By
considering the two types of oxygen utilisation rate, Eq. 62.1 can be transformed
into Eq. 62.2:

(62.2)

Fig. 62.2.
Typical respirogram showing
dissolved oxygen concentration
vs. time in the respirometer

Fig. 62.3.
Typical respirometric peak
showing oxygen utilisation
rate vs. time after injection of
waste water in the respirometer.
OUR: oxygen utilisation rate
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Respirometric tests are performed with settled waste water that contains both
rapidly and slowly biodegradable substrates. The rapid increase of respiration ob-
served immediately after a waste water injection in the reactor corresponds to OURexo.
To evaluate OURend, the aeration was shut down then turn on again. After aeration
cut off (Fig. 62.2), the mass balance on dissolved oxygen becomes (Eq. 62.3):

(62.3)

OURend can thus be determined from the slope of c vs. time. It is assumed that
microorganisms have then consumed all the rapidly biodegradable substrates. The re-
aeration curve allows to determine cs and kLa easily by least square regression (Eq. 62.4):

(62.4)

Finally, Eq. 62.1 is integrated and OURexo is obtained (Fig. 62.3). OURmax is the
maximal value taken by OURexo. The volume-specific total consumed oxygen (mg l–1)
used for the rapidly biodegradable substrate is calculated by integration of OURexo
over time (Eq. 62.5):

(62.5)

where t1 refers to the injection time of the waste water sample and t2 denotes the
maximal time of monitoring. A t1–t2 delay of 5 min was chosen because it is sufficient
to observe the consumption of all rapidly biodegradable substrates by microorgan-
isms. Sludge is discarded after each test. As the aim is to obtain frequent measure-
ments, the cycle time including filling, respirometric test, draining, and cleaning, has
been set to 20 min.

62.3.2
Monitoring under Normal Conditions

Several experiments were carried out for long time periods, from 12 to 30 h, with a
short-term respirometric test every 30 min. It was then possible to monitor the varia-
tions with time of the oxygen utilisation rates, as well as V(O2)5min in absence of any
toxic. Figure 62.4 presents the variations of OURend and of the maximum of OURexo
(OURmax) from 7 June 2001, 7 a.m. to 8 June 2001, 12 p.m. OURend varies between 0.9
and 1.5 × 10–2 mg l–1 s–1 and OURmax between 1.7 and 3.2 × 10–2 mg l–1 s–1. The latter is
in the range of experimental values found in literature (Spanjers et al. 1994; Kong
et al. 1996). These parameters are not constant over time as a minimal value is ob-
served at 12 p.m. and a maximal value at 8 p.m. Thus, in absence of any toxic, since
variations of respiration rates are still observed, they should not be mistaken as a
response to toxic events. These variations are due to normal diurnal changes of pol-
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lution. In order to separate this effect from a toxic effect, another information on the
waste water composition should be provided.

As pointed out by many authors (Dobbs et al. 1972; Mrkva 1983), the absorbance at
254 nm, noted A254, can be used as an indicator of the soluble organic pollution in waste
water. Absorbance variation with time is related to changes in the human activity. Here
the absorbance was obtained from the UV-visible spectrum. Time variations of V(O2)5min

and A254 are similar (Fig. 62.5). Depending on the pollution level and substrate quan-
tity, microorganisms increase or decrease their respiration. This finding raises the need
to combine respirometric measurements with another source of information on waste
water. Toxics will indeed influence microbial respiration, but a decrease of V(O2)5min

would not be necessarily due to the presence of a toxic substance. For example, V(O2)5min

at 8 p.m. with a toxic substance could be equal to V(O2)5min at 8 a.m. without any toxic.

62.3.3
Detection of Toxics

To demonstrate the effect of toxics on microorganism respiration, experiments were
performed with two respirometers used in parallel. Both vessels were filled up with
the same fresh sludge. Waste water was injected into the reference respirometer. A
mixture of waste water with the toxic substance was injected in the second respirom-
eter. Figure 62.6 represents the effect of sodium hydroxide (NaOH) on the oxygen
utilisation rate (OUR). Sodium hydroxide, which is often used as a chemical cleaning
agent, changes microbial activity and, as a result, we observe a decrease of both the
OURmax and V(O2)5min. This finding confirms that a toxic substance can be detected
by monitoring the oxygen utilisation rate of microorganisms.

Fig. 62.4.
Respirometric test: oxygen uti-
lisation rate (OUR) vs. time.
OURend is the rate of slowly de-
gradable substrates. OURmax
is the maximum values of
OURexo, the rate of rapidly
degradable substrates (see text
for details). Tests were per-
formed using waste water sam-
ples every 30 min for 30 h

Fig. 62.5.
V(O2)5min (– – –) and A254 (⎯⎯)
vs. time with one respiromet-
ric test every 30 min during
30 h with waste water. V(O2):
volume-specific total consumed
oxygen. Note that both param-
eters have similar variations.
A254: absorbance at 254 nm
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Experiments have been conducted with several potentially toxic components at
different concentrations to establish their toxicity threshold. Respiration inhibition
level is based on the difference between the OURmax or V(O2)5min with or without
toxic injection (Eq. 62.6 and 62.7).

(62.6)

(62.7)

Figure 62.7 represents the inhibition levels of the maximum oxygen utilisation rate
(OURmax) and the volume-specific total consumed oxygen (V(O2)5min) at increasing
concentrations of sodium hydroxide. Significant inhibition occurs for sodium hydrox-
ide concentrations larger than 100 mg l–1. This concentration corresponds to a pH value
close to 11. At pH 12, the reduction of V(O2)5min is larger than 70%. The OURmax is
less affected as it reaches 50% at pH 12.

Similar inhibition experiments were performed to assess the effect of heavy metals
on sludge response. Experiments were carried out with copper sulfate (CuSO4). Above
7 mg CuSO4 l–1 we observed a decrease of consumed oxygen V(O2)5min, reaching up to
60% for 150 mg l–1 of CuSO4. Nonetheless, this is not the case with OURmax for which
no threshold toxicity could be established, although the inhibition level varied between
5 and 20%. Experiments were also performed with bleach. Significant inhibition occurs

Fig. 62.6.
Effect of NaOH on the oxygen
utilisation rate (OUR). Two
respirometric tests were run in
parallel with same sludge.
NaOH was injected in one
of the two reactors. Note the
sharp decrease of the rate fol-
lowing NaOH addition (lower
curve)

Fig. 62.7.
Inhibition levels of OURmax
(diamonds) and V(O2)5min

(squares) vs. sodium hydrox-
ide concentrations, determined
by running two respirometric
tests in parallel with the same
operational conditions and
with NaOH injection in one of
the two respirometers. Note
the strong inhibition above
100 mg l–1 NaOH
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Table 62.1.
Toxic effect of textile dyes.
OUR: oxygen utilisation rate.
V(O2): volume-specific total
oxygen consumed

Fig. 62.8. Effect of CuSO4 (a), NaOH (b), HCl (c), “white spirit” paint solvent (d), bleach (e) and
gasoline (f) on respirometry at a waste water treatment plant. Successive respirometric test during
30 h with one test every 30 min. Two respirometers, “toxics” and “reference”, were used in parallel with
identical operational conditions. Toxics were added in one of the two reactors

for bleach concentrations above 2 ml l–1. Bleach is a strong inhibitor since 6 ml l–1

are sufficient to induce a reduction of 50% of V(O2)5min. OURmax is less affected than
V(O2)5min as a 25% decrease is observed for a bleach concentration of 6 ml l–1.

Table 62.1 presents tests performed in presence of several textile dyes. The purpose
is here to test the effect of a small factory discharging directly its waste water into a
municipal sewer system. As shown in Table 62.1, textile dyes induce inhibition since
both OURmax and V(O2)5min are reduced. An average reduction of 30% in is reached
for OURmax and 37% for V(O2)5min.

Finally an experiment was carried out between 7 and 8 June 2001 with a respiromet-
ric test every 30 min by using the two respirometers in parallel and with the successive
additions of various inhibitory substances in one of the two reactors (Fig. 62.8). Toxic
components can be clearly detected by a sharp decrease of the consumed oxygen V(O2)

5min.
However the experiment with the paint solvent pointed out one of the difficulties of toxic
detection. At very low concentration, as in this test, a solvent, i.e. a carbon source, increases
the oxygen volume consumed as it can be used as a substrate. Any larger addition of this
solvent induces in fact an immediate respiration decrease by microbial death.
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62.4
Conclusions

Short-term respirometry represents a powerful means for the detection of toxic sub-
stances. However, respirometry alone is not sufficient to interpret the data with re-
spect to inhibition of microbial activity. External information on the pollution level
is necessary and can be provided rapidly by an UV absorbance sensor. It has to be
noted that autotrophs are known to be more sensitive to toxic events than heterotro-
phs. It is unlikely that the short-term respirometric test used here is sensitive enough
to protect autotrophs, which represent a few percents of the total biomass; although
part of the ammonia contained in domestic waste water will be consumed during the
test. But the protection of the largest part of the activated sludge is possible. No as-
sumption of the inhibition mechanism was done. But it is certain that the tested in-
hibitors do not interfere with the microbial metabolism identically, as shown by the
different variations of V(O2)5min and OURmax. Based on this measurement proce-
dure, a fault-detection method based on adaptive principal component analysis
(APCA) has been proposed to take into account the normal variations of the respira-
tion rate due to the normal variations of the biodegradable substrate present in waste
water (Pons et al. 1999).
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Environmental Biosensors Using Bioluminescent Bacteria

M. B. Gu

Abstract

Environmental biosensors to assess the toxicity of environmental media such as water, soil, and
atmosphere have been developed using various recombinant bioluminescent bacteria. Those bac-
teria were constructed based on specific stress-responsive promoters in bacterial cells. They are
thus activated by different groups of toxicity. For continuous monitoring of water toxicity, a multi-
channel system having different stress-responsive strains in each channel, and composed of two-
stage mini-bioreactors, was successfully developed. Soil toxicity was assessed using a soil biosensor
based upon immobilization of recombinant bioluminescent bacteria that worked with the addition
of rhamnolipids biosurfactant. An example of phenanthrene toxicity is shown. For the assessment
of gas toxicity, an immobilization technique has been set up to allow the biosensor to come in direct
contact with the toxic gas in the sensing chamber. An example of benzene toxicity is shown. This
mini review will show how the recombinant bioluminescent bacteria can be utilized as environ-
mental biosensors. With further findings and developments of new non-specific stress promoters,
the potency and extensiveness of the information that can be obtained using these environmental
biosensors is immense.

Key words: biosensor, luminescent bacteria, soil, water, air, PAHs

63.1
Introduction

Bioluminescence is being used as a prevailing reporter of gene expression in micro-
organisms and mammalian cells. Bacterial bioluminescence draws special attention
from environmental biotechnologists since it has many advantageous characteristics
such as no requirement of extra substrates, highly sensitive, and on-line measurabil-
ity (Van Dyk et al. 1995; Vollmer et al. 1997; Gu and Choi 2001). Using bacterial biolu-
minescence as a reporter of toxicity has replaced the classical toxicity monitoring
technology of using fish or Daphnia by cutting-edge technology. Fusion of bacterial
stress promoters, which control the transcription of stress genes corresponding to
heat-shock, DNA-, or oxidative-damaging stress (Van Dyk et al. 1995; Belkin et al. 1996;
Vollmer et al. 1997) to the bacterial lux operon has resulted in the development of
novel toxicity biosensors with a short measurement time, enhanced sensitivity, and
ease and convenient usage. Therefore, these recombinant bioluminescent bacteria are
expected to induce bacterial bioluminescence when the cells are exposed to stressful
conditions, including toxic chemicals.
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These recombinant bioluminescent bacteria have been used to develop toxicity
biosensors in a continuous, portable, and in-situ measurement system for use in air,
water, and soil environments (Gu et al. 1999, 2001a; Gu and Gil 2001; Gu and Chang
2001). All the data obtained from these toxicity biosensors within these environments
were found to be repeatable and reproducible, and the minimal detectable level for
the toxicity was found to be in the part per billion level for specific chemicals (Min
et al. 1999; Choi and Gu 2001; Gu and Choi 2001; Gu et al. 2001c). Here, this short review
will focus on how environmental biosensors and biomonitoring systems utilizing
recombinant bioluminescent bacterial strains have been developed and implemented
to detect the toxicity from air, water, and soil environments.

63.2
Experimental

63.2.1
Strains

Recombinant Escherichia coli DPD2794, containing a recA::luxCDABE fusion, as a
model strain was used to monitor environmental damage to deoxyribonucleic acid
(DNA), with mitomycin C as a model toxicant. And recombinant bacteria TV1061,
containing a grpE::luxCDABE fusion, was used as another biosensor cell. This bacte-
rial strain is responsive to toxicity due to protein-damaging agents. The DPD2540
strain, containing a fabA::luxCDABE fusion, was used as a biosensor cell responding
to membrane-damaging agents. The GC2 strain, containing a lac::luxCDABE fusion,
was used as a biosensor cell that is responsive to general toxicity causing cell death or
luciferase inhibition.

63.2.2
System Development and Set-up Used in Those Biosensors

To minimize the operation cost and space for the set-up of this system, small bioreactors
were fabricated with working volume of 10 or 20 ml. The mini-bioreactor has one side
port, covered with glass, for holding a fiber optic probe. The highly sensitive lumino-
meter (Model 20e, Turner Design, CA) was linked to the other side of fiber optic probe
to measure the bioluminescence in the mini-bioreactor. The lumino-meter was con-
nected to a personal computer through a RS232 serial connection in order to acquire
the real time data. Oxygen was supplied through a head port with a sparge tube by
using pressurized air with flow meter at 1 liquid volume/air volume/minute (v.v.m).
Temperature was controlled by a water bath. After steady-state values of constant bi-
oluminescence and cell density were obtained, the chemicals or test samples were in-
jected into the second stage mini-bioreactor.

For the soil biosensor, the test reactor used is a 50 ml stainless steel cylinder hav-
ing a water jacket to maintain a constant temperature using a heated circulation water
bath (JEIO TECH, Korea). This reactor was filled with 25 ml of fresh Luria Bertani (LB)
medium. Filtered air was supplied through a head port with a sparging tube while
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excess gas was vented through an outlet port. An injection port for the test samples
was also included on the head port. The biosensor kit was connected to the end of a
fiber optic probe by a black rubber tube and inserted through a hole in the reactor
until submerged below the LB. The other side of fiber optic probe was connected to
a highly sensitive luminometer (Model TD-20e, Turner Design, CA) to measure the
bioluminescence level (BL) from the immobilized cells in the biosensor kit. The
luminometer was linked to a personal computer through a RS232 serial connection in
order to acquire real time data. Various concentrations of the test samples (rhamnolipid
solutions, the extracted solutions from the flasks and contaminated soils) were pre-
pared and stored in glass vials. After the bioluminescence level of the unit steadied,
using a syringe, 5 ml of the test samples were injected into the reactor.

The gas biosensor kit in which the bioluminescent bacteria were immobilized was
attached to the end side of a fiber optic light probe connected to a highly sensitive
luminometer (Model 20c, Turner Design, CA) to measure the light output (biolumi-
nescence) constitutively produced from the cells. The luminometer was linked to a
computer through a RS232 serial connection for the purpose of real time data acqui-
sition. The test chamber was a 100 ml stainless steel cylinder with a water jacket to
maintain a constant temperature using a thermostatic water bath (VWR Scientific.
USA). The biosensor kit with the fiber optic probe was connected to an upside port
in the chamber by black rubber tubing so as to prevent the leakage of the biolumines-
cence or the entering of ambient light. After a steady-state bioluminescence level (BL)
was reached, 3 ml of the benzene solution was injected into the reactor through the
syringe port to provide various concentrations of vaporized benzene in the test cham-
ber and the bioluminescence levels were measured every minute.

63.2.3
Chemicals

For the multi-channel continuous toxicity monitoring system, mitomycin C from
Aldrich Chemical Co., USA and cerulenin from Aldrich Chemical Co. were dissolved
in distilled water to make stock solutions. Stock concentrations: 0.4 mg ml–1 mitomy-
cin C, 0.125 mg ml–1 cerulenin. These stock solutions were stored at 4 °C for mitomy-
cin C and –20 °C for cerulenin until used. Phenol was purchased from Junsei Chemi-
cal Co., Japan. Contaminated water samples were artificially made by mixing various
amount of mitomycin C, phenol, and cerulenin.

For the soil toxicity biosensor, the biosurfactant, rhamnolipid, was purchased from
the Jeneil Biosurfactant Co., USA. This biosurfactant is a mixture of monorhamnolipid
and dirhamnolipid at an approximate ratio of 1:1. The critical micelle concentration
(CMC) of this biosurfactant was 0.037 mM (0.002 volume%). Phenanthrene was ob-
tained from Wako Pure Chemical Industries, Ltd., Japan. Methylene chloride, HPLC-
grade acetonitrile, and pure water were purchased from the Fisher Scientific Co. Etha-
nol was purchased from the Merck Chemical Co. For the gas toxicity biosensor, ben-
zene, known as a representative volatile, toxic organic compound, was chosen and
purchased from the Merck Company. Oleic acid was purchased from the Kanto Chemi-
cal, Japan. Benzene solutions were prepared with oleic acid as the solvent.
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63.3
Results and Discussion

63.3.1
Water Toxicity Monitoring

Recently, several environmental biosensors and biomonitoring systems were success-
fully developed using recombinant bioluminescent bacteria for environmental toxic-
ity monitoring. Among these monitoring systems, a continuous toxicity monitoring
system has become a major tool in its ability to supply valuable information about
pollutants in water. A two-stage mini-bioreactor system for continuous toxicity moni-
toring has been developed and improved continuously, and its results and application
were found to be reproducible, repeatable, possible for long-term and real time op-
eration for the detection of biological toxicity.

The two-stage mini-bioreactor system was successfully developed for continuous
toxicity monitoring. This system consists of two mini-bioreactors in series (data not
shown). The first stage allows for a continuous supplying of fresh cells to the second
stage mini-bioreactor in which the biosensing cell and the sample water are mixed. If
severely toxic chemicals are injected into the second bioreactor, which will lead to cell
death, the system’s ability to monitor toxicity will recover due to this fresh supply.
This physical separation of the cell culture allows stable and reliable operation of the
toxicity monitoring system, because the cell growth rate and cell concentration can be
maintained in the first bioreactor. Therefore, this system can also be operated con-

Fig. 63.1. Multi-channel continuous monitoring system
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tinuously while maintaining its responsiveness to toxic chemicals. However, this sys-
tem has a limitation in its qualitative classification of mixed toxicity samples. There-
fore, a new multi-channel system has been developed for the continuous toxicity
monitoring and classification of toxicity by combining two major components devel-
oped previously, the first being different recombinant bacteria and the second being
the two-stage mini-bioreactor (Fig. 63.1).

The detection time and the detectable concentrations are lower than other sys-
tems. Pulse type exposures were used to evaluate the reproducibility and reliability.
Step inputs of toxicants have been adopted to show the stability of the system. All data
demonstrated that this two-stage mini-bioreactor system, using recombinant bacte-
ria containing stress promoters fused with lux genes, is appropriate for continuous
toxicity monitoring. Using this multi-channel continuous toxicity monitoring system,
classification of toxicity in field samples was found to be possible. Thus, application
to many different areas, including as an early warning system for wastewater
biotreatment plant upsets and the monitoring and tracking of accidental spills, dis-
charges or failures in plant operation are possible (Gu et al. 1999, 2000; Gu and Gil
2001; Gu et al. 2001b).

63.3.2
Soil Toxicity Monitoring

Polycyclic aromatic hydrocarbons (PAHs) are a group of solid phase organic chemi-
cals containing two or more fused benzene rings. The occurrence of PAHs in soils,
sediments, aerosols, animals and plants is of increasing environmental concern be-
cause some PAHs exhibit mutagenic and carcinogenic effects. Thus, it is necessary to
monitor the hazard, and risk assessment of polluted soils using organisms. The de-
tection of PAH toxicity in the environment is known to be restricted by their low
solubility and high sorption to solids, thereby limiting their bioavailability. However,
surfactants can enhance the rate of mass transfer from the solid and sorbed phases
by increasing the rates of dissolution and desorption of PAHs. Therefore, in this study,

Fig. 63.2. Soil toxicity biosensor system. LB: Luria Bertani
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two different techniques, immobilization of the recombinant bioluminescent bacte-
rial cells and use of a nontoxic biosurfactant, were combined to develop an in-situ
toxicity biosensor system for soil, and then, using the developed soil biosensor, the
possibility of detecting toxicity present in polluted soil was shown (Fig. 63.2).

A biosensor for assessing the toxicity of soils contaminated by polycylic aromatic
hydrocarbon (PAHs) has been constructed using an immobilized recombinant biolu-
minescent bacterium GC2 (lac::luxCDABE), which constitutively produces biolumi-
nescence. The biosurfactant, rhamnolipids, was used to extract a model PAH, phenan-
threne, and was found to enhance the bioavailability of phenanthrene via an increase
in its rate of mass transfer from the soil particles to the aqueous phase. The monitor-
ing of phenanthrene toxicity was achieved through measuring the decrease in the
bioluminescence when a sample extracted with the biosurfactant was injected into
the mini-bioreactor (Fig. 63.3). The concentrations of phenanthrene in the aqueous
phase were found to correlate well with the corresponding toxicity data obtained using
this toxicity biosensor. In addition, it was also found that the addition of glass beads
to the agar media enhanced the stability of the immobilized cells. This biosensor
system, using a biosurfactant, may be applied as an in-situ biosensor to detect the
toxicity of hydrophobic contaminants in soils and for performance evaluation of PAH
degradation in soils (Gu and Chang 2001).

63.3.3
Gas Toxicity Monitoring

Serious discharges or leaks of volatile chemical compounds into the atmosphere have
also been found to cause deleterious damage to lives and serious environmental prob-
lems. Some chemical compounds, such as volatile organic compounds, chlorinated
derivative, hydrocarbons and so forth, can be very toxic to humans and cause abnor-
mal health effects. Among them, toxic gaseous chemicals are present in such groups
as carcinogenics, genotoxics, reproductives, systemic toxics, and skin/eye irritant.
Therefore, studies on biosensors that use living organisms have been done to detect

Fig. 63.3.
Response of the biosensor to
different phenanthrene concen-
trations, from 0 to 22.5 ppmw.
RBL: ratio of bioluminescent
level of induced cells vs. biolu-
minescent level of water control
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toxic gases. One such study used a gas biosensor utilizing immobilized biolumines-
cent cells and was used for the detection of gaseous toxicity. In this study, a whole-cell
biosensor was developed using a recombinant bioluminescent Escherichia coli har-
boring a lac::luxCDABE fusion. Immobilization of the cells within Luria Bertani agar
was chosen to maintain the activity of the microorganisms and to allow the bacteria
to come into direct contact with the gas. Benzene, a volatile organic compound, was
chosen as a toxic gas to evaluate the performance of this biosensor based on the bi-
oluminescent response. This biosensor showed a dose-dependent response, and was
found to be reproducible (Fig. 63.4) (Gil et al. 2000).

63.4
Conclusions

Various types of environmental biosensors have been developed and characterized
using recombinant bioluminescent bacteria responsive to different specific stresses,
such as DNA-, oxidative-, and protein-damaging agents. A multi-channel continuous
toxicity monitoring system has been developed for monitoring and classification of
water toxicity. A soil biosensor was also developed based upon immobilization of the
bacterial cells and use of a biosurfactant as a non-toxic extracting agent. A gas toxic-
ity biosensor was developed to measure toxicity of the gas samples via direct contact
of the gas with the biosensor. Development of these various types of environmental
biosensors using recombinant bioluminescent bacteria sensitive to specific group of
toxicity should lead to further understanding of modes of toxic actions by many dif-
ferent environmental samples and make widen the application areas of the environ-
mental samples.
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Evaluation of Water-Borne Toxicity
Using Bioluminescent Bacteria

B. C. Kim  ·  M. B. Gu  ·  P. D. Hansen

Abstract

We investigated the toxicity of field waters using a multi-channel continuous monitoring system in
Berlin, Germany. This system uses genetically engineered bioluminescent bacteria for the assessment
of the toxicity of soluble chemicals. It showed easy and long-term monitoring without any system
shut down due to pollution overloading. We used the bioluminescent bacterial strains DPD2794,
DPD2540, TV1061 and GC2, which respond respectively to DNA-, cell membrane-, protein- and gen-
eral cellular-damaging agents. The bioluminescent levels either increase for DPD2794, DPD2540 and
TV1061 strains, or decrease for the GC2 strain after being mixed with toxic samples. We monitored the
toxicity over a period of two to three weeks at three different sites: the Ruhleben wastewater treat-
ment plant discharge flow, and river flows at the Teltowkanal and Fischereiamt in Berlin. At all sites the
DPD2540 and TV1061 strains showed a significant increase of bioluminescence while bioluminescence
decreased for the GC2 strain. This result demonstrates the occurrence of chemicals that affect the
integrity of the cellular membrane; leading to either protein denaturation and inhibiting cellular
metabolism or to cell death. Therefore, our findings suggest that the bioluminescent bacteria array
may serve as a novel water toxicity monitoring system in outdoor fields.

Key words: potential toxicity, field water, multi-channel continuous monitoring, bioluminescent
bacteria

64.1
Introduction

Water quality control is a major area of water management for maintaining a good
public health and water ecology. Continuous monitoring of water is essential for good
quality control because physico-chemical properties of water may change within very
short periods of time, especially in river and sewage water. There are many real-time
water-quality monitoring systems based on instruments and living organisms (Ahman
and Reynolds 1999; Charef et al. 2000; van der Schalie et al. 2001). On one hand, in-
strumental analyses determine the physico-chemical factors, including conductivity,
pH, temperature, and dissolved chemicals within the water. On the other hand, bio-
assays using living organisms such as fish or Daphnia provide information based either
on the lethal dose or on behavioural patterns, thus giving a value for water toxicity
(Radix et al. 1999; van der Schalie et al. 2001). Although instrumental and biological
assays offer much information on the chemical and toxic nature of the samples, they
do not provide nor predict the specific stress effects experienced by living organisms.

Recently, there has been eye opening progress in the development of microscale
bioassays and biosensors to detect environmental toxicants, using recombinant or non-
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modified bioluminescent organisms (Van Dyk et al. 1995; Vollmer et al. 1997). Recombi-
nant bioluminescent bacteria have plasmids in which the luxCDABE operon is fused with
a stress promoter. As these promoters are induced in the presence of a specific group of
chemicals or toxicants, it is possible to construct stress-specific strains. Some examples
of these strains are DPD2540 (fabA::luxCDABE), DPD2794 (recA::luxCDABE), TV1061
(grpE::luxCDABE), and GC2 (lac::luxCDABE). These strains show a specific response
for membrane damaging agents, DNA damaging agents, protein damaging agents and
general cellular toxicity agents, respectively (Vollmer et al. 1997; Van Dyk et al. 1995).

To provide a rapid response as well as a long-term and real-time monitoring of
potential toxicity in water samples, the two-stage mini-bioreactor system (single chan-
nel) has been developed (Gu et al. 1999) and expanded to a multi-channel system.
This system employs a group of two-stage mini-bioreactor systems connected in
parallel, and uses the genetically engineered bioluminescent bacteria mentioned above
as indicators of specific stress responses (Gu and Gil 2001). The system has been
continuously characterised using pure toxic chemicals, artificial wastewater and
sampled field water, and proved the feasibility of classifying the toxicity of samples
based upon their mode of toxic actions (Gu et al. 2001). The final purpose of this
study was to develop an applicable on-line monitoring system for the detection of
potential water-borne toxicity.

Here we report the first field application and operation of the multi-channel con-
tinuous monitoring system to investigate potential water toxicity. This system may
serve as a promising water toxicity monitoring system using genetically engineered
microbial strains and on-line based instruments.

64.2
Experimental

64.2.1
Recombinant Bioluminescent Strain

The recombinant bioluminescent Escherichia coli strains DPD2540, DPD2794, TV1061, and
GC2 harbouring, respectively, a fabA::luxCDABE (Choi and Gu 2001), recA::luxCDABE (Min
et al. 1999), grpE::luxCDABE (Gu et al. 2000), or lac::luxCDABE (Gil et al. 2000) fusion
in host strain RFM443 were used as the biosensing cells within the system. All seed
cultures were grown in 5 ml of Luria-Bertani medium (LB, initial pH of 7) containing
20 µg ml–1 ampicillin (Sigma Co., USA) in 15 ml Falcon tubes. The seed cultures were
placed in a rotary incubator at 30 °C and at 250 rpm, except for the GC2 strain, which
was grown at 37 °C. All strains were cultured overnight. From these cultures, 2 ml were
then inoculated into the corresponding first stage mini-bioreactor using a sterilised
syringe to begin system operation.

64.2.2
Multi-Channel Continuous Monitoring System

The set up of the multi-channel system and operation for field tests is described else-
where (Gu et al. 2001; Gu and Gil 2001). This system was expanded from a one-
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channel system to multi-channel one. Each channel employs two mini-bioreactor
series, the first reactor is used to grow cells while, in the second reactor, field water
samples are pumped and mixed with the cells and bioluminescent changes are mea-
sured through a luminometer that is connected with the reactor through a fiber optic
probe (Fig. 64.1). From the first reactor, fresh cells were continuously pumped into
the second reactor, providing a fresh supply for monitoring (Gu et al. 2001; Daunert
et al. 2000). Therefore, the system could provide a continuous long-term operation.
The bioluminescent data was transferred from the luminometer to a computer-based
automatic data acquisition program through a RS232 cable. All data is expressed
as the ratio of bioluminescent level of induced cells vs. bioluminescent level of water
control (RBL).

64.2.3
Test Sites

The biomonitoring system was set up at three different sites in Berlin, Germany, and
was operated for a minimum of two days. The first place was Berlin Fischereiamt,
which is responsible for supervising the water ecology and environment. The system
was set up beside the river and had water pumped into the reactor directly. The
Ruhleben wastewater treatment plant treats most of the wastewater from the residen-
tial areas and industrial plants of Berlin. This plant is located north of Fischereiamt
on the Spree River. For water samples, the ‘WaBoRu AQUATOX’ system was used and
the multi-channel continuous monitoring system was set beside it. This is a flow-
through system that recognises and monitors the sub-lethal effects on individual
species in aquatic communities that are caused by wastewater outlets, which trans-
port critical and hazardous substances. Adjusting the valve of this system allows one
to control the concentration of the treated outflow (Hansen 1986).

Fig. 64.1. The multi-channel continuous toxicity monitoring system and its operation parameters. At
least three channels of one-set two-stage reactors were used for this research. After filtration of sus-
pended particles using a mesh filter, waters from the wastewater treatment plant (WWTP) are con-
tinuously supplied to the second reactor, and fresh cultured cells are supplied to the second reactor
from the first reactor (V: working volume, D: dilution rate)
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Our experiments were done at 100% purely undiluted treated wastewater, 40% treated
water with 60% control water, 30%, and 10% outflow concentrations. As well, the
AQUATOX system has four chambers, one to collect each water sample continuously.
From each chamber, samples were pumped into the second reactors directly. The final
system was set up in a monitoring station located beside the Teltow canal, located south
of Berlin. This monitoring station is an unmanned system that simultaneously checks
the physicochemical factors of the Teltow canal’s water, including the conductivity, pH,
temperature and chemical oxygen demand (COD). The water flows through a collec-
tion chamber within the station and, using bypass tubing, the water sample was pumped
into the second reactors directly. To remove small, suspended particles, a mesh with a
0.1-inch whole was tied to the end of the collection tubes.

64.3
Results and Discussion

64.3.1
Toxicity of Field Waters – Berlin Fischereiamt

We used bioluminescent bacteria to test water toxicity. There are both ‘lights-on’ and
‘lights-off ’ assays involving bioluminescent bacterium. The ‘lights-on’ assays are based
upon cellular mechanisms that are activated when the bacteria are stressed by chemi-
cals that cause damage to membrane damage, DNA, or protein. In contrast, the ‘lights
off ’ assay is based on the decrease of the bioluminescence resulting either from the
inhibition of the luciferase activity or from cellular toxicity. Using the simultaneous
operation of several channels containing different biosensing cells, the potential tox-
icity of a sample can thus be measured using two approaches: either an increase in the
bioluminescence via stress responses or the inhibition of bioluminescence (Daunert
et al. 2000). For each experiment done in this study, either three or four channels were
set up, including the GC2 strain channel and at least two inducible strain channels.

In Fischereiamt’s board, all four channels with DPD2540, DPD2794, TV1061, and
GC2 bacterial strains were set up and used to monitor the toxicity of the river for 4 d
from 10 July 2001 to 13 July 2001. We compared daily the bioluminescence levels of the
GC2 channel with other one ‘light on’ assay channel: DPD2794 on the first day, DPD2540
on the second day, and TV1061 on the third day; in order to monitor general and
specific toxicity of river water simultaneously. Although samples were injected into
the channels at different days, we detected light increase after sample injection from
the all ‘light on’ assay channels and bioluminescent level recover after injection of
control water (Fig. 64.2).

The toxicity level, based on the bioluminescence induced, can be measured by
comparing the ratio of bioluminescent level (RBL: see Sect. 64.2.2) with the control
data for the same strain. Phenol was used as the model toxicant for DPD2540, TV1061
and GC2 strains, while mitomycin C was chosen for the DPD2794 strain. The increases
in the bioluminescence from the DPD2794 and DPD2540 channels are below the de-
tection limit (RBL = 2). However, the RBL from the TV1061 channel increased to a
level 4.6-fold higher than before injection. Comparison of this result with the stan-
dard signature database using standard toxic chemicals gives a potential toxicity similar
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with that of 300 ppmv phenol. Even though high bioluminescent levels from real field
samples were seen, the biological toxicity can decrease or increase depending upon
the other materials present, i.e. synergistic and antagonistic effects. Therefore, the
exact classification and detection of a chemical’s toxicity is essential and can be
achieved using standard signature data. Using these signatures, the toxicity of the
water can be measured.

The bioluminescence within the second reactor of the GC2 channel decreased to
0.5 RBL after addition of the field water samples (Fig. 64.2, top left). However, the bi-
oluminescence of the control fluctuated. The GC2 strain has a plasmid-borne fusion of
the lac promoter and luxCDABE operon. The dilution rate inside the second reactor is
restricted to a value of about 3.0, a value that limit the nutrition available for microbial
growth. As well, if water samples contain lactose-like materials, a common natural sugar,
its presence may seriously affect the promoter’s activity, leading to increases and fluc-
tuations in the bacteria’s bioluminescent levels. Although the GC2 strain has this limi-
tation, this strain showed good responses when used in other biosensors, i.e. for gas-
based or soil-based toxicity (Gil et al. 2000; Gu and Chang 2001). For this system, though,
a strain that responds independently of the nutrients present, such as a phage pro-
moter-lux fusion, should be used for the general toxicity assay channel.

64.3.2
Toxicity of Field Waters – Wastewater and Teltow Canal

In the Ruhleben wastewater treatment plant (3–5 August 2001) and the Teltow Canal
monitoring station (14–15 August 2001), the DPD2540, TV1061 and GC2 channels were
run simultaneously. The maximum increase or reduction of the bioluminescence (RBL)

Fig. 64.2. Toxicity monitoring of Berlin Fischereiamt river water. CW: control water; FS: field sample;
WWTP: wastewater treatment plant; RBL: ratio of bioluminescent level of induced cells vs. biolumi-
nescent level of water control; GC2: strain of “light-off ” bioluminescent bacteria. DPD2540, DPD2794,
and TV1061: strains of “light-on” bioluminescent bacteria. Note the decrease of bioluminescence of
the GC2 strain when supplied with field waters (top). Note the increase of bioluminescence of DPD2540,
DPD2794 and TV1061 strains when supplied with field waters (bottom)
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is summarised in Table 64.1. In the Ruhleben wastewater treatment plant, the concen-
tration of the water samples was adjusted, using a valve from the plant’s AQUATOX
system, from 10% to 100%. No changes in the signal intensity occurred with the 10%
outlet assay. Although it may appear that increases or decreases in the RBL level are
not proportional to the outlet concentration, each concentration was done on differ-
ent days due to system limitations, and represents separate experiments (Table 64.1).
During the Teltow canal test, the GC2, DPD2540, and TV1061 channels were tested
simultaneously. All channels showed significant bioluminescent changes, which sug-
gest that this river is carrying chemicals involved in membrane damaging, protein
damaging and bulk cellular toxicity (Table 64.1).

For all assays at all test sites, the bioluminescent levels of the TV1061 strain were
the highest compared to controls. These bioluminescent increases suggest that pro-
tein damage or heat shock materials are the primary existing toxicants in the test
samples. While any instrumental analysis cannot offer any toxic information for the
samples being tested, this system does offer information on the potential toxicity while
classifying the toxic effects.

64.4
Conclusion

This paper introduced a first field application of the multi-channel continuous toxicity
monitoring system. This system is a novel solution for the detection of the potential
toxicity of water and for water quality control. Through analysis of the bioluminescent
data and toxicity of the water, an early warning can be declared owing to the fast bi-
oluminescent signal change. Furthermore, in the case where a sample is toxic, a sample
of the water can be taken for instrumental analysis. Although some unexpected results
occurred, the feasibility of this system in real field applications was successfully dem-
onstrated. Using predetermined operating protocols, a fully automatic data acquisi-
tion system, and an internet based data transfer system will allow to achieve a fully on-

Table 64.1. Summary of the continuous toxicity monitoring of field water in Berlin, Germany
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line water quality monitoring system. Also, extension of the channels using different
recombinant bioluminescent strains can be a cost-effective solution for the simulta-
neous detection of potential water toxicity, regardless if it is from a wastewater treat-
ment plant, river, lake, chemical plant or other source. Thus, application to many dif-
ferent areas, including as an early warning system of wastewater treatment plant fail-
ure or for the monitoring and tracking of accidental spills, is a viable possibility.
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Bacteria-Degraders Based Microbial Sensors
for the Detection of Surfactants and Organic Pollutants

A. N. Reshetilov  ·  L. A. Taranova  ·  I. N. Semenchuk  ·  P. V. Iliasov  ·  V. A. Borisov
N. L. Korzhuk  ·  J. Emnéus

Abstract

We developped a microbial biosensor for detection of surfactants. The biosensor receptor is based
on bacterial strains that are harboring plasmids for biodegradation of surfactants. We studied the
sensitivity, stability and selectivity of the biosensor with respect to anionic, cationic and non-ionic
surfactants, carbohydrates, alcohols, humic acids and toxic compounds such as aromatic xenobiotics.
Under laboratory conditions the microbial biosensor was used to assess the purity level of water
that was decontaminated from surfactants. On the basis of the obtained sensor characteristics, a
portable microprocessor analyzer was set up. The biosensor device registers the transducer’s sig-
nals and makes it possible to process calibration dependencies and determination of the concen-
tration of target compound in a sample.

Key words: microbial biosensor, surfactants, environmental protection

65.1
Introduction

The development of biosensors and biosensor methods for detection of surfactants is
currently emerging. Nevertheless, there are two main approaches that already have been
outlined in the analysis of surfactants, namely immunoassays and microbial sensors. Im-
munoassays are using antibodies to different types of surfactants, whereas microbial sen-
sors are using the bacterial cells as the recognition element of sensor. Immunoassays have
high sensitivity and selectivity that are laid in the principle of immunoassay methods and
undoubtedly relate to their positive properties. The immunodetection of some surfactants
and their metabolites including linear alkyl benzene sulfonates, alkylphenol/alkylphenol
ethoxylates has been described (Franek et al. 2001). The immunoassay format has, how-
ever, some drawbacks, requiring the selection of optimal conditions, sensor transducer
type, immunogen synthesis and antibody production, which leads to a rather high cost.

The development of microbial sensors is another means for the detection of surfac-
tants. Microbial sensors are based on simple analytical equipment; the cost of the cell
receptor element is considerably lower compared to the cost of antibodies; and the assay
can be performed in express-mode. The selectivity and sensitivity of microbial sensors
are lower than those of immunosensors. However, in a number of cases, such as the initial
assessment of surfactants concentration in effluents before their treatment, their charac-
teristics meet practical requirements. Therefore, microbial biosensors should not be con-
sidered as an alternative but rather a useful complement to immunosensors and other
existing methods aimed at detection of surfactants.
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The described biosensors of microbial type employ bacteria-degraders of surfac-
tants. One of the measurement principles is based on the registration of oxygen con-
sumption during microbial transformation of an analyte. The detection of linear alkyl
sulfonates using a microbial sensor based on sewage sludge bacteria was demonstrated
by Nomura et al. (1994). The sensor was used to assess the concentration of linear
alkyl sulfonates in Ayase River, one of the most polluted rivers in Japan. The bacteria
of genus Pseudomonas isolated from natural sources polluted with surface active
compounds, provided the basis for a microbial sensor model for detection of anionic
surfactants (Reshetilov et al. 1997b). The lower limit of detection for sodium dodecyl
sulfate reached about 1 µM, and under laboratory conditions the sensor allowed con-
tinuous measurements for 25 d.

Amperometric microbial sensors with screen-printed electrodes as the transduc-
ers are frequently applied for analytical purposes. The measurements of toxicity,
determination of phenols and surfactants in tannery and textile wastewater by a
commercial bacterial biosensor named Cellsense® was carried out. In the Cellsense®
whole-cell bacterial biosensor, an electrical current is obtained from the respiratory
chain of the bacteria using electron mediators. The current is proportional to the
level of metabolic activity. The toxicity data obtained with an amperometric biosen-
sor based on E. coli was correlated with chemical analysis of wastewaters. The samples
were analyzed by the biosensor followed by liquid chromatography – mass spectrom-
etry for the identification of organic pollutants. This system was effectively applied to
real sample measurements of influent and effluent wastewater, industrial tannery
wastes, and textile untreated wastewater (Farre et al. 2001).

Another efficient instrument for detection of toxic compounds as well as surfac-
tants is an optical biotest based on registration of Vibrio fischeri bacteria biolumines-
cence, which is inhibited in the presence of toxic compounds. This test was used for
the assessment of the toxicity of various samples of sewage sludge from different waste
treatment plants located in North-East Spain, receiving domestic and industrial
wastewater. Here, the authors combined both chemical analysis, such as liquid chro-
matography – mass spectrometry and the toxicity data from the bioluminescence
inhibition of Vibrio fischeri using the ToxAlert 100® system to identify and quantify
the polar organic toxicity caused by surfactants such as linear alkyl sulfonates,
nonylphenol (NP), NP polyethoxylates, and NP carboxylates in sewage sludge. The
use of the combined procedure allows the characterization of a sewage sludge or-
ganic toxicity and the quantification of their contribution to the total toxicity (Lacorte
et al. 2000).

Thus, the efficient detection of surfactants can be performed using immuno- as
well as microbial sensors. In some cases, the use of microbial sensors is preferred
since they can be used directly to assess the concentration of surfactants in samples
that contain high concentration of surfactants such as wastewaters, textile untreated
waste and industrial tannery wastes water. The typical measurement time is within
the range of 1–10 min which is considerably less than what is usually needed for
immunosensors. Due to the simplicity of equipment and low cost of microbial
bioreceptor, the analysis performed by microbial sensors is more economical than
immunosensor analysis.
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The aim of this study was to create a new model of a microbial biosensor for the
detection of surface active compounds. This report presents the results of investiga-
tions that were directed to solving the following problems: (1) assessment of the sub-
strate specificity of different bacterial strains that degrade surface active compounds
for a wide range of compounds such as carbohydrates, alcohols, organic acids, xeno-
biotics; (2) investigation of the signal dependence on external conditions and optimi-
zation of biosensor performance; (3) assessment of influence of cultivation conditions
as well as immobilization matrix on the signals of sensor; and (4) development of a
portable microbial biosensor prototype for surface active compounds detection and its
application for measurement of model samples in laboratory conditions.

65.2
Experimental

65.2.1
Microorganisms

Five bacterial strains, including degrader of volgonat P. rathonis T, degrader of so-
dium dodecyl sulfate (SDS) Pseudomonas sp. 2T/1, degrader of alkylsulfate and SDS
P. aeruginosa 1C, degrader of metaupon P. putida K and degrader of sodium mono-
alkylsulfosuccinate Achromobacter eurydice TK were employed. All strains were cul-
tivated under periodical conditions for 18 h at 35 °C on shaker (140 rpm) in 500-ml
Ehrlenmeier flasks containing 0.2 liter of the medium having the following composi-
tion (g l–1): Na2HPO4: 6, KH2PO4: 3, NaCl: 0.5, NH4Cl: 1, MgCl2: 0.1, CaCl2: 0.01, SDS: 0.2.
To perform the inoculation, a 24 h-aged bacterial cultures obtained on an agar me-
dium of the same composition were used and ~ 108 cells were introduced into the
medium. When studying the pH effect on bacterial growth rate, potassium-phosphate
buffer was used. The bacteria were incubated under shaking conditions on a circular
shaker (230 rpm). The concentration of the bacterial suspension was measured nephe-
lometrically with a photocolorimeter FEK-56M (Russia) at λ = 540 nm. The biomass
was collected by centrifugation (5 000 g, 20 min) and washed twice with 30 mM of
potassium phosphate buffer (pH 7.6). The sodium dodecyl sulfate concentration in the
medium was estimated on the basis of colorimetric method by reaction with methyl-
ene blue (Abbot 1962). The specific growth rate was estimated using optical methods.

65.2.2
Immobilization of Cells

The receptor element was fabricated by incorporating cells in different gels such as
polyvinyl alcohol (PVA), by adhesion on chromatographic paper GF/A (Whatman,
Great Britain) and cross-linking with bovine serum albumine (BSA) and glutaralde-
hyde by the methods described by Woodward (1985). The immobilized cells were stored
at 4–5 °C and 100% humidity. The viability of P. rathonis T in different gels was esti-
mated by the microculture method. The microculture was incubated on medium M9
including 0.5% glucose and containing 2% gel (agar, agarose, calcium alginate gel) in
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the chambers sealed with paraffin at 28 °C for 4 d (until the microcolonies were
formed). The phase-contrasting study of culture growth dynamics (formation of
microcolonies) was performed using light microscope ICM405 (“Opton”, Germany).

The obtained membrane (receptor element) of 0.3–0.5 mm in thickness and hav-
ing the size of 20 mm2 was fixed on the measuring surface of a Clark electrode (Ingold
531-04, Switzerland) using a nylon net. The electrode was placed in an open cuvette
having the working volume of 5 ml, which contained 20 mM of phosphate buffer
(pH = 7.6, t = 20 °C). The measuring solution was saturated with ambient air. The rate
of electrode output signal change (nA s–1) with the addition of substrate, correspond-
ing to the rate of oxygen concentration change in the layer of the immobilized cells,
was used as a measured parameter. The receptor element activity (or stability) was
estimated when measuring 200 mg l–1 (~0.73 mM) SDS concentrations. The opera-
tional stability of the biosensor(s), or operation time of one receptor element, was
estimated by periodic measurement of SDS for 20–25 d. Between the measurements
the biosensor was kept in the buffer solution at room temperature and constant stir-
ring. The stability of cells during receptor element storage was estimated by measur-
ing the responses of sensor to SDS for 20 d.

65.2.3
Chemicals

The compounds, used as test substrates during biosensor’s specificity estimation,
belonged to nine different groups. Most of them were obtained from Reakhim (Rus-
sia) while some surfactants (alkyl benzene sulfonates, volgonat, metaupon and some
others) were common industrial products.

1. Surface active compounds:
A Anionic: sodium dodecyl sulfate (SDS, 100% of total weight (TW)), volgonat

(sodium alkane sulfonate (CnH2n+1CmH2m+1)CHSO3Na, with n + m = 11 to 17; 60%
of TW), metaupon (sodium alkylmethyltaurine, 45% of TW), alkyl naphthalene
sulfonate (50% of TW), disodium monoalkylsulfosuccinate (DSS-A; 35% of TW),
decyl benzene sulfonate (100% of TW), two types of alkylbenzene sulfonates
(ABS): ABS (90% of TW), ABS (40% of TW), chlorine sulfonol (40% of TW).

B Cationic: alkamone (alcoxymethyl diethyl ammonium methylsulfate; 100%
of TW), cetylpiridinium chloride (100% of TW), tetradecyl trimethylammonium
chloride (100% of TW), tetradecyl trimethylammonium bromide (100% of TW).

C ampholytic: sulfobetain SB14 (100% of TW).
D Non-ionogenic: monoalkylphenyl ester of polyethylene glycol (OP-10; 99% of

TW), Tween 60 (sorbitan monostearate 90% of TW), Tween 80 (sorbitan mono-
oleate; 98% of TW), slovagen (70% of TW), dodecyl ether of polyethylene gly-
col (n = 10 and n = 14; 90% of TW), cetyl ether of polyethylene glycol (n = 6;
90% of TW), triton X-100 (n-(tret-octyl)phenol; 98% of TW).

2. Aromatic and polyaromatic compounds and their sulfo– and halogen derivatives:
Phenol, bromophenol, chlorobenzene, naphthalene, naphthalene sulfonate, sulfo-
salicylate, sulfoadenylate, sulfobenzoate, toluene sulfonate, benzene sulfonate,
aniline, aniline-N,N-diacetic acid, anthraquinone, naphthol.



711Chapter 65  ·  Microbial Sensors for the Detection of Surfactants and Organic Pollutants

Pa
rt

 V
II

3. Amines, amides and their substituted derivatives: urea, phenyl urea, n-phenylene
diamine sulfate.

4. Humic acids.
5. Fatty acids: lauric acid, tridecanoic acid, linolenic acid, palmitic acid, myristic acid,

margarine acid.
6. Alkanes and chlorinated derivatives: decane, heptane, chloroform.
7. Phthalates: dimethylphthalate, diethylphthalate, dibutylphthalate, di(2-ethylhexyl)-

phthalate, dinonylphthalate, phthalic acid diamide.
8. Carbohydrates: glycerol, glucose, arabitol, arabinose, xylitol, xylose, galactose, sor-

bitol, sorbose, sucrose, fructose, maltose, raffinose.
9. Alcohols: methanol, ethanol, propanol, butanol.

65.2.4
Investigation of Sensor Characteristics

To investigate the pH dependence of sensor responses, 30 mM phosphate buffer was
used. Varying the ratio of the buffer components, NaH2PO4 and Na2HPO4, we obtained
solutions with the required pH value within a range of 4.5–8.0. The medium with
pH 4.5 was obtained by use of 30 mM NaH2PO4 as the single component of the carrier
solution. The temperature dependence of the biosensor responses was investigated
within a range of 20 to 50 °C. The cuvette was thermostated by means of a Thermo-
stat U1 device (Germany). The stabilizing accuracy of the device was ±0.5 °C. In ionic-
strength studies, the measurements were carried out in sodium chloride solutions
(pH 7.5) by varying the concentration of the salt from 1 to 500 mM.

65.3
Results and Discussion

65.3.1
Calibration Graphs

The development of biosensors implies the study of their characteristics, and, first of
all, assessment of its sensitivity and selectivity that determine the number of sub-
strates analyzed by the device, the range of their detection and the possibility of the
biosensor application for an analysis of complex media. The results describing cali-
bration dependencies of the models under study are presented in this subsection. The
biosensors based on anionic surface active compounds-degrading bacterial strains
were characterized by high sensitivity to these compounds with calibration curves
for sodium dodecyl sulfate (SDS) shown on Fig. 65.1. All the curves had monotomous
character, i.e. the increasing of the substrate concentration resulted in the signal in-
crease. The lower limit of SDS detection was 0.25 mg l–1 (0.86 µM) for P. rathonis T,
P. putida K and A. eurydice TK and 0.5 mg l–1 (1.73 µM) for Pseudomonas sp. 2T/1 and
P. aeruginosa 1C. A linear dependence between current change (nA s–1) and SDS con-
centration was observed within a range of 0.25–200 mg l–1 in semilogariphmic scale of
the concentration axis. As shown on Fig. 65.1, all strains were characterized by similar
signal values to SDS at the concentration of 734 µM that corresponds to mass concen-
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tration 200 mg l–1 used as the control probe for all surfactants in the present work. It should
be noted that a wide range of measured SDS concentrations (0.25–1 500 mg l–1) can be
of great practical value for detection of anionic surface active compounds in both
industrial and household waste waters and natural reservoirs.

65.3.2.
Substrate Specificity of Strains-Degraders of Surfactants

The results of evaluating the substrate specificity for the P. rathonis T-based sensor are
presented in Fig. 65.2 and 65.3. The data for other sensors are presented in Table 65.1
and 65.2. The response values were normalized in relation to the sensitivity to SDS, i.e.
the rate of the sensor response, which was taken as 100%. This normalization enables
to estimate the ratio between the activities of strains during oxidation of different
substrates.

At the assessment of substrate specificity towards surfactants (Fig. 65.2 and Table 65.1),
the concentration of substrates was 200 mg l–1, which corresponds to 734 µM for SDS.
All strains were characterized by appreciably similar specificities and high sensitivity
to most anionic, non-ionic and cationic surfactants. It should be noted that the stabil-
ity of signals during measurement of cationic surface active compounds differed from
the stability for other substrates. If the signals for anionic surface active compounds
and non-ionogenic surface active compounds did not change for the whole operation
time of receptor element, the responses to cationic surface active compounds were

Fig. 65.1. Sodium dodecyl sulfate concentration dependencies of biosensors based on different sur-
factant-degrading strains
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Fig. 65.2. The substrate specificity of the P. rathonis T-based biosensor towards surface active compounds.
The x-axis designations: 1: SDS; 2: disodium monoalkylsulfosuccinate; 3: alkyl naphthalene sulfonate; 4: decyl
benzene sulfonate; 5: volgonat; 6: metaupon; 7: ABS (90% of TW); 8: dodecyl ether of polyethylene glycol
(n=10); 9: cetyl ether of polyethylene glycol (n=6); 10: OP-10; 11: Triton X-100; 12: Tween 80; 13: sulfobetain
SB14; 14: alkamone; 15: tetradecyl trimethylammonium bromide; 16: cetylpiridinium chloride; 17: humic acids

Fig. 65.3. The substrate specificity of the P. rathonis T-based biosensor towards aromatic compounds,
organic acids, chloroform, some carbohydrates and alcohols. The x-axis designations: 1: SDS, 2: benzene
sulfonate; 3: toluene sulfonate; 4: dimethylphthalate; 5: diethylphthalate; 6: dibutylphthalate; 7: phthalic
acid diamide; 8: acetate; 9: citrate; 10: aniline; 11: chloroform; 12: phenol; 13: p-bromophenol; 14: n-pheny-
lene diamine sulfate; 15: salicylate; 16: sodium benzoate; 17: catechol; 18: glucose; 19: ethanol; 20: butanol
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obtained only during the first measurement, whereupon the receptor element of the
biosensor lost its activity. Possibly, this is due to that cationic surface active com-
pounds possess a pronounced antimicrobial effect that damages the cells. Aside from
surfactants, the strains demonstrated significant responses only to naphthalene, phe-
nylene diamine sulfate and some organic acids, whereas among carbohydrates and
alcohols the responses were obtained only for glucose, ethanol and propanol (Fig. 65.3).

Characterizing the selectivity of the degrading bacteria, one should note that
P. rathonis T and Pseudomonas sp. 2T/1 strains possess high selectivity and sensitivity
to SDS and some surfactants of other classes (Fig. 65.2). The biosensor based on
P. rathonis T and Pseudomonas sp. 2T/1 provided a specific response to disodium
monoalkylsulfosuccinate (approximately 100% of the response to SDS for both strains),
alkyl sulfonate (approximately 50% of the response to SDS for both strains), dodecyl
ether of polyethylene glycol (n = 10, 41% for P. rathonis T), Tween 80 (approximately
20% for Pseudomonas sp. 2T/1), alcoxymethyl methyldiethylammonium methylsulfate
(100% for P. rathonis T and 15% for Pseudomonas sp. 2T/1), humic acids (20% for
P. rathonis T), naphthalene (70% for P. rathonis T), some fatty acids and carbohydrates.
The responses of these strains to alcohols did not exceed 60% of the response to SDS

Table 65.1. The substrate specificity of biosensors based on different strains towards surface active
compounds. The first column values are identical to the x-axis designations in Fig. 65.2; the values in
the other columns represent the responses for corresponding substrates normalized in relation to the
response to sodium dodecyl sulfate which was taken as 100%
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for ethanol, 5% for propanol and 15% for butanol when using Pseudomonas sp. 2T/1.
Thus, considering the possibility for practical application of these microbial biosensors
for detection of surfactants, basing it on the obtained data of their selectivity and cali-
bration characteristics, it can be concluded that satisfactory detection characteristics
are obtained and that theses microbial strains can be used in biosensors to detect
surfactants.

The main disadvantage of microbial biosensors is their low selectivity. At the same
time, in the course of the environmental monitoring, the detection of a whole pool of
xenobiotics present in water ecosystems rather then a specific pollutant is often very im-
portant. The application of differential registration scheme and pattern recognition ap-
proaches (Weimar et al. 1990; Reshetilov et al. 1998), e.g. by means of measuring an
analyte with several electrodes in one cell, will enable not only to enhance the selectiv-

Table 65.2. The substrate specificity of the biosensors based on surface active compounds degrading
strains towards aromatic compounds, organic acids, chloroform, some carbohydrates and alcohols.
The first column values are identical to the x-axis designations on the Fig. 65.3; the values in the other
columns represent the responses for corresponding substrates normalized in relation to the response
to sodium dodecyl sulfate which was taken as 100%
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ity of detection, but also identify surfactants of different classes. Thus, using a biosensor
system consisting of three electrodes based on P. rathonis T, Pseudomonas sp. 2T/1 and
P. aeruginosa 1C, we assume the possibility to make statements about the presence or
absence of e.g. dodecyl ether of polyethylene glycol (n = 14) (from the response of
sensors based on P. rathonis T, P. aeruginosa and the absence of response from the sensor
based on Pseudomonas sp. 2T/1) or tetradecyl trimethylammonium bromide (from the
response of sensors based on P. aeruginosa 1C and the absence of response from the
sensor based on P. rathonis T and Pseudomonas sp. 2T/1).

The responses to decane and heptane were measured and compared to the responses
to SDS concentration of 200 mg l–1 that corresponds to 734 µM. The sensitivity to
decane for the P. rathonis T strain is approximately 20% of the sensitivity to SDS,
approximately 15% for Pseudomonas sp. 2T/1 and 20% for P. aeruginosa 1C. Among
all studied strains only P. aeruginosa 1C generated a signal for heptane (approximately
20% of the response to SDS). At the concentration of 5 mg l–1 (corresponding to
18.3 µM SDS) decane and heptane, no responses were obtained for all studied strains,
while signals to SDS and a number of other surfactants were registered even in the
concentration range of 1–10 µM.

Thus, the comparison of signals from biosensors based on Pseudomonas and
Achromobacter bacteria demonstrated a considerable similarity of parameters dur-
ing the detection of different organic substrates as well as high sensitivity to SDS,
volgonat and some non-ionogenic surface active compounds. The studied strains can
be used as a base of receptor element in the development of microbial biosensor for
detection of surfactants. From this viewpoint the strain that seems to be the most
prospect is P. rathonis T. A biosensor model based on this strain enables the detection
of surfactants and some aromatic hydrocarbons, providing rather high selectivity,
sensitivity and reproducibility of signals during long periods of time. Further experi-
ments were thus aimed at optimizing the operation of the biosensors.

65.3.3
Influence of External Conditions and Optimization of Performance

The biosensor signal dependence on external conditions (pH, temperature, salt con-
centration) was studied for clarification of their effect on the output signals and to find
the optimal conditions for measurements. The pH-dependence curve was of non-mono-
tonous character (Fig. 65.4). The maximum signals were observed at pH 7.5. All sensor
characteristics given further in this work were obtained at this pH value. The tempera-
ture dependence of the biosensor response was studied within a range of 20–50 °C.
The plot was of the parabola type with the maximum reached between 35–40 °C. At
60 °C an irreversible loss of the biosensor activity occurred. Nevertheless, the range
of room temperatures (20–25 °C) was optimal for the measurements, since the appre-
ciable growth of the biosensor signal at a temperature of 35–40 °C was followed by a
3- to 4-fold increase of the recovery time.

The dependence of responses on the salt concentration (actually, ionic strength) in
the carrier electrolyte was characterized by a sharp growth of the signal while in-
creasing the sodium chloride concentration from 1 to 30–50 mM followed by a mo-
notonous signal decrease. At high salt concentrations of 500 mM, the sensor responses
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almost declined to zero. The obtained salt dependence of the signals could be ex-
plained by the properties of P. rathonis T used in the study and should be taken into
account at the measurement of real samples.

The preliminary assessment of the operational stability of the sensor, i.e. operation
time for one receptor element, was performed by multiple measurement of SDS
(200 mg l–1) for 3–5 d. During this period the biosensor was kept in buffer solution at
room temperature and constant stirring. The decline in signal rate during this period
did not exceed 5–10% for P. rathonis T, Pseudomonas sp. 2T/1 and P. aeruginosa 1C and
20% for P. putida K and A. eurydice TK for 24 h. The stability of strains during storage
of the receptor elements was estimated by measuring the signals of the different receptor
elements to a SDS concentration of 200 mg l–1 for 5–6 d. The maximum activity during
storage in agar was maintained in P. rathonis T, Pseudomonas sp. 2T/1 and P. aeru-
ginosa 1C strains. All further experiments were performed using the P. rathonis T strain.

65.3.4
Influence of Cultivation Conditions

The efficiency of the bacterial process of surfactants degradation is influenced by
factors such as the nature of microorganism, its physiological condition, substance
concentration, pH, osmotic pressure, incubation temperature and mode of cell culti-
vation. In this connection, studies of the growth regularity of P. rathonis T strain were
performed on a medium containing SDS as a single carbon source. The cells growth
curve seen in Fig. 65.5 represents a classical S-shaped curve. While constructing the
biosensor receptor element, the cells at different growth stages were used. It was es-
tablished that the maximum biosensor signal for 200 mg l–1 SDS concentration was
obtained when using cells harvested after 5–6 h, corresponding to the exponential

Fig. 65.4.
Dependency of the P. rathonis
T-based sensor on pH of car-
rier solution



718 A. N. Reshetilov  ·  L. A. Taranova  ·  I. N. Semenchuk  ·  P. V. Iliasov  ·  V. A. Borisov  ·  N. L. Korzhuk  ·  J. Emnéus

Pa
rt

 V
II

growth stage of the cells. At the same time, reliable signal differences for microorgan-
isms obtained in the middle and end of exponential growth stage were not revealed.
The effect of cultivation temperature on the degrading activity of P. rathonis T strain
with the bacteria cultivated at 20 °C, 28 °C, 35 °C, 40 °C was studied. The optimal tem-
perature for strain growth and SDS utilization was established to be 35 °C at which
the degradation of substrate occurred at a high rate, reaching the maximum value
during 5–6 h of incubation. The maximum specific growth rate at this temperature
was 0.51 h–1. Total SDS degradation occurred within 13 h. The change in cultivation
temperature was accompanied by the decline in SDS degradation rate from 0.45 h–1

to 0.23 h–1 and, correspondingly, the period of total substance destruction was pro-
longed from 5 to 10 h.

As the abrupt decrease in pH of the medium is known to be a factor limiting the
growth of degrading bacteria on surfactant-containing synthetic medium at condi-
tions of periodical cultivation, it was of interest to study the pH effect on the growth
of this strain. The results of this experiment showed that the bacterial growth in the
medium having pH 8.0 occurred faster than at pH 7 and that the SDS concentration
of 200 mg l–1 is completely utilized by the culture within 16 h. In a buffer medium of
pH 6.0, the growth of P. rathonis T was absent. The data obtained matches fairly well
the results of the biosensor pH-dependence study.

The present study describes a case when the culture growth substrate and biosen-
sor test substrate is represented by the same compound that implies identical enzyme
systems ensuring its utilization and formation of biosensor response. From our point
of view, this accounts for practically absolute compliance of temperature and pH optima
both for culture growth and biosensor functioning. At the same time, microbial
biosensors for detection of compounds that cannot be used as growth substrates are
known. As an example a biosensor based on bacterial cells of Gluconobacter oxydans
is characterized by high sensitivity to glucose, but this strain cannot use glucose as
carbon source due to its metabolic properties (Reshetilov et al. 1997a). It is obvious
that in these cases the sensor characteristics may differ from the respective param-
eters of culture growth. This fact should be considered during the development of
new biosensors and optimization of their operation conditions. Thus, the results of
the study indicate that the respiratory activity level of the receptor element of the

Fig. 65.5.
The biomass growth curve for
P. rathonis T cells
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biosensor based on P. rathonis T was maximal when the cells were collected during
the exponential growth stage (the age of culture is 5–6 h). The compliance of tem-
perature (35 °C) and pH optima (pH 7.8) of culture growth and biosensor response
was registered. The data obtained are important for the optimization of surfactants
detection sensitivity.

65.3.5
Influence of Immobilization Matrix

The analysis of literature data published in recent years revealed that the immobili-
zation by including of cells into the membranes of polyvinyl alcohol and calcium
alginate gel is most frequently used in microbial biosensors, especially in environ-
mental monitoring-oriented ones (Racek 1995). Therefore, at the first stage of our
work, the operational stability and storage stability in agar, agarose and calcium al-
ginate gels, was studied. The concentration of cells under all immobilization methods
was 1.8 g of dried cells l–1. The experimental data demonstrated that when the cells
were included in agar gels the receptor element maintained its operation stability for
more than 20 d and, however, with a decline in signal of 20% for the first 3 d of mea-
surements, whereupon the signal became stabilized. The decline in signal during the
same period was not more than 4% for agarose gel.

The study of storage stability demonstrated that the activities of the cells immo-
bilized into agar and agarose gels were practically the same. The decline in signal
activity during storage in agarose gel occurred a little faster, which probably was due
to lower oxygen permeability of agarose as compared to agar gel. The inclusion of
cells in calcium alginate gel proved to be less efficient, which may due to both higher
molar concentration of the buffer used and the chemical and structural properties of
the calcium alginate gel. The receptor element constructed in this way operated for
9 d and the decline in operation activity was approximately 11%. The receptor ele-
ment recovery time after measurement was 1.5 h. The cells lost their activity com-
pletely during storage, on day 7 after immobilization. Thus, the immobilization into
agar gels provided the possibility to maintain higher activity and stability of cells.

When immobilizing the cells by their inclusion into a membrane of poly(vinyl
alcohol) (PVA), it was found that P. rathonis T maintained its operational stability
under these conditions for more than 11 d and a storage stability for about 6 d. The
decline in operational stability was approximately 8% and storage stability – 16%
after 1 d. The receptor element recovery time was approximately 1 h.

The biosensor receptor element stability with P. rathonis T being immobilized by
the adhesion on chromatographic paper GF/A was also performed. However, a repro-
ducible signal was not obtained in this case. The decline in operational stability and
storage stability of the biosensor was more than 80% for 1 d. The receptor element
recovery time was 0.5–0.6 h after measuring 0.7 mM SDS. This low stability level may
be due to washing-out of the cells from the carrier surface due to the structural prop-
erties of cells that do not provide a robust attachment during their interaction with
the carrier. The immobilization of P. rathonis T by cross-linking with glutaraldehyde
and BSA proved to be unacceptable. Respiratory activity of cells in this biosensor
receptor element configuration was basically absent.
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The comparison of literature data with the obtained results showed that the inclu-
sion in gels provides a number of advantages in contrast to other methods of immo-
bilization. Under certain conditions the carrier can protect the cells from the effect of
unfavorable factors and contribute to long-term maintenance of their biochemical
activity (Racek 1995; D’Souza 2001). In most works, dealing with biosensor detection
of xenobiotics, the authors consider the immobilization into calcium alginate gel and
PVA to be more advantageous (Nomura et al. 1994; Rainina et al. 1996). In our experi-
ments, the stability of the biosensor receptor element with P. rathonis T in agar gel
was 2.5 times higher as compared to being immobilized in calcium alginate gel and
PVA membrane, and the reproducibility of signals was highest when immobilized in
agarose gel. Practically all methods used in this work provided a receptor element
recovery time within a shorter time, as compared to data given in work where the
surfactant assay was carried in a reactor-type receptor element (Nomura et al. 1994).
Rapid receptor element recovery was observed with cells immobilized on chromato-
graphic paper GF/A, in a membrane of PVA, and agar gel.

The influence of cell loading on the biosensor responses showed that the sensor
output signals increased with the biomass content in the receptor element. At cell con-
centrations higher than 1 200 mg l–1 (dry weight), saturation occurred and the signal
amplitude increased insignificantly. This concentration was used in all further studies.

65.3.6
Application of Biosensors for Detection of Model Samples at Laboratory Conditions

The microbial biosensor based on P. rathonis T was tested on samples of model and real
wastes containing anionic surfactants both before and after their treatment in bioreactors
with bacteria-destructors of surfactants. The standard chemical measurement of anionic
surface active compounds by methylene blue was used as a control method. The results
of the testing as well as the data obtained using the control method are presented on
Fig. 65.6. Three bioreactors (R1–3) were used for treatment of the samples. R1 included a
mixture of strains obtained from Anox AB (Lund, Sweden), R2: a mixture of the surfac-
tant degrading strains P. rathonis T, Pseudomonas sp. 2T/1, P. putida K, A. eurydice TK,

Fig. 65.6. Results of biosensor measurements on model- and real samples. R1–3: The concentration
of surfactants in model medium; 1–10: the concentration of surfactants in real samples of wastes
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P. alcaligenes, P. fluorescence, and R3: a mixture of both the strains from Anox AB and the
cultures used in R2. All strains were immobilized on suspended plastic carrier. The total
anionic surfactants concentration entering the reactors was 100 mg l–1 (50 mg l–1 of al-
kane sulfonate, 20 mg l–1 of alkane sulfate and 30 mg l–1 of alkylbenzene sulfonate).
The reactor volume was 2 l and the flow rate made up 300–400 ml/24 h. The experi-
ment demonstrated a high level of model media degradation in all of the bioreac-
tors (R1–R3). The results of biosensor detection were coinciding very well with the
results of control method. The Student’s t-test did not revealed significant differences
between the results of the two methods with the probability of 0.99.

The next step of biosensor examination included the measurement of surfactants
concentration in 10 samples of wastes obtained from various sources, before and after
their treatment in bioreactor R3. The high level of biodegradation was demonstrated
for samples No. 1, 2, 5, 8–10. The biosensor did not detect the presence of alkane sulfate
and alkane sulfonate in samples No. 3, 4 and 6; which indicates that these samples contain
other surfactants that cannot be detected by the sensor. The Student’s t-test carried out
for this step showed the absence of significant differences between the results of the
two methods, with the probability equal to 0.8. The high values of biosensor response
for non-treated wastes are possibly due to the presence of significant concentration of
organics. Thus, it was shown that the biosensor based on P. rathonis T cells is charac-
terized by high sensitivity and selectivity and seems to be promising for surfactants
assaying in model and real wastewater samples.

65.3.7
Portable Microprocessor-Based Biosensors

The results presented in previous sections were obtained using a laboratory biosen-
sor model based on a Clark-type electrode with a preamplifier (Ingold, Switzerland).
The biosensor signal was transferred to the computer through analog-to-digital/digi-
tal-to-analog converter (ADC/DAC) adapter and processed by the software “Sensor
for Windows”. As the optimized characteristics of the sensor (sensitivity, selectivity,
stability etc.) were shown to be satisfactory from the standpoint of its practical appli-
cation, it was used as a base for the development of a portable electronic block that
should provide registration and total processing of the biosensor signal and could be
considered as a prototype of an industrial class device.

The microprocessor device AB-1 (Analyser Biosensor-1st version) was created. The
microprocessor device AB-1 is the electronic part of the microbial biosensor for surfac-
tants detection. Its purpose is the registration and processing of signals of the Clark am-
perometric electrode, containing immobilized surfactant-degrading bacteria. To extend
the device functions it was constructed so that it may be used as a measuring and pro-
cessing unit in biosensors based on pH-sensitive field-effect transistors also. This makes
it more universal and provides a base for microbial cell, enzyme types and immuno-
sensors, where the signals generated by a receptor element is accompanied with pH
changes. The device includes a power supply unit, analog type amplifier, ADC (analog-
digital converter) unit and programmable microprocessor based controller, liquid-
crystal display for indication of results of analysis. The device represents a compact
apparatus and can be regarded as a prototype for industrial production, see Fig. 65.7a.
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The developed laboratory prototype possesses biosensor functions enabling: (1) to
perform electronic calibration (“zero” output adjustment in the absence of transducer;
100% output adjustment when biorecognition element is conditioned for measurement),
(2) to make biosensor calibration (“one-point” mode of calibration is used), (3) to process
biosensor signals by their amplitude and initial rate; and (4) to possess a digital output for
switching ON and OFF peristaltic pump to refresh the carrier buffer. Further develop-
ments resulted in creation of new versions of the device, AB-2 and AB-3 (Fig. 65.7b and
Fig. 65.8, respectively). The new features realized in these models and absent in the
first version of the device are the possibility for multi-point calibration, reduced level
of noise and high accuracy of measurements, and the ability to use the device in com-
bination with a personal computer. The biosensor analyzer AB-3 represents a unit for
amplification, registration and processing of signals from amperometric biosensor
transducers (in this case, Clark electrode; the analyzer also can be used for registration
and processing of signals from screen-printed electrodes without any modification).
It’s minimal re-equipment with the connecting amplification unit enables registration
of signals of any biosensor transducer type – field effect transistors, optical sensor,
thermistor etc. The dimensions of the device are 14 × 8 × 3.8 cm with mass of 190 g.

The results of laboratory trials showed that the constructed prototype could be
effectively used for the measurement of signals of the sensors based on bacterial cells
and Clark type electrode. The biosensor prototype demonstrated high stability of
performance of the electronic part; high accuracy of signal measurement; and simple
mode of operation. The constructed device was used for surfactants measurements at
laboratory conditions to study the stability of receptor element prepared from
P. rathonis T at different modes of immobilisation and storage conditions. It can be
considered as a prototype of an industrial class.

Fig. 65.7. External appearance of the microprocessor based biosensor signal registration and pro-
cessing unit. a AB-1 model. On the left: Processing unit possessing calibration, calculations and dis-
playing the concentration of an analyte in the sample; on the right: measuring unit (electrode with
the immobilized cells) in the cuvette. b AB-2 model
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65.4
Conclusion

The efficiency of strains oxidizing surfactants was assessed for further selection of
bacteria to construct receptor elements of microbial biosensors. The substrate speci-
ficity of 5 different strains was studied and these strains were shown to have indi-
vidual substrate specificity patterns with approximately the same sensitivity to SDS,
a model surfactant of anionic type. The most prospect strain for construction of a
receptor element was P. rathonis T that had the highest sensitivity to anionic surfac-
tants. The technology for construction of sensor receptor element based on
P. rathonis T cells was developed. Using this biosensor, the concentration of surfac-
tants was assessed under laboratory conditions before and after treatment of water in
column-type bioreactor. The biosensor could be used in monitoring of wastewaters
during their treatment in model conditions. At the same time, to obtain an unequivo-
cal answer for the question related to the concentration of surfactants in real samples
on the initial monitoring stage, the control of obtained values using standard liquid
chromatography-mass spectrometry methods will be required. A portable micropro-
cessor device was developed on the basis of parameters obtained during the study of
the laboratory model. The device represents the electronic part of the biosensor and
is designed for registration of bioreceptor signals, calculation of calibration depen-
dence and measurement of surfactants concentration in a sample. Being combined
with the receptor element, the device represents a laboratory biosensor prototype for
detection of surfactants.

Fig. 65.8. External appearance of the microprocessor based biosensor signal registration and pro-
cessing unit AB-3 attached to the computer, peristaltic pump and measuring unit
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Study of Cr(VI) and Cd(II) Ions Toxicity
Using the Microtox Bacterial Bioassay

E. Fulladosa  ·  I. Villaescusa  ·  M. Martínez  ·  J.-C. Murat

Abstract

The Microtox® bioassay, based upon the fading of light emitted by the luminescent bacteria Vibrio
fischeri when exposed to noxious substances, was used for studying the changes in speciation and
the related changes in toxicity of two metals known as environmental pollutants. It was verified
that modifications of pH and of ionic composition of the incubation medium did not affect the
standard toxicity of phenol. By contrast, Cr(VI) toxicity was found to decrease as pH increased, un-
derscoring that hydrogenchromate anion, the dominant species at low pH, is the most harmful.
Cr(VI) toxicity was not modified when changing the medium composition, as this metal does not
form chloro-complexes in the presence of sodium chloride. Conversely, Cd(II) toxicity was almost
unaffected by pH within the 5.0–7.0 range. Replacing sodium chloride either by sodium nitrate or
by sodium perchlorate resulted in changes of the measured cadmium toxicity, due to changes in
speciation. Free Cd2+ ion was found to be the most harmful toward the Vibrio fischeri bacteria. In
conclusion, both pH and ionic composition are factors that strongly influence the measured toxic-
ity of environmental samples containing hexavalent chromium and/or cadmium when using the
Microtox® bioassay.

Key words: Microtox®; metal speciation; water pollution; pH effect, ionic strength effect; toxicity

66.1
Introduction

Increasing need for monitoring environmental pollution in urban or industrialized
areas leads to the development of very sensitive detectors of harmful substances. It is
an accepted assumption that measurement of some chemical concentrations in refer-
ence to established regulations does not give an accurate account of the environmen-
tal noxiousness. Therefore, much attention was paid to biological sensors, markers or
detectors. Biological models for this purpose must be suitable for routine tests, easy
to keep at the laboratory, posing few ethical problems and as much as possible stan-
dardized for reproducibility. Measurement of biological indices must be reliable, easy
to carry out in laboratory with medium-range equipment and as unequivocal as
possible. Biological models such as microorganisms and cultured cells were frequently
studied during the past years as they meet the required criteria. In order to test the
toxicity of a given pollutant, classical indices used in toxicology, such as EC50 (being
the concentration which induces 50% of a maximal effect), LD50 (being the concen-
tration which kills 50% of the exposed organisms) and inhibition of cell growth, were
widely used (Fergusson 1991; Crosbi 1998). In the past years, a variety of biological
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models adapted to toxicology were proposed and several indices of biological suffer-
ing during or after exposure to a variety of contaminants were investigated. Organ-
isms from different trophic levels have been used, viz, bacteria Bacillus cereus, Vibrio
fischeri (Khangarot and Ray 1987; Ribó 1983; Ho et al. 1999; Castillo et al. 2000); nema-
tode Panagrellus redivivus (Castillo et al. 2000); cladocerans Daphnia magna, Daph-
nia similis, Ceriodaphnia dubia (Khangarot and Ray 1987; Dierickx and Bredael-Rozen
1996; Castillo et al. 2000; Fochtman et al. 2000; Choi and Meier 2001); fish Onco-
rhynchus mykiss, Cyprinus carpio, Pimephales promelas, Salmo gairdneri, Fathead
minnow (Khangarot and Ray 1987; Dierickx and Bredael-Rozen 1996; Castillo et al.
2000; Fochtman et al. 2000; Choi and Meier 2001); amphipod Ampelisca abdita (Ho
et al. 1999); algae Lemna minor, Scenedesmus quadricauda (Ince et al. 1999; Fochtman
et al. 2000); plant Lactuca sativa (Castillo et al. 2000); HT29, A549 and HepG2 cul-
tured cell lines (Delmas et al. 1996, 1998; Gaubin et al. 2000).

The model described in the present article consists of a suspension of marine
bacteria Vibrio fischeri, that emit light under standard conditions. The light produc-
ing mechanism is tied to the metabolic processes within the cell. If a toxic substance
disturbs the metabolic processes, a reduction of the light output will result. This method
is commercialized under the brand name of Microtox® (Bulich 1986). The Microtox
system is a tool used for screening or monitoring the presence of pollutants in envi-
ronmental samples. As well, it was successfully used for studying the toxicity of a large
number of single chemicals (Ribó and Kaiser 1983; Kaiser and Ribó 1988) and some
metallic salts (Hindwood and McCormick 1987; Ribó et al. 1989). In order to under-
stand the impact of toxic elements on aquatic organisms, it is important to know both
the chemical speciation of the metal in solution and the toxicity of each chemical
species. Total concentration of the element, ionic composition of the medium and pH
are the main variables influencing the speciation.

For several elements like chromium or arsenic the chemical speciation will change
depending on the pH (Puigdomènech 1983). Generally, divalent metals exist as free
ions and as different species or complexes, depending on the physical properties of
the medium (pH, ionic strength, etc). In the past, it was presumed that concentration
of the free ionic forms determined the toxicity of metals toward aquatic organisms
(Sunda et al. 1978; Gadd and Griffiths 1978). However, recent studies have demonstrated
large difference in effects of the metal according to their speciation (Villaescusa et al.
1996; Sorvari and Sillanpäa 1996; Villaescusa et al. 1997, 2000).

In the standard Microtox test, it is recommended to use a 2% (w/v) NaCl solution
(0.34 mol l–1) for incubation and to keep the pH value within the 5.5–6.5 range (Bulich
1979). However, it was demonstrated by Krebs (1983) that the sensitivity of lumines-
cent bacteria used in the Microtox test was not affected by pH within the 4.5–9.5 range
and that these bacteria could withstand large variations in ionic composition. Thus,
it seemed to be interesting to use the Microtox assay for studying the change in tox-
icity of some metallic salts as a function of pH and medium composition. Taking into
account that many metals form chloro-complexes in the presence of chloride anions
and that few metals are complexed in the presence of nitrate or perchlorate (Sillen
and Martell 1982), a set of experiments was carried out by replacing sodium chloride
by either sodium nitrate or sodium perchlorate. In the present article, results con-
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cerning Cr(VI) and Cd(II) toxicity upon the Vibrio fischeri bacteria, under different
conditions of pH and ionic composition, are reported.

66.2
Experimental

66.2.1
Test Reagents and Chemicals

The Microtox test reagent is a preparation of a specially developed strain of the lumi-
nescent marine bacteria Vibrio fischeri supplied by Azur Environmental (Carlsbad, CA,
USA). Potassium dichromate, cadmium chloride, cadmium nitrate, cadmium perchlo-
rate and phenol were reagent grade and purchased from Merck (Darmstadt, Germany).
Dilution solutions of different ionic strengths were prepared by dissolving either NaCl,
NaNO3 or NaClO4 (Merck reagent grade) in ultra-pure water (Milli-Q system, Millipore,
Bedford, MA,USA).

66.2.2
Apparatus

The test was performed using the Microtox Model-500 Toxicity Analyzer system from
Microbics Corporation (Carlsbad, CA, USA). The total metal concentration was deter-
mined with an Atomic-Absorption Spectrophotometer (Varian Techtron, AA-1275/1475
model, Springvale, Australia). The pH values were recorded using a Digilab-517 pH-
meter (Crison, Barcelona, Spain).

66.2.3
Metal Species Distribution Diagrams

Species distribution diagrams for Cr(VI) and Cd(II) as a function of pH, at constant
NaCl concentration, were established by using a special computerized program
(Puigdomènech 1983) based upon the equilibrium constants given in the literature
(Baes and Mesmer 1976; Sillen and Martell 1982). The same computerized program
was used for establishing the distribution diagrams of Cd(II) and Cr(VI) species, at
pH 6.0, as a function of NaCl, NaNO3 or NaClO4 concentrations.

66.2.4
Determination of the Effective Concentration (EC50)

In order to establish the most suitable range of Cr(VI) and Cd(II) concentrations for
the toxicity determination, preliminary tests were conducted in each ionic media as
described elsewhere (Villaescusa et al. 1996, 1997). The effective concentration (EC50),
at which a 50% loss of light emission is observed, was determined using the gamma
(Γ ) function, which is defined as the ratio of lost to remaining light. The EC50 value
is the concentration at which Γ = 1 (Ribó and Rogers 1990).
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66.2.5
Phenol Toxicity

Phenol is considered as a standard for toxicity in Microtox tests. Therefore, in order to
verify that the principle of the assay would not be affected by pH or ionic composition,
a set of preliminary experiments was performed with phenol solutions prepared in
different media (namely, 2.0–5.0% (w/v) NaCl, 3.0–6.0% (w/v) NaNO3, 4.0–8.0% (w/v)
NaClO4) or at different pH values within the 5.0–9.0 range.

66.2.6
Chromium(VI) Species Toxicity

In order to study Cr(VI) toxicity as a function of pH (ranging from 4.6 to 9.3), potas-
sium dichromate solutions were prepared in 2% (w/v) NaCl. On the contrary, when
studying the influence of ionic strength (NaCl concentrations ranging from 1.0
to 3.0%, w/v), the pH value was kept constant at 6.0.

66.2.7
Cadmium(II) Species Toxicity

In order to investigate Cd(II) toxicity as a function of pH (ranging from 5.0 to 7.0),
solutions of cadmium chloride were prepared in 2% (w/v) NaCl. Conversely, the effect
of medium composition and ionic strength (namely, 1.5–7.0% (w/v) NaCl, 2.5–7.0%
(w/v) NaNO3 and 4.0–6.0% (w/v) NaClO4 solutions, containing different concentra-
tions of CdCl2, Cd(NO3)2 and CdClO4, respectively) on toxicity was evaluated at con-
stant pH value (6.0).

66.3
Results and Discussion

66.3.1
Phenol Toxicity in Different Media

As phenol is a standard in the Microtox assay, phenol toxicity in different media was
determined in order to check that changes in pH and medium composition would
not affect the observed toxicity. Phenol EC50 values (defined as the concentrations of
phenol that produce a 50% decrease in light emission by the luminescent bacteria)
were determined in 2% (w/v) NaCl solutions adjusted at different pHs. Within the
studied 6.0–9.0 pH range, the average EC50 for phenol after 5 min exposure was
29.94 ±2.4 mg l–1 indicating the absence of significant change in toxicity due to pH.
Our value is in accordance with the EC50 values reported in literature (Hindwood and
McCormick 1987; Ribó and Rogers 1990). When evaluating the effect of ionic strength,
phenol EC50 values were determined in different media. Table 66.1 shows the phenol
EC50 values at different concentrations of NaCl, NaNO3 and NaClO4 adjusted at pH 6.0
after 5 min exposure.
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It appears that similar values for phenol toxicity were obtained in all tested media.
These results confirm (i) that there is no effect of pH on phenol toxicity, (ii) that NaNO3
and NaClO4 are acceptable as alternative media and (iii) that the ionic strength does not
affect the measured EC50 values. Other authors have already reported similar findings when
studying the toxicity of metals and other substances (Hindwood and McCormick 1987).
Hence, the stability of the Microtox bioassay within a rather wide range of pH and me-
dium composition was stated and further experiments were designed to study the toxicity
of metals on Vibrio fischeri as a function of the speciation and/or complexation.

66.3.2
Effect of pH on Cr(VI) Toxicity

Cr(VI) toxicity as a function of pH, using the bacterial Microtox assay, was evaluated
in 2% (w/v) NaCl solutions adjusted at different pHs within the 4.6–9.3 range. Cr(VI)
EC50 values determined after 15 min exposure to the bacteria vs. pH values are plotted
in Fig. 66.1. As can be seen, EC50 values were found to increase, meaning that toxicity
decreases, when pH increases. A maximum was observed at pH 7.0–7.5. The change in
toxicity can be attributed to changes in the Cr(VI) species distribution as a function of
pH, as seen in Fig. 66.2. At pH values under 6.0 the main species is the hydrogenchro-
mate anion whereas at neutral and basic pH values the predominant species is the chro-
mate anion.

When comparing Fig. 66.1 and 66.2, it appears that toxicity decreases (EC50 increases)
when the percentage of hydrogenchromate anion also decreases. It suggests that this
anion is the most responsible species for Cr(VI) toxicity in a 2% (w/v) NaCl medium.
These results show that the toxicity of Cr(VI) depends on the speciation, which changes
with the pH. Not paying attention to the pH, when analyzing a sample containing
hexavalent chromium, could lead to an incorrect determination of toxicity.

Table 66.1.
Effect of medium composition
on phenol toxicity measured
using the Microtox assay. Phe-
nol EC50-5 min values at pH 6.0
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66.3.3
Effect of Ionic Strength on Cr(VI) Toxicity

As mentioned above, the Microtox assay is currently performed in 2% (w/v) NaCl for
the osmotic protection of the bacteria. In order to check whether ionic strength could
influence the Cr(VI) toxicity to the luminescent bacteria, a set of experiments was
carried out at pH 6.0 at NaCl concentrations varying from 0.17 to 0.51 mol l–1. EC50 values
after 15 min exposure showed no significant variation (25.1 ±2.3 mg l–1), indicating that
variations in NaCl concentration does not affect Cr(VI) toxicity. These results can be
explained by the fact that Cr(VI) does not form chloro-complexes at pH 6.0 and that
there is no alteration of the speciation.

66.3.4
Effect of pH on Cd(II) Toxicity

The species distribution diagram corresponding to cadmium in 2% (w/v) NaCl as a func-
tion of pH (Fig. 66.3) reveals that there is no change of cadmium speciation within the
studied pH range (5.0–7.0). Free Cd2+ and CdCl+ species are present in the same percent-
age at both pHs.

Fig. 66.1.
Effect of pH on Cr(VI) toxic-
ity. [NaCl] = 0.34 mol l–1

Fig. 66.2.
Cr(VI) species distribution dia-
gram. [Cr(VI)] = 1.92 mmol l–1.
[NaCl] = 0.34 mol l–1
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As a consequence, Cd(II) toxicity was not expected to vary with the pH. In order
to check that Cd(II) toxicity was not influenced by pH, EC50 values for Cd(II) were
measured in 2% (w/v) NaCl adjusted at pH 5.0, 6.0 or 7.0. The obtained EC50-15 min
values were 10.1, 10.9 and 11.0 mg l–1, respectively, confirming that cadmium toxicity
measured with Microtox is independent of pH within the studied range. The absence
of pH effect on toxicity was also found by Iglesias (1996) when Pb(II) and Ni(II) tox-
icity was evaluated at pHs ranging from pH 5.5 to pH 7.0 using the Microtox assay.
Nevertheless, these results cannot be generalized to all divalent metals. For instance,
in the case of mercury, pH changes result in changes in the species distribution and,
consequently, in the final toxicity (Ribó et al. 1989).

66.3.5
Effect of Ionic Strength on Cd(II) Toxicity

Cadmium does form complexes in NaCl and NaNO3 solutions as can be seen in the
species distribution diagrams shown in Fig. 66.4a,b. Nevertheless, no complexes are
formed between cadmium and the perchlorate anion (Sillen and Martell 1982). Con-
sequently, only free Cd2+ is present in NaClO4 solutions within the tested concentra-
tions range.

Figure 66.4 shows that Cd(II) is totally complexed by the chloride ions, forming
the CdCl+, CdCl2 and CdCl3

– species. When in nitrate solution, free Cd2+ species de-
creases from 60% to 40% as nitrate ion concentration and CdNO3

+ species increases.
Cd(II) EC50 values after 15 min exposure, measured in NaCl, NaNO3 and NaClO4 at
different ionic strengths are presented in Table 66.2.

It is found that EC50 values increase sharply at high ionic concentrations, indicat-
ing a decrease of toxicity. Table 66.2 indicates that in NaCl concentrations ranging
from 0.34 to 1.10 mol l–1, cadmium toxicity decreased as the CdCl+ species decreased
and the CdCl3

– species increased, whereas the CdCl2 form remained constant, as shown
in Fig. 66.4a. Thus, the CdCl+ species seems to be the most toxic as compared with the
other chloro-complexes.

When sodium nitrate solution was used as medium, only a slight increase in
EC50 values was found as a function of the increase of salt concentration up to
0.80 mol l–1. From Fig. 66.4b, it must be pointed out that free Cd2+ was always present

Fig. 66.3.
Cd(II) species distribution dia-
gram. [Cd(II)] = 10 mmol l–1.
[NaCl] = 0.34 mol l–1
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whatever the nitrate concentration. When comparing Table 66.2 and Fig. 66.4b it can
be observed that the EC50 values were almost constant although the percentage of
either Cd2+ or CdNO3

+ changed, suggesting that not only free metal but also CdNO3
+

species could be responsible for the observed toxicity. Table 66.2 also indicates that
cadmium toxicity was independent of the NaClO4 concentration, what is consistent
with the fact that no complexes are formed between cadmium and perchlorate anion.

Table 66.2.
Effect of media and ionic
strength on Cd(II) toxicity
measured using Microtox as-
say. Cd(II) EC50-15 min values
at pH 6.0

Fig. 66.4.
Cadmium species distribution
diagrams at pH 6.0 as a func-
tion of NaCl (a) and NaNO3 (b)
concentrations
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Changes in speciation and toxicity of some other metals as a function of the me-
dium are reported in the literature. In the case of mercury, the speciation is influ-
enced by the high concentration of chloride, leading to formation of HgCl2 which
modifies the toxicity of the sample (Ribó et al. 1989). Zinc or lead toxicity was also
evaluated as a function of the sodium chloride concentration and was found to be
correlated to change in speciation and to the formation of chloro-complexes (Villae-
scusa et al. 2000).

66.4
Conclusions

Our study shows that the toxicity of metal-containing samples, measured by the
Microtox bacterial bioassay, is influenced by pH when metal speciation is pH-sensi-
tive. It is the case of Cr(VI), the toxicity of which is mainly due to the hydrogenchromate
anion. By contrast, Cd(II) toxicity was unaffected by pH within the 5.0–7.0 range. The
reported data also demonstrate that, when using the Microtox bacterial assay, the ionic
strength may influence the observed toxicity when metal ions can form complexes
with the salts counteranions. Unlike Cr(VI), it is the case of Cd(II), the toxicity of
which is influenced by the chloride concentration. In this respect, CdCl+ appears to
be the most toxic species. NaNO3 and NaClO4 solutions have been tested as alterna-
tive media to study the effect of medium composition on Cd(II) toxicity. In the pres-
ence of nitrate, the EC50 values were almost constant within the studied concentra-
tion range. In the presence of perchlorate, cadmium toxicity appears to be indepen-
dent of the salt concentration. Finally, when determining the toxicity of a sample
containing metallic compounds, NaClO4 medium and constant pH are the recom-
mended conditions. Attention should be paid to the fact that modification of pH before
analysis would lead to an incorrect evaluation of toxicity.
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Cultured Human Cells as Biological Detectors
for Assessing Environmental Toxicity

E. Fulladosa  ·  Y. Gaubin  ·  D. Skandrani  ·  I. Villaescusa  ·  J.-C. Murat

Abstract

The presented investigations were carried out in order to detect environmental pollutants using
the HT29, HepG2 and A549 cultured human cells as biological sensors of toxicity. We measured
the growth rate inhibition and the expression level of stress proteins after exposure to cadmium,
nickel, chromium, ethanol, 1-propanol, benzene, toluene, xylene, dichlorobenzene and trichloroben-
zenes. Threshold concentrations were determined for selected pollutants and significance as well
as reliability of the results were discussed. New perspectives for developing improved biodetectors
are reported.

Key words: environmental toxicity; biodetectors; cultured cells; stress proteins; heavy metals, organic
pollutants

67.1
Introduction

Dramatic expansion of industrial and urban areas in recent decades has caused
increasing environmental and health burden. As a consequence, there is an in-
creasing demand for toxicity assays in order to provide information concerning the
potential impact of isolated chemical or complex mixtures of contaminants,
especially on aquatic ecosystems and human health. Indices of water contamina-
tion merely relying on chemical analysis are generally considered as insufficient since
they concern a limited number of suspected contaminants, i.e. the ones which are
looked for, and refer to official normative regulations which are subjected to frequent
changes.

Contrary to a popular belief, scientific knowledge indicates that the natural envi-
ronment, i.e. without any impact of human industry, is not harmless. In fact, life started
and has evolved in a highly “polluted” environment and the present forms of life do
exist only because they have developed defense and adaptive mechanisms at both
organism and molecular levels to counteract the deleterious effects of many natural
factors. For that reason, aggression of living beings by industrial contaminants can be
considered as just additive to aggression due to natural factors, either physical such
as cosmic rays, sun rays, radioactivity, drought, dust, heat, freezing temperatures, etc,
or chemical such as oxygen, ozone, sulfides, heavy metals, arsenic, selenium, etc, or
biological such as viruses, parasitic organisms, toxic substances from plants, fungi
and bacteria, etc. Considering human health, it frequently happens that the aggres-
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sive effect of a pollutant combines with the deleterious effects of natural aggressors,
which results in large differences in susceptibility of individuals to a same level of
pollution. Besides, individual genome in a given species, including Homo sapiens, does
not express a similar level of efficiency in defense mechanisms. It means that precise
evaluation of environmental hazard cannot be stated for a single person but it will
rather apply to a global population on the basis of epidemiological studies and offi-
cial safety regulations.

Nevertheless, investigations for new biological models and for very sensitive
biological indices of environmental contamination are very much needed, espe-
cially for testing very low concentrations of pollutants. A good understanding of
the physiological and molecular mechanisms underlying the biological response is
also welcome in order to properly interpret the measured shifts of the biological
parameters.

For ethical reasons, tests on blood parameters or biopsies from humans or higher
vertebrates, as performed in post traumatic check-up or in epidemiological studies,
cannot be used when investigating the effects of experimental exposures to po-
tentially harmful or deadly substances. Therefore, biological models such as micro-
organisms or cultured cells were very much studied during the past years as they
meet the required criteria. In order to test the toxicity of a given pollutant, clas-
sical indices used in toxicology, such as EC50 (concentration which provokes a 50%
decrease in a biological process), LD50 (concentration which provokes a 50% mor-
tality) or growth arrest, were formerly used (Tamborini et al. 1990; Bull et al. 1993;
Apostoli 2002). More recently and as a consequence of new discoveries, attention was
paid to several functional indices of cell suffering such as growth rate, membrane
integrity, as accounted for by lactate-dehydrogenase (LDH) leakage or dye exclusion,
decreased oxidative phosphorylation rate, reduced glutathione level, DNA frag-
mentation, changes in enzyme activities, overexpression of stress proteins and/or
metallothioneins, etc.

In the past years, our team has developed an in-vitro model consisting in human
cells kept in permanent culture, namely, the HT29, HepG2 and A549 cell-lines (Delmas
et al. 1995, 1996). Indices of cell suffering after exposure to an aggressor were the cell
growth-rate (GR) and the expression level of several stress proteins (SP). It was espe-
cially interesting to investigate the stress proteins since these proteins, mostly of the
molecular chaperones family, are over-produced as a response to aggressions. It ap-
pears to be a large family of proteins, to which is attributed the general role of repair-
ing molecular lesions, of protecting cell essential functions and of attenuating the
effects of toxic substances (Welch 1993). The stress proteins were first identified as
proteins specifically induced by sub-lethal heat shocks (Ritossa 1962). Later, the stress
proteins family was much enlarged and comprised the so-called heat shock proteins
(HSP), the glucose regulated proteins (GRP), the metallothioneins (MTs), the enzymes
counteracting the aggressive effect of free radicals and reactive oxygen species and
some other proteins such as ubiquitin (Feder and Hofmann 1999). Although the stress
proteins were discovered to be overexpressed after a specific aggression, and named
accordingly, it has been demonstrated that a variety of different aggressors can trig-
ger their synthesis (Feder and Hofmann 1999).
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67.2
Experimental

67.2.1
Cell Culture

Human cell-lines, namely, HT29 from colon mucosa (Fogh et al. 1977), HepG2 from
liver (Davit-Spraul et al. 1994) and A549 from lung alveolar epithelium (Lieber et al.
1976), were routinely cultured in Petri dishes at 37 °C in Dulbecco’s modified Eagle’s
medium (DMEM) supplemented with 5% fetal calf serum under air:CO2 (19:1) atmo-
sphere. Under the specified conditions, confluence was reached within 7 d.

67.2.2
Exposure Protocols

Either during the exponential phase of growth (measurement of the growth rate) or
when reaching confluence, cells were submitted to different concentrations of pollut-
ants for a given time. In order to avoid any binding of the metal to any component of
the culture medium, exposure to metals was carried out in protein-free Hanks’saline.
The proper effect of replacing the DMEM by the protein-free Hank’s medium for
the duration of the exposure was verified to be without consequence on either growth-
rate or stress proteins over-expression (Delmas et al. 1996). Pollutants were given
at sublethal concentrations as indicated in the tables (see results section, below).
They were dissolved in pure water except aromatic compounds which were diluted
in a dimethylcetone-water mixture. At the used concentration, dimethylcetone was
verified to exert no effect on the cells. Negative controls were untreated cells whereas
positive controls were cells submitted to a standard heat shock (45 °C for 30 min)
known to trigger a strong expression of stress proteins in these cells (Delmas et al.
1996, 1998).

67.2.3
Evaluation of Growth Rate

Growth rate was estimated both by cell counting: cell suspension obtained by trypsin-
EDTA treatment was introduced into a Coulter counter (Coultronics, France); and by
measuring at intervals the total proteins content according to the Bradford (1976)
method. No discrepancy between the methods was found.

67.2.4
Quantification of Stress Proteins Expression

Electrophoretically separated stress proteins were specifically identified on Western
blots by using the corresponding monoclonal antibodies. The densitometric analysis
of autoradiographs obtained from the chemi-luminescence due to the antibody-coupled
peroxidase activity, was carried out as previously described (Gaubin et al. 2000).
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67.2.5
Expression of Results

Concerning the expression of the results, threshold concentrations instead of the clas-
sical EC50 were used. EC50, being the concentration that produces 50% of a maximal
effect, is more accurate and easier to calculate. However, over-expression of stress
proteins is a complex response involving, at least, DNA transcription, mRNA matura-
tion and polysomal traduction. Hence, a maximal response cannot be stated and a
half effect cannot be calculated. Threshold concentration can be defined as the con-
centration of a pollutant, a chemical or a quantified physical agent which induces the
first significant shift of a parameter as compared to controls.

67.3
Results and Discussion

67.3.1
Metal Ions Threshold Concentrations

The effect of some metals on either growth rate or stress proteins over-expression in
the three human cell-lines was investigated. Threshold concentrations for Cd(II), Ni(II)
and Cr(VI), defined as the concentration which provokes a slight adverse effect on
cell growth, and their effect on either growth rate or stress proteins over-expression
in the three human cell-lines are presented in Table 67.1.

Cells growth-rate was found to decrease after the exposure to either cadmium or nickel.
As seen in Table 67.1, when comparing threshold values, cadmium was found to be much
more harmful than nickel (1 vs. 500 µmol l–1, HepG2, 6 h exposure; 50 vs. 500 µmol l–1, HT29,
6 h exposure). This confirms that, among heavy metals, cadmium is very aggressive.

Concerning stress proteins over-expression, cadmium was found to trigger a sig-
nificant increase of stress proteins in HepG2 cells after a 6 h exposure at a concentra-
tion as low as 0.5 µmol l–1. Nevertheless, for much shorter exposure (30 min), the con-
centration of this metal must be 10 µmol l–1 to be detected in the same model. In HT29

Table 67.1. Threshold concentrations (µmol l–1) of some metals inducing a significant effect on cell
growth rate (GR) and stress protein over-expression (SP) after exposure for a given duration, to HepG2,
HT29 or A549 cells
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cells, Cd detection threshold appears at 10 µmol l–1 for 6 h. Again, nickel appears much
less aggressive since the detection threshold was found at 500 µmol l–1 for a 6 h expo-
sure. Chromium was tested as dichromate, which is considered as an aggressive anion.
Threshold concentrations for chromium were found to be 500 and 1 000 µmol l–1 for
HepG2 and HT29 cells, respectively. In general, HepG2 cells were found to be more
sensitive than HT29 or A549 cells. This is probably due to the fact that, unlike hepato-
cytes-derived HepG2 cells, HT29 and A549 cells, derived from gut mucosa and respi-
ratory tract respectively, produce some mucus that may trap some amount of metal.

Under our experimental conditions, the threshold concentration producing an effect
on either cell growth rate or SP over-expression are, in general, of the same order of
magnitude. However, cadmium induces stress proteins at concentrations significantly
lower than the concentrations affecting cell growth. This fact might indicate that stress
proteins exert a protective effect towards the very high noxiousness of cadmium.

67.3.2
Alcohols Threshold Concentrations

Alcohols are widely used as industrial solvents. Low concentrations of ethanol are
usually considered harmless since this chemical can be metabolized into acetalde-
hyde and acetic acid which may form acetyl-CoA. From this point of view, other
alcohols are much more toxic. Besides, alcohols can perturb the cell membrane func-
tion as they modify the fluidity of the phospholipids bi-layer. Some results related to
ethanol and 1-propanol are shown in Table 67.2.

Table 67.2 shows that cultured cells are rather tolerant towards alcohols. Ethanol,
given for 15 min, must be at concentration as high as 5% or 8% (v/v) to produce an
adverse effect on cell growth or to induce stress proteins over-expression in HepG2 or
HT29 cells, respectively. 1-propanol appears to be somewhat more harmful, display-
ing an adverse effect on HepG2 cells at 1% (v/v) concentration. This is consistent with
the known high metabolic toxicity of this alcohol. Again, as it was the case with metals,
it appears that the HepG2 cell-line is more sensitive than the other tested cell lines.

67.3.3
Benzene and Derivatives Threshold Concentrations

Noxiousness of benzene and its derivatives, chemicals that are commonly present in
household products and in unleaded gasoline, was also investigated. These chemicals
were tested on the A549 cell line and the results are shown in Table 67.3.

Table 67.2.
Threshold concentrations
(% v/v) of alcohols inducing
a significant effect on cell
growth rate (GR) and stress
protein over-expression (SP)
in HepG2 or HT29
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Benzene and benzene derivatives were found to be poor inducers of stress proteins.
As shown in Table 67.3, stress proteins, specifically GRP78, was significantly over-ex-
pressed as a consequence of exposure of A549 to benzene, chlorinated benzenes, tolu-
ene and xylene. As GRP78 is a molecular chaperone acting within the endoplasmic
reticulum (Dorner et al. 1992), it is postulated that benzene and its derivatives are not
toxic at the metabolic level but, rather, exert their adverse effect at the structural level.

Table 67.3 shows that chlorinated benzenes are the most toxic benzene derivatives
and indicates that in all the cases an effect on growth rate is obtained at concentra-
tions 4- to 30-fold lower than those triggering the GRP78 over-expression. This result
suggests that benzene and its derivatives exert manifold effects upon biological pro-
cesses within the cell. It is important to underscore that our results cannot be directly
extrapolated to effects on animals of actual pollution by aromatic chemicals. Our model
consists of naked cells immediately submitted to the chemicals. In animal organisms,
such pollutants are subjected to several defense mechanisms resulting in active detoxi-
fication and excretion.

67.4
Conclusions

From the presented data it can be concluded that (i) the most sensitive index of bio-
logical suffering for pollutants detection depends on the pollutant itself: SP over ex-
pression for metals, GR inhibition for benzene or derivatives and similar sensitivity
of both indexes in the case of alcohols, (ii) cadmium and chlorinated benzenes are
the most toxic compounds analyzed in this study and (iii) HepG2 is usually more
sensitive than A549 or HT29.

Nevertheless, these indexes do not allow the identification of the pollutant or the
mixture of pollutants responsible for the shift of the measured index. In this respect,
some improvement in detection of pollutants may be expected from the development
of the cDNA microarrays method. As the functional role of each of the genes-encoded
proteins is or will be known, it should be possible to comprehend the mechanisms
underlying the cell reaction and get some idea about the identity of the responsible
aggressor(s). This remark underscores the need for further researches in order to
develop satisfactory biodetectors of environmental pollution.

Table 67.3.
Threshold concentrations
(µmol l–1) for a significant
effect on cell growth rate
(GR) and stress protein over-
expression (SP), after expo-
sure of A549 cells to benzene
and derivatives for 96 h
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Genotoxic Impact of ‘Erika’ Petroleum Fuel on Liver
of the Fish Solea Solea

A. Amat  ·  T. Burgeot  ·  M. Castegnaro  ·  A. Pfohl-Leszkowicz

Abstract

On 12 December 1999, one third of the load of the tanker ‘Erika’, amounting to about 10 000 t crude
oil flowed into sea waters close to the French Atlantic Coast (Finistère region). The spilled oil was fuel
No. 6, a heavy or residual fuel that is a complex mixture of polycyclic aromatic compounds (PAC) of
high molecular weight. Some polycyclic aromatic compounds are genotzoxic substances that induce
carcinogenic lesions in laboratory animals. DNA adducts, reflecting genotoxic effects, are used as
biomarker of early pollution. In this study, the genotoxic impact of the ‘Erika’ oil was assessed by study-
ing the presence of DNA adduct in the liver of immature fishes (Solea solea) from four locations of the
French Brittany coasts, two, six and nine months after the disaster. Two months after the spill, a high
amount of DNA adducts was found in samples from all locations (92 to 290 DNA adduct/109 nucle-
otides). DNA adducts were more persistent in the North than in the South of the affected French Brittany
coasts. In September, no significant difference was observed between the locations. When incubated
in presence of an ‘Erika’ fuel extract, DNA adduct patterns similar to those obtained from the liver of
Solea solea liver are observed both, in cell culture (HePG2) and, in presence of fish liver microsomes.

Key words: DNA adduct; 32P-postlabelling; biomarker; genotoxicity; fuel No. 2; Polycyclic Aromatic
Hydrocarbons (PAH); Polyclyclic Heterocyclic Hydrocarbons (PHH); fish: Solea solea

68.1
Introduction

On 12 December 1999, the tanker ‘Erika’ broke into two parts approximately 30 miles
off the French coast (at “Point of Penmarc’h”, South Finistère, France). This accident
occurred in rough weather conditions with wind forces from 8 to 9, and waves high
up to 6 m. About 10 000 t of fuel was released in the sea. The oil pollution was first
observed on the shore of South Finistère on 23 December, 11 d after the accident. Four
hundred kilometers of Atlantic coast (from Morbihan to Vendée) were impacted
between 23 December 1999 and February 2000 (see Fig. 68.1).

Various analyzes performed by independent institutes identified the spilled oil as
fuel No. 6 (CAS No. 68553-00-4 or “Bunker C” or fuel No. 2 in French nomenclature),
which is the highest boiling fraction of the heavy distillates from petroleum; its boil-
ing point is >200 °C (and generally < 400 °C). This fuel is known as “residual oil”,
because they are produced from distillation residues from refinery processing. This
product has a high viscosity and is a complex mixture of relatively high molecular
weight component that is difficult to characterize in detail (IARC 1989). In addition
to paraffinic, cycloparaffinic, olefinic compounds, the ‘Erika’ fuel oil contained a
mixture of polycyclic aromatic hydrocarbons (PAH), polyclyclic heterocyclic hydro-
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carbons (HPH) including carbazoles, thiophenes and heavy metals (IARC 1989; Mazeas
and Budzinski 2002; Boudet et al. 2000).

The “Institut National de l’Environnement Industriel et des Risques” (INERIS) and
the French Ministry of Environment reported high mortality of birds (7 380 alive,
53 118 dead) due to the direct physical toxic effect of the fuel (Lacroix 2000). ‘Erika’ oil
has been detected on the feather of bird collected on Atlantic shore after the ‘Erika’
accident (Mazeas and Budzinski 2002) and also in sediment (Mazeas and Budzinski
2001). They also pinpointed the potential risks of the ‘Erika’ fuel on the aquatic ecosys-
tem exposed to the water soluble fraction of the fuel (Cicollela 2000). This oil spill can
induce ecological and economical disturbances for fishery resources because this

Fig. 68.1. Map showing the locations of spill. Arrows indicate the sampling locations from North to
South of the impacted region. VS: Vilaine south; EL: Estuary of the Loire; BB: Bay of Bourgneuf,
P: Pertuis. Black points represent the distribution of oil loaded on the coast on 5 January 2000 (ITOPF,
International Tanker Owners Pollution Federation Limited)
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contamination arose near hatcheries. Fuel No. 6 has a low evaporation or dissolution po-
tential (Irwin et al. 1997). Emulsion formed by Fuel No. 6 is very stable so it may be highly
persistent in the sediments and coastal rocks impacting benthic and sessile organisms. Its
composition makes it resistant to a microbial degradation with a biodegradation rate
around 11% in laboratory cultures over 80 d (Oudot 2000). According to the literature, the
logKOW of the fuel oil No. 6 varies between 2.7 and 6.6 (CONCAVE 1998 in Baars 2002)
and/or 3.3 and 7.1 (Irwin et al. 1997), indicating a high bioaccumulation potential of at least
a part of its components. As observed previously for the accident of the Exxon Valdez oil
(Carls et al. 2001), Mazeas and Budzinski (2001) confirmed that the sediments were con-
taminated by the petroleum product spilled by the ‘Erika’ tanker.

The ‘Erika’ petroleum is a complex mixture, which belongs to petroleum fuels clas-
sified by IARC in Group 2B, possibly carcinogenic to humans, which thus can react
with genetic material such deoxyribonucleic acid (DNA). The presence of a DNA ad-
duct in a critical gene provides the potential for occurrence of a mutagenic event, re-
sulting in subsequent alterations in gene expression and a loss of growth control (for
a review see Poirier et al. 2000). When assessing the dose/response relationship of toxic
or carcinogenic compounds, it is necessary to consider not only the external dose,
estimated by determination of the concentrations of chemicals in the environment, but
also the internal dose, measured by the amount of toxicant and its metabolite(s) present
in cells, tissues or body fluids. All these measurements represent biomarkers of exposure
but are not relevant to the ability of the substance to induce damage in living systems. The
biological effective dose reflects the amount of toxicant that has interacted with cellu-
lar macromolecules at a target site. Mechanistically, the biological dose is more rel-
evant to disease than the internal dose, because it takes into account the differences of
metabolism as well as the extent repair mechanisms. It is called, biomarker of effect.

For numerous chemicals, DNA is the prime target. DNA adducts are thus probably one
of the most relevant indicators of genetic damage due to exposure to toxins. The detection
of DNA adducts is widely used as biomarker of aquatic contamination (Dunn et al. 1987;
Kurelec et al. 1989a; Varanasi et al. 1989; Ray et al. 1991; Stein et al. 1994; French et al. 1996; El
Adlouni et al. 1995; Harvey et al. 1997; Pfau et al. 1997; Burgeot et al. 1996; Boillot et al. 1997;
Ericson et al. 1998; Ericson and Lasson 2000; Lyons et al. 1999, 2000; Stephensen et al. 2000).
Recently, Rice et al. (2000) used English Sole (Pleuronectes vetulus) to test the genotoxic
impact of polluted sediment. Petrapiana et al. (2002) demonstrated bottom dwelling flat-
fish, such as Lepidhorombus boscii, are sensitive species to evaluate histopathologic dam-
ages. Nine year after the haven oil spill (Ligurian Sea, Italy, 1991) they found positive re-
sponse in liver of this flatfishe living in sites contaminated by hydrocarbons residues. More-
over, DNA adducts and the prevalence of degenerative hepatic lesions in aquatic species
living in contaminated areas have been established (Myers et al. 1998; Reichert et al. 1998;
Baumann 1998; Van Schooten et al. 1995; Vincent et al. 1998; Ericson et al. 1998).

To investigate whether fishes living in the vicinity of the ‘Erika’ tanker oil spill suf-
fered genotoxic damage, we analyzed the DNA adducts in liver of fish Solea solea (a
bottom-dwelling species), at three different time periods (February, July, September
2000). To confirm that the DNA adducts observed are due to the impact of ‘Erika’ fuel,
we compared them to DNA adducts formed in vitro by incubating an ‘Erika’ fuel ex-
tract with fish liver microsomes and DNA. We also analyzed the DNA adduct formed
in HePG2 cells treated by an ‘Erika’ fuel extract.
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68.2
Experimental

68.2.1
Field Sampling

Groups of 10 juvenile sole fish (Solea solea) were collected at four locations along the
French Brittany coasts (Fig. 68.1). This species has been chosen because it was present
at this time in the locations. These fishes live solitary in burrows into sandy and muddy
bottoms and eat worms, mollusc and small crustaceans during the night. Livers were
immediately excised, frozen and stored at –80 °C prior to analysis. Two pools of 5
livers were analyzed at each locations. Site 1 (Pertuis), was selected as potential con-
trol area, being about 110 km away from the other 3 sampling and 250 km far from the
‘Erika’ accident.

68.2.2
Extraction of ‘Erika’ Fuel

Two types of extraction have been performed.

68.2.2.1
Extraction with DMSO

Polycyclic aromatic hydrocarbons (PAH) contained in ‘Erika’ fuel (100 mg) were ex-
tracted with DMSO (1 ml) under agitation (1 h) at room temperature. This extract
was used for microsome incubation (DMSO: dimethylsulfoxide).

68.2.2.2
Asphaltene Precipitation of Petroleum

For HepG2 cells culture, we used maltene extract as described by Mazeas and Budzinski
(2001). Briefly, 500 µl of pentane were added to a 20 mg amount of fuel. The sample
is slowly shaken for 10 min and the supernatant cetrifugated for 3 min at 700 rpm.
The extraction is repeated 20 times. The pooled collected fractions were evaporated
to 500 µl under a stream of nitrogen.

68.2.3
In-vitro Incubation

68.2.3.1
Chemicals

Nicotinamide adenine dinucleotide phosphate reduced (NADPH2), bovine serum al-
bumin (BSA), aprotinine, phenylmethylsulfonylfluorid (PMSF) and arachidonic acid
(AA) were obtained from Sigma (St. Quentin Fallavier, France).
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68.2.3.2
Purification of Microsomes

Livers from fishes were homogenised in a buffer solution [potassium chloride (KCl) 1.15%,
50 mM Na2KPO4, pH 7.4], with phenylmethylsulfonyl fluoride (10 µg ml–1) and aprotinine
(5 µg ml–1). The buffer volume was three times the organ weight. After an initial centrifu-
gation at 9 000 g for 20 min, the supernatant was taken and ultracentrifuged at 105 000 g
for 1 h. The pellets were homogenised in 1 to 2 ml of pH 7.4 buffer containing Na2KPO4
(50 mM), KCl (0.15 M), EDTA (1 mM), dithiothreitol (DTT) (1 mM), glycerol (20%). The
mixture was centrifuged again at 105 000 g for 1 h. Finally, microsomes were suspended
in the same buffer to obtain a final concentration of about 10 mg of protein and stored
at –80 °C prior to analysis. All steps of the isolation were carried out at 4 °C.

68.2.3.3
Incubation of Microsomes

68.2.3.3.1
Measurement of Protein Levels
Bradford’s method (Bradford 1976) was used to measure the protein levels in microsomes.
An aliquot of each microsomal preparation was diluted with a sodium chloride (NaCl,
0.15N) for determination of protein concentration as follows. To 100 µl of this dilution,
1 ml of the reagent was added. The blue coloration of the mixture was measured with
a spectrophotometer (595 nm). The absorbency was compared with a standard curve
calculated with 25 µg ml–1 to 100 µg ml–1 solutions of bovine serum albumin (BSA).

68.2.3.3.2
In-vitro Incubation to Determine DNA Adduct Formation
0.5 mg of microsomal proteins were incubated in vitro in the presence of 70 µg DNA
and ‘Erika’ fuel extract (10 µl) in 500 µl (final volume) of Tris-HCl 50 mM, EDTA 1 mM,
pH 7.4. The mixture was incubated at 37 °C for 3 min before addition of co-substrate.
For measurement of cytochrome P 450 (CYP)-dependent DNA adduct formation,
NADPH2 (10 µl, 10 mg ml–1) was added. For cyclooxygenase (COX) and lipoxygenases
(LIPOX) dependent activity, arachidonic acid (AA) (10 µl, 1 mg ml–1) was added. The
mixture was then incubated at 37 °C for 45 min.

Two controls were added: (1) incubation of DNA without microsomes and (2) in-
cubation of microsomes alone. All incubations were performed in triplicate.

68.2.4
HePG2 Cell Culture

68.2.4.1
Chemicals

The growth culture media Eagle’s minimum essential medium (D-MEM with glutamax,
4 500 mg l–1 de D glucose, sodium pyruvate), phosphate-buffer saline (PBS) and
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Trypsin were obtained from Gibco (Cergy pontoise, France). Hepatic cell line (HePG2)
were obtained from ATCC (American Type Culture Collection, Mannass, USA).
Benzo[a]pyrene was purchased from Sigma.

68.2.4.2
Cell Culture Conditions

Hepatic cell line (HePG2) were cultured in 75 cm2 flasks with 10 ml of culture me-
dium supplemented with 10% fetal bovine serum and 1% penicillin/streptomycin, at
37 °C under 5% CO2 in sterile conditions. After trypsin digestion, the cells were re-
suspended in this medium to obtain 1 × 106 cells per ml. At 4th to 5th day after seeding,
the medium was replaced with fresh medium (5% foetal bovine, 1% penicillin/strep-
tomycin) before treating cells with ‘Erika’ fuel extract and BaP dissolved in DMSO.
Pentane and DMSO never exceed 0.1% of total incubation volume. The cells were
incubated for 24 h in presence of 10 µg ml–1 of ‘Erika’ “fuel” extract and 25 µg ml–1 of
B(a)P. For each treatment, three flasks were required. At the end of the treatment,
cells of each flask are harvested in a total of 8 ml of PBS. The cells harvested are pooled
and centrifuged at 700 rpm at 4 °C and suspended in 700 µl of SET (NaCl: 0.1 M;
EDTA: 20 mM; Tris-Hcl: 50 mM; pH 8). After treatment with sodium dodecyl sulfate
(SDS, 10%) and Potassium acetate (5 M), DNA is purified by phenol/chloroform ex-
traction (Pfohl-Leszkowicz et al. 1991).

68.2.5
32P-Postlabelling Method of Analysis of DNA Adducts

68.2.5.1
Chemicals

Proteinase K, Ribonuclease A and T1 (RNase A and RNase T1), spleen phosphodi-
esterase and microccocal nuclease were purchased from Sigma (L’Isle d’Abeau, France);
T4 polynucleotide kinase and [γ 32P-ATP], 370 Tbq mmol–1 (5 000 Ci mmol–1) were
from Amersham (Les Ullis, France); nuclease P1 from Boehringer (Manheim, Ger-
many); rotiphenol from Rothsichel (Lauterbourg, France); cellulose MN 301 was from
Macherey Nagel (Düren, Germany); the polyethyleneimine (PEI) was from Corcat
(Virginia Chemicals, Portsmouth, VA, USA). The PEI-cellulose plates for thin layer
chromatography (TLC) were made in the laboratory.

68.2.5.2
The 32P-Postlabelling Procedure

For the 32P-postlabelling method, samples were pooled in two duplicates. DNA were
extracted and purified as described previously (Pfohl-Leszkowicz et al. 1991). The 32P-
postlabelling method is that originally described by Reddy and Randerath (1986) with
minor modifications. In brief, DNA (7 µg) was digested at 37 °C for 4 h with micrococ-
cal nuclease (183 mU) and spleen phosphodiesterase (12 mU) in a reaction mixture (total
volume 10 µl) containing 20 mM sodium succinate and 10 mM CaCl2, pH 6. Subse-
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quently, adducted nucleotides are enriched. Digested DNA was treated with nuclease
P1 (6 µg) at 37 °C for 45 min before 32P-postlabelling. Normal nucleotides, pyrophos-
phate and excess ATP were removed by chromatography on polyethyleneimine cellu-
lose plates in 2.3 M NaH2PO4, pH 5.7 (D1) overnight. Origin areas containing labelled
adducted nucleotides were cut out and transferred onto another polyethyleimine-
cellulose plate, which was run in urea 8.5 M, lithium formate 5.3 M, pH 3.5 (D2). Two
further migrations (D3 and D4) were performed perpendicularly to D2. The solvent
for D3 was lithium chloride 1 M, urea 8 M, tris 0.5 M, pH 8, and the buffer D4 was
1.7 M NaH2PO4, pH 6. Autoradiography was carried out at –80 °C for 24 or 48 h in the
presence of an intensifying screen. The radioactivity of the spots is analyzed by a
phosphoimager equipped with an Ambis software treatment system. In the analysis of
each batch of liver DNA, a BaP modified standard obtained during the European Union
collaborative study on 32P-postlabelling validation method (Phillips et al. 2000) was
used as positive control. A negative control was also analyzed each time. The 32P-post-
labelling assay is a highly sensitive method (limit of detection 1 adduct per 1010 nucle-
otides), in which the adducted nucleotides obtained by DNA digestion, were radioac-
tively labelled (Phillips et al. 1999, 2000). The number of adduct is expressed in Rela-
tive Adduct Level (RAL)/109 nucleotides.

68.3
Results and Discussion

68.3.1
Field Study

The aim of this study was to investigate and follow the genotoxic impact of ‘Erika’
fuel on marine environment. Part of ‘Erika’ oil has been trapped by sediment and
consequently could contaminate the animals living in sediment for a long time. For
this reason, we analyzed liver DNA-adducts of sole living in the areas impacted by the
spillage. These fishes are exposed to sediments because they made burrows into sandy
and muddy bottoms, and eat worms, molluscs and crustaceans.

Figure 68.2 presents typical liver DNA adduct patterns from soles sampled at four
locations along the French Brittany coast – Perthuis (P), Bay of Bourgneuf (BB), estuary
of Loire (EL) and Vilaine South (VS) – and at three time periods February, July and Sep-
tember 2000. Two different radioactive zones can be delimited on the autoradiogram
(Fig. 68.2b): a diagonal radioactive zone (DRZ) and zone 1 (Z1). In February, DRZ and Z1
are observed in all samples, even in Perthuis location (P), which was expected to be a non-
contaminated area. Already in July, only few adducts, mainly Z1, persisted in EL and
VS locations, and this continued in September. On the contrary, in the two other locations,
DRZ and Z1 persisted in July and significantly decreased only in September.

The quantification of the DNA-adducts are presented in Fig. 68.3. The highest total
DNA adduct levels (Fig. 68.3a) are detected in February, two months after the accident in
all areas in February, the total DNA adducts levels reached 286 and 210 adducts/109 nucle-
otides, respectively in liver of fishes caught in Bay of Bourgneuf (BB) and Vilaine South (VS).
In July, an important decrease of the total DNA adduct levels was observed in VS (76.4%)
and EL (85.2%). Only a moderate decrease (27%) of the total DNA adducts levels was
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observed in July in Bay of Bourgneuf. In Perthuis (P), the average of total DNA adduct
remained similar to that observed in February with a level of 160 adducts/109 nucleotides.
In September, the average of the total DNA adduct levels at all locations were very low
(about 50 adducts/109 nucleotides) compared to those observed in February.

Each radioactive zones (DRZ and Z1) represented a lot of different individual DNA
adducts, generated by the cross reactivity of genotoxic compounds with DNA. The DRZ is
typical of a contamination by polycyclic aromatic hydrocarbons (PAH) as described by
Randerath et al. (1988), Lyons et al. (1999), Schilderman et al. (1999) and Ericson and Larson
(2000). Both radioactive zones have been separately quantified (Fig. 68.3b). The largest
amount of DNA adducts in DRZ was observed in February in Bay of Bourgneuf. For this
period, it is 3 to 5 times higher than those from the other three locations. In fish livers
from Bay of Bourgneuf, the DRZ is only significantly reduced, in samples caught in Sep-
tember. In all areas, the levels of Z1 are very high in February, ranging from 111 to 165 ad-
ducts/109 nucleotides. In July, Z1 is significantly reduced, in Vilaine South and Estuary of
Loire, whereas these adducts persisted in Bay of Bourgneuf and even increased in Perthuis (P).
On September, the residual DNA adduct is very low at all locations.

Our results demonstrated that the ‘Erika’ fuel have a genotoxic impact on fish liver.
Presence of DNA adduct in Perthuis location is not surprising. Indeed, ITOPF have
published on 5 January a map showing the presence of ‘Erika’ oil also in the region
(Fig. 68.1). The faster DNA adduct decrease in Estuary of Loire and Vilaine South, in

Fig. 68.2. a Typical autoradiogram of adducts detected in the liver of Solea solea after the ‘Erika’ oil
spill. Sampling time period: February, July and September 2000. P: Perthuis; BB: Bay of Bourgneuf;
EL: Esturay of Loire; VS: Vilaine South. b Scheme and numbering of the bulky DNA adducts zones
detected by the 32P-postlabelling method
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contrast to the long persistence of DNA adduct in Bay of Bourgneuf and Perthuis could
be explained as follow. First, flow from the river enhanced the removal of the contami-
nant from the sediment or diluted the contamination with input of new river sedi-
ments. Second, the fishes are not at the same step of development in July and Septem-
ber than in February. In their early development stage, the Solea solea lived in the bay,
but as soon as they convert into juvenile (stage 5 of the maturation), they migrate in the
estuary of the river (Amara et al. 2000). This occur between April and June. Thus, the
sampling in July and September included fishes coming not necessary from areas highly
contaminated. Third, in Bay of Bourgneuf and Perthuis, in addition to the contamina-
tion of the sediments, a high amount of oil has been trapped on the rocks delimiting
the bay. Observations made by C.E.D.R.E. indicate that the bay of Bourgneuf have been
strongly and regularly impacted by oil slick at least until April 2000 (www.le-cedre.fr).

Altogether, our data confirm the interest of the analysis of DNA adduct in fish liver
to follow the impact of a pollution by PAC. They are in accordance with those from
Lyons et al. (1997) and Harvey et al. (1999) who analyzed the genotoxic impact of the
Sea Empress crude oil on fish tissues (Lipophorys pholis) and on Limanda limanda),
as well as invertebrate species (Halichondira panicea and Mytilus edulis) respectively.
Similar to the results of this study, the DNA adduct patterns of fish liver exhibited a
typical diagonal zone (DRZ). DNA adducts persisted in vertebrates but not in inver-
tebrates species 12–17 months after the spill.

Fig. 68.3. Quantification of DNA adducts in liver of fish exposed to ‘Erika’ fuel in marine environ-
ment. a Total DNA adduct level expressed as number of adduct per 109 nucleotides. b DNA adduct
level of DRZ and Z1. Note a: Only one pool of fish liver were analyzed
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Authors have demonstrated that DNA adduct in fish liver represent an exposure to
genotoxic substance over a long period as compared to their measurement in blood
which represents a very early exposure (Telli-Karakok 2001; Ericson et al. 1999). It has
also been found that DNA adducts in fish liver are very persistent (Ericson et al. 1999;
Stein et al. 1993; Varanasi et al. 1989 in Ericson and Larson 2000). Indeed, French et al.
(1996) observed a steady increase in DNA adduct levels during a chronic exposure of
English sole (Pleuronectes vetulus) to PAH-contaminated sediment for 5 weeks and
that they are very persistent even after a depuration period. In the same way, Aas et al.
(2000), have also observed that hepatic DNA adduct formed in Atlantic cod (Gadus
morhua) appeared 3 d after exposure to low concentration of crude oil and increased
steadily during the 30 d following exposure. Over 60% of the DNA adducts remained
after 60 d. Our first sampling was about 2 months after the accident, falling between
these two time point. The data from February sampling presents thus the situation
between the maximum impact on DNA formation and its reduction by 40%.

68.3.2
In-vitro Biotransformation of ‘Erika’ Petroleum

The ‘Erika’ oil contains high amount of naphtalene, phenanthrene, chrysene and
dibenzothiophene (Mazeas and Budzinski 2002). We have previously demonstrated that
depending of the PACs, genotoxic compounds are generated during biotransformation by
CYP, COX and LIPOX (Genevois et al. 1998). To confirm that fish liver have the ability to
biotransform the ‘Erika’ fuel, we incubated fish liver microsomes, in presence of an ex-
tract of an extract of the ‘Erika’ fuel and DNA. Two different co-substrate have been used:
NADPH2, needed for cytochrome P450 activity (CYP) and arachidonic acid (AA), needed
for cyclooxygenase (COX) and lipoxygenase (LOX) activities. No DNA adducts are ob-
served when the extract of the ‘Erika’ fuel is incubated in presence of microsomes alone
(Fig. 68.4a). In the same way, no DNA adducts are observed when microsomes are incu-
bated alone (Fig. 68.4b), nor when microsomes are incubated with DNA alone (Fig. 68.4c).
A diagonal radioactive zone (DRZ) is observed when the ‘Erika’ fuel was incubated in
presence of microsomes, DNA and NADPH2 (Fig. 68.4d). Several individual DNA-ad-
ducts are observed when extract of the ‘Erika’ fuel was incubated in presence of mi-
crosomes, DNA and AA (Fig. 68.4e). Comparison of these patterns with those obtained
in liver of Solea solea after the ‘Erika’ spill, confirmed that the DRZ is due to biotrans-
formation of components from the extract of the ‘Erika’ fuel by cytochrome P 450 into
genotoxic metabolites reactive with DNA. This ability of the microsomal fraction to

Fig. 68.4.
In-vitro incubation of ‘Erika’
fuel in presence of fish liver
microsomes and DNA.
a Microsome + ‘Erika’ fuel;
b microsome alone; c micro-
some + DNA; d microsome
+ ‘Erika’ fuel + DNA + NaDPH2;
e microsome + ‘Erika’ fuel
+ DNA + arachidonic acid
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transform PAH into species which can form DNA adducts has been reported by Peters
et al. (2002) in fish liver microsome incubated with BaP. Biotransformation of the com-
ponents of the extract of the ‘Erika’ fuel in presence of arachidonic acid by cycloxygenase
and/or lipoxygenase induces the formation of several DNA adduct having the same
chromatographic properties than DNA adducts, observed in Solea solea, notably Z1.

These results demonstrated that ‘Erika’ fuel is genotoxic after metabolic activation
by cytochrome P 450, cylooxygenase and lipoxygenase.

68.3.3
Genotoxic Impact of ‘Erika’ Fuel on Hepatocytes

Unfortunately, no sampling had been made before the ‘Erika’ oil spill, therefore we
have no basis for comparison with the situation before the accident. To confirm that
the genotoxic effect observed in fish liver is related to ‘Erika’ petroleum, we have in-
cubated HePG2 (human hepatocyte) for 24 h in presence of an extract of the ‘Erika’
fuel or benzo(a)pyrene (Fig. 68.5).

No DNA adduct are observed when HepG2 are incubated only with the vehicle
(Fig. 68.5a). Incubation of these cells with the ‘Erika’ fuel extract lead to the formation
of 2 radioactive zones (Fig. 68.5b). The pattern is similar to with those obtained in
Sole exposed to ‘Erika’ oil in marine environment. The levels of DNA adduct reached
106 adducts/109 nucleotides and 152 adducts/109 nucleotides in diagonal zone (DRZ)
and Zone 1, respectively. Incubation of HePG2 in presence of BaP induce the forma-
tion of one major adduct reaching a level of 331 adducts/109 nucleotides (Fig. 68.5c).
These data indicates that human hepatocyte biotransformed ‘Erika’ fuel into genotoxic
metabolites similarly to hepatic cell of fishes and confirmed that the adducts observed
in field study are related to the contamination of sediment by the ‘Erika’ fuel.

Fig. 68.5. DNA adduct pattern after incubation of HePG2 cells for 24 h. a Control cells; b cells incu-
bated with ‘Erika’ fuel; c cells incubated with benzo[a]pyrene
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68.4
Conclusion

Despite the fact that we have no basis for comparison with the situation prior to the acci-
dent because no sampling had been made before the ‘Erika’ oil spill, these results demon-
strate a genotoxic event to the liver of the fishes living in the coast impacted by the ‘Erika’
spill. The sequence of the events depended of the location and the period of sampling. For
the earlier period, two months after the spill, a high amount of DNA adducts is detected
at all locations. Then, in July, high level of DNA adduct persisted only in the south loca-
tions, Bay of Bourgneuf (BB) and Pertuis (P), whereas for the north sites, Estuary of the
Loire River (EL) and Vilaine South (VS), a strong decrease of DNA adduct was observed.
Finally in September a low residual DNA adduct level was observed for all locations. We
have confirmed by in-vitro experiments, that fish livers and human hepatocytes are able
to biotransform components of the ‘Erika’ fuel into genotoxic compounds leading to similar
DNA adducts than those observed in livers of fish living in polluted area.
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69.1
Introduction

Water and soil pollution has become a major concern in the world, as much of the
population relies on groundwater as its major source of drinking water as well as on
soil as cultivable land. Heavy-metal contamination brings a potential health hazard
that can cause metal toxicoses in animals and humans (Volesky and Holan 1995).

Microorganisms play an important role in the environmental fate of toxic metals
and radionuclides because various biological mechanisms transform soluble and
insoluble forms of xenobiotics. These mechanisms are part of natural biogeochemi-
cal cycles. They are potentially useful for both in-situ and ex-situ bioremedial treat-
ment processes for solid and liquid wastes (Gadd 2000).

The use of microorganisms for recovering of metals from waste streams, as well as
the employment of plants for landfill application (Watanabe 1997), has raised growing
attention. A wide variety of fungi, algae, and bacteria are now under study or are al-
ready in use as biosorbents for heavy-metal remediation (Gadd 1992; Diels et al. 1993;
Kotrba et al. 1999). Bacteria have evolved strategies to cope with toxic metals in the
environment, and bacterial operons that confer resistance to cadmium, mercury, cop-
per and arsenic have been described (Silver and Phung 1996; Nies and Brown 1998; Xu
et al. 1998). Recently some chromosomal genes conferring metal tolerance have been
detected in several bacterial species as well (Cai et al. 1998; Xiong and Jayaswal 1998;
Hassan et al. 1999).

Actinomycetes are Gram-positive bacteria with high content of guanine and cytosine
(G + C) (55–75 mol%) that generally exhibit a filament growth with ramifications. They
are metabolically versatile being a significant component of soil microbial population
and they were proved to habit in marine and aquatic sediments (Peczynska-Czoch and
Mordarski 1984). Another characteristic of actinomycetes is the great variation of its
secondary metabolism with active compounds as final products. Actinomycetes stand
out within the prokaryotes microorganisms by their wide morphologic diversity, pre-
senting a continuous transition from round cells, rod-shaped cells, to hyphae that are
fragmented with ramifications or stable with ramifications (Goodfellow et al. 1988;
Larpent and Sanglier 1989).

Copper is a heavy metal that has been used for years as an ingredient of bacteri-
cides and fungicides and as a growth enhancer of pigs (Trajanovska et al. 1997). Cop-
per is found in high concentrations (0.1 to 20 mM) in contaminated soils thus being
a threat to soil bacteria population. There is a copper filter plant near an agricultural



758 M. Siñeriz Louis  ·  J. M. Benito  ·  V. H. Albarracín  ·  Thierry Lebeau  ·  M. J. Amoroso  ·  C. M. Abate

Pa
rt

 V
II

area of Tucumán, Argentina that flows its wastewater to a natural channel. It has been
determined that during the process copper contamination is produced in the envi-
ronment (Amoroso et al. 1996).

Copper is needed at low concentration (<0.1 µM) to cell normal functions but it
is very toxic at high concentrations because its production of free radicals causes
a serious damage to the cell (Gutteridge and Wilkins 1983; Simpson et al. 1988). Nev-
ertheless, bacteria exposure to toxic levels of copper has led to the development
and evolution of various genetics mechanisms that regulate the uptake and resistance
to copper (Trevors 1987). Plasmid pRJ1004, that confers copper resistance to E. coli,
is one example of these mechanisms (Tetaz and Luke 1983). pRJ1004 is a conjugate
78-megadalton plasmid found in an E. coli strain isolated from the effluent of a
piggery where pigs were fed a supplemented diet with copper sulphate. It was
shown to carry a copper-resistance determinant, pco (plasmid-borne copper resis-
tance) (Tetaz and Luke 1983). Brown et al. (1995) characterised and described the
nucleotide sequence of the pco resistance determinant, together with copper trans-
port studies.

There is a lot of information available on copper resistance genetic mechanisms in
Gram-negatives bacteria (Williams et al. 1993; Harwood and Gordon 1994; Munson
et al. 2000) but little has been done in Gram-positives. In spite of this, Trajanovska
et al. (1997) reported the detection of copper and other heavy metals resistance genes
in Gram-positives and Gram-negatives isolated from a lead contaminated area. There
is still less information about the genes that codifies heavy metal resistance in acti-
nomycetes. Recent experiences indicate that mercury resistance in Streptomyces is
related to the presence of giant linear plasmids (Ravel et al. 1998, 2000a,b).

Cadmium is a very toxic metal and has been found in the environment at increased
concentrations producing different pathologies in humans and animals (Friberg et al.
1979).The accelerated growing of industrial activities producing this contamination
has increased the cadmium liberation at a higher rate than the one of the natural
geochemical processes (Nriagu and Pacyma 1988). The monitoring of the viability of
cadmium resistant actinomycetes in culture medium and in soil samples is of consid-
erable importance because of the potential capacity of these strains in the bioreme-
diation of cadmium (Amoroso et al. 1998).

One of the easier ways is to follow the viability by fluorescence. The green fluores-
cent protein (GFP) has proved to be a particularly useful and sensitive gene reporter.
Recently a red-shifted variant of GFP was developed, which gives brighter fluores-
cence and higher levels of expression in mammalian cells. Enhanced Green Fluores-
cent protein (EGFP) shows a 35-fold enhancement of fluorescence over wild-type GFP
when excited at 488 nm, and possesses excitation and maximal emission of 488 nm
and 507 nm, respectively (Sun et al. 1999).

Using actinomycetes strains isolated from heavy metals contaminated soils we
studied their resistance to copper at different concentrations and then assayed an
hybridisation experience with probes constructed using two copper resistance genes
(pcoR and pcoA) from pRJ1004 of E. coli. With the aim to study the survival of the
cadmium resistance strain Streptomyces R25 (Amoroso et al. 1998) in cadmium con-
taminated soil we carried out transformations experiments using pIJ8660 that con-
tain the EGFP gene to transform this strain and analyze their survivals.
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69.2
Experimental

69.2.1
Samples

Sediment samples were collected from the water reservoir El Cadillal (not contami-
nated area), and from a drainage channel that receives effluents from a copper mine.
Both places are located in Tucumán, Argentina. A sediment sample was also collected
from a uranium mine, Wismut, in eastern Thuringia, Germany. Each sample was asep-
tically collected using sterile test tubes, and kept at 5 °C until they were dried at 30 °C
to constant weight. Samples were diluted with sterile water prior inoculation onto
isolation plates in duplicate.

69.2.2
Microorganisms

Isolation of microorganisms was carried out in Starch-Casein Agar (SC) medium
containing per litre: starch: 10.0; casein: 1.0; K2HPO4: 0.5; agar: 15.0. The pH was ad-
justed prior sterilisation to 7.0. The medium was supplemented with 10.0 µg ml–1

nalidixic acid (NA) and cycloheximide to inhibit growth of Gram-negative bacteria
and fungi, as previously reported for actinomycetes isolations (Amoroso et al. 1998).
Plates were incubated at 25 °C and colonies were inoculated by streaking on agar
medium without the antibiotics.

Streptomyces R25, previously isolated by Amoroso et al. (1998) was selected because
of its cadmium resistance. Dr. Jill Williams gently provided Escherichia coli ED8739
pRJ1004 from the Department of Genetics of the University of Melbourne, Australia.
Streptomyces MC2 and Cad1 were used as negative controls in the heavy metal assays
because they showed to be sensitive to all the concentrations tested.

69.2.3
Qualitative Assays of Copper Resistance

Primary qualitative screening assays were carried out in square plates containing MM
agar medium (composition in g l–1: L-asparagine: 0.5; K2HPO4: 0.5; MgSO4 · 7H2O: 0.2;
FeSO4 · 7H2O: 0.01; glucose: 10.0; agar: 15.0) amended with three different CuSO4
concentrations: 0.1, 0.25 and 0.5 mM respectively. The isolated strains were spread
onto the plates and microbial growth was used as the qualitative parameter of metal
resistance.

69.2.4
Copper Analysis

Copper concentrations were determined by atomic absorption spectrometry. Solid-
phase samples were first digested by dissolving sediments in concentrate nitric acid
(American Public Health Association 1992).
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69.2.5
Plasmid and DNA Extraction

Selected strains: C14, C31, C43 and C61 isolated from El Cadillal; M3, M9 and M26
isolated from the copper and gold mine; QL1-3, QL1-4 and QL1-8 isolated from the
uranium mine were grown at 28 °C during 4–5 d in MM amended with 80 mg ml–1

copper. The pellets were collected by centrifugation and washed twice with sterile
distilled water. Total genomic DNA extraction was carried out according with the
technique described by Fisher (1985) modifying the lisozyme concentration used in
8 mg ml–1 instead of 2 mg ml–1 (DNA: desoxyribonucleic acid). Plasmid DNA was
isolated by alkaline lysis method (Birnboim and Doly 1979).

69.2.6
Dot Blot

Templates used in the hybridisations were the DNA isolated from the selected strains;
DNA from actinomycete MC2, Cad1 strains and Bacillus sp. O9 were used as negative
controls. The 600 and 1 800 bp PCR amplified fragments obtained from the plasmid
pRJ1004 using the primers pairs pcoA1-pcoA2 and pcoR1-pcoR2 were used as posi-
tive controls (PCR: polymerase chain reaction). These fragments were visualized af-
ter the PCR reaction in a 0.8% agarose gel and purified from the gel using the kit
Wizard PCR Preps DNA Purification System from Promega (Madison, USA). Hybrid-
ization signals were detected using a Phototope Detection Kit (Biolabs).

69.2.7
Probe Labelling

The probes were constructed using pcoA (600 bp), pcoR (1 800 bp) gene fragments
and the plasmid pIJ8660. They were labelled using the kit NEBlot-PhototopeTM

(BioLabs).

69.2.8
Oligonucleotide Primers

The oligonucleotides were synthesized by Bio-Synthesis, Inc. (Lewisville, USA).
Universal primers fD1 (5'-AGAGTTTGATCCTGGCTCAG-3') and rD1 (5'-AAGGA-
GGTGATCCAGCCGCA-3') were used to check that all the isolated DNAs were
amplifiable by PCR and they are designed to amplify a fragment of approximately
1.5 kb corresponding to the 16S rDNA (Weisburg et al. 1991). Chromosomal DNA
of Bacillus sp. O9 strain was used as positive control of this reaction. Primers
pairs pcoA1-pcoA2 (pco A1 5'-CGTCTCGACGAACTTTCCTG-3' and pcoA2 5'-
GGACTTCACGAAACATTCCC-3') and pcoR1-pcoR2 (pcoR1 5'-CAGGTCGTTA-
CCTGCAGCAG-3' and pcoR2 5'-CTCTGATCTCCAGGACATATC-3') were design to
specifically amplified pcoA and pcoR genes respectively, which are part of the pco
operon carried in the plasmid pRJ1004 that was therefore used as a positive control
(Brown et al. 1995; Trajanovska et al. 1997).
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69.2.9
PCR Amplification

Templates for PCR reaction included the following: total genomic DNA from the strains
C43, M26, QL1-3, QL1-4, QL1-8, Bacillus sp. O9 and the plasmid pRJ1004. Amplifications
were performed in 25 µl reaction volumes. The following PCR program was used: initial
denaturation at 94 °C for 5 min followed by 35 cycles of 94 °C for 45 s, 55 °C for 45 s, 72 °C
for 1 min 30 s, with a final extension step at 72 °C for 7 min. For the PCR reaction with the
primers pairs pcoA1-pcoA2 and pcoR1-pcoR2, a program developed by Trajanovska et al.
(1997) was used. Sterile bidistilled water was used as negative control. Amplifications re-
actions were carried out in a GeneAmp PCR 9700 system (Applied Biosystems).

69.2.10
Purification, Cloning and Sequencing of a PCR Product

The 600 bp PCR amplification product of strain M26 was subjected to electrophoresis
in 1% agarose gels, and recovered from there using the Wizard PCR Preps DNA Puri-
fication System (Promega) and cloned into p-Gem Teasy plasmid (Promega) following
the manufacture protocol. DNA sequencing on both strands was performed by the
dideoxy chain termination method with an ABI prism 3700 DNA Analyzer, using the
ABI Prism BigDye Terminator Cycle Sequencing Ready Reactions kit (PE Biosystems).

69.2.11
Transformation Procedures for Streptomyces R25 Cadmium Resistant

The plasmid pIJ8660 used in the transformation experience was a gift of Dr. Jongho
Sun, Department of Genetics, John Innes Centre, Norwich NR4 7UH, UK. This plas-
mid contains the pUC18 replication origin and apramycin-resistant gene, aac (3) IV,
for maintenance and selection in E. coli, respectively. It possesses the φC31 int gene
and att P site, allowing insertion of the plasmid at the chromosomal φC31 attachment
site, using apramycin resistance for selection in streptomycetes.

For the mycelium transformation a modification of Kieser et al. (2000) method was
used. Streptomyces R25 was grown at 30 °C during 72 h. Twenty µl of the competent cell
were mixed with 2 µl of plasmid DNA (0.1 µg). The electroporation was carried out in
a Cell Porator (GIBCO BRL) with the following conditions: 1.5 kV, 330 µF, 4 KΩ. The
cells were grown on TSB medium and incubated 3 d at 30 °C. Transformant colonies
were detected with fluorescence microscope. Transformation results were confirmed
by Dot Blot assays using the plasmid pIJ8660 as a probe. Plasmid pIJ8660 and Strep-
tomyces R25 not transformed were used as positive and negative control respectively.

69.2.12
Visualization of Enhanced Green Fluorescent Protein (EGFP)

Fluorescence microscopy was carried out on a Zeiss Axiolab equipped with a filter
set, using a ×100 objective for examination of culture on cover slips. The wavelength
of light used for fluorescence detection was 450–490 nm.
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69.3
Results and Discussion

69.3.1
Qualitative Assays of Copper Resistance

In order to estimate the metal stress that the isolated strains support in their natural
environment, copper concentration determination was performed in the sediments
of the uranium mine, drainage channel and El Cadillal samples. 0.5 and 2.0 mg l–1 of
copper concentrations were found for the two first samples respectively but no cop-
per was detected in El Cadillal sample.

Forty-four actinomycete strains were isolated, thirty-one from El Cadillal, ten from
the drainage channel and three from the uranium mine. The colonies morphology
were typical of actinomycetes group characterized by the formation of vegetative
mycelium and a secondary or aerial mycelium in permanent contact with the air.

These strains were tested for qualitative copper resistance by plate analysis
(Table 69.1). One hundred percent isolated actinomycetes strains from El Cadillal were
capable to grow at 0.1 mM of Cu2+, 77% at 0.25 mM and only 39% at 0.5 mM, suggest-
ing an inhibition growth more than 50% when the copper concentration increased
five-folds. On the other hand, all the isolated strains from both mines were able to
grow at all Cu2+ tested concentrations (Table 69.1).

These results indicate that copper resistance may be widespread amongst actino-
mycetes growing in contaminated environments, validating the hypothesis that bac-
teria expose to toxic levels of a metal, can evolve biochemical mechanisms to regulate
copper uptake and resistant toxicity (Yang et al. 1993).

69.3.2
Dot Blot

The presence of DNA sequences that codifies copper resistance was evaluated in ten ac-
tinomycete strains (C14, C31, C43, C61 from El Cadillal; M3, M12, M26 from the drainage
channel;.QL1-3, QL1-4 QL1-8 from the uranium mine) that presented the highest biomass
concentration (data not show) in culture medium with 0.5 mM copper concentration
(Table 69.1). Dot Blot assays were carried out using pcoA and pcoR genes of the operon
pco described in Escherichia coli and also detected in Gram-positive bacteria (Trajanovska
et al. 1997). DNA sequence of this genes were used as positive controls, DNA samples iso-
lated from the actinomycete strains sensitive to all metal concentrations tested and

Table 69.1. Qualitative screening of copper resistance
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Bacillus sp. O9 strain were used as negative controls. Similar positive hybridisation sig-
nals were obtained when the two probes were used for the DNA samples of C43, M26,
QL1-3, QL1-4 strains, whereas no signal was observed for DNA of QL1-8 strain (Fig. 69.1).

The positive hybridisation signals obtained (Fig. 69.1) indicate the presence of DNA
homologous sequences among the actinomycete and E. coli assayed strains. These
homology sequences could be part of consensus sequence of pco operon, and indicate
that these actinomycete strains may have a similar copper resistance mechanism to
E. coli. Moreover bacteria resistance to copper conferred by plasmids has been de-
scribed in Pseudomonas (Cooksey 1994), Xhantomonas (Lee et al. 1994) and E. coli

Fig. 69.1b. Autoradiography of the hybridisation assay. Strains QL1-3, QL1-4 and QL1-8. II: pcoR probe

Fig. 69.1a.
Autoradiography of the hybri-
disation assay. Strains C14, C31,
C43, C61, M3, M12 and M26.
I: pcoA probe. II: pcoR probe
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(Brown et al. 1995). These systems are highly homologous (Brown et al. 1994; Cooksey
1994) and contain the same genes. Contrary to the obtained results the QL1-8 copper
resistant strain showed no signal in Dot Blot assay; indicating that this strain may
have different copper resistant DNA codify sequences than the other actinomycete
strains assayed (Fig. 69.1). Further experiences should be done with QL1-8 strain using
primers and probes constructed with genes involved in copper resistance in another
bacteria. At this moment, in our laboratory we are identifying the genes involved in
the genetic regulation of actinomycetes copper resistance.

69.3.3
PCR Amplifications

In order to determinate if the homology found above was a partial or complete homology
of copper resistant sequences, PCR reactions were carried out using total genomic DNA
as templates of the strains that gave positive hybridisation signals in the Dot Blot assay
(Fig. 69.1). A 1.5 kb fragment was amplified from all DNA samples when the primers fD1
and rD1 were used. When the primers pair pcoA1-pcoA2 were tested, none of the tem-
plates showed amplification, with the exception of the positive control (plasmid pRJ1004)
that gave a fragment of the expected size (1.8 kb). The hybridisation signals obtained in
Dot blot assay with C43, M26, QL1-3 and QL1-4 strains could indicate the presence of
homology sequences between E. coli and actinomycetes present in the inner of the gene,
which do not hybridise with the primer pairs pcoA1-pcoA2 used in the PCR reaction.

When the primer pairs pcoR1-pcoR2 were used in the PCR assay, it was only ob-
tained a 600 bp amplification product for the strain M26 like the positive control
(Fig. 69.2). The M26 amplification product was purified, cloned and sequenced. The
sequence analysis showed 100% of similarity with the pcoR gene of the pco operon
previously described in E. coli (Brown et al. 1995). The 600 bp consensus fragment will
be used in future for identification copper resistant microorganisms as target sequence
in PCR and hybridisation assays.

69.3.4
Transformation Procedures for Streptomyces R25 Cadmium Resistant

For evaluating the survival and bioremedial cadmium soil activity of R25 strain, trans-
formation assay with the plasmid pIJ8660 were made. This plasmid containing the
green fluorescent gene (EGFP) was introduced by electroporation into Streptomyces R25
strain. The fluorescence of the transformant colonies was observed in substrate hy-
phae by microscopy (data no shown).

Dot Blot hybridization was performed in order to confirm that the fluorescence of the
colonies was due to the insertion of plasmid pIJ8660 carrying the EGFP gene into
Streptomyces R25. In order to do this, we used this plasmid as a probe. Results are shown
in Fig. 69.3 where it is possible to observe hybridizations signals in the five colonies tested.

The fluorescence of R25 strain was observed after many generations in culture me-
dium without apramycin, indicating the presence of EGFP gene. Thus, the gene se-
quence is probably integrated in the actinomycetes chromosome because the pIJ8660
plasmid has a E. coli replication origin only.
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Fig. 69.2.
Agarose gel electrophoresis
showing PCR product using
pcoR1-pcoR2 as primers.
a Negative control (sterile
water); b DNA of strain M26;
c positive control (pRJ1004
plasmid); d MWM 1 kb DNA
Ladder (PROMEGA)

Fig. 69.3.
Dot blot hybridisation of trans-
formed Streptomyces colonies
using pIJ8660 as probe. Trans-
formed colonies indicated as 1, 2,
3, 4, 5. Positive and negative con-
trol were DNA of pIJ8660 and
Streptomyces R25 respectively
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69.4
Conclusions

To our knowledge, these are the first results showing evidences of genetic systems
involved in copper resistance mechanisms in actinomycete strains, as well as the
characterization of 600 bp sequence that may be related with the copper actinomycete
resistance mechanism. The resistant copper and cadmium actinomycetes strains pre-
sented in this work, as well as the use of plasmid pIJ8660 for evaluating the survival
and bioremedial cadmium soil activity of R25 strain constitute potentially useful tools
to design and develop bioremediation experiences at copper and cadmium polluted
areas.
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–, dichlorophenoxyacetic  673
–, ethylenediaminetetraacetic acid (EDTA)  107
–, fatty  710
–, fulvic  516, 518, 522
–, humic  204, 516, 518, 522, 706, 710
–, hydroxybenzoic  29, 590
–, lauric  710
–, linolenic  710
–, margarine  710
–, monocarboxylic acids  375
–, myristic  710
–, nalidixic  758
–, palmitic  710
–, tridecanoic  710

Acinetobacter  32–34, 38–40
actinomycetes  214, 756

–, heavy-metal resistant  756
adipocytes  352
adsorbent, low-cost  250
adsorption  259, 462, 510, 590, 592
advanced oxidation process (AOP)  590, 614
Aequorea  647, 656

–, victoria  656
aerogel  590

–, adsorption  592
Aeromonas  431

aerosol  372, 408
–, organic  370

Agrobacterium radiobacter  477
air  690

–, pollutants  382
–, pollution  370, 408

aluminium  630
alcohol, threshold concentration  738
algae  92, 125, 494, 495, 725

–, endosymbiotic  672
Algiers  370
alkamone  709
alkanes  370, 710
alkylbenzenes, linear  344
alkylphenols  304
alkylsulfonic acid  344
aluminum  630

–, -27  463
–, ions  635

Ames  645
amides  710
amines  630, 710

–, aromatic  268, 278
aminobenzothiazole

–, biodegradation  297
–, metabolite  299

amitrol  329
ammonia  99, 327
Ampelisca abdita  725
amphipod  725
Anabaena  659
analysis

–, cadmium standard  78
–, double spike  76
–, in-field  13
–, microscopic  91
–, of PAHs  433
–, trace  99

anatoxin  658
aniline  709

–, -N,N-diacetic acid  709
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anthracene  673
anthrachinoid  275

–, dyes  275
anthraquinone  709
antimicrobials  675
AOP (see advanced oxidation process)
Aphanizomenon ovalisporum  659
Aporrectodea giardi  473
Arabidopsis  137, 631, 633–635, 637

–, thaliana  634
arabinose  710
arabitol  710
arsenic  146, 152, 229, 238, 673

–, particulate  157
–, remediation  228, 229

Aspergillus
–, foetidus  280
–, niger  280

asphaltene, precipitation  745
atomic absorption spectrometry (AAS)  9, 146,

198, 251, 258, 473, 758
atrazine  329, 472

–, biodegradation  472, 477
–, metabolism  474
–, photodegradation  472

azo dyes  268, 273

B

Bacillus  214–220, 278, 570, 725, 759, 760, 762
–, cereus  278, 725
–, macerans  570
–, simplex  215
–, subtilis  278, 279

bacteria  31, 125, 214, 268, 495, 650, 648, 725
–, bioluminescent  690, 698
–, luminescent  690
–, pathogenic  31

barium  136, 152
–, anthropogenic input  160
–, particulate  157

bark  250
barley (see Hordeum vulgare)
bee  482
beetle  647
benthiocarb  673
benzene  734

–, threshold concentrations  738
–, sulfonate  709

benzo[a]pyrene  673
benzothiazole  294

–, biodegradation  294, 298
–, metabolites  300

binding

–, constant  568, 574
–, determination  574

–, heterogeneity  120
bioassay  644, 658, 662, 672, 698, 724

–, bacterial  644
bioavailability  187, 418, 423, 424, 462, 694

–, PAHs  430
biodegradation  268, 294, 316, 472, 477, 614, 706

–, experiment  474
–, test  307

biodetector  734
biofilm  560
biofilter  560
biological oxygen demand (BOD)  681
bioluminescence  646, 653, 690, 699
biomarker  31, 742
biomass  620
bioreactor  560

–, continuous  430
bioremediation  132, 214, 268, 271, 316

–, by microorganisms  214
biosensor  132, 681, 690, 695, 698, 714, 719

–, microbial  706
–, environmental  690

biosorption  280
biotransformation  304
bisphenol  516
Bjerkandera  275, 431

–, adusta  275
blood  645
BOD (see biological oxygen demand)
boron tribromide  343
bound residues  329
Brassica oleracea acephala  186
Brassicaceae  186, 192
bromate  360

–, control  368
bromophenol  709
Burkholderia cepacia  281, 560–563
butanol  710
by-products, halogenated  360

C

cadmium  4, 136, 146, 186, 197, 204, 214, 258, 673, 724
–, -110  75, 85
–, -111  78
–, -112  75, 85
–, -113  79
–, -114  75, 85
–, -116  75, 78
–, -116/-110 ratio  83, 84
–, analysis  216
–, concentration  80
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–, isotopic
–, composition  75
–, data  80

–, removal with coffee beans  258
–, resistance  760, 763
–, standard analyses  78
–, toxicity  727, 729

calcium  136, 139, 146, 242, 630
–, carbonate  440

calmodulin (CaM)  132, 133
–, peptides  136

cancer  305
candytuft  188
capillary electrophoresis  107
carbendazim  528
carbohydrates  710
carbon

–, -13  43, 65, 318, 331, 463, 465, 543, 545
–, delta  46, 47, 53, 65, 66, 68, 69

–, -13/-12 ratio  318
–, -14  304, 307–309, 331, 352–354, 418, 421, 516

–, labelling  421–423, 426, 427
–, dating  67

–, activated  259, 360
–, dioxide  540

–, as solvent  541
–, fixation  540
–, pressure  544
–, supercritical  540, 546

–, isotopes  65
–, monoxide (CO)  20

carcinogens  677
catalysis  540
cationic exchange capacity (CEC)  509
CCA (see chromated copper arsenate)
CD (see circular dichroism)
CEC (see cationic exchange capacity)
cell

–, cultured  734
–, human  734
–, immobilization  708
–, lines, human  736
–, mammalian  672

cement  75, 620, 621
–, works  419

Ceriodaphnia dubia  725
cerite  259
cesium  136

–, -137  197
char  89
chelation  132
chemical oxygen demand (COD)  681, 701
chemiluminescence  13, 15
chitin  259

chitosan  259
Chlonis barbata  200
Chlorella  494, 495, 497

–, kessleri  496
chloride  316

–, concentration technique  316
chlorinated phenols  329
chlorine  360

–, -35  486
–, dioxide  360

chlorobenzene  709
chlorobenzoic acid  344
4-chloro-2-methylphenoxyacetic acid (MCPA)  462
chlorophenol  590, 600

–, hydrogenation  604, 605
chlorophyll  664
chromated copper arsenate (CCA)  234
chromium  146, 152, 181, 229, 238, 724, 727

–, particulate  157
–, remediation  229
–, solid phase  157
–, toxicity  727–729

ciliates  495, 674
Ciperus rotundus  200
circular dichroism (CD)  132
cladocerans  725
clay  462, 473

–, anionic  462
–, minerals  504
–, pesticide adsorption  464

climate  57, 65
–, past  65
–, semi-arid  57

clustering, functional  176
coal  75, 89, 440

–, ash  144
–, leaching  144

–, combustion  145
–, environmental issues  146
–, minerals  145
–, treatment,environmental impact  145

coating process  7
cobalt  13, 16, 18, 124, 152, 197, 372

–, anthropogenic input  160
–, particulate  157

CO (see carbon monoxide)
COD (see chemical oxygen demand)
coffee beans  258
coke  89
color  268
cometabolism  560
complexation  126, 568
composition, isotopic  75
compounds
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–, aromatic  709
–, polycyclic  390

–, mutagenic  418
–, organic, photodecomposition  590
–, polyaromatic  709
–, xenobiotic  518

conditions
–, aerobic  430
–, methanogenic  430

contaminant
–, airborne  89
–, organic  328

contamination  196
copper  16, 75, 146, 152, 181, 197, 204, 229, 238,

250, 258, 673, 756
–, (II)  124
–, analysis  758
–, anthropogenic input  160
–, particulate  157
–, remediation  228, 229
–, removal with coffee beans  258
–, resistance  758, 761

Coriolus versicolor  279
cork  250
Corynebacterium  276, 279
Coulter counter  736
coupling, oxidative  304
cow  419
crandallite  242
Cunninghamella  310
cyanobacteria  658
cyanotoxin  658
Cyathus  279
cyclodextrin  568, 570
cycloheximide  758
cylindrospermopsin  658
Cylindrospermopsis raciborskii  659, 661, 668
Cynodon dactylon  200
Cyprinus carpio  725
cytotoxicity  644

D

dairy ruminant  418, 419
Daphnia  725

–, magna  725
–, similis  725

DDT  336, 338
decolorization  268
decomposition  590
defense  633
degradation  452

–, abiotic  504
–, chemical  504

–, microbial  269
–, photo-  504
–, photochemical  510
–, products  512

dehalogenation agent  554
depollution  600

–, catalytic  601
detection  680

–, window, analytical  120, 128
detector, biological  734
deuterium  43, 59, 331

–, delta-  47, 51, 66
dialkyl carbonate  540
dialysis  516, 517

–, experiment  518
dichloroaniline  329
dichlorobenzene  734
dichlorophenoxyacetic acid  673
diffraction, X-ray  4
diffuse infrared Fourier transform spectros-

copy (DRIFTS)  19, 21
dihydroxybenzothiazole metabolites  300
dilution  316
dimethyl carbonate (DMC)  540, 542

–, synthesis  546
dimethyl sulfide (DMS)  614
dimethyl sulfone (DMSO2)  618
dimethyl sulfoxide (DMSO)  614, 673

–, oxidation  618
dioxins  99, 352, 418

–, bioavailability  423
–, transfer to human  418

disrupter, endocrine  304, 516
dissolved organic matter (DOM)  516
DMC (see dimethyl carbonate)
DMSO (see dimethyl sulfoxide)
DMSO2 (see dimethyl sulfone)
DNA

–, adduct  742
–, damage  644
–, extraction  759

DOM (see dissolved organic matter)
double spike analysis  76
DRIFTS (see diffuse infrared Fourier trans-

form spectroscopy)
dye  268, 288

–, anthrachinoid  275
–, azo  268
–, decolorization  268
–, enzymatic cleavage  273
–, Indigoid  274
–, phtalocyanine  275
–, textile  268
–, triphenyl methane  274
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E

EA (see elemental analyser)
earthworm  473

–, cast, composition  473
earthworm casts  472
EC50  735
ecosystem, adapted methanogenic  430
ecotoxicology  628
EDTA (see ethylenediaminetetraacetic acid)
effect

–, cytotoxic  644
–, genotoxic  644

EGFP (see enhanced green fluorescent protein)
electrophoresis  661

–, capillary  107
electrospray mass spectrometric (ES-MS)  132,

134
elemental analyser (EA)  46
endocrine disrupter  516, 672
enhanced green fluorescent protein (EGFP)  760
enrichment factor  157
Enterobacter aerogenes  495
Enterococcus  278
enzyme  271, 269, 495, 632

–, remediation  269
equilibrium, dynamic  382, 384
Erika (vessel)  742, 751
Escherichia coli  32–34, 36, 38–40, 277, 645, 647,

655, 691, 696, 699, 707, 757, 758, 760–763
ES-MS (see electrospray mass spectrometry)
ethanol  710, 734
ethylenediaminetetraacetic acid (EDTA)  107
Euglena  494, 497, 663

–, ehrenbergii  502
–, gracilis  494–496, 499, 502, 658, 660

europium  135–137
eutrophisation  658
EXAFS (see X-ray absorption fine structure)
exposure

–, dermal  528
–, inhalation  528

extraction
–, accelerated solvent  433
–, phyto-  186
–, sequential  4, 186

exudates  207

F

fat factory  370
fathead minnow  725
fatty acid  710
Fenton’s reagent  448

fertiliser  43, 47
field water, toxicity  701
fish  725, 742, 745
flagellate  495, 660
Flavobacterium  279
fluorescence  132

–, microscopy  760
–, spectroscopy  134

fluorine-19  463
Fomitopsis pinicola  215–220
formaldehyde  673
fractionation  540
fructose  710
fuel

–, burning  418
–, N°2  742

fulvic acids  516, 518, 522
fungi  268, 304, 495

–, isolation  307
fungicide  294, 343
fungus  214
furfural  336
Fusarium  304
fuzzy set  176

G

Gadus morhua  751
galactose  710
gallium  630
gas toxicity  695
gas chromatography-mass spectrometry (GC/MS)

335
Gaucho®  482
GC/MS (see gas chromatography-mass

spectrometry)
genotoxicity  644, 742
geopolymers  328
Geotrichum candidum  279
gfp  644
GHMBC (see gradient heteronuclear mutiple

bond correlation)
Gluconobacter oxydans  717
glucose  710
glutathione  658, 665
glycerol  710
gradient heteronuclear mutiple bond correla-

tion (GHMBC)  296
grape stalks  250
groundwater  43, 57, 319

–, mixing  316
–, perchloroethylene contamination  568
–, trichloroethylene contamination  568

growth rate  674
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H

Halichondira panicea  750
Hawai‘i  152
heavy metal (see also individual elements)  75,

132, 176, 197, 222, 672, 734
–, biosorption  214
–, concentration, model  176
–, pollution  192, 222
–, remediation  222

herbicide  294, 494, 496
–, degradation  504
–, effect on algae viability  497
–, effect on green paramecia viability

498
–, effect on non-photosynthetic paramecia

viability  499
–, effects on Euglena gracilis  499
–, metabolites  516
–, sulfonylureic  494

high performance liquid chromatography
(HPLC)  288, 294, 296, 393, 410, 484

high resolution magic angle spinning nuclear
magnetic resonance (HR-MAS)  462

Homo sapiens  735
Hordeum vulgare  198, 200, 202

–, mercury loading  201
HPLC (see high performance liquid chroma-

tography)
HR-MAS (see high resolution magic angle

spinning nuclear magnetic resonance)
humic

–, acids  204, 516, 522, 706, 710
–, substances  123, 516

–, preparation  518
hydrocarbons

–, aromatic
–, polycyclic  392

hydrodechlorination  601
hydrogen

–, -1  294, 296, 543
–, -2  49, 57, 463

–, delta  321
–, -3  352
–, peroxide  630

hydrogenation  600
–, catalytic  600

Hydrogenophaga palleronii  277
hydrolysis  332
hydroxides, layered double  462
hydroxy radical  630
hydroxybenzoic acid  590
hydroxyl radical  505
hypochlorous acid  360

I

Iberis intermedia  186
IC50 value  672, 674, 677
ICP-AES (see inductively coupled plasma-

atomic emission spectroscopy)
ICP-MS (see inductively coupled plasma mass

spectrometry)
imidacloprid  482
immunoassay  706
Indigo  274

–, carmine  288
–, degradation  290
–, dye  274, 288

indium-113  78
inductively coupled plasma mass spectrometry

(ICP-MS)  156
inductively coupled plasma-atomic emission

spectroscopy (ICP-AES)  207
in-field analysis  13
inhalation, pesticides  528
insecticide  482
iodine-3  299
ionisation, chemical  392
IRMS (see isotope ratio mass spectrometer)
iron  16, 75, 146, 204, 449
Irpex lacteus  279
isotope ratio mass spectrometer (IRMS)  47
isotopes (see also individual elements)  43, 57

–, environmental  57
–, geochemistry  75

J

jellyfish  656

K

kale  188
kerogen  440
Klebsiella pneumoniae  674

L

laccases  308
LAC-FLUORO test  647
Lactuca sativa  725
Laetiporus sulphureus  279
landfill  370
lanthanide  139, 630

–, binding  137
–, specificity  139

lanthanium  630, 634
lauric acid  710
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LC/APCI-ITMS (see liquid chromatography/
atmospheric pressure chemical ionisation-
ion trap mass spectrometry)

LD50  735
leaching  144
lead  4, 5, 146, 152, 181, 186, 197, 230

–, -(II)  123
–, anthropogenic input  160
–, particulate  157
–, remediation  222

Lemna minor  725
Lepidhorombus boscii  744
light microscopy  497
Limanda limanda  750
lindane  344, 673
linolenic acid  710
lipid  632
lipogenesis  352, 356
lipolysis  352, 353, 356
Lipophorys pholis  750
liquid chromatography/atmospheric pressure

chemical ionisation-ion trap mass
spectrometry (LC/APCI-ITMS)  392

lithium  630
–, -AlH4  554

liver  742
luciferase  647

–, bacterial  647
luminol (5-aminophthalhydrazide)  16

–, reaction  16
Lupinus luteus (yellow lupin)  198, 200, 202

–, mercury loading  201
lux (bacterial luciferases)  644, 647, 655, 690, 699
LUX-FLUORO test  644, 651

–, dose-response curves  653
–, performance  651

M

magnesium  136, 146, 630
Maillard reactions  336
maize  488
major elements  144
malathion  673
maltose  710
mammalian cell  672
maneb  673
manganese  146, 181, 630, 635, 636
margarine acid  710
mass spectrometry  31, 392, 482
material

–, bituminous  370
–, carbonaceous  89

matrix-assisted laser desorption  31

matter
–, organic  89

–, macromolecular  328
–, particulate  328, 408

–, suspended  152
MCPA (see 4-chloro-2-methylphenoxyacetic acid)
mechanochemistry  552
mercury  196

–, availability  196
–, contamination  196
–, phytoremediation  196

metal
–, accumulation in plants  204
–, binding  136, 137
–, cation  13, 630
–, chelation  111, 132
–, complexation  126
–, heavy  3, 132
–, ion ligands  204
–, particulate  152
–, phases  3

–, transformation  3
–, removal  250
–, speciation  724
–, threshold concentrations  737
–, toxic  132, 756

–, analysis  13
–, trace  120

–, speciation  120
–, uptake  250

metaupon  709
methanol  542, 710
method, in-situ  3
methoxychlor  338
methylfurfural  336
methylmercury  243
mercury  196, 197, 243, 673

–, speciation  199
micro total analytical system (µTAS)  13
Micrococcus  431
microcystin  658
Microcystis  659
microelements  144
microorganism  214, 561

–, adaptation  276
–, isolation  276
–, pathogenic  31
–, sources  276

microscopy
–, fluorescence  760
–, light  497

microsome
–, incubation  746
–, purification  746



776 Index

microtox  724, 726
milk  418, 419

–, PAH contamination  419
milling, high energy  552
mining  75
mixture fractionation  548
moanatoxin  658
model  176

–, transport  382
modulator, metabolic  677
molybdenum  75
monitoring  698
monocarboxylic acids  375
monooxygenase  560
montmorillonite  440
Morocco  57, 58
motorway  419
Mucor  304, 310
mutagenicity  645
mutagen  677
Mycobacterium  279, 295
mycrocystin  658
myristic acid  710
Mytilus edulis  750

N

NaBH4  554
NADPH  633

–, oxidase  634
nalidixic acid  758
n-alkanes  374
naphthalene  329, 709

–, sulfonate  709
naphthol  709
natural organic matter (NOM)  120, 362
Neurospora crassa  279
neurotoxin  658
nickel  146, 152, 180, 181, 186, 197, 204, 250, 673

–, -(II)  124
–, particulate  157
–, solid phase  157

Nicotiana
–, plumbaginifolia  631
–, tabacum  630

nitrate  43
–, contamination  43

nitrated polycyclic aromatic hydrocarbons
(NPAH)  370

nitrofluoranthene  379
nitrogen

–, oxides (NOx)  20, 372, 408
–, -15  43, 47, 52, 294, 296, 300, 463

–, delta  43, 47, 51–53, 55

nitro-polycyclic aromatic hydrocarbons
(NPAH)  379

nitropyrene  379
NMR (see nuclear magnetic resonance)
Nocardioides  477
Nodularia spumigena  658
nodularin  658
NOM (see natural organic matter)
nonylphenol  304, 516, 674

–, biotransformation  308, 312
–, metabolites  308
–, surfactants  304

Nostoc  659
NPAH (see nitrated polycyclic aromatic

hydrocarbons)
nuclear magnetic resonance (NMR)  294, 296,

462, 465, 468, 568

O

oil  75
oligosaccharide  568, 630
olive oil  600

–, mill waste waters  607
–, pits  250

OM (see organic matter)
Oncorhynchus mykiss  725
optimization  31
organic matter (OM)  89

–, macromolecular  328
–, natural  360, 362

osmosis, reverse  614, 615, 617
oxidation  448, 614

–, advanced  590, 614
–, catalytic  600
–, processes  618

oxygen
–, -18  43, 44, 47, 49, 57, 58

–, delta  43, 47, 51–53, 59, 321
–, reactive species  630
–, singlet  505

ozone  360, 408

P

PAHs (see polycyclic aromatic hydrocarbons)
palladium  78
palmitic acid  354, 710
Panagrellus redivivus  725
paramecia  672

–, green  498, 672
–, non-photosynthetic  499

Paramecium
–, bursaria  494–499, 502, 672–677, 679
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–, caudatum  494, 495, 499, 502
–, primaurelia  664
–, tetraurelia  132, 136
–, trichium  494, 495, 499, 502

paraquat  673
particulate matter  408
pathogen  633
pathogenic microorganisms  31
PCA (see principal components analysis)
PCBs (see polychlorobiphenyls)
p-chlorophenol  28
PCR

–, amplification  760, 763
–, product  760
–, reaction  760

peat  65
–, cores  65

pendimethaline  329
Penicillium  279
pentachlorophenol  673
peptide  132

–, metal-binding  136
–, synthesis  134

perchloroethylene  568
pesticides  329, 462, 672

–, exposure  528
–, mobility  462

petroleum  440, 742, 745
–, biotransformation  751

petrology, organic  89
Phanerochaete  274, 279, 280, 431

–, chrysosporium  274, 279, 280, 307, 310
phase equilibria  540
Phaseolus vulgaria  634
phenanthrene  690
phenol  28, 329, 516, 673, 709, 727

–, degradation  600
–, toxicity  727

PHH (see polyclyclic heterocyclic hydrocar-
bons)

Phlebia tremellosa  279
phosgene  542
phosphorus-32  742

–, post-labelling  747
Photobacterium leiognathi  647, 655
photocatalysis  590
photocatalyst  590
photodecomposition  590
photodegradation  440, 472, 504
photometry  680
photooxidation  440
photoproduct  444
photosynthesis  664
phtalocyanine  275

–, dyes  275
phthalate  673, 710
p-hydroxybenzoic acid  29
phytoextraction  186, 196
Phytophthora infestans  633
phytoplankton  125
phytoremediation  186, 196, 204, 269
Picea abies  237
pig  352, 423
Pimephales promelas  725
Piptoporus betulinus  279
Planktothrix  659
plant  186, 725

–, metal accumulation  204
–, salt stress  630
–, stress  630

plasmid  648, 706
–, extraction  759

plasticizer  343
Pleuronectes vetulus  744, 751
Pleurotus ostreatus  277, 279
Poland  65
pollen  92, 490
pollutant

–, environmental  644
–, metallic  677
–, organic  89, 99, 370, 706, 734

–, solubilization  568
–, transport model  382

pollution  408
–, toxic  680

polychlorobiphenyls (PCBs)  552
–, decontamination  552

polyclyclic heterocyclic hydrocarbons (PHH)
742

polycyclic aromatic hydrocarbons (PAHs)  370,
378, 392, 418, 672, 690, 694, 742, 745
–, analysis  433
–, atmospheric  408
–, bioavailability  423, 430
–, biodegradation  431
–, contamination  419
–, degradation  448, 452
–, extraction  433
–, persistence  431
–, photolysis  440
–, removal  430
–, sampling  408
–, transfer to human  418

polyethylene glycol  709
polymer  3
pore water  99
Portland cement  621
potabilisation  360
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potassium  630
praseodymium  634
principal components analysis (PCA)  152, 166
proline  637
propanol  710, 734
protein  133, 666, 746

–, damages  632
–, labeling  661

Proteus  278
protozoa  494

–, non-photosynthetic  494
–, photosynthetic  494

Pseudomonas  215–217, 219, 270, 277–279, 431, 474,
475, 477, 479, 707, 708, 710, 713, 715, 716, 719, 762
–, aeruginosa  216–220, 708, 710, 715, 716
–, alcaligenes  720
–, fluorescence  720
–, luteola  277, 278
–, pseudomallei  279
–, putida  708, 710, 716, 719
–, rathonis  708, 710, 711, 713, 715–722

Pycnoporus
–, cinnabarinus  277, 279
–, sanguineus  279

pyrene  440
–, photodegradation  440
–, photolysis  445

pyrolysis  335
pyrrol-2-carboxaldehyde  336

R

raffinose  710
rainwater  16
reactor, biological  432
recharge  57
recycling  584
remediation  133, 196, 448, 568, 620

–, electrochemical  222
–, electrodialytic  222, 224, 234
–, enzyme  269, 281
–, phyto-  269
–, technologies  569

Renilla  647
residues, agricultural  620
respiration  663
respirometry  680, 682
Rhizobium  305
Rhodococcus  279, 294, 295, 298, 302

–, erythropolis  294–296, 298, 300
–, pyrinidovorans  302
–, rhodochrous  294–297, 299, 301

rice hull  620
–, ash  620

–, thermal decomposition  623
rimsulfuron  504

–, degradation  504
risk evaluation  418
root exudates  204, 207
runoff  152
ruthenium odixe  334

S

salicylates  630
Salmo gairdneri  725
Salmonella  32–34, 39, 40, 645, 655, 656

–, choleraesuis  648, 655, 656
–, enteritidis  39
–, typhimurium  656

salt  31, 637
–, stress  630, 631

sample recycling  584
sampling  107
saxitoxin  658
scanning electron microscopy (SEM)  6, 590
Scenedesmus quadricauda  725
SCWO (see super critical water oxidation)
sediment  89

–, contaminants  89
–, dioxin contaminated  99
–, riverine  328

Sellata  506
SEM (see scanning electron microscopy)
semipermeable membrane devices (SPMDs)

392, 394
sensor

–, in-situ  13
–, microbial  706

sewage sludge  304, 430, 448, 456
–, management  430
–, PAHs  448
–, treatment  430

silica  504
silicon

–, -29  463
–, dioxide  440

slovagen  709
sludge  304, 305, 680, 707

–, activated  31
–, contaminated  304
–, PAH removal  430
–, treatment  430

sodium  630
–, hydroxide  685

soil  89, 1756, 196, 304, 305, 472, 516, 690
–, adsorption  504
–, contaminants  89
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–, contamination  196
–, with cadmium  214
–, with mercury  196
–, with perchloroethylene  568
–, with polychlorobiphenyl  552
–, with thallium  186
–, with trichloroethylene  568

–, organic matter  574
–, particulate metal phases  3
–, pollution  3, 222

–, with heavy metals  222, 228–230
–, remediation  568
–, rimsulfuron adsorption  508
–, sorption  520

–, experiments  524
Solea solea  742, 744, 745, 750
solid phase extraction  433
solid state dechlorination  552
solubility enhancement  568, 573
solvent  31

–, organic, toxicity  677
soot  372
sorbose  710
sorption  250, 516, 520

–, capacity  89
SOS-LUX test  644, 647
Souss-Massa basin  58
speciation  199
spectrometry

–, mass  31
–, transmittance  22

Sphagnum  65, 69
SPMDs (see semipermeable membrane

devices)
spores  92
steelworks  419
storm water  154
strength, ionic  724, 729, 730
Streptococcus faecalis  278
Streptomyces  215–220, 279, 757, 758, 760, 763

–, cadmium resistance  763
stress proteins  734, 736
strontium  136, 242

–, -90  197
subsampling  99
substance

–, humic  120, 123, 124, 206, 473, 505, 516
–, dissolved  516
–, preparation  518

sucrose  710
sulfoadenylate  709
sulfobenzoate  709
sulfobetain  709
sulfonate  706, 709

sulfonylurea  494
sulfosalicylate  709
sulfur

–, -34  43
–, delta  43, 46, 47, 55

–, -35  658, 661, 666, 667
–, dioxide  372

sulphate  43
sunflower  488
super critical water oxidation (SCWO)  600
superoxide  630
surface water  360
surfactant  706, 709

–, detection  706
suspended particulate matter  152
system

–, aquatic, trace metal speciation  120
–, isotopic  75

T

TCDD  352
temperature  65
terbium  135–137
terbuthylazine  329, 516
ternary hydrides  552
test, respirometric  680
tetrachlorobiphenyl  329
Tetrahymena  494, 662, 663, 668

–, pyriformis  494, 662
textile

–, dye  268, 288
–, effluent  268

–, treatment  288
thallium  75, 186

–, binding forms  190
–, phytoextraction  192

thin layer chromatography (TLC)  296
thiuram  673
time resolved laser induced fluorescence

analysis (TRLIF)  135
tin  543, 546

–, -112  78
–, -114  78
–, -116  78, 83
–, -118  85
–, -119  543, 545

titania
–, aerogel  591
–, catalyst  590

titanium dioxide  21
TLC (see thin layer chromatography)
tobacco  630, 632
toluene  382, 385, 734
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–, sulfonate  709
toxicity  631, 677, 701, 724

–, assessment  734
–, environmental  734
–, potential  698
–, water-borne  698

trace
–, analysis  99
–, metal  120, 152

–, speciation  120
Trametes  277, 279, 280, 304

–, hirsuta  279
–, versicolor  279, 280, 304, 307, 310–312, 314

transmittance spectrometry  22
transport model  382
treatment, biological  616
triazines  516
trichlorobenzene  734
trichloroethene  316

–, biodegradation  316
–, dilution  316

trichloroethylene  560, 568
–, biodegradation  560, 563

trichlorophenol  673
tridecanoic acid  710
trihalomethane  360

–, control  365
triphenyl methane  274

–, dye  274
Triticum aestivum  198, 200, 202
triton  709
TRLIF (see time resolved laser induced

fluorescence analysis)
tunnel  408
Tween  709
tyrosol  600

–, hydrogenation  608

U

Umezakia natans  659
uranium  132

–, -234  197
–, -238  197
–, binding  139
–, dioxide  139

urea  710

V

vanadium  152
–, solid phase  157

Vibrio fischeri  707, 724–726, 728
volgonat  709

W

WAO (see wet air oxidation)
waste

–, incineration  419
–, streams  756
–, vegetable  250
–, water  680

–, mercury contaminated  242
–, treatment  31, 242, 614

water  690, 698
–, chlorophenol contaminated  600
–, depollution  600
–, drinking  360
–, natural  120
–, phenol contaminated  600
–, pollution  672, 724
–, remediation  568
–, potabilisation  360
–, surface w.  360

watershed  152
wet air oxidation (WAO)  600
wheat (see Triticum aestivum)
whole-cell biosensor  644
wood  75, 234

–, burning  418

X

Xhantomonas  762
XPS (see X-ray photoelectron spectroscopy)
X-ray

–, absorption fine structure (EXAFS)  4
–, diffraction  4
–, fluorescence (XRF)  5
–, fluorescence spectrometry  207
–, photoelectron spectroscopy (XPS)  590

XRF (see X-ray fluorescence)
xylene  734
xylitol  710
xylose  710

Y

yeast  495
Yugoslavia  146

Z

zeolite  259
zinc  4, 75, 78, 146, 152, 181, 186, 197, 204, 630, 635

–, anthropogenic input  160
–, particulate  157
–, remediation  222
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